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ABSTRACT 

Ecosystem engineers are organisms that create, modify, maintain and/or destroy 

habitats via their own physical structures or by transforming resources from one state to 

another. Ecosystem engineer’s often sustain and facilitate the survival of organisms in 

physically stressful environments, including rocky shores. Parasites can modify a wide 

range of physiological, behavioural, and morphological traits in their hosts, thus 

potentially altering the hosts’ ecosystem engineering capabilities. On intertidal rocky 

shores, mussel beds provide an important habitat for a large number of associated 

intertidal species and alleviate environmental stresses, mainly temperature and 

desiccation. Photoautotrophic euendoliths are shell-boring microscopic parasites that 

colonize mussel shells worldwide. Euendoliths have both negative lethal and sub-lethal 

effects, as well as conditional positive effects, on individual mussels or mussel beds. 

Here, I explore the influence of euendolithic infestation of the mussel shell on the 

associated infaunal and epibiotic communities of the native brown mussel, Perna perna, 

at selected sites along the South African coastline using a combination of laboratory and 

field-based experiments. Photoautotrophic euendoliths can be considered as 

conditionally helpful parasites of mussels, as their corroding activity increases the albedo 

of the mussel shell through the whitening of its surface, thus reducing mussels’ body 

temperatures and increasing their survival rates under extremely stressful environmental 

conditions. The beneficial effects of euendolithic infestation on mussels’ body 

temperatures and selected associated molluscs were investigated using infrared 

thermography. Euendolith-infested mussel beds and their associated infauna displayed 

significantly lower body temperatures than non-infested mussel beds. The thermal 
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benefits offered to the associated infauna were, however, dependent on their body colour 

with dark-coloured individuals deriving no thermal benefits. 

Infaunal communities associated with either euendolith-infested and non-infested 

manipulated mussel beds were described in terms of abundances and biomass (expressed 

as dry weight), after a 6-month exposure in situ at several sites along the south and east 

coasts of South Africa. It was anticipated that the infaunal communities associated with 

infested mussel beds would be less diverse, and have lower biomass, but include unique 

species vulnerable to thermal and desiccation stress as euendolithic infestation, while 

altering byssal thread production, may provide an improved microclimate. Not only was 

the structural complexity of the mussel bed unaltered by euendolithic infestation but also 

the anticipated euendolith-induced improvements in temperatures and humidities within 

mussel beds did not influence infaunal communities at the end of the experiment. 

However, there was site-specific differences in both the number of byssal threads per 

mussel and infaunal community structure. As the thermal mitigation provided by 

euendolithic infestation in mussel beds is conditional, and mobile species are the most 

likely to migrate from a stressful to a more benign habitat under stressful environment 

conditions, the length of the exposure period and the time of sampling at the end of the 

experiment could explain these results. Finally, the corrosive activity of euendolithic 

infestation destroys the antifouling properties of the mussel shell, increasing its 

roughness and thus promoting epibiosis. Using natural mussel beds, epibiotic 

communities found on individual mussel shells were described in terms of abundance, 

cover, and biomass (expressed as dry weight). The degree of mussel shell degradation 

covaried with mussel shell length. Prevalence and abundances in epibionts increased 

with increasing levels of euendolith-induced shell degradation and were significantly 

higher on the infested (i.e., degraded) portion of the mussel shell. The percentage cover 



vii 
 

and biomass of the epibionts, although variable, tended to decrease with shell 

degradation. Sessile epibionts, including barnacles and encrusting algae 

(i.e., ochrophytes and rhodophytes) were the main drivers of differences between 

epibiotic communities found on infested and non-infested mussel shells. Euendolithic 

infestation of the mussel shell tended to favour the settlement of epibionts, but the 

continuous degradation of the mussel ultimately impeded epibiotic survival and growth. 

This complex trade-off was further influenced by species interactions within the epibiotic 

community found on mussel shells.  

In summary, euendolithic infestation has the potential to influence the ecosystem 

engineering capabilities of mussel beds in intertidal ecosystems, by extending mussels’ 

phenotype beyond the range of natural plasticity. Euendolith-infested mussel beds 

provide a better thermal refuge to associated infaunal communities than non-infested 

mussel beds, although this advantage is limited to stressful environmental conditions. 

However, euendolithic infestation did not influence the mussel bed structural 

complexity. While euendolithic infestation appeared to promote the settlement of 

epibionts on the mussel shell, the continuous degradation of the mussel shell likely 

impedes the development of epibiotic communities in the longer term. As euendolithic 

infestation is anticipated to increase in prevalence and intensity with global climate 

change and ocean acidification, disentangling the influence of these shell-boring parasites 

on mussel beds is critical for the conservation of critical intertidal ecosystems.  
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CHAPTER 1 

GENERAL INTRODUCTION AND THESIS OVERVIEW 

1.1. Ecosystem engineering in a changing natural world 

Physical ecosystem engineering refers to an ecological process in which an organism, the 

ecosystem engineer, directly or indirectly modulates the availability (i.e., quality, 

quantity, and distribution) of resources to other species by causing physical state changes 

in biotic or abiotic materials (Jones et al., 2010, 1997, 1994; Jones and Gutiérrez, 2007). 

Ecosystem engineers thus create, modify, maintain and/or destroy habitats. Two types 

of ecosystem engineer are recognised, autogenic and allogenic engineers. 

Autogenic engineers change the environmental via their own physical structures (e.g., trees, 

scleractinian corals, bivalves; Gutiérrez et al., 2003; Wild et al., 2011), whereas 

allogenic engineers do so by transforming living and non-living materials from one physical 

state to another, via mechanical or other means, such as biodeposition or by-products of 

trophic behaviours (e.g., beaver dams, rabbit burrows, bulldozing by marine snails; 

Bertness, 1984a; Naiman et al., 1988). The ecosystem engineering process comprises 

four criteria: (1) An engineer causes structural change; (2) Structural change causes 

abiotic change; (3) Structural and abiotic change cause biotic change; (4) Structural, 

abiotic, and biotic change can feedback to the engineer, but not necessarily  

(Jones et al., 2010). Physical resources which may be affected by ecosystem engineers 

include living space (Gutiérrez et al., 2003), local environmental conditions, such as 

humidity and temperature (Badano and Cavieres, 2006; Jurgens and Gaylord, 2018), 

and biogeochemical processes (Caraco et al., 2006; Gutiérrez and Jones, 2006). Building 
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on the example provided in Gutiérrez et al. (2003), the pathways through which 

ecosystem engineering can affect physical resources can be illustrated using molluscan 

shells. In an intertidal benthic habitat, imagine a molluscan shell occurring on a flat soft 

substratum. Either live or dead, the presence of the shell increased the spatial 

heterogeneity and complexity, by adding a 3D-structure on an otherwise flat substratum. 

The shell itself became a substratum for both boring and epibiotic organisms that cannot 

settle on the soft subtrastum. Moreover, the shell presence, as well as the molluscan 

feeding or attachment behaviour, may cause changes in near-bed flow and infiltration of 

water, thus altering the particle and solute transport in the benthic habitat. Finally, the 

internal shell cavity of a dead mollusc may become a more favorable microhabitat that 

organisms may exploit to evade environmental stress (such as temperature extremes, 

desiccation, hydrodynamic forces) and predators, or even as a living space (e.g., hermit 

crabs). Although ecosystem engineering takes place at both small and large spatial scales, 

relative to the size of the ecosystem engineer, and on time scales from the nearly 

instantaneous to the extraordinarily protracted (Hastings et al., 2007; Jones et al., 1994), 

the most obvious ecosystem engineering is mainly attributed to species with large 

per capita effects (i.e., large impacts for each individual), living at high densities, over 

large areas for a long time, and giving rise to structures that persist for millennia and 

which affect many resource flows (Hastings et al., 2007; Jones et al., 1994). While their 

effects can be positive and negative depending on the context (Crooks, 2002;  

Gribben et al., 2013; Jones et al., 1997; Yeakel et al., 2020), ecosystem engineers 

ultimately provide a different physical habitat from the unmodified surrounding 

environment, allowing for colonization by new species and influencing the performance 

of others, thus increasing local species richness and diversity  

(Badano and Marquet, 2008; Bangert and Slobodchikoff, 2006; Wright et al., 2002).  
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Positive interactions (i.e., facilitation) through ecosystem engineering are essential in 

physically stressful environments, such as arid or intertidal habitats, where harsh 

physical conditions often limit the presence and survival of organisms  

(Bertness and Callaway, 1994; Bruno et al., 2003; Crain and Bertness, 2006). In such 

environments, ecosystem engineers mitigate environmental stress through their presence 

and activity, effectively supporting ecosystem functioning. Variable in space and time, 

the magnitude of stress mitigation provided by ecosystem engineers is mostly relevant 

when abiotic stress is high (Cartwright and Williams, 2014;  

Lathlean and McQuaid, 2017; Wright et al., 2006; Wright and Gribben, 2017). Habitat 

destruction, over-exploitation, biological invasions, and anthropogenic global climate 

change are driving rapid changes in environmental conditions worldwide, leading to 

dramatic shifts in ecological communities and loss of biodiversity  (Barnosky et al., 2011; 

Bellard et al., 2012; Cardinale et al., 2012; Hooper et al., 2012;  

Nagelkerken and Connell, 2022; Parmesan, 2006; Parmesan and Yohe, 2003; Tilman et 

al., 2001; UNCED, 1993). Global climate change and habitat modification will thus 

challenge the roles that ecosystem engineers play in ecosystem functioning  

(Coggan et al., 2018; Wernberg et al., 2016; Wild et al., 2011). Nevertheless, ecosystem 

engineers could act as critical refuges from increasing abiotic stress for a wide array of 

associated organisms, in addition to their role in the provision of habitat  

(Cartwright and Williams, 2014; Jurgens and Gaylord, 2018; Lathlean and McQuaid, 

2017; Wright et al., 2006; Wright and Gribben, 2017). In this context, ecosystem 

engineers constitute key conservation targets for the preservation of natural habitats and 

their functions (Boogert et al., 2006). 
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1.2. Parasitism and ecosystem engineering 

Not only do impacts of ecosystem engineers vary in space and time, but the population 

or individual traits of ecosystem engineers can affect how they modify the environment 

(Kuppler et al., 2016; Nicastro et al., 2020; Wieters, 2005; Zardi et al., 2015).  

In this way, intraspecific genotypic and phenotypic diversity, including age, sex, colour, 

size, shape, densities or behaviour, influence the quality of the habitat provided by 

ecosystem engineers (Cole and McQuaid, 2010; Hughes et al., 2008;  

Hughes and Stachowicz, 2004; Lourenço et al., 2017; Nicastro et al., 2020). Indeed, in 

marine mussels, different bed configurations or distinct genetic lineages support different 

infaunal abundance and biomass (Cole, 2010; Nicastro et al., 2020; Zardi et al., 2015), 

while in mangroves, the height and density of pneumatophores influence their 

colonization by algae, which in turn facilitate epifaunal colonization  

(Bishop et al., 2013). Intraspecific trait variation might be stochastic  

(Fox and Kendall, 2002), genetic (Bangert et al., 2008; Hughes and Stachowicz, 2004; 

Zardi et al., 2015) or induced by abiotic and biotic factors (Adler and Harvell, 1990; 

Emery and Rudgers, 2014; Garner and Litvaitis, 2013; Lourenço et al., 2017).  

For example, in dune grass, climate factors such as temperature and precipitation 

influence plant size (Emery and Rudgers, 2014). In mussel beds, byssal thread 

production and mussel growth are influenced by a combination of abiotic  

(i.e., wave exposure, temperature) and biotic factors (i.e., presence of fouling organisms 

on the mussel) (Garner and Litvaitis, 2013). Finally, in southern Australia, the presence 

of invasive seaweed influences the ecosystem engineering traits of native clams 

(i.e., burial depth), thus indirectly facilitating community diversity by increasing clam 

shell surface available for epibiotic colonization (Gribben et al., 2009).  
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Parasites have the ability to modify a wide range of physiological, behavioural, and 

morphological traits in their hosts, often altering more than one specific host trait  

(Calvo-Ugarteburu and McQuaid, 1998; Poulin and Thomas, 1999; Thomas et al., 2010; 

Zardi et al., 2016). Subject to debate (Bush et al., 2001; Goff, 1982; Price, 1977), 

parasitism is considered through an ecological lens in this thesis as an exploitative 

relationship between an organism (i.e., the parasite) living strictly in or on another 

individual living organism (i.e., the host), from which part or all of the parasite’s trophic 

or non-trophic resource requirements are obtained and where the parasite exhibits some 

degree of adaptive structural modification and causes some degree of real damage and 

trait alterations in the host. In the case of ecosystem engineers, parasitism can indirectly 

interfere with the engineering capacities of the host if the altered traits directly 

correspond, or are related, to the trait involved in the engineering process  

(Thomas et al., 1999). In autogenic engineers, parasites that alter the growth or shape of 

their hosts can affect the corresponding engineering trait (i.e., host size or shape) and 

thus the amount of living space provided to associated organisms  

(Ndhlovu et al., 2021a). For instance, live mollusc shells are a well-known substratum 

for epibionts, such as algae and sessile invertebrates (Bell, 2013; Gutiérrez et al., 2003; 

Marquet et al., 2013). Infestation by endoparasites (e.g., trematodes) or ectoparasites 

(e.g., shell-boring microorganisms) have been demonstrated to affect the shell growth of 

molluscs (Minchella, 1985; Ndhlovu et al., 2021a), thus impacting the amount of 

available space for epibiotic settlement. Similarly, the influence of parasites on the 

behaviour of ecosystem engineers (e.g., molting, habitat selection, burrowing) can be 

reflected by the degree to which they modify the environment, with variable 

consequences on the associated organisms (Pascal et al., 2020; Thomas et al., 1998).  

For example, infestation of crabs by parasitic crustaceans (e.g., Sacculina granifera 
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Boschma, 1973) impedes moulting (Shields, 1992), turning the cuticle of infested crabs 

into a more permanent substratum for epibionts, thereby favouring the emergence of a 

new engineering trait (Thomas et al., 1999). Likewise, cockles infested by trematodes are 

unable to bury themselves in the sediment, which increase the risk of desiccation during 

low tide and influences the presence and abundance of associated organisms  

(Thomas et al., 1998). Finally, mud shrimps infested by bopyrid ectoparasites have been 

demonstrated to reduce the time allocated to burrowing and ventilating activities, which 

leads to strong reductions in bioturbation rates and biogeochemical fluxes in the 

environment they modify (Pascal et al., 2020).  

1.3. South African intertidal rocky shores as an open laboratory 

At the southern tip of Africa, the conjunction of the Atlantic Ocean in the west and the 

Indian Ocean in the east gives rise to a hydrographically complex area. The South 

African marine environment is subjected to the influence of two major current systems: 

the cold Benguela Current along the west coast (Hutchings et al., 2009) and the warm 

Agulhas Current along the east coast (Gründlingh, 1983; Schumann, 1987), which 

overlap on the south coast (Lutjeharms, 1998). The South African coastline spans 

3,650 km in length, with contrasting local levels of wave exposure and a wide variety of 

habitats (e.g., boulder shore, sandy coast, exposed rocky shore) (Sink et al., 2012), and is 

divided into several biogeographic regions, mainly the cool-temperate west coast, the 

warm-temperate south coast, and the subtropical east coast (Lombard et al., 2004). 

Along the cool-temperate west coast, coastal fauna includes relatively few species when 

compared to the warm-temperate south and subtropical east coasts, but each species is 

highly abundant, and individuals grow much larger (Bustamante and Branch, 1996; 

Day, 1969).  Due to its unique situation, South Africa is recognized as a biodiversity 
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hotspot, with approximately 13,000 recorded marine species and many taxa comprising 

of smaller organisms (e.g., Platyhelminthes, Nematodes) still being underestimated 

(Griffiths et al., 2010).  

Intertidal rocky shores, which represent the interface between land and sea, are open 

ecosystems subject to extreme natural environmental fluctuations, often occurring at 

small spatial and time scales (Helmuth et al., 2006a; Helmuth and Hofmann, 2001; 

Lathlean et al., 2011). Among environmental stresses experienced by intertidal 

organisms (Raffaelli and Hawkins, 1996), sand burial, temperature and desiccation are 

the most important abiotic determinants of zonation patterns, directly influencing the 

physiological performance of organisms and the structure of ecological communities 

(Helmuth et al., 2006a; Somero, 2002; Zardi et al., 2008). Sporadic sand inundation and 

burial is often responsible for the mass mortality of several intertidal species, and often 

entire communities (Roleda and Dethleff, 2011; Yáñez et al., 2008; Zardi et al., 2008). 

Meanwhile, intertidal organisms are exposed daily to fluctuating solar irradiation and 

temperatures (Helmuth et al., 2010; Helmuth and Hofmann, 2001), reaching extremes 

during warm, sunny, midday low tides, with little to no overcast and low wind speeds 

(Helmuth et al., 2011; Mislan et al., 2009). Intertidal organisms often live at the edge of 

their physiological thermal tolerances (Somero, 2002; Stillman and Somero, 1996; 

Stillman, 2002). Triggered by anomalously weak wind speeds and increased solar 

irradiation (Gupta et al., 2020; Schlegel et al., 2017), heatwaves are expected to increase 

in intensity, duration and frequency in response to global climate change  

(Oliver et al., 2021, 2019). Because organisms suffer more from extremes than slow 

changes in their environment (Gaines and Denny, 1993), marine heat waves have been 

associated with mass mortalities, large-scale shifts in species location, and changes in 

species phenology and ecosystem structures in intertidal ecosystems  
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(Helmuth et al., 2002; Lima et al., 2007; Sanford et al., 2019; White et al., 2023). 

Intertidal organisms have evolved a wide range of thermal adaptations, including specific 

behaviours (e.g. ‘mushrooming’ in limpets; Williams et al., 2005), and more importantly, 

the use of microhabitats which serve as thermal refuges (Cartwright and Williams, 2014; 

Lathlean et al., 2016a). It is important to note that such behaviours are mostly relevant 

when the organism suffers from temperature or desiccation stress (Muñoz et al., 2005).  

Thus, the vertical pattern of species’ distributions on rocky shores commonly reflects a 

combination of abiotic stress gradients, such as hydrodymanic stress (e.g., wave height 

and force, topography), sand accumulation, and the above-mentioned temperature and 

desiccation, with species resistant to high air temperatures dominating the upper 

intertidal and more sensitive species thriving closer to the water mark (McMahon, 1990; 

Somero, 2002), and biotic stress gradients (i.e., predation, competition). Along the South 

African coastline, the vertical zonation on rocky shores is summarized, with the 

dominant species present for each zone, in Figure 1.1.  



9 
 

 

Figure 1.1. Vertical zonation on rocky shores along the coast of South Africa (Coastal Research Group, 2022).



10 
 

Mussel beds form an important intertidal matrix in the mid-intertidal, also referred to as 

the ‘mussel zone’, that support many associated species and are thus essential to the 

function of intertidal ecosystems worldwide (Hammond and Griffiths, 2006, 2004). 

On the west coast of South Africa, the ‘mussel zone’ is dominated by two invasive 

mussels, the blue mussel Mytilus galloprovincialis Lamarck, 1819 and the bisexual mussel 

Semimytilus patagonicus (Hanley, 1843), where they replaced two native mussels, 

the ribbed mussel Aulacomya atra (Molina, 1782) and the black mussel 

Choromytilus meridionalis (Krauss, 1848) (De Greef et al., 2013; Grant and Cherry, 1985). 

The native brown mussel Perna perna (Linnaeus, 1758) dominates on the east coast, and 

co-occurs with M. galloprovincialis on the south coast (Bownes and McQuaid, 2006). 

On the south coast, the ‘mussel zone’ can be further divided into the high ‘mussel zone’ 

dominated by M. galloprovincialis, the low ‘mussel zone’ dominated by P. perna, and 

the mid ‘mussel zone’ where the two species overlap and coexist (Bownes and McQuaid, 

2009). Among the associated species that characterise the high ‘mussel zone’ are toothed 

(Chthamalus dentatus Krauss, 1848) and volcano barnacles (Tetraclita serrata  

Darwin, 1954), gastropod snails (e.g., Afrolittorina spp S. T. Williams, D. Reid 

& Littlewood, 2003, Oxystele spp R. A. Philippi, 1847), dwarf cushion stars 

(Parvulastra exigua (Lamarck, 1816)) and limpets (e.g., Scutellastra granularis  

(Linnaeus, 1758)). In the mid ‘mussel zone’, the eight-shelled barnacle 

(Octomeris angulosa (Sowerby, 1825)) is commonly found on wave-exposed rocky shores, 

as well as foliose red algae (e.g., Gelidium pristoides (Turner) Kützing, 1843). Finally, 

communities in the low ‘mussel zone’ include sensitive species to thermal and 

desiccation stress, such as the cochlear limpet (Scutellastra cochlear (Born, 1778)), 

branching red algae (e.g., Plocamium spp J.V.Lamouroux, 1813), as well as encrusting 
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(e.g., Spongites yendoi (Foslie) Y.M.Chamberlain, 1993, Corallinales) and articulated 

coralline algae (Branch and Branch, 2018; Branch et al., 2016; Day, 1969).  

In addition to the provision of a physical habitat for both infaunal and epibiotic species 

(Gutiérrez et al., 2003; Palomo et al., 2007; Suchanek, 1985), mussel beds mitigate both 

temperature and desiccation stress under extreme environmental conditions  

(Gutiérrez et al., 2019; Helmuth, 1998; Jurgens and Gaylord, 2018; Nicastro et al., 2020; 

Stephens and Bertness, 1991), act as a refuge against predators, especially for juveniles 

(Lintas and Seed, 1994; Thiel and Dernedde, 1994; Witman, 1985), and participate in 

the transport of solutes and organic particles (Crooks and Khim, 1999; Tsuchiya and 

Nishihira, 1985). The engineering properties of mussel beds are affected by intraspecific 

trait variation at the individual and patch levels, such as the size (as a proxy of age; 

Lathlean et al., 2016b; Tsuchiya and Nishihira, 1986) and density of mussels  

(Cole, 2010), distinct genetically-based behaviours between lineages  

(Nicastro et al., 2020; Zardi et al., 2015) or the structure of the mussel beds  

(Palomo et al., 2007). Moreover, engineering traits of mussels (e.g., survival, byssal 

thread production, gaping behaviour) are influenced by abiotic and biotic factors, such as 

wave exposure, temperature and ocean acidification (Garner and Litvaitis, 2013;  

Hicks and McMahon, 2003; O’Donnell et al., 2013), the presence of predators, parasites 

and epibionts (Garner and Litvaitis, 2017; Kaehler and McQuaid, 1999;  

Nicastro et al., 2019; Reimer and Tedengren, 1997; Tummon Flynn et al., 2020).  

1.4. Shell-boring microscopic parasites in mussel beds 

Colonizing intertidal bivalves around the world, independently of their location or the 

nature of the shore, photoautotrophic euendoliths are shell-boring microscopic parasites 

comprising cyanobacteria (blue algae), rhodophytes (red microalgae) and chlorophytes 
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(green microalgae) (Cerrano et al., 2001; Kaehler, 1999; Mao Che et al., 1996;  

Ndhlovu et al., 2021b). In live and dead bivalves, photoautotrophic euendoliths colonize 

the shell as soon as the periostracum, the well-defined external layer of the shell that 

protects the shell against both boring and fouling organisms, is damaged (Akpan, 1990; 

Kaehler, 1999; Kaehler and McQuaid, 1999; Raghukumar et al., 1991). Infestation by 

photoautotrophic euendoliths increases in prevalence and intensity as bivalves age, 

reaching between 25 and 95% incidence depending on the location and the bivalve 

species (Ćurin et al., 2014; Gehman and Harley, 2019; Kaehler, 1999; Ndhlovu et al., 

2019; Zardi et al., 2009). Photoautotrophic euendoliths have both negative lethal and 

sub-lethal effects, as well as surprising conditional positive effects, on the individual 

bivalves (Kaehler and McQuaid, 1999; Marquet et al., 2013; Monsinjon et al., 2021; 

Ndhlovu et al., 2022, 2021a; Zardi et al., 2021, 2016, 2009). 

The boring activities of euendoliths into the shells of bivalves adversely affect their 

overall fitness (Kaehler and McQuaid, 1999; Marquet et al., 2013; Ndhlovu et al., 2022, 

2021a; Zardi et al., 2009). For instance, infestation by photoautotrophic euendoliths in 

mussels reduces survival, by decreasing shell strength and thickness and thus increasing 

vulnerability to predation, wave action, or trampling (Kaehler and McQuaid, 1999; 

Nicastro et al., 2019), as well as the perennity of mussel beds, by decreasing reproductive 

output (Kaehler and McQuaid, 1999; Ndhlovu et al., 2022). Infested mussels display a 

reduced scope for growth (Ndhlovu et al., 2021a), and lower attachment strength, 

imputed to a lower production of byssal threads (Kaehler and McQuaid, 1999;  

Ndhlovu et al., 2022; Zardi et al., 2009). Moreover, shell microtopography and its 

antifouling properties (Bers et al., 2010; Scardino et al., 2003) can be altered by the 

corrosive activity of euendoliths, which can influence the amount and quality of space 

available for the settlement of epibionts, such as barnacles (Ma et al., 2023;  
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Marquet et al., 2013). In the same way, infested mussels present a rougher surface which 

influences the complexity of mussel beds and thus their hydrodynamic properties, 

through the deceleration of near-bed flow velocities which leads to greater ingestion rates 

and retention of microplastics (Nicastro et al., 2022). However, as a by-product of their 

erosive activity, photoautotrophic euendoliths have surprising beneficial effects on 

mussels, individually and in aggregation, although restricted in space and time to 

extremely stressful environmental conditions (Lourenço et al., 2017;  

Monsinjon et al., 2021; Zardi et al., 2021, 2016). Infested mussel shells are lighter in 

colour, and thus reflect more light, which reduces the body temperatures of infested 

mussels and increases their survival rates during extreme conditions  

(Monsinjon et al., 2021; Zardi et al., 2021, 2016). The beneficial effect of 

photoautotrophic euendoliths can extend to neighbouring mussels, creating a more 

benign microclimate within infested mussel beds (Lourenço et al., 2017).  

Ultimately, euendolithic infestation becomes so severe that bivalves fracture their own 

shells with the force applied by their adductor muscles (Kaehler, 1999; Kaehler and 

McQuaid, 1999). On rocky shores, infestation of mussels by shell-boring microscopic 

parasites have thus the potential to influence the ecosystem engineering capabilities of 

mussel beds, in terms of structure, architectural complexity and stress-mitigating 

microclimate (e.g., Zardi et al., 2023), with complex ecological consequences on the 

associated invertebrate communities.  

1.5. Thesis objectives and overview 

Given the unique ecological engineering roles of mussel beds on the environmentally 

stressful rocky shores, the main objective of this thesis was to explore the influence of 

euendolithic infestation of the mussel shells on the associated infaunal and epibiotic 
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communities. The study, therefore, aims to contribute towards the current understanding 

on how parasites influence ecosystem engineering, focusing on the engineer role of the 

native brown mussel, Perna perna, at selected sites in the extremely variable and stressful 

rocky shore environments along the South African coastline. Using a combination of 

manipulative in situ and laboratory-based  experiments, the current study assessed :  

(i) if the beneficial effects of euendolithic infestation on the body temperatures of mussels 

extends to the associated invertebrates, (ii) the influence of euendolithic infestation on 

mussel bed structural complexity and how this cascades to associated infaunal 

communities along a biogeographic gradient, and (iii) evaluate the influence of 

euendolithic infestation on the associated epibiotic communities.  

The thesis comprises six chapters. Chapter 1 is the general introduction which sets the 

context and framework of the thesis. Chapter 2 provides and in-depth review of the 

nature and diversity of marine photoautotrophic euendoliths, and discusses how 

environmental conditions influence their incidence, the ecological consequences of their 

infestation in various marine calcifiers (i.e., corals and crustose coralline algae, bivalves), 

their likely response to global climate change and ocean acidification. Chapter 3 presents 

the main findings of a laboratory-based study that investigated the potential thermal 

benefits of infested mussels for selected associated invertebrates. Chapter 4 of the thesis 

presents the main findings of a common-garden experiments across bioregions that 

investigated the influence of euendolithic infestation of mussels on associated infauna. 

Chapter 5 evaluates the influence of photoautotrophic euendoliths on the mussel shell as 

a habitat for epibionts. Finally, a general synthesis of the overall findings in the context 

of the methods used and the existing literature is provided in Chapter 6. 
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CHAPTER 2 

PHOTOAUTOTROPHIC EUENDOLITHS AND THEIR 

COMPLEX ECOLOGICAL EFFECTS IN MARINE 

BIOENGINEERED ECOSYSTEMS 

 

Published on September 7th, 2022, as: Dievart, A.M.; McQuaid, C.D.; Zardi, G.I.; 
Nicastro, K.R.; Froneman, P.W. Photoautotrophic Euendoliths and Their Complex 
Ecological Effects in Marine Bioengineered Ecosystems. Diversity 2022, 14, 737. 

https://doi.org/10.3390/d14090737 

 

 

Figure 2.0. Graphical abstract published in Dievart et al. (2022). Top left, darker grey panel: main 

taxonomical groups of photoautotrophic euendoliths represented by their most common euendolithic 

species; bottom left, lighter grey panel: principal factors influencing the incidence of euendolithic 

infestation around the world; and right panel: summary of the negative (in red) and positive (in green) 

consequences of euendolithic infestation on live corals and mussels. 
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2.1. Introduction 

Autotrophic (cyanobacteria, and red and green microalgae) and heterotrophic (fungi) 

euendolithic microorganisms, discovered in the 19th century (Carpenter, 1845), actively 

penetrate the hard substrates in which they live (Golubic et al., 1981). Euendolithic 

organisms have been present on Earth since the Proterozoic, 2 500 to 541 million years 

ago (Zhang and Golubic, 1987), coinciding with the appearance of oxygen in Earth’s 

atmosphere, and are thus thought to have played a major role in the development and 

evolution of life, as well as in the production and destruction of carbonates (Knoll, 2008; 

Sánchez-Baracaldo et al., 2022; Schneider and Le Campion-Alsumard, 1999). 

Euendoliths are ubiquitous, as they can be found in almost every environment, 

geographical location, or depth, where the appropriate substratum (e.g., relatively 

soluble carbonate and phosphate substrates) is available and their biological 

requirements are met (Frémy, 1945; Friedmann et al., 1988; Gaylarde et al., 2006; 

Golubic et al., 1975; Golubic and Schneider, 2003; Schneider and  

Le Campion-Alsumard, 1999). For example, photoautotrophic euendoliths are restricted 

to the photic zone, where there is sufficient light to carry out photosynthesis, and are 

particularly diverse and ecologically significant in marine environments (Frémy, 1945; 

Golubic et al., 1975). They colonize a wide variety of carbonate substrates, from 

inanimate and dead carbonates to the calcified structures of live animals, such as the 

skeletons of hard corals, bivalve shells, and the thalli of crustose coralline algae 

(Ghirardelli, 2002; Kaehler, 1999; Le Campion-Alsumard et al., 1995a; Musso, 1994; 

Tribollet and Payri, 2001). Since their discovery, numerous studies have been conducted 

on the euendoliths colonizing inanimate and dead calcium carbonates  

(Chazottes et al., 1995; Glaub et al., 2001; Golubic et al., 1975; Golubic and Schneider, 

1979; Kiene and Hutchings, 1994). Initially, researchers speculated that the bioerosive 
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activities of euendoliths had little to no effect on infested live calcifying organisms 

(Lauckner, 1983). However, an increasing number of more recent studies suggest that 

euendolithic infestation has both negative and, surprisingly, beneficial effects on live 

calcifying organisms (Fine and Loya, 2002; Hassenrück et al., 2013; Kaehler and 

McQuaid, 1999; Zardi et al., 2016). Bivalves, corals, and coralline algae create persistent 

physical structures that provide habitats for a wide array of associated species  

(Crooks and Khim, 1999; Knowlton et al., 2010). Thus, they are referred to as 

‘ecosystem engineers’ and can form the basis of entire ecosystems (Jones et al., 1997, 

1994). Such marine ecosystems are under multiple anthropogenic pressures, including 

overexploitation, chronic pollution, and population fragmentation, and their responses 

to ongoing global climate change and ocean acidification remain uncertain  

(Helmuth et al., 2006b; Wild et al., 2011). Under such circumstances, the negative and 

beneficial effects of euendolithic infestation on individual live calcifying organisms have 

the potential to reverberate at the population, community, or ecosystem level, with 

complex, and potentially unexpected, ecological outcomes (Lourenço et al., 2017; 

Tribollet, 2008a). Understanding how euendolithic infestation interacts with other 

environmental stressors, and how these interactions will change under future 

environmental conditions is critical to predicting the long-term fate of such ecosystems. 

Here, this chapter focuses on photoautotrophic euendoliths in the marine environment 

and their complex ecological effects on live calcifying organisms and the bioengineered 

ecosystems they create. This review discusses: (1) the nature of marine euendoliths and 

the techniques used for their observation, (2) the mechanisms involved in their bioerosive 

activity, (3) their incidence and distribution in marine ecosystems, in relation to various 

environmental parameters, and their potential as ecological indicators (sensu Fedor and 

Spellerberg, 2013), (4) how they affect today’s living calcifying organisms, with a focus 
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on corals, coralline algae, and bivalves, and (5) how euendoliths are anticipated to 

respond to global climate change, and particularly to ocean acidification. 

2.2. What are euendoliths and how are they observed? 

Initially thought to be part of the substrate morphology (Carpenter, 1845), microborings 

observed in calcium carbonate substrates were later correctly attributed to the activities 

of microorganisms, such as algae and fungi (Bornet and Flahault, 1889; Kölliker, 1860; 

Wedl, 1859), which became known as ‘endoliths’. The term ‘endolith’ refers to a 

morphologically and physiologically heterogenous group of microorganisms living 

within a rock or other stony matter, such as coral skeletons or animal shells  

(Gary et al., 1973), and more specifically, to organisms that actively bore into relatively 

soluble substrates, such as phosphate and carbonate substrates (Couradeau et al., 2017; 

Golubic et al., 1981, 1975) (Figure 2.1). 

While more detailed classifications exist (e.g., Amarelle et al., 2019), a broad distinction 

is made among: 

1. Epiliths that live on the surface of the substrate; 

2. Chasmoliths that adhere to the surface of fissures and cracks in the substrate; 

3. Cryptoendoliths that adhere to the surface of pre-existing cavities within porous 

rocks, including spaces produced and vacated by euendoliths, with no dissolution 

action; 

4. Euendoliths that actively penetrate carbonate (and phosphate) substrates and 

reside partially or completely inside cavities of their own making. 
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Figure 2.1. Types of endolithic organisms in relation to a hard rocky substrate (modified from Amarelle et 

al., 2019). 

 

These distinctions are not mutually exclusive as some organisms can display more than a 

single boring habit or may alter their habits during their life cycles. For example, several 

boring algae mature on the surface of shells and penetrate the substrate with endolithic 

filaments, while part of their thallus remains epilithic (Ercegović, 1932; Wisshak, 2012). 

Endolithic green algae from the genus Ostreobium Bornet and Flahault, 1889 switch to a 

chasmolithic lifestyle after reaching larger cavities within the substrate (Schroeder, 1972). 

Some red algae from the genera Porphyra C. Agardh, 1824 and Bangia Lyngbye, 1819 can 

exhibit an endolithic lifestyle during the early stages of their life cycle, called the 

conchocelis phase, while occurring in a wide variety of habitats as adults (Drew, 1958, 

1954). 

The first descriptions of euendoliths were derived from dead mollusk shells gathered 

from the coast (Bornet and Flahault, 1889; Lagerheim, 1886). Euendolithic green algae 

were observed through a thin shell fragment, forming a horizontal layer parallel to the 
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surface, with an underlying network of ramifications into the substrate. Relatively 

inaccessible (Figure 2.1), euendolithic microorganisms and their microborings require 

basic but specific techniques to be studied (Golubic et al., 2019, 1975; Wisshak, 2012). 

These include: 

1. Isolation of endoliths. After fixing the sample (substrate and euendoliths of 

interest) in formaldehyde solution to prevent structural damage to enclosed 

euendolithic organisms, the surrounding carbonate substrate is usually dissolved 

using dilute acid. The released endolithic filaments can then be observed and 

identified under light microscopy or transmission electron microscopy (TEM) 

(Golubic et al., 1975). As the hard matrix supporting the euendolithic filaments is 

dissolved, the organic components of the boring collapse, making spatial 

relationships and growth arrangements difficult to reconstruct. This technique 

only allows a qualitative assessment of euendolithic communities but is still 

widely used to detect and identify euendoliths of interest (Al-Thukair et al., 1994; 

Ndhlovu et al., 2021b; Tribollet and Payri, 2001). 

2. In situ observations. Microborings can be studied in standard petrographic thin 

sections or sufficiently transparent fragments of shells using light microscopy 

(Rooney and Perkins, 1972) or scanning electron microscopy (SEM). The 2D 

visualization of microborings by petrographic thin sections is of limited use for 

the study of 3D objects, such as empty or filled euendolithic microborings, but 

allows their observation and the estimation of their true penetration depth in 

association with the surrounding matrix (Wisshak, 2012). 

3. Cast-embedding of microboring networks (Golubic et al., 1975, 1970;  

Wisshak, 2012). Combined embedding and casting in polymerized resins 

preserves the spatial arrangements of boring tunnels (3D architecture) and the 
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euendolithic organisms in situ (Golubic et al., 1970), allowing proper 

examination after the dissolution of the surrounding substrate (routine protocol in 

Golubic et al., 1975, see Figure 2 in Wisshak, 2012). Such casts can then be 

observed using light microscopy or SEM. However, this technique is limited 

when microborings are filled by secondary carbonate precipitation following the 

death of the euendoliths (Wisshak, 2012). 

4. Cultivation (Al-Thukair, 2011; Al-Thukair et al., 1994; Chacón et al., 2006). 

Natural samples (e.g., shell fragments, ooids) harboring euendoliths are used to 

inoculate agar plates containing a chemically defined culture medium.  

Once single colonies grow enough to be mechanically isolated, each colony is 

transferred into a liquid medium and stored under specific environmental 

conditions. While cultivation selects heavily for fast-growing microorganisms, it 

is a valuable tool to confirm taxonomic identification and to investigate the life 

history and physiology of euendoliths (Drew, 1958, 1954; Pasella et al., 2022). 

Cultivation also represents a necessary step to build the databases used for the 

identification of environmental DNA sequences (Chacón et al., 2006). 

5. X-ray computed tomography (CT) and micro-computed tomography  

(micro-CT) (reviewed in Cunningham et al., 2014). These non-destructive  

3D-visualization tools are firmly established for paleontological investigations, 

with their highest resolution encompassing the spatial magnitude of microborings 

(Silbiger et al., 2014; Sutton, 2008; Wisshak et al., 2017). They are, however, still 

relatively expensive and time-consuming, and require a high level of technical 

skill (Cunningham et al., 2014; Wisshak et al., 2017). More affordable micro-CT 

and associated analyses can underestimate the extent of bioerosion by 

photoautotrophic euendoliths (Silbiger et al., 2014), as microborings range 
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between 1 and 100 µm in diameter (Tribollet, 2008a). Micro-CT does, 

nonetheless, allow the investigation of microborings (empty or filled) within 

substrates that cannot be altered or dissolved (e.g., type material). 

Most techniques used to observe euendoliths focus on the characteristic pattern of their 

microborings (i.e., form, diameter, direction, length, and pattern of the tunnel), which 

allows taxonomic identification even in the absence of the organism itself. Different 

euendolithic species boring into the same substrate and under uniform ecological 

conditions will produce distinctive boring patterns, in terms of size, shape, and mode of 

branching of tunnels (Golubic, 1969). Both biological and mineralogical factors should 

be considered in the characterization of microborings. While the size, frequency, and 

branching patterns of microborings are dictated by the size and properties of the 

euendolithic organism, the directions of growth and the fine sculpture of the inner 

surface of the microborings are influenced by the mineralogical properties of the 

substrate (Golubic, 1969; Golubic et al., 1975). Critically, a single euendolithic species 

can display a large variety of morphologically different patterns when boring into 

different substrates or under different ecological conditions of light and water supply, 

amongst others (Golubic, 1969). For example, the microborings produced by intertidal 

euendolithic cyanobacteria are shallower and composed of straight tunnels where 

desiccation is high, in the supratidal or upper intertidal, while being deeper and tortuous 

in areas with stagnant water or lower on the shore (Golubic, 1969). These factors reduce 

the accuracy of taxonomic identification using microborings. Moreover, euendolithic 

organisms often exhibit few distinguishing morphological features, making taxonomic 

identification via direct observation equally unreliable (Verbruggen, 2014). While 

morphological features of the organism or its traces (i.e., microborings) are useful in the 

initial discovery of unknown entities, taxonomic identification is best achieved using 
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genetic and molecular techniques (Verbruggen, 2014) and/or cultivation  

(Chacón et al., 2006). 

Used as a complement to morphological descriptions, single- and multi-marker genetic 

approaches allow the identification of cryptic clades and/or species within euendolithic 

species complexes and provide tools to determine the composition of natural 

euendolithic communities. For example, two species within the green algal genus 

Ostreobium were described using morphological features (Bornet and Flahault, 1889; 

Lukas, 1974), whereas up to 95 delimited cryptic species have been identified within this 

genus using genetic and molecular techniques (Gonzalez-Zapata et al., 2018;  

Gutner-Hoch and Fine, 2011; Marcelino and Verbruggen, 2016; Ricci et al., 2021; 

Sauvage et al., 2016; Verbruggen et al., 2009). Environmental DNA (eDNA) 

metabarcoding allows the automated identification of multiple euendolithic species from 

a single sample, either containing entire organisms or a piece of substrate containing 

degraded DNA/RNA (e.g., coral skeleton, bivalve shell), by targeting the amplification 

and sequencing of one or several specific DNA/RNA regions using universal primers 

(Taberlet et al., 2012). The composition of euendolithic communities can be investigated 

using multiple markers, including 16S rRNA and 23S rDNA targeting bacteria and 

cyanobacteria (Marcelino and Verbruggen, 2016; Ricci et al., 2021; Roush et al., 2021; 

Yang et al., 2019), and 18S rRNA, rbcL, and tufA targeting chlorophytes  

(Gutner-Hoch and Fine, 2011; Pasella et al., 2022; Ricci et al., 2021; Sauvage et al., 

2016; Tandon et al., 2023). Moreover, the use of eDNA metabarcoding, in combination 

with other techniques, such as microscopy, spectrophotometry, and cultivation, has 

revealed previously undisclosed diversity of prokaryotic and eukaryotic endolithic 

organisms (Chacón et al., 2006; Marcelino and Verbruggen, 2016; Ricci et al., 2021) and 

can help resolve their phylogenetic history (Marcelino and Verbruggen, 2016).  
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For example, euendolithic green algae almost exclusively belong to the class 

Ulvophyceae, in which the ability to bore evolved independently over 20 times 

(Marcelino and Verbruggen, 2016), while the cyanobacterium Acaryochloris marina 

H.Miyashita & M.Chihara, 2003 has been recorded for the first time in the skeleton of 

live corals using eDNA (Marcelino and Verbruggen, 2016) and produces chlorophyll-d, 

allowing it to use far-red light for photosynthesis and thus to occupy niches depleted of 

visible light (Behrendt et al., 2011). Finally, the correct identification of the euendolithic 

species is fundamental in the study of euendolithic communities and their impacts, as 

different strains within the same species complex (e.g., Ostreobium queckettii Bornet and 

Flahault, 1889) can differ in their physiology (Iha et al., 2021; Massé et al., 2020). 

2.3. How do euendoliths erode calcium carbonate? 

To understand biologically mediated carbonate dissolution, the basis of biotic carbonate 

precipitation in its simplest form needs to be revisited. Through their metabolic activity, 

small cells or organisms indirectly create a microenvironment where the concentrations 

in the chemical species present increase the local precipitation of carbonate, such as 

calcification by photosynthetic cyanobacterial communities (Golubic et al., 2000;  

Merz-Preiβ, 2000). 

At slightly alkaline or neutral pH, oxygenic photosynthesis can be expressed as: 

𝑯𝑪𝑶𝟑
− +  𝑯+  → 𝑪(𝑯𝟐𝑶) + 𝑶𝟐 (2.1) 

 

Protons effectively consumed by oxygenic photosynthesis can then drive the 

thermodynamic equilibrium of carbonate dissolution–precipitation (with the equilibrium 

constant expressed as 𝐾𝑠0 ) toward the solid phase (indicated by (s); here, calcium 

carbonate): 
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𝑪𝒂𝑪𝑶𝟑 (𝐬) +  𝑯+  ↔  𝑪𝒂𝟐+ +  𝑯𝑪𝑶𝟑
− ;  𝑲𝒔𝟎 (2.2) 

 

The free energy of dissolution ∆𝐺 is given by: 

∆𝑮 = 𝑹𝑻𝒍𝒏 (
𝑰𝑨𝑷

𝑲𝒔𝟎
) (2.3) 

 

where 𝑅  is the ideal gas constant (8.314 J·K-1·mol-1); T, the absolute temperature 

(in Kelvin); 𝐾𝑠0 , the equilibrium constant of carbonate dissolution–precipitation; and 

IAP is the ion activity product (Stumm and Morgan, 1996). If 𝐼𝐴𝑃 >  𝐾𝑠0, carbonate 

precipitation will be thermodynamically favoured whereas if 𝐼𝐴𝑃 <  𝐾𝑠0, dissolution will 

be favoured. Through their autotrophic metabolism, cyanobacteria and microalgae 

promote the alkalinization of the medium, increasing local carbonate precipitation. 

Furthermore, in the case of marine euendoliths, seawater is supersaturated with respect 

to calcite and aragonite, making carbonate dissolution thermodynamically unfavourable 

(Garcia-Pichel, 2006). This leads to an apparent geomicrobial paradox in 

photoautotrophic euendolithic organisms (Garcia-Pichel, 2006): how do they achieve 

local carbonate dissolution, essential for boring, although their autotrophic nature and 

their surrounding environment should enhance local carbonate precipitation? 

The exact mechanisms by which euendolithic organisms bore into carbonate substrates 

have long remained elusive (Alexanderson, 1975; Cockell and Herrera, 2007;  

Garcia-Pichel, 2006; Hatch, 1980; Lagerheim, 1886; Schneider and Le Campion-

Alsumard, 1999), with several possible mechanisms being suggested for euendolithic 

cyanobacteria and later discarded (Garcia-Pichel, 2006; Garcia-Pichel et al., 2010). 

Indeed, suggested boring mechanisms in cyanobacteria need to be consistent with 

observations and physiological and geochemical principles (Garcia-Pichel, 2006).  
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Specifically, they need to fulfil three necessary conditions: 

1. The dissolution process is thermodynamically unfavourable, as it mainly occurs 

in waters saturated with calcium carbonate (i.e., calcite and aragonite). 

Excavation then becomes an ATP-driven active process with an energetic cost; 

2. The carbonate-dissolving mechanisms must be localized at the “head” of the 

microborer (i.e., apical cells) as dissolution produces true tunnels, with the typical 

“negative” shape of the borer (Golubic, 1969); 

3. The proposed mechanisms must allow for the conservation of mass and electrical 

charge as in chemical reactions, the mass and the electrical charge of the 

components before the reaction must be equal to the mass and the electrical 

charge of the components after the reaction. 

Previously proposed mechanisms included the excretion of weak organic acids, the 

separation of antagonistic photosynthetic and boring activities, and enzymatic 

dissolution (Alexanderson, 1975; Hatch, 1980; Stal and Krumbein, 1987), but none fulfil 

all three conditions listed above (Garcia-Pichel, 2006; Garcia-Pichel et al., 2010).  

Garcia-Pichel (2006) subsequently proposed an alternative boring mechanism, coined 

‘The Calcium Pump’, which relies on the active transport of Ca2+ through the 

cyanobacterial trichome, leading to low concentrations of free Ca2+ at the end of the 

borehole, which in turn decreases ion activity product below levels that would make 

dissolution thermodynamically favourable (i.e., 𝐼𝐴𝑃 <  𝐾𝑠0 ; Figure 2.2). The 

participation of P-type Ca2+ ATPases and evidence for transcellular Ca2+ transport have 

been demonstrated for strains of one of the most common cyanobacterial euendoliths, 

Mastigocoleus testarum Lagerheim ex Bornet and Flahault, 1886  

(Garcia-Pichel et al., 2010; Guida and Garcia-Pichel, 2016). Long-range Ca2+ transport 
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within the cyanobacterial filament is made possible through two unique cellular 

adaptations discovered in this cyanobacterium: active pumping of Ca2+ is orchestrated by 

the preferential localization of P-type Ca2+ ATPases at one pole of the cell, while 

specialized cells, called calcicytes, allow fast Ca2+ transport at low, nontoxic 

concentrations throughout undifferentiated cells (Figure 2.2). Calcicytes also act as a 

buffer against excessive, detrimental Ca2+ concentrations before final excretion from the 

borehole (Guida and Garcia-Pichel, 2016). Furthermore, ‘The Calcium Pump’ model 

fulfils the three necessary conditions enumerated earlier: it is an active process, localized 

at the end of the borehole, which allows for the conservation of mass and electrical 

charge (Garcia-Pichel, 2006). The model is also consistent with the observation of 

microetchings (Alexanderson, 1975; Fredd and Fogler, 1998), which, in the absence of 

hard or moving parts in cyanobacteria, points towards carbonate dissolution by cation 

removal, and with the range of bored substrates, which share Ca2+ as a common 

denominator (Garcia-Pichel, 2006). Finally, it alleviates reprecipitation of calcium 

carbonate within the borehole thanks to the intracellular transport of Ca2+  

(Garcia-Pichel, 2006). While these studies have shed light on the boring mechanism for 

euendolithic cyanobacteria (Ramírez-Reinat and Garcia-Pichel, 2012), details regarding 

the boring mechanism carried out by other photoautotrophic euendoliths have still not 

been investigated in depth. However, Krause et al. (2019) have recently demonstrated 

the existence of active calcium uptake by the green alga Ostreobium queckettii, occurring at 

the apical tip of the siphonal thallus, in a process similar to that exhibited by 

cyanobacteria. All microborers exclusively use chemical bioerosion (Garcia-Pichel, 2006; 

Tribollet, 2008) and with regards to these latest findings, further studies are required to 

reveal the exact boring mechanism of endolithic green and red algae. 
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As to why euendoliths bore, Garcia-Pichel et al. (2010) suggested that they are 

metabolically dependent on the substrate for dissolved carbon dioxide CO2 released 

during substrate excavation that can be used for photosynthesis. Euendoliths 

preferentially fix carbon from the most readily available source, either from the 

atmospheric pool of dissolved CO2 or the mineral substrate they bore into  

(Guida et al., 2017). When dissolved CO2 is limited, euendolithic microorganisms, such 

as Mastigocoleus testarum, grow preferentially as euendoliths and thus, derive most of their 

carbon from the mineral substrate they excavate (Guida et al., 2017). By doing so, 

euendoliths can complete their geomicrobial action on the substrate and potentially gain 

a competitive advantage over photosynthetic epiliths, which may suffer from limited 

dissolved CO2 access as the epilithic biofilm thickens (Guida et al., 2017). Considering a 

variety of possible selection pressures (e.g., nutrient acquisition, protection from UV 

and/or predators), Cockell and Herrera (2007) suggested that the boring behaviours of 

euendoliths could also have originated as mechanisms against entombment by 

mineralization, especially in substrates with high mineralization rates. 
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Figure 2.2. (Right panel). Proposed ‘Calcium Pump’ transport mechanism within the trichome of 

euendolithic cyanobacteria (both filamentous and pseudofilamentous), with the inferred distributions of 

transporter components (legend in the upper left corner) and the potential fates of the calcite dissolution 

products (Ca2+ and CO3
2 – ). The calcium transport unit consists of repeating individual bipolar cells, where 

one pole is specialized for calcium uptake and the opposite for calcium extrusion. Conversion of carbonate 

ions CO3
2 – released from calcite into HCO3

– is promoted by the counter-transported protons. This HCO3
– 

is then actively transported within the cell, where it is converted into CO2 through the carbon-

concentrating mechanisms and can then be used in photosynthesis (Reinfelder, 2011). (Left panel) Holistic 

calcium ion localization during boring, with relative calcium concentrations within each compartment 

indicated. Calcicytes allow a higher proportion of cells within the trichome to remain photosynthetically 

active by controlling intrafilamentous calcium flow (modified from Guida, 2016). 
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2.4. Incidence of photoautotrophic euendoliths in marine ecosystems 

Photoautotrophic euendoliths have a cosmopolitan geographical distribution and have 

been recorded in a variety of habitats, including terrestrial (Ascaso et al., 1998; 

Friedmann et al., 1988), freshwater and volcanic lakes (Gaylarde et al., 2006;  

Huber and Jadin, 1892), brackish (Akpan, 1990), and marine environments  

(Cerrano et al., 2001; Schneider and Le Campion-Alsumard, 1999). Euendoliths are 

ubiquitous in the marine environment, occurring in enclosed seas, such as the 

Adriatic Sea (Ghirardelli, 2002) and the Mediterranean Sea (Ćurin et al., 2014; 

Pantazidou et al., 2006), in cold-temperate (Akpan and Farrow, 1984;  

Försterra et al., 2005; Wilkinson and Burrows, 1972), tropical waters  

(Le Campion-Alsumard et al., 1995a; Mao Che et al., 1996; Perry, 1998; Tribollet, 

2008b), as well as in the Arctic and Antarctic (Cerrano et al., 2001; Meyer et al., 2020). 

Present essentially anywhere there is sufficient light to allow for photosynthesis and a 

carbonate substrate to bore into; euendolithic communities play an important role in 

ecological processes in the marine environment (Campbell, 1983; Schneider and  

Le Campion-Alsumard, 1999). 

Although they appear to erode virtually all suitable substrates, the distribution of 

euendoliths and the composition of euendolithic communities are extremely variable and 

depend on light availability, the nature of the substrate, and a variety of abiotic and 

biotic environmental factors acting in synergy (Chacón et al., 2006;  

Chazottes et al., 1995; Gektidis, 1999). 

2.4.1. Light availability 

As photosynthetic organisms, light availability is the major determinant of euendolithic 

activity and distribution and has a strong influence on the composition of euendolithic 
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communities (Gektidis, 1999), reflecting the specific light requirements of different 

species (Tribollet et al., 2011). In most marine habitats, light availability is highly 

variable and is influenced by the topography of the area, the presence of 3D structures, 

the nature of the substrate, and water depth. 

Euendoliths are more abundant, and erosion more severe, in microhabitats with high 

light availability, such as sun-exposed surfaces in the intertidal, mostly horizontal, and 

moderately inclined surfaces high on the shore (Gehman and Harley, 2019;  

Kaehler, 1999; Monsinjon et al., 2021; Zardi et al., 2009), or in shallow waters  

(Gektidis, 1999), compared to microhabitats with low light availability, such as down-

facing and shaded substrates (Gektidis et al., 2007; Wisshak et al., 2011;  

Zardi et al., 2009). Reduction of light availability at polluted sites (Le Bris et al., 1998; 

Tribollet and Golubic, 2005) or in habitats at greater depths (Gektidis, 1999; Perry, 1998) 

similarly reduces euendolith abundance. Geographically, photoautotrophic euendoliths 

are more abundant, and erosion more severe, at lower latitudes than higher latitudes, in 

both the intertidal and underwater (Lourenço et al., 2017; Wisshak et al., 2011, 2005; 

Zardi et al., 2021). As boring by euendoliths is an active mechanism, it is often restricted 

to environmental conditions optimal for growth (Ramírez-Reinat and  

Garcia-Pichel, 2012). As solar irradiance increases and cloud cover decreases, the depth 

of the photic zone increases towards lower latitudes (Wisshak et al., 2005).  

At higher latitudes, temperatures and light availability are generally low and highly 

seasonal (Zardi et al., 2021), with a prolonged night and ice cover towards the poles 

(Cerrano et al., 2001; Meyer et al., 2021, 2020) and a condensed photic zone  

(Wisshak et al., 2011, 2005). Combined, these unfavourable environmental conditions 

slow down euendolithic infestation and limit photoautotrophic euendolithic 

communities to a few specialist species capable of coping with such adverse conditions. 
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While the composition of euendolithic communities shifts as light availability decreases 

with increasing depth, their bathymetric distribution is consistent around the world 

(see Tables 1 and 2 in Wisshak, 2012) (Bentis et al., 2000; Chazottes et al., 2002, 1995; 

Gektidis, 1999; Gektidis et al., 2007; Golubic et al., 1975; Hutchings, 1986;  

Radtke and Golubic, 2005; Vogel et al., 2000; Wisshak et al., 2011, 2005). Euendoliths 

are ubiquitous in the supratidal, intertidal, and wave spray zones (Golubic et al., 1984), 

where assemblages are dominated by cyanobacteria and chlorophytes, referred to as the  

CyChlo-association (Gektidis, 1999), in sediments (Perry, 1998) as well as mollusk shells 

and coral skeletons (Akpan and Farrow, 1984; Gektidis, 1999; Kaehler, 1999).  

In the shallow photic zones, the additional conchocelis stages of rhodophytes can be 

observed (CyChloRho-association) in the early stages of colonization (Gektidis, 1999). 

In the dysphotic zone or in shaded microhabitats, where light availability is dramatically 

reduced, only heterotrophs and low-light specialists amongst the photoautotrophs occur, 

forming the so-called OstPleHet-association (Akpan and Farrow, 1984; Gektidis, 1999; 

Golubic and Schneider, 2003). These include the cyanobacterium Leptolyngbya terebrans 

(Bornet & Flahault ex Gomont) Anagnostidis & Komárek, 1988 (formerly 

Plectonema terebans Bornet and Flahault ex Gomont, 1892) and the chlorophyte 

Ostreobium queckettii that have been recorded down to about 300 m (Kiene et al., 1995;  

Le Campion-Alsumard et al., 1982; Lukas, 1978). Finally, heterotrophic organisms 

(i.e., fungi and bacteria) dominate the benthic assemblages of the deep, aphotic zone. 

At a finer scale, different clades within the same euendolithic species can be distributed 

along a depth gradient, suggesting different physiological traits (Gutner-Hoch and  

Fine, 2011). Not only does the composition of euendolithic communities change with 

depth, but also with time, as mature euendolithic communities, even in shallow, clear 

waters, are dominated by the OstPleHet-association (Gektidis, 1999). 
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2.4.2. Nature of the substrate 

Photoautotrophic euendoliths colonize a wide range of carbonate substrates, from 

compact limestone and loose sediments to living calcifying organisms or their 

fragmented remains (Golubic et al., 1975). Euendoliths have been recorded in the 

skeletons of corals (Försterra and Häussermann, 2008; Le Campion-Alsumard et al., 

1995a; Tribollet, 2008a) and coralline algae (Ghirardelli, 2002; Reyes-Nivia et al., 2014; 

Tribollet and Payri, 2001), in the shells of mollusks (Kaehler, 1999; Mao Che et al., 

1996; Tribollet et al., 2008) and brachiopods (Gaspard, 2011), in the tests of foraminifera 

(Golubic et al., 1984), in the calcareous tubes of annelids (Wilkinson and Burrows, 1972) 

and the plates of barnacles (Meyer et al., 2020), and in sclerosponges (Lukas, 1973). 

Colonization by and distribution of euendoliths is intrinsically influenced by the nature 

and physical properties of the substrate, such as its mineralogy, porosity, translucency, 

density, or architecture (Chacón et al., 2006; Couradeau et al., 2017; Perry, 1998).  

While most euendoliths appear to be generalists, substrate preferences are found in 

some, such as the cyanobacterium Mastigocoleus testarum that bores into calcium 

carbonate substrates but not into other carbonates (Couradeau et al., 2017;  

Ramírez-Reinat and Garcia-Pichel, 2012). Skeletal remains of calcifying organisms are 

more susceptible to euendolithic infestation than other carbonate substrates  

(Perkins and Halsey, 1971; Perry, 1998; Rooney and Perkins, 1972; Schroeder, 1972), 

with the highest levels of an infestation occurring in the densest and least porous 

substrates. Within skeletal remains, the high-Mg calcite skeleton of crustose coralline 

algae is more susceptible to dissolution than the skeletons of massive or branching corals 

or bivalve shells, which are mostly composed of aragonite (Diaz-Pulido et al., 2014; 

Nash et al., 2013). In shallow waters, the depth of penetration of euendoliths in dead 

coral skeletons nearly approximates that in live bivalve shells (Chazottes et al., 1995; 
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Mao Che et al., 1996; Perry, 1998; Tribollet, 2008b). This is a result of the higher 

porosity and translucency of the coral skeleton (Tribollet, 2008a), and the presence of 

organic lamellae (i.e., conchiolin) within bivalve shells that slow down excavation by 

photoautotrophic euendoliths (Rooney and Perkins, 1972). Only heterotrophic 

euendoliths, such as fungi, can penetrate and proliferate into organic lamellae, as they 

feed on the organic matter (Golubic et al., 2005; Mao Che et al., 1996;  

Rooney and Perkins, 1972). 

In live calcifying hosts (e.g., corals, coralline algae, bivalves), a wide range of defences 

prevents the colonization of the calcified parts by euendoliths. Coral skeletons are 

protected by the polyp tissue (Bentis et al., 2000; Gutiérrez-Isaza et al., 2015;  

Le Campion-Alsumard et al., 1995a), while coralline algae have the capacity of 

sloughing their protective epithelial cells to prevent biofouling (Keats et al., 1993). 

Bivalve, brachiopod, and other mollusk shells have a protective layer, the periostracum, 

which deters fouling organisms (Bers et al., 2010; Owen and Williams, 1969;  

Prusina et al., 2015; Scardino et al., 2003; Scardino and de Nys, 2004). Nonetheless, the 

incidence of euendolithic infestation in live calcifying organisms is high around the 

world, independent of the location or the substrate. Nearly all corals around the world 

have been recorded as infested by euendoliths (Försterra and Häussermann, 2008;  

Le Campion-Alsumard et al., 1995a; Lukas, 1973), while up to 90% of bivalve shells are 

infested on rocky shores worldwide (Ćurin et al., 2014; Gehman and Harley, 2019; 

Kaehler, 1999; Zardi et al., 2009). After the death of the calcifying organisms, 

colonization becomes more intense, as euendoliths do not have to overcome the active 

or passive defence mechanisms of the host or adjust their boring performances to 

carbonate accretion rates of living organisms (Gutiérrez-Isaza et al., 2015;  

Le Campion-Alsumard et al., 1995a; Perry, 1998; Tribollet and Payri, 2001). In newly 
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available dead carbonate substrates, a succession of microborer communities can be 

observed, boring from the surface down into the substrate (Fine et al., 2006;  

Grange et al., 2015; Le Campion-Alsumard et al., 1995a; Odum and Odum, 1955): 

(i) pioneer species, such as the large chlorophyte Phaeophila sp. Hauck, 1876 and the 

cyanobacterium Mastigocoleus testarum, settle within the first three months, (ii) these are 

followed by an intermediate stage, between three and six months, where the chlorophyte 

Ostreobium sp. starts to dominate euendolithic communities, and (iii) the final stage, 

largely dominated by Ostreobium, after more than six months of exposure. 

2.4.3. Biotic and abiotic environmental factors 

In addition to light, biotic, and abiotic environmental factors can act in synergy to 

influence the composition and density of euendolithic communities, as well as their rates 

of microbioerosion. In the intertidal, the abrasive effects of sand and other sediments 

carried by the winds or the waves favour the initial colonization of the substrate by 

euendoliths, and ultimately increase the severity of infestation in mussels  

(Kaehler, 1999). Meanwhile, in shallow waters, nutrient concentration, epilithic cover, 

and the presence of macroborers and macrograzers interact to shape euendolithic 

communities (Chazottes et al., 1995; Fordyce et al., 2020; Le Campion-Alsumard, 1979; 

Tribollet and Golubic, 2011). This interaction operates through several mechanisms: 

1. Photoautotrophic euendoliths penetrate the substrate until they reach their 

compensation depth, where photosynthesis balances respiration, after which 

boring either stops or proceeds parallel to the surface (Chazottes et al., 1995; 

Schneider and Torunski, 1983; Vogel et al., 2000); 

2. Grazers are attracted to the substrate by the presence of photoautotrophic 

euendoliths, as these represent a renewable source of food (Chazottes et al., 1995; 

Nicholson and Clements, 2020; Tribollet and Payri, 2001). The boring activity of 
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euendoliths weakens the superficial layers of the substrate, which can facilitate 

the settlement of macroborers with their own bioerosive activity, as well as 

grazing; 

3. On the one hand, macrograzers constantly remove the superficial layers of the 

substrate, thus extending the depth to which the light can penetrate and, 

therefore, the depth to which the endoliths can bore, increasing microboring rates 

(Schneider and Torunski, 1983; Zubia and Peyrot-Clausade, 2001). Grazing also 

reduces the settlement and growth of epilithic organisms that compete with 

euendoliths for space and diminish light availability (Golubic and  

Schneider, 1979). On the other hand, macroborers excrete different waste 

products within the infested substrate, such as ammonium, phosphates, or CO2. 

Such waste products act as fertilizer for euendolithic communities, which increase 

in abundance, biomass, and productivity in the vicinity of macroborers  

(Fordyce et al., 2020; Rice et al., 2020; Zubia and Peyrot-Clausade, 2001). 

Under intense grazing pressure, euendolithic growth and boring rates cannot keep pace 

with the rapid removal of the substratum by grazers, resulting in lower microboring rates 

(Chazottes et al., 2002). If grazing exceeds euendolithic boring rates, the food resource is 

eventually exhausted, and the denuded surface must be recolonized: intense grazing 

impedes the development of euendolithic communities so that they rarely reach maturity 

(Chazottes et al., 2002; Kiene and Hutchings, 1994). Different groups of organisms are 

more or less efficient at grazing (Tribollet and Golubic, 2005). Sea urchins are efficient 

grazers compared to fish, and remove a larger portion of the carbonate substrate, 

resulting in a lower measurable boring activity of euendoliths in sites with higher 

densities of sea urchins than of fish (Chazottes et al., 2002; Pari et al., 2002, 1998; 

Tribollet and Golubic, 2005).  
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Depending on its nature, the epilithic communities covering the bored substrate can also 

influence the abundance and composition of euendolithic communities, by diminishing 

light availability and attracting/deterring macrograzers (Carreiro-Silva et al., 2005; 

Chazottes et al., 2002; Gektidis, 1999; Tribollet and Golubic, 2005; Vogel et al., 2000). 

With time, epiliths start to colonize the surface of the bored substrate and become 

denser, filtering out light for the underlying euendolithic communities. Interactions 

between epilithic cover and euendolithic communities are generally reported for 

substrates exposed for long periods of time, usually greater than six months  

(Carreiro-Silva et al., 2012, 2009; Gektidis, 1999; Vogel et al., 2000). Under low grazing 

pressure, the pioneer species Mastigocoleus testarum dominates euendolithic communities 

on experimental substrates covered with algal turfs, joined by the low-light specialists 

Leptolyngbya terebrans and Ostreobium queckettii on shaded substrates covered with crustose 

coralline algae or macroalgae (Chazottes et al., 2002; Tribollet and Golubic, 2005). 

Depending on its nature, the epilithic cover can influence the intensity of macrograzing 

on the bored substrate: algal turfs attract macrograzers while crustose coralline algae and 

macroalgae, which are unpalatable or inedible for most grazers, act as a deterrent 

(Chazottes et al., 2002; Nicholson and Clements, 2020; Pari et al., 1998). 

Nutrient concentrations in the surrounding environment influence the abundance, 

species composition, and microbioerosion rates of euendolithic communities, as well as 

the density and species composition of the epilithic communities (Chazottes et al., 2002; 

Le Bris et al., 1998). At sites subjected to eutrophication, microbioerosion rates by 

euendoliths are higher than in more oligotrophic waters, in association with either low 

(Chazottes et al., 2002) or high grazing pressure (Zubia and Peyrot-Clausade, 2001). 

Conversely, nutrient-enriched turbid inshore waters are characterized by lower 

microbioerosion rates compared to clear oligotrophic offshore waters at the Great Barrier 
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Reef, suggesting that increased turbidity resulting from the entrapment of sediments in 

the epilithic cover at inshore sites diminishes light availability and, thus, restricts 

euendolithic colonization, even at high nutrient concentrations (Tribollet and  

Golubic, 2005). Elevated concentrations of inorganic nutrients (e.g., nitrogen, 

phosphorus) drastically increase the severity of colonization, the depth of penetration, 

and ultimately the microbioerosion rates of euendolithic communities, especially in the 

absence of macrograzing (Carreiro-Silva et al., 2012, 2009, 2005). Different euendolithic 

taxa display variable responses to the addition of nutrients, depending on the nature of 

the nutrient and the specific limitations of the euendoliths; while heterotrophic 

euendoliths increase in abundance when exposed to increased levels of organic matter, 

euendolithic green algae and cyanobacteria react to higher levels of nitrogen and 

phosphate, respectively (Carreiro-Silva et al., 2012, 2009, 2005). In live calcifying 

substrates, the effects of nutrient addition on euendolithic communities can be mitigated 

by the host response to the same nutrients. For example, when phosphorus is added, the 

skeletal growth rates of hard corals increase and “dilute” euendolithic communities, as 

they are unable to keep up with increased coral growth (Godinot et al., 2012). 

Additionally, nutrient concentrations can influence the species composition and density 

of epilithic communities (Le Bris et al., 1998), with an indirect impact on the underlying 

euendolithic communities (Chazottes et al., 2002; Gektidis, 1999; Vogel et al., 2000).  

In coral reefs with low nutrient loads, the epilithic cover is dominated by algal turfs 

associated with pioneer euendolithic species that require high light intensities, while in 

reefs subjected to eutrophication, the dominance shifts to macroalgae and crustose 

coralline algae, diminishing light availability for an underlying euendolithic community 

abundant in low-light specialists (Chazottes et al., 2002). 
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2.4.4. Photoautotrophic euendoliths as bioindicators 

With their specific niche specializations, in terms of nutrition, light, temperature, 

nutrient concentrations, and other physical parameters, and the characteristic 

microborings they produce, photoautotrophic and heterotrophic euendoliths can be used 

as present geographical, water quality, and paleobathymetric bioindicators at the species 

or community level (Golubic et al., 1984, 1975). Similarly, fossil euendoliths could 

potentially be used as indicators of past temperatures, salinity levels, or trophic 

dynamics, but more research is still needed (Wisshak, 2012). Some euendoliths, such as 

members of the genus Ostreobium, display a complex biogeographical distribution. 

Ostreobium has been found in abundance on temperate coasts but becomes rare in 

tropical waters (Perkins and Halsey, 1971; Rooney and Perkins, 1972), showing a clear 

latitudinal pattern. Within the genus, Ostreobium queckettii dominates endolithic 

assemblages in nearly all corals, while O. constrictum K.J. Lukas, 1974 and O. brabantium 

Weber Bosse, 1932 have only been found in the Atlantic and Pacific Oceans, respectively 

(Lukas, 1974). More recently, del Campo et al. (2017) revealed a complex 

biogeographical distribution of three identified clades within the genus Ostreobium across 

coral reefs. However, there is a need for more recent and detailed regional comparisons 

of the incidence of individual euendolithic species and the composition of euendolithic 

assemblages, as advances in molecular genetic techniques and the use of polyphasic 

approaches allow better detection and taxonomic identification of euendolithic 

specimens (Chacón et al., 2006; Marcelino and Verbruggen, 2016; Ricci et al., 2021). 

Photoautotrophic euendoliths have the potential to be employed as indicators of water 

quality and/or pollution (Al-Thukair, 2002; Carreiro-Silva et al., 2012, 2009, 2005; 

Cherchi et al., 2012). The composition of euendolithic communities shifts depending on 

the concentrations of inorganic nutrients and organic matter in the surrounding 
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environment (Carreiro-Silva et al., 2012, 2009, 2005). In the Arabian Gulf, oil pollution 

is responsible for a dramatic decrease in the abundance of live euendoliths and 

microbioerosion rates on foraminifera (Al-Thukair, 2002), while in Italy, benthic 

foraminifera demonstrate increased levels of euendolithic infestation by 

photoautotrophic euendoliths in sites with heavy metal pollution (Cherchi et al., 2012, 

2009). 

Modern euendolithic bathymetric distribution can be reliably used as an indicator of the 

current depth, as it can be cross-checked by direct measurements of the physical 

parameters. Through their boring activity, microbial euendoliths leave traces, as an 

“instant fossil” in the sedimentary record, each with its own bathymetric range  

(Golubic et al., 1984) and remarkable constancy through time. While single fossil traces 

can be used for the identification of individual ichnotaxa, the study of euendolithic trace 

communities (or ichnocoenoses) within the substrate allows for paleobathymetric and 

paleoecological reconstructions over geological time scales (Glaub et al., 2001;  

Golubic et al., 1975). The light-dependence of photoautotrophic euendoliths thus reveals 

itself as a useful tool to determine the limit between past photic and aphotic zones 

(Glaub et al., 2001). The study of fossil trace assemblages in paleodepth reconstruction 

allows for a finer detection of past sea level variations than other commonly used 

methods (Chazottes et al., 2009), such as the analyses of the successive coralgal 

communities (Cabioch et al., 1999). However, fossil microborings should be compared 

with modern microborings from similar substrate types (Chazottes et al., 2009;  

Vogel et al., 2000) and the ichnocoenoses described must be directly compared with 

modern assemblages for interpretation (Golubic et al., 1975). Indeed, a bathymetric 

ichnocoenoses index could provide misleading paleobathymetric conclusions in shallow 

waters when 3D-underwater structures (e.g., reefs) create heterogeneous light conditions 
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on the infested substrate (i.e., illuminated, shaded, and cryptic habitats) at the same 

depth (Försterra et al., 2005; Gektidis et al., 2007; Perry and Macdonald, 2002). 

Similarly, the investigated substrate could have been translocated from shallow depths to 

its deposition site (Wisshak, 2012). Thus, fossil microborings should be viewed as 

semiquantitative rather than absolute indicators of paleophotic zones (Perry and 

Macdonald, 2002; Swinchatt, 1969). 

2.5. Photoautotrophic euendoliths in marine bioengineered ecosystems 

While numerous studies have assessed euendolith-induced biodegradation of carbonate 

skeletal materials, until recently, severe harm to living host organisms was understood to 

be limited to the erosive activity of invertebrates or fungal borers (Lauckner, 1983).  

Due to low light penetration within the substratum, photoautotrophic euendoliths were 

generally thought to be unable to inflict significant structural damage on live organisms, 

as they eroded only the uppermost layers of the carbonate substrate (Lauckner, 1983). 

Over the last three decades, mounting evidence has shown that the eroding activity of 

photoautotrophic euendoliths can be the source of severe, often lethal, damage to living 

calcifying organisms (Hassenrück et al., 2013; Kaehler and McQuaid, 1999;  

Zardi et al., 2009). However, the presence of euendoliths has also been observed to have 

beneficial effects (Fine and Loya, 2002; Gehman and Harley, 2019; Zardi et al., 2016). 

Here, this study focuses on three groups of calcifying organisms, i.e., corals, crustose 

coralline algae, and bivalves, and describe the process of colonization by euendoliths in 

live hosts, their incidence, and their detrimental and beneficial effects on the individual 

host, as well as on the bioengineered ecosystem (summarized in Table 2.1),  

i.e., coral reefs, coralline algal mats, and bivalve beds (Diaz-Pulido et al., 2014;  

Reyes-Nivia et al., 2014). 
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Table 2.1. Summary of the negative and positive effects observed and suspected (underlined) of euendolithic infestation on the physiological parameters, calcified structures, 

biological interactions, and bioengineering qualities of main live calcifying hosts.   

Symbols for effects: (=)—no effect; (↑)—positive effect, reinforcement; (↓)—negative effect, reduction; (↑↓)—variable responses depending on the host species and/or environmental 

conditions; (~)—alteration in the composition of the parameter; (✞)—mortality observed in the host species; (↔)—mutualistic relationship; (lim)—effect observed during unusual 

harsh environmental conditions (i.e., heatwaves). Please note that some effects presented in this table are based on observations of a single species or different life cycle stages of the 

host species. Other live calcifying hosts of photoautotrophic euendoliths include soft corals, other marine molluscs (i.e., limpets, snails), barnacles, brachiopods, and foraminifera.  

Responses to Endolithic 

Infestation 

Live Calcifying Hosts 
References 

Corals Coralline Algae Bivalves Others 

Physiological Parameters      

Growth ↓  =  ↓ ↓ 
Curry, 1983; Hassenrück et al., 2013; Kaehler and McQuaid, 1999; 

Massé et al., 2020; Ndhlovu et al., 2021a;  

Prusina et al., 2015 

General condition =  ↓  
Ćurin et al., 2014; Kaehler and McQuaid, 1999; Marquet et al., 2013; 

Massé et al., 2018; Schlichter et al., 1997, 1995;  

Zardi et al., 2009 

Reproduction   ↓ = 
Goldberg et al., 1984; Kaehler and McQuaid, 1999;  

Ndhlovu et al., 2022, 2021a 

Attachment strength   ↓  
Marquet et al., 2013; Ndhlovu et al., 2022;  

Zardi et al., 2009 

General survival ↑ =  ↓ ✞ ↓ 

Kaehler, 1999; Kaehler and McQuaid, 1999; Massé et al., 2020; 

Ndhlovu et al., 2022; Nicastro et al., 2019; Nolan, 1991;  

Odum and Odum, 1955; Prusina et al., 2015;  

Schlichter et al., 1997, 1995 

Individual survival to heat stress ↑ (lim)  ↑ (lim)  
Fine et al., 2005, 2004; Fine and Loya, 2002; Gehman and Harley, 2019; 

Lourenço et al., 2017; Monsinjon et al., 2021;  

Zardi et al., 2021, 2016 

Calcified structures  

Microbioerosion ↑ ↑↓ ↑ ↑ 
Curry, 1983; Gehman and Harley, 2019; Kaehler and McQuaid, 1999; 

Le Campion-Alsumard et al., 1995a; Prusina et al., 2015;  

Reyes-Nivia et al., 2013, 2014; Tribollet and Payri, 2001 

Thickness ↑  ↓ ✞ ↓ 
Försterra et al., 2005; Hassenrück et al., 2013;  

Kaehler and McQuaid, 1999; Prusina et al., 2015 
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Table 2.1. (continued).  

Responses to Endolithic 

Infestation 

Live Calcifying Hosts 
References 

Corals Coralline Algae Bivalves Others 

Calcified structures (suite)      

Porosity ↑ ↑ ↑  
Gehman and Harley, 2019; Hassenrück et al., 2013;  

Le Campion-Alsumard et al., 1995a; Tribollet and Payri, 2001 

Deformations ↑  ↑ ✞ ↑ 
Ćurin et al., 2014; Goldberg et al., 1984; Hassenrück et al., 2013; 

Kaehler, 1999; Le Campion-Alsumard et al., 1995b;  

Morse et al., 1981, 1977  

Maintenance costs ↑  ↑ ↑ 
Ćurin et al., 2014; Försterra et al., 2005; Hassenrück et al., 2013;  

Kaehler and McQuaid, 1999; Le Campion-Alsumard et al., 1995b; 

Ndhlovu et al., 2021a; Prusina et al., 2015 

Mineralogy  ~ ~  Ćurin et al., 2014; Diaz-Pulido et al., 2014 

Biological interactions  

Epibionts   ↑  Marquet et al., 2013 

Predators ↑  ↑  Zardi et al., 2009 

Grazers ↑  
↑ ↑ Nicholson and Clements, 2020; Nolan, 1991 

Photoautotrophic euendoliths ↔ ↔ ↔  
Gehman and Harley, 2019; Hassenrück et al., 2013;  

Odum and Odum, 1955; Schlichter et al., 1997, 1995;  

Tribollet and Payri, 2001 

 

 

Bioengineered ecosystems      

Architectural complexity  ↑↓ ↓  Diaz-Pulido et al., 2014; Reyes-Nivia et al., 2014 

Coastal protection from waves and 

other stressors 
↓ ↑↓ ↓ ↓ 

Diaz-Pulido et al., 2014; Nicastro et al., 2019; Nolan, 1991;  

Reyes-Nivia et al., 2014, 2013; Zardi et al., 2009 

Mitigation of environmental 

stressors for associated species 
  ↑  

Lourenço et al., 2017; Monsinjon et al., 2021; 

Zardi et al., 2021 

Resistance to anthropogenic 

stressors 
  ↓  Nicastro et al., 2022, 2019 
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2.5.1. Corals and crustose coralline algae 

In live corals, the colonization of the skeleton by euendoliths from the water column is 

prevented by the polyp tissue (Bentis et al., 2000; Gutiérrez-Isaza et al., 2015;  

Le Campion-Alsumard et al., 1995b). In young coral recruits, the entire corallite 

(i.e., part of the skeleton elaborated by a single polyp) is tightly covered with polyp tissue 

(Försterra and Häussermann, 2008; Massé et al., 2018; Stolarski, 1996), which efficiently 

protects the underlying calcareous skeleton from infestation by other life stages of 

endolithic organisms (e.g., propagules, epilithic biofilms), thanks to its superficial mucus 

and cnidocysts. In some instances, the polyp tissue retracts towards the proximal 

portions of the coral colony, either temporarily when corals are under major thermal 

stress (Brown et al., 1991) or permanently in the case of solitary corals  

(Lazier et al., 1999), leaving the skeleton unprotected. Therefore, photoautotrophic 

euendoliths have the ability to colonize the coral skeleton from its base, as soon as the 

larvae settle on an already-infested substrate (Massé et al., 2018), or to enter through the 

exposed skeleton through lateral fissures or when the polyp tissue retracts  

(Brown et al., 1991; Lazier et al., 1999). In live crustose coralline algae 

(Corallinophycidae), colonization by photoautotrophic euendoliths from the surface is 

prevented by the presence of live cells (as for corals), capable of ‘sloughing’ as a defence 

against biofouling (Keats et al., 1993; Steneck, 1986). With crustose coralline algae 

(CCA) growing apically, the live tissue remains in the upper part of the thallus, giving it 

a red colour, leaving empty calcified cell walls at the basal layer of the thallus, which 

turns whitish-grey (Ghirardelli, 2002; Tribollet and Payri, 2001). Without the protective 

live tissue, euendoliths colonize CCA from its basal layer, which can be in direct contact 

with an already-infested substrate (Ghirardelli, 2002; Tribollet and Payri, 2001). 

Thereafter, photoautotrophic euendoliths have to match or exceed skeletal calcification 
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rates, by positive phototrophic growth orientation (i.e., growing from the inside of the 

skeleton towards the surface) and high rates of growth and carbonate penetration  

(Le Campion-Alsumard et al., 1995a; Tribollet and Payri, 2001). Only a few 

euendolithic organisms have adapted to low-light conditions, such as the 

cyanobacterium Leptolyngbya terebrans, the chlorophyte Ostreobium queckettii, and less 

frequently some conchocelis stages of Bangial rhodophytes, are known to keep pace with 

coral growth (Gutiérrez-Isaza et al., 2015; Gutner-Hoch and Fine, 2011; Laborel and  

Le Campion-Alsumard, 1979; Le Campion-Alsumard et al., 1995b, 1995a; Lukas, 1974; 

Ralph et al., 2007). In addition, the cyanobacterium Mastigocoleus testarum can be found 

in live CCA crusts (Försterra and Häussermann, 2008; Ghirardelli, 2002; Tribollet and 

Payri, 2001), and L. terebrans has been observed boring directly into CCA calcified cell 

walls (Ghirardelli, 1998). Areas of dense euendolithic growth are often correlated with 

areas of slower growth in corals, as shown by the patterns of coloured bands in massive, 

slow-growing corals (Delvoye, 1992; Duerden, 1902; Highsmith, 1981;  

Le Campion-AIsumard et al., 1995a). In fast-growing corals, such patterns are less clear 

(Tribollet et al., 2018), with euendoliths being more abundant in the middle part of the 

skeleton (Godinot et al., 2012). The distribution of euendolithic organisms is, however, 

not limited to the coloured bands as they can be present in most regions of the skeleton 

although in insufficient densities to be visible (Le Campion-Alsumard et al., 1995a).  

In the same fashion, euendolithic infestation in live CCA crusts forms a green band 

underneath the live tissue (Tribollet and Payri, 2001). Photoautotrophic euendoliths are 

ubiquitous in live zooxanthellate corals (Symbiodiniaceae (LaJeunesse et al., 2018)), 

with 100% of Atlantic, Indian, and Pacific corals being infested (Duerden, 1902; 

Highsmith, 1981; Le Campion-Alsumard et al., 1995a; Lukas, 1973; Odum and  

Odum, 1955). In the southern Chilean fjords, 83% of the colonies of the azooxanthellate 
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Desmophyllum dianthus (Esper, 1974) were infested in the euphotic zone (Försterra and 

Häussermann, 2008). Photoautotrophic euendoliths have been recorded from live 

crustose coralline algae in the Mediterranean Sea and the Pacific Ocean  

(Ghirardelli, 2002; Tribollet and Payri, 2001). 

The negative effects of endolithic infestation on live corals have largely been 

demonstrated in azooxanthellate corals, which do not benefit from a symbiosis with 

zooxanthellae. However, given their similar calcification rates (Marshall, 1996), it is 

reasonable to expect that azooxanthellate and zooxanthellate corals will display similar 

negative effects to infestation by photoautotrophic euendoliths. Euendolithic infestation 

affects apical growth and skeletal structure of adult coral colonies  

(Hassenrück et al., 2013); however, it does not slow the extension rates and fitness of 

coral recruits (Massé et al., 2018). Heavily infested areas of the coral 

Desmophyllum dianthus display a thicker but more porous skeletal structure, reduced 

apical extension, and enhanced skeletal deformations (Hassenrück et al., 2013).  

Thus, euendolithic infestation alters the calcification pattern of the coral and unbalances 

the energetic budget towards the maintenance of skeletal integrity, at the expense of the 

vertical growth of the polyp and other essential biological processes, such as 

reproduction. Skeletal deformations, resulting from the secondary deposition of 

aragonite on the coral skeleton, can act as a mechanical barrier to endolithic infestation 

(Hassenrück et al., 2013; Le Campion-Alsumard et al., 1995b), but are linked to 

increased coral mortality and reduced coral growth and reproduction, thus reducing the 

overall fitness of the coral (Aeby et al., 2011; McClanahan et al., 2009). As a source of 

food for grazing organisms (Golubic et al., 1984), euendoliths attract excavating 

invertebrates and vertebrates, enhancing overall bioerosion activity in coral reefs and 

leading to deeper damage to the substrate (Chazottes et al., 1995; Tribollet and  
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Golubic, 2005). Finally, filamentous cyanobacteria associated with the Black Band 

Disease have been observed actively boring through both coral skeleton and tissue, 

indicating a potential relationship between endolithic organisms within the coral 

skeleton and coral diseases (Miller et al., 2011). As euendoliths accelerate internal 

bioerosion rates in CCA, their infestation is likely to increase CCA porosity  

(Tribollet and Payri, 2001), with consequences similar to those in corals. As 

microbioerosion is lower in CCA than in corals (7.9% vs. 25% of the bored substrate)  

(Le Campion-Alsumard et al., 1995a; Tribollet and Payri, 2001), its negative effects on 

CCA might also not be detectable or significant. 

As early as the 1950s, Odum and Odum (1955) suspected another kind of relationship 

between photoautotrophic euendoliths and their live coral hosts, one that is positive and 

mutualistic rather than negative, which they termed ‘ectosymbiosis’. Forty years later, 

Schlichter et al. (1995) first demonstrated the translocation of photoassimilates from the 

euendolithic algae living in the coral skeleton to the coral tissue via the uptake 

mechanisms for dissolved organic substances of cnidarians in the azooxanthellate coral 

Tubastraea micranthus (Ehrenberg, 1834). This interaction increases the polyp’s fitness by 

increasing productivity and biomass, while in return, the metabolic end products of the 

coral can be used by the endolithic algae. Subsequently, Schlichter et al. (1997) 

highlighted the role of the green euendolithic alga Ostreobium queckettii in intra-colonial 

nutrient recycling in two zooxanthellate coral species, though this was considered to be 

minor compared to the contribution made by zooxanthellae. 

In live coral skeletons, three main factors influence the availability of light to 

euendolithic organisms (Highsmith, 1981; Kanwisher and Wainwright, 1967): 
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1. Between 0.1 and 10% of the photosynthetically active radiation (PAR) penetrates 

and reaches the zone of the endolithic algae, the main part of PAR being 

absorbed by the zooxanthellae in the coral tissue (Halldal, 1968;  

Magnusson et al., 2007; Schlichter et al., 1997; Shibata and Haxo, 1969); 

2. Light transmission is affected by the architecture of the coral’s skeleton. Corallites 

on the top of coral colonies guide light deeper into the coral skeleton, while for 

corallites on the side of the colony, light enters at an angle, reducing its 

penetration into the skeleton (Highsmith, 1981); 

3. Water depth. 

Low light intensities within the coral skeleton suggest an adaptation to shaded 

environments for euendoliths and, thus, low euendolithic photosynthetic production and 

a low contribution to the metabolism of healthy zooxanthellate corals (Kanwisher and 

Wainwright, 1967; Ralph et al., 2007; Schlichter et al., 1997; Shashar and  

Stambler, 1992). For example, respiration and photosynthetic rates of endolithic algae in 

the zooxanthellate coral Porites compressa Dana (1846) represent, respectively, only 1.4% 

and 6% of those of the zooxanthellae, corresponding to the amount of PAR effectively 

reaching the endoliths (Schlichter et al., 1997; Shashar and Stambler, 1992). During 

bleaching events, however, corals lose their symbiotic zooxanthellae and their shading 

effect to the endolithic layer (Figure 2.3c,d). Photoautotrophic euendoliths then 

acclimate to the increased solar irradiance penetrating the skeleton (Fine et al., 2005) and 

start blooming (Galindo-Martínez et al., 2022). Two to three weeks after the onset of 

bleaching, characteristic greenish (Ostreobium queckettii) and reddish 

(Leptolyngbya terebrans) pigments of photoautotrophic euendoliths become visible through 

the now transparent coral tissue (Figure 2.3d) (Fine and Loya, 2002;  

Försterra et al., 2005; Försterra and Häussermann, 2008). Following this increase in 
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photosynthetic activity, increased quantities of photoassimilates are continuously 

translocated between the euendoliths and the coral tissue, thanks to the close contact 

between euendolithic filaments and coral tissue; the cytoplasmic compartments of corals 

and euendolithic algae are only separated by a cell membrane and by a cell wall and 

membrane, respectively (Schlichter et al., 1995). On the one hand, due to the capacity of 

coral cells to absorb dissolved organic substances, such as sugars and amino-acids 

(Schlichter, 1984), these photosynthetic products can be readily used by the coral tissue 

when released by euendoliths, and contribute to the metabolic demands of the coral, 

especially during bleaching events (Fine and Loya, 2002; Kühl et al., 2008;  

Schlichter et al., 1995). On the other hand, euendoliths may benefit from the internal 

CO2 pool and nitrogen-containing metabolites of the coral, using these as a source of 

inorganic carbon for photosynthesis and nitrogen, respectively (Titlyanov et al., 2008). 

Although euendolithic sources of energy are nutritionally less important than those of 

zooxanthellae (Kühl et al., 2008; Schlichter et al., 1997) and insufficient to support 

sexual reproduction by the coral (Fine et al., 2001), the bloom of euendolithic organisms 

in the coral skeleton can promote the survival of zooxanthellate corals during bleaching 

events until new zooxanthellae are recruited (Galindo-Martínez et al., 2022).  

In the event of a rapid bleaching event, however, high light intensities coupled with high 

temperatures cause the photoinhibition of euendolithic activity (Fine et al., 2005). 

Moreover, the increased abundance of euendoliths in the coral skeleton during bleaching 

events can result in a corresponding increase in bioerosion rates, further increasing the 

porosity of the coral skeleton (Tribollet and Golubic, 2011). Thus, photoautotrophic 

euendolithic communities can sustain coral survival through a critical supply of organic 

carbon and nutrients during periods of environmental change but slowly weaken the 

structural integrity of the coral skeleton, increasing its vulnerability to mechanical 
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damage. Conversely, in live CCA crusts, euendolithic infestation can reduce the 

susceptibility of CCA skeletons to dissolution, especially under ocean acidification and 

global climate change (Diaz-Pulido et al., 2014; Reyes-Nivia et al., 2014). Through their 

boring activity, photoautotrophic euendoliths remove highly soluble magnesium calcite 

from the skeleton, indirectly increasing internal interstitial pH (Reyes-Nivia et al., 2013), 

thereby promoting internal secondary precipitation of minerals  

(Nothdurft and Webb, 2009) and increasing the relative abundance of dolomite in the 

skeleton (Diaz-Pulido et al., 2014). CCA skeletons rich in dolomite are less susceptible to 

dissolution and skeletal disruption (Diaz-Pulido et al., 2014; Nash et al., 2013),  

as dolomite is a more stable form of carbonate and some euendoliths  

(such as Mastigocoleus testarum) are unable to bore through it (Ramírez-Reinat and 

Garcia-Pichel, 2012). Because live CCA crusts are only moderately bored compared to 

corals, it appears that the beneficial effects of euendolithic infestation could largely 

outweigh their negative effects, even under heat and acidification stress. 

Coral reefs are amongst the most diverse and complex marine ecosystems in the world, 

providing a habitat for countless associated species (Knowlton et al., 2010), as well as 

providing many services to mankind, such as commercial fishing, tourism, and coastal 

protection against storms and cyclones (Harmelin-Vivien, 1994; Knowlton et al., 2010). 

In tropical reefs, CCA are critical biological and geological components (Steneck, 1986), 

cementing together sand, dead corals, and debris to create a stable substratum  

(Littler and Littler, 1995). This substratum facilitates the settlement of coral larvae and 

other invertebrates of commercial value, such as abalone and sea urchins  

(Diaz-Pulido et al., 2014; Harrington et al., 2004; Hayakawa et al., 2008). Overall, the 

maintenance of healthy coral reef ecosystems is critically dependent on the balance 

between constructive forces, such as calcification by corals and encrusting coralline 
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algae, and destructive forces, including bioerosion (Scoffin et al., 1980).  

Severe euendolithic infestation of individual coral skeletons can fragilize whole coral 

reefs, increasing their susceptibility to damage by cyclones and storms  

(Harmelin-Vivien, 1994), El Niño events (Eakin, 1996; Glynn, 1994), and predators, 

such as the crown-of-thorns starfish (Musso, 1994), and diminishing the coastal 

protection they offer to other ecosystems and mankind. However, during extreme heat 

waves, euendolithic infestation of corals can mitigate the effects of bleaching and 

promote coral survival (Fine et al., 2005; Fine and Loya, 2002; Schlichter et al., 1997, 

1995). In live CCA crusts, euendolithic infestation promotes long-term survival by 

altering the mineralogical composition of the skeleton (Diaz-Pulido et al., 2014;  

Nash et al., 2013). Finally, by affecting the inanimate substrates composing the 

ecosystem as well, endolithic infestation plays a role in shore bioerosion in interaction 

with grazers (Tribollet and Golubic, 2005). For more detail about the role of boring 

microflora in modern coral reef ecosystems, see Tribollet (2008a). 

2.5.2. Bivalves 

In live bivalves, the colonization of the shell by photoautotrophic euendoliths is 

prevented by the periostracum, a well-defined external proteinaceous coating of variable 

thickness that constitutes the outermost layer of the shell (Figure 2.3a) (Akpan, 1990; 

Kaehler, 1999; Kaehler and McQuaid, 1999; Raghukumar et al., 1991). The early 

developmental stages of bivalves are largely free of endoliths (Cerrano et al., 2001;  

Zardi et al., 2009), as their protective periostracum is still intact. Over time, the 

periostracum can be abraded, by contact with neighboring mussels within a bed and/or 

by sediment particles carried by waves (Kaehler, 1999; Zardi et al., 2009) or by the 

activity of macrograzers (Cerrano et al., 2001). Once the periostracum is removed, 

photoautotrophic euendoliths colonize the bivalve shell from the outside in, in a similar 



52 
 

fashion to dead substrates. This involves a succession of microboring species through 

time (Kaehler, 1999; Mao Che et al., 1996; Ndhlovu et al., 2021b): (i) pioneer species 

within the first months, such as the cyanobacteria Mastigocoleus testarum and 

Leptolyngbya terebrans, and the chlorophyte Phaeophila sp., (ii) an intermediate stage after 

the pioneer species are established, with the addition of the cyanobacterium 

Solentia stratosa Ercegovic, 1927, and (iii) a late successional stage, after more than six 

months of exposure, with the addition of the cyanobacteria Hyella sp. Bornet and 

Flahault, 1888 and/or Pleurocapsa sp. Thuret, 1885, and the chlorophyte 

Ostreobium queckettii, which replaces Phaeophila. In some instances, infested bivalve shells 

take a greenish colour when euendolithic infestation is dense (Akpan, 1990;  

Cerrano et al., 2001). The spatial distribution of cyanobacterial euendoliths in bivalve 

shells reflects this succession in time, as the last colonizers are only found towards the 

older parts of the shell, where they co-occur with pioneer species (Ndhlovu et al., 2021b). 

The succession of microborer communities does not necessarily involve the replacement 

of euendolithic species by others (Mao Che et al., 1996), but rather their addition 

(Kaehler, 1999; Ndhlovu et al., 2021b). Consequently, euendolithic infestation is 

stronger on the oldest parts of the shell (i.e., umbo and central shell), and with increasing 

shell length, as a proxy of age (Cerrano et al., 2001; Ćurin et al., 2014; Kaehler and 

McQuaid, 1999; Lourenço et al., 2017; Mao Che et al., 1996; Marquet et al., 2013). 

Most studies have focused on the succession of cyanobacterial euendolithic communities 

on bivalve shells (Kaehler, 1999; Ndhlovu et al., 2021b), so less detail is available for 

chlorophytes and other photoautotrophic euendoliths (Alfaro et al., 2008;  

Ćurin et al., 2014; Mao Che et al., 1996). Photoautotrophic euendoliths colonize 

intertidal bivalve shells around the world, independent of their location or the nature of 

the shore (Cerrano et al., 2001; Kaehler, 1999; Ndhlovu et al., 2019). On South African 
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rocky shores, the incidence of endolith-infested shells in the brown mussel Perna perna 

and the blue mussel Mytilus galloprovincialis varied between 23% and 95% on sheltered 

shores within bays and on shores exposed to the open ocean, respectively  

(Kaehler, 1999; Ndhlovu et al., 2019; Zardi et al., 2009). In California, between 60% and 

90% of the shells of the Californian mussels, Mytilus californianus Conrad, 1837, were 

infested by euendoliths, depending on their position with respect to height on the shore 

(Gehman and Harley, 2019), while 93% of the shells of the bearded horse mussel, 

Modiolus barbatus Linnaeus (1758), were infested in the Adriatic Sea (Ćurin et al., 2014). 

 

Figure 2.3. Signs of infestation by euendolithic microborers in live marine calcifiers.  

(a) Non-infested Perna perna bed. (b) Perna perna mussels showing extremely eroded shells due to the action 

of euendolithic cyanobacteria. (c) Bleached coral with evident Ostreobium bloom (indicated by white 

arrows). (d) Cross-section of Paragoniastrea australensis coral showing Ostreobium that inhabits the skeleton. 

The inset shows Ostreobium filaments after skeletal decalcification. Copyright: © Alexia DIEVART (a,b),  

© Alexander Fordyce (c). Images (c,d) from Iha et al. (2021). 
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As euendoliths bore into the shell, bivalves need to repair the shell and maintain 

carbonate structures through secondary carbonate deposition (Kaehler and  

McQuaid, 1999), an energetically demanding process requiring 25–50% of their energy 

budget (Gardner and Thomas, 1987; Griffiths and King, 1979). The bivalve’s energetic 

budgeting then shifts towards self-repair with time, at the expense of growth, 

reproduction, attachment strength, and overall condition (Alfaro et al., 2008;  

Kaehler and McQuaid, 1999; Ndhlovu et al., 2022, 2021a; Zardi et al., 2009).  

The severity of euendolithic infestation and its negative effects on bivalves is, however, 

species-specific. In South Africa, the invasive blue mussel, Mytilus galloprovincialis, 

exhibits greater infestation levels and negative effects than the native brown mussel, 

Perna perna (Ndhlovu et al., 2019; Zardi et al., 2009). Regardless of the rate of shell 

deposition in infested bivalves (up to two times that of non-infested bivalves), it is never 

enough to compensate for the degradation caused by euendoliths (Kaehler and 

McQuaid, 1999). Ultimately, infestation becomes so severe that bivalves fracture their 

own shells with the force applied by their adductor muscles (Kaehler, 1999).  

Thus, endolithic infestation can at times account for more than 50% of total mortality in 

highly infested populations (Kaehler and McQuaid, 1999). 

Moreover, damage to the individual bivalve exceeds simple structural damage and has 

critical consequences at the population and community levels. Through their boring 

activity, euendoliths reduce shell strength and thickness, increasing vulnerability to 

predation, wave action (Kaehler and McQuaid, 1999), or trampling  

(Nicastro et al., 2019). Similarly, shell microtopography and its antifouling 

characteristics (Bers et al., 2010) can be altered by euendoliths, which could lead to 

higher settlement of epibionts such as barnacles (as hypothesized in  

Marquet et al., 2013). Infestations by larger epibionts increase a bivalve’s vulnerability to 
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drag forces and predators (Wahl, 2008), while these epibionts’ boring actions could 

further enhance euendolithic infestation (Marquet et al., 2013; Thieltges and 

Buschbaum, 2007). In addition, by creating a more complex, rougher shell surface, 

euendolithic infestation influences the hydrodynamic properties of mussel beds, leading 

to greater ingestion rates of microplastics by mussels within infested mussel beds, and 

greater retention of microplastic on infested mussel shells and within infested mussel 

beds (Nicastro et al., 2022). Moreover, infested mussels produce fewer byssal threads for 

attachment to the substratum, making them more vulnerable to drag forces  

(Ndhlovu et al., 2022; Zardi et al., 2009) and creating an architecturally less complex 

mussel bed for the associated infauna. Gonad mass, and thus reproductive capacity, are 

also negatively affected by euendolithic infestation (Alfaro et al., 2008; Kaehler and 

McQuaid, 1999; Ndhlovu et al., 2022; Zardi et al., 2009). Larger mussels, responsible for 

the bulk of gamete output from the population, are the most susceptible to mortality 

through shell collapse and suffer the greatest decrease of gonad tissue due to endolithic 

infestation (Kaehler and McQuaid, 1999), thus reducing population reproductive output. 

Shell-boring photoautotrophic euendoliths have, however, also been shown to have 

beneficial effects on the bivalve host under certain environmental conditions  

(Gehman and Harley, 2019; Lourenço et al., 2017; Zardi et al., 2016). Infested mussels 

lose their dark colour through the loss of the periostracum, which exposes the pale 

nacreous layer underneath and the deposition of excess calcium on the outside of the 

shell by euendoliths (Figure 2.3b) (Gehman and Harley, 2019; Kaehler, 1999;  

Ndhlovu et al., 2021b; Zardi et al., 2016). Infested mussel shells, being paler, absorb 

around 10% less sunlight energy than non-infested shells, resulting in lower body 

temperatures (up to 5°C lower) and greater water retention (Gehman and Harley, 2019; 

Zardi et al., 2016). During heat waves, infested mussels can experience lower short-term 



56 
 

mortality rates (Gehman and Harley, 2019; Zardi et al., 2016), as they warm up slower 

and reach lower body temperatures than non-infested mussels during aerial exposure 

(Zardi et al., 2021). The beneficial effects of endolithic infestation can extend to 

neighboring mussels within a bed: mussel beds mostly composed of infested mussels 

exhibit lower temperatures and higher humidity in the interstitial space  

(Lourenço et al., 2017; Zardi et al., 2021). The beneficial effects of euendoliths are 

regulated by particular topographic and meteorological conditions  

(Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2021). Thermal buffering by 

euendoliths is greatest when bivalves occur on horizontal or moderately inclined, mostly 

sun-exposed, surfaces, and under conditions of high solar irradiance and air temperature, 

low wind speed, and moderate humidity (Monsinjon et al., 2021; Zardi et al., 2021). 

Thus, thermal buffering by euendoliths is the strongest and most ecologically significant 

when (and where) bivalves suffer from stressful environmental conditions, particularly in 

the summer and at lower latitudes (Lourenço et al., 2017; Monsinjon et al., 2021;  

Zardi et al., 2021). The protection offered to associated species by the bioengineering 

effects of mussel beds is thus likely to be enhanced by endolith-induced improvements in 

within-bed humidity and temperature, especially in the upper intertidal zone where 

mussel beds are typically mono-layered and thermal refuges are scarce (Gehman and 

Harley, 2019). 

Worldwide, bivalves are the most prominent ecosystem engineers on intertidal rocky 

shores (Gutiérrez et al., 2003), providing a functional habitat and refuge to a wide array 

of associated species in a physiologically stressful environment characterized by high 

temperature and low humidity during emersion (Gutiérrez et al., 2003; Stephens and 

Bertness, 1991; Suchanek, 1985; Witman, 1985). Bivalve beds offer a refuge from 

thermal and desiccation stresses (Jurgens and Gaylord, 2018;  
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Stephens and Bertness, 1991), and predators (Thiel and Dernedde, 1994; Witman, 1985), 

a habitat for epibionts (Gutiérrez et al., 2003), and participate in the transport of solutes 

and organic particles in the near-shore environment (Crooks and Khim, 1999;  

Tsuchiya and Nishihira, 1985). Bivalve beds provide many ecosystem services, such as 

fishing, other resources, protection against the waves, and stabilization of the coastline 

(Borsje et al., 2011; Piazza et al., 2005). Euendolithic infestation of bivalve beds 

increases the susceptibility of these ecosystems to damage by waves and anthropogenic 

stressors, such as trampling and plastic pollution (Nicastro et al., 2022, 2019), while 

reducing their vulnerability to heat waves (Zardi et al., 2021, 2016). 

2.5.3. Other groups 

While limited information is available on the incidence and distribution of 

photoautotrophic euendoliths in calcifying organisms, the physiological, biological, and 

ecological impacts of endolithic infestation have not been documented outside of 

commercially or structurally important calcifiers, such as corals, CCA, and bivalves 

(see Tribollet, 2008a). 

In soft corals, the chlorophytes Ostreobium queckettii and Ulvella endozoica  

(Goldberg, Makemson, and Colley) R. Nielsen, C.J. O’Kelly, and B.Wysor (2013) are 

associated with lower tensile strength and elasticity of the endoskeleton  

(Goldberg et al., 1984), and necrosis of the surrounding live tissue in two species of 

gorgonian corals (Morse et al., 1981, 1977). In brachiopods, the presence of conchocelis 

stages of the red algae Porphyra or Bangia recorded in the outer layer of the shell  

(Curry, 1983; Gaspard, 2011; Peck et al., 1987) was linked to the potential disruption of 

growth and shell weakening, as biomineralization processes are disturbed and ‘blisters’ 

appeared at the areas of shell repair, as in bivalves (Curry, 1983). Limpet and snail shells 

are infested by euendolithic cyanobacteria, such as Mastigocoleus testarum or 
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Hyella caespitosa Bornet and Flahault, 1888 (Prusina et al., 2015), and green and red 

algae, such as Phaeophila or Porphyra (Cerrano et al., 2001; Nolan, 1991; Walker, 1998), 

and become thinner and more fragile due to bioerosion (similar to bivalves).  

Infested limpets and snails suffer higher mortality rates, especially in adverse 

environments (i.e., open coast) (Day et al., 2000; Nolan, 1991). In barnacles, the 

chlorophyte O. queckettii, the cyanobacterium M. testarum, Hyella sp. and 

Leptolyngbya terebrans, and conchocelis stages of Bangia red algae were found in the plates 

(Drew, 1954; Meyer et al., 2021, 2020; Parke and Moore, 1935). Euendolithic infestation 

starts from the apex of the shell down to the base, weakening the barnacle shell and 

channelling its energy towards self-repair (Parke and Moore, 1935). In foraminifera, the 

shell is infested by the same euendolithic species as barnacles, which increases their 

susceptibility to mechanical breakage and fragmentation and can potentially attract 

grazers (Peebles and Lewis, 1988). By contrast, euendoliths at the test surface can 

promote the formation of a micritic crust around infested tests through secondary 

carbonate deposition (Kobluk and Risk, 1977), potentially increasing the potential of the 

test for preservation (Bathurst, 1966). 

While the effects of euendolithic infestation on live calcifying organisms, such as 

foraminifera, limpets, brachiopods, or barnacles, could be simply underexplored, the 

sparsity of studies could also be an artifact of lower levels of euendolithic infestation in 

these organisms, which could translate in less detectable negative effects on the host. 

2.6. Photoautotrophic euendoliths in the Anthropocene 

Marine calcifiers, photoautotrophic euendoliths and their future relationship, will be 

influenced by global climate change (GCC) (Andersson, 2005; Raven, 2005;  

Schönberg et al., 2017; Tribollet, 2008a). GCC is caused by the increase in the emission 
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of anthropogenic greenhouse gases, such as CO2, and manifests as an increase in air and 

sea surface temperatures (SST), and changes in rainfall regimes (Mendoza et al., 2021). 

As air temperatures rise, cloud cover is predicted to decrease at the planetary scale, 

which increases the amount of solar radiation reaching the surface, increasing 

temperatures even more (Mendoza et al., 2021). For the past 200 years, the world’s 

oceans have absorbed about one-third of the CO2 released into the atmosphere, which 

has led to ocean acidification (OA), with a reduction of the pH of surface seawater of 

0.1 units (Caldeira and Wickett, 2003; Gruber et al., 1996; Sabine et al., 2004). If global 

anthropogenic CO2 emissions continue to rise in line with current trends, the average pH 

of the ocean’s surface could further decrease by 0.7 units in the next millennium, with a 

rate of change one hundred times greater than in the past 300 M years  

(Caldeira and Wickett, 2003; Key et al., 2004). For marine calcifiers, rising SST, ocean 

acidification, and the increase in solar radiation will negatively impact calcification, 

survival, growth, and reproduction, and diminish their resistance to other environmental 

stressors, such as pollution (Gattuso et al., 1999; Helmuth et al., 2006b;  

Hoegh-Guldberg, 1999; O’Donnell et al., 2013; Petes et al., 2007). With decreasing 

calcification and a weakening of existing calcified structures due to passive dissolution in 

a more acidic ocean, marine calcifying organisms will become more susceptible to 

bioerosion (Schönberg et al., 2017). Understanding how photoautotrophic euendoliths 

will behave in our changing world thus becomes important for understanding the fate of 

many bioengineered marine ecosystems (Schönberg et al., 2017; Tribollet, 2008a). 

Euendolithic infestation by photoautotrophs of carbonate substrates, especially those of 

live calcifying organisms, is expected to increase in prevalence with increased SST, solar 

radiation, and OA (Enochs et al., 2016; Marcelino et al., 2017; Monsinjon et al., 2021; 

Reyes-Nivia et al., 2014, 2013; Zardi et al., 2021). Surveys at sites with natural pH 



60 
 

gradients, such as volcanic vents (Cherchi et al., 2012; Enochs et al., 2016;  

Marcelino et al., 2017), and a series of mesocosm experiments controlling SST and pH 

(Diaz-Pulido et al., 2014, 2012; Leggat et al., 2019; Reyes-Nivia et al., 2014;  

Tribollet et al., 2019, 2009, 2006) confirm this trend in experimental and dead substrates. 

The distribution of photoautotrophic euendoliths could expand towards higher latitudes 

where they are currently less abundant, as a result of the lowering calcium carbonate 

saturation caused by global climate change in these regions, which would facilitate the 

microbioerosive processes (Andersson, 2005). Photoautotrophic euendoliths are also 

expected to increase in biomass and cover, and to penetrate deeper and faster into the 

substrate, thus promoting microbioerosion, with a shift in communities under predicted 

future oceanic conditions of increased SST and reduced pH. Moreover, the increase in 

frequency and intensity of marine heat waves in response to GCC will likely be 

associated with mass mortality events in bivalves (Petes et al., 2007; Zardi et al., 2009), 

and coral and CCA reefs (Diaz-Pulido et al., 2014). Such mortality events ultimately 

increase the availability of dead carbonate substrates for photoautotrophic euendoliths. 

Although manipulative experiments are scarce (Diaz-Pulido et al., 2012), hypotheses can 

be formulated on the future of photoautotrophic euendoliths that colonize live marine 

calcifiers by capitalizing on the knowledge compiled in this review. In a similar fashion 

to dead substrates, photoautotrophic euendoliths are expected to increase in abundance 

and biomass in live calcifying organisms with increasing SST and solar radiation.  

Under OA and GCC, marine calcifiers are more vulnerable to microbioerosion  

(Raven, 2005) and heat waves (Diaz-Pulido et al., 2014; Petes et al., 2007).  

With favourable environmental change and the weakening of calcifying organisms, the 

negative effects of euendolithic infestation (Hassenrück et al., 2013; Kaehler and 

McQuaid, 1999; Massé et al., 2018; Zardi et al., 2009) are expected to be magnified in 
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the future. In the worst-case scenario, the combined influence of GCC and euendolithic 

infestation is expected to increase microbioerosion rates by up to 150% in reefs by 2100 

(Carreiro-Silva et al., 2012, 2009, 2005; Reyes-Nivia et al., 2014, 2013). This equates to 

about two-thirds of reef carbonate deposited per year being dissolved by the action of 

microborers by 2100 (Tribollet et al., 2019).  

As the negative effects of euendolithic infestation on live calcifying organisms are 

expected to increase in intensity under future oceanic conditions, so might the beneficial 

effects. Photoautotrophic euendoliths can contribute to host survival under OA and heat 

waves. In corals, photoassimilates are translocated directly from the euendoliths to the 

host until symbiotic zooxanthellae recolonize the coral tissue (Fine et al., 2001;  

Fine and Loya, 2002; Schlichter et al., 1997, 1995). However, this mutualistic 

relationship is limited in the case of rapid heat wave-induced bleaching events, as high 

light intensities coupled with high temperatures inhibit euendolithic photosynthetic 

activity (Fine et al., 2005). In bivalves, photoautotrophic euendoliths indirectly enhance 

the albedo of the shell, thus reducing the overall body temperature and the mortality 

rates experienced by infested bivalves (Gehman and Harley, 2019; Zardi et al., 2021, 

2016). The beneficial effects of euendoliths can extend to neighbouring mussels, further 

increasing the thermal buffering provided by mussel beds to associated species on rocky 

shores (Lourenço et al., 2017; Zardi et al., 2021). In CCA crusts, photoautotrophic 

euendoliths preferentially remove the highly dissoluble fraction of the carbonate 

skeleton, thus increasing its resistance to bioerosion, either due to OA or 

photoautotrophic euendoliths themselves (Diaz-Pulido et al., 2014; Nash et al., 2013; 

Ramírez-Reinat and Garcia-Pichel, 2012; Reyes-Nivia et al., 2013). Both detrimental 

and beneficial effects of euendolithic infestation in live calcifying organisms are expected 

to increase in intensity with the ongoing GCC and OA. Nevertheless, in the long term, 
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euendolithic infestation is detrimental to its calcifying hosts, ultimately leading to their 

death. 

2.7. Conclusions 

As discussed, photoautotrophic euendoliths are significant biological components of 

marine ecosystems. Photoautotrophic euendoliths, which are relatively inaccessible 

without specific observational techniques, are ubiquitous, found wherever there is a 

calcium carbonate substrate and suitable environmental conditions for survival.  

Through their boring activity, they leave long-lasting traces in the substrate that allow 

their identification. As each species has its own ecological requirements, the presence 

and abundance of euendolithic species and the composition of euendolithic communities 

are influenced by abiotic (e.g., light availability, nature of the substrate, water quality) 

and biotic parameters (e.g., grazers, epibiotic communities). Therefore, euendolithic 

species or entire communities can be employed as geographical, water quality, or 

paleobathymetric indicators. Photoautotrophic euendoliths colonize both inanimate 

calcium carbonate substrates and the calcified structures of live organisms.  

In live calcifying organisms, endolithic infestation has both detrimental and beneficial 

effects: while euendoliths bore into the calcified structure, the host’s energy is allocated 

to secondary structural repair at the expenses of growth, survival, and reproduction;  

but endolithic infestation can mitigate temperature stress of the host or provide an 

alternative source of nutrition in the case of corals. However, in the long term, endolithic 

infestation ultimately leads to the host’s death. In the future, the prevalence and severity 

of endolithic infestation are predicted to increase, which could lead to higher levels of 

microbioerosion in marine carbonate substrates, either inanimate or alive, and thus 

profoundly modify the dynamics of ecosystems founded on marine calcifiers. 
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Infestation by photoautotrophic euendoliths in live calcifying ecosystem engineers can 

significantly influence the phenotype, physiology, and biology of individual host 

specimens, and thus the quality of the habitat they collectively provide (e.g., mussel beds, 

coral reefs). Research on photoautotrophic euendoliths, especially in live substrates, 

could beneficiate from the following directions in the future: 

1. Update and standardize the taxonomy of known photoautotrophic euendolithic 

species, including morphological descriptions, ecological requirements, and 

molecular-based approaches to taxonomy; 

2. Determine the boring mechanisms for euendolithic species, such as red and green 

algae, and how these processes may be affected by environmental change, including 

OA and GCC; 

3. Investigate euendolithic communities (e.g., species composition, abundance, 

biomass), and the prevalence and severity of euendolithic infestation in  

less-investigated marine calcifiers (e.g., brachiopods, barnacles, limpets, snails), 

under different environmental conditions and timescales, and using a combination 

of approaches; 

4. Develop a standardized experimental framework, including ex situ and in situ 

experiments, to evaluate and compare the modalities of euendolithic infestation and 

how infestation may be influenced by various abiotic and biotic parameters 

(e.g., nutrient concentrations, light availability, presence of grazers and predators); 

5. Determine the detrimental and beneficial effects of euendolithic infestation on live 

marine calcifiers, using manipulative experiments when possible; 

6. Centralize available information on euendoliths (including heterotrophs) in a 

publicly accessible database (e.g., Ocean Acidification International Coordination 

Centre).  
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CHAPTER 3 

EUENDOLITHIC INFESTATION OF MUSSEL SHELLS 

INDIRECTLY IMPROVES THE THERMAL BUFFERING 

OFFERED BY MUSSEL BEDS TO ASSOCIATED 

MOLLUSCS, BUT ONE SIZE DOES NOT FIT ALL 

 

Published on February 8th, 2023, as: Dievart, A.M.; McQuaid, C.D.; Zardi, G.I.; 
Nicastro, K.R.; Froneman, P.W. Euendolithic Infestation of Mussel Shells Indirectly 

Improves the Thermal Buffering Offered by Mussel Beds to Associated Molluscs, but 

One Size Does Not Fit All. Diversity 2023, 15, 239. https://doi.org/10.3390/d15020239  

 

 

Figure 3.0. Graphical abstract published in Dievart et al. (2023) and illustrating the thermal buffering 

offered by euendolith-infested mussel beds to some associated molluscs and not others. 
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3.1. Introduction 

Heatwaves are discrete periods of prolonged, abnormally warm air (i.e., atmospheric 

heatwave) or seawater temperature (i.e., marine heatwave) at a particular location 

(Oliver et al., 2021). The frequency, duration, and intensity of atmospheric and marine 

heatwaves have increased since the pre-industrial era (Marin et al., 2021; Meehl and 

Tebaldi, 2004; Oliver et al., 2018) and are expected to increase with global climate 

change (GCC), with many parts of the coast and ocean reaching a state of  

near-permanent heatwave by the end of the century (Frölicher et al., 2018;  

Mbokodo et al., 2020; Oliver et al., 2019). These events are triggered by anomalous weak 

wind speeds and increased solar radiation, amongst other environmental factors  

(Gupta et al., 2020; Schlegel et al., 2017). Since organisms suffer more from extremes 

than slow changes in their environment (Gaines and Denny, 1993), heatwaves have been 

implicated in large-scale shifts in species location, phenological changes, changes in 

ecosystem structure, and elevated levels of mortality in coastal ecosystems  

(Helmuth et al., 2002; Lima et al., 2007; Sanford et al., 2019; White et al., 2023).  

This is particularly true for rocky intertidal shores, where temperature and desiccation 

stress are extremely high during aerial exposure. This is especially the case on sunny 

days with little to no overcast and low to no wind (Helmuth et al., 2011). However,  

the effect is highly variable at small scales due to the complex topography of these shores 

(Helmuth et al., 2006b, 2002; Lathlean et al., 2017) and at larger scales due to the timing 

of tides and local weather patterns (Helmuth et al., 2011; Mislan et al., 2009).  

Intertidal organisms already live at, or close to, their upper thermal tolerance limits and 

are thus more susceptible to local extinction events (Helmuth et al., 2002; Somero, 2010, 

2002). However, intertidal organisms can display behavioural thermal adaptations to 

reduce their temperatures, such as ‘mushrooming’ (Williams et al., 2005), changing the 
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orientation of the shell (Muñoz et al., 2005), or seeking thermal refuge in a more 

favourable microhabitat (Cartwright and Williams, 2014; Lathlean et al., 2016a;  

Van Rensburg et al., 2021), which are only effective if the organisms are under stress 

(Muñoz et al., 2005). 

On rocky shores, mussel beds form an important intertidal habitat that mitigates both 

temperature and desiccation stress, creating a suitable microhabitat for many species, 

particularly under extreme environmental conditions (Gutiérrez et al., 2019;  

Helmuth, 1998; Jurgens and Gaylord, 2018; Nicastro et al., 2020). Not only do these 

ecosystem engineers (sensu Jones, Lawton & Shachak, 1994) provide a thermal refuge, 

but the properties of the mussel bed influence the quality of the habitat they provide 

(Lathlean et al., 2016b; Lourenço et al., 2017; Thomas et al., 1998). Worldwide,  

mussel shells are targeted by photoautotrophic euendolithic microorganisms, which can 

indirectly modify the mussel phenotype, thus influencing the thermal buffering provided 

by mussel beds (Kaehler, 1999; Lourenço et al., 2017; Zardi et al., 2016). 

Photoautotrophic euendoliths refer to a heterogeneous group of microorganisms 

(i.e., cyanobacteria, chlorophytes, and rhodophytes) that live and actively bore into 

relatively soluble substrates, such as phosphate and carbonate substrates  

(e.g., coral skeletons, bivalve shells) (Couradeau et al., 2017; Golubic et al., 1981, 1975). 

Present essentially anywhere there is sufficient light for photosynthesis and a suitable 

substratum to bore into, photoautotrophic euendoliths readily infest marine calcifiers 

(i.e., corals, bivalves, crustose coralline algae), with both negative and positive effects 

(Dievart et al., 2022). In addition to its negative sub-lethal and lethal effects on mussels 

(Dievart et al., 2022; Kaehler and McQuaid, 1999; Zardi et al., 2009), euendolithic 

infestation causes a distinctive discolouration of the mussel shell as a by-product of its 

corrosive activity, thereby increasing its albedo (Kaehler, 1999; Zardi et al., 2016).  
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Since they reflect more light, infested mussels display lower body temperature and 

greater survival rates than non-infested mussels during heatwaves (Zardi et al., 2021, 

2016). This beneficial effect of euendolithic infestation extends to both infested and non-

infested neighbouring mussels but is restricted to periods of intense heat and desiccation 

stress (Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2021). It is anticipated 

that GCC and ocean acidification will coincide with increased rates, prevalence, and 

severity of euendolithic infestation of mussels (Dievart et al., 2022). Investigating the 

potential impacts of euendolithic infestation of mussel beds on the thermal buffering they 

provide to associated species is critical to predicting how intertidal ecosystems will react 

to GCC in the future.  

To monitor the ecological responses of organisms to GCC, ecologists need to use tools 

and methodologies that can capture the actual conditions experienced by targeted species 

within their natural microhabitats, often at small scales (Lathlean et al., 2011;  

Stobart et al., 2016). Infrared thermography (IRT) is a non-invasive tool for the rapid 

detection and measurement of small-scale temperature variability in situ without 

disturbing the animals’ behaviour or thermoregulatory capacities (Lathlean and  

Seuront, 2014; Lathlean et al., 2017). Previously restricted to terrestrial ecology, IRT has 

been successfully employed in intertidal ecosystems to investigate the role of small-scale 

temperature variability on the physiology and ecosystem functioning of intertidal 

communities (Caddy-Retalic et al., 2011; Chapperon and Seuront, 2011a;  

Helmuth et al., 2002; Muñoz et al., 2005). Shell temperatures of intertidal molluscs 

measured by IRT have been shown to be strongly correlated with internal body 

temperatures (Caddy-Retalic et al., 2011; Chapperon and Seuront, 2011b;  

Seuront et al., 2018). Body temperatures of intertidal invertebrates are determined by 

heat fluxes towards and from the organism (Denny and Harley, 2006;  
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Harley et al., 2009), which are dependent on the interaction between climatic heat 

sources at macroscales (e.g., air and water temperatures; Helmuth, 1998;  

Helmuth et al., 2002), non-climatic heat sources at the niche level (e.g., solar irradiance 

and re-radiation from the substratum; Marshall, McQuaid and Williams, 2010), and 

biotic factors at the organismal level (e.g., shell colour, morphology and size, behaviour, 

selection of thermally favourable microhabitats; Muñoz et al., 2005; Harley et al., 2009). 

Non-climatic heat sources appear to have primary control over body temperatures of 

intertidal ectotherms (Marshall et al., 2010), along with substratum temperature for 

organisms with a large foot that maintains a conductive, direct contact with the 

substratum (e.g., limpets, snails, chitons, barnacles; Wethey, 2002;  

Denny and Harley, 2006; Caddy-Retalic et al., 2011; Chapperon & Seuront, 2011b). 

In this context, the present study investigated whether euendolithic infestation of mussel 

beds alters, during aerial exposure, the body temperatures and desiccation stress of 

selected molluscs known to inhabit mussel beds on South African rocky shores. 

I hypothesized that: (i) the body temperatures of key intertidal species would be lower, 

and warming rates slower, in beds formed by endolith-infested mussels than non-infested 

individuals, (ii) similarly, loss of water by key intertidal species would be lower, and their 

desiccation rates slower, in endolith-infested beds, and (iii) this would only be true under 

high temperature and desiccation stress (i.e., at midday on days with high solar 

irradiance and low wind speed).  

3.2. Materials and Methods 

3.2.1. Focal species and experimental setting 

Four key intertidal invertebrate species were selected: the limpets Scutellastra granularis 

and Helcion pectunculus (Gmelin, 1791), the chiton Acanthochitona garnoti  
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(Blainville, 1825), and the top shell Oxystele antoni. These mobile molluscs were 

specifically selected as: (i) they are able to move between microhabitats during emersion 

and are commonly found in mussel beds, (ii) they have a rather large foot that 

maximizes conductive contact with the substratum, and (iii) they suffer differently from 

high solar irradiance because of differences in shell pigmentation and texture, as these 

both affect the absorption of solar radiation (McMahon, 1990). Invertebrates were 

collected on the rocky shores of Port Alfred (Shelly Beach – 33°36′49.0"S, 26°53′20.7"E). 

Prior to each experiment, invertebrates were kept in seawater (20 – 22 °C), with rocks 

colonized by microalgae collected from the rocky shores of origin, under a 12h/12h 

light/dark regime, for 48h. 

The investigated molluscs present morphological differences in shape and colour.  

On the one hand, the chiton Acanthochitona garnoti and the limpet Scutellastra granularis 

are both light in colour, with a large foot relative to their height, and display little to no 

shell features. By contrast, the limpet Helcion pectunculus and the top shell Oxystele antoni 

are both dark in colour. While H. pectunculus has a similar shape and foot size to 

S. granularis, its shell is even more heavily sculpted. Conversely, O. antoni has a coiled 

smooth shell with a smaller aperture and can retract its foot inside its shell when stressed. 

All the chitons and S. granularis limpets used in this study displayed significant levels of 

shell erosion, which could not be directly imputed to euendolithic infestation.  

However, the alteration in their shell colour that could influence the recorded shell 

and/body temperatures were kept consistent between individuals. 

Artificial mussel beds were created from shells of the brown mussel, Perna perna,  

a dominant ecosystem engineer on rocky shores on the South and East coasts of South 

Africa (Bownes and McQuaid, 2006; Zardi et al., 2007b). Artificial mussel beds 

consisted of two treatments: (a) 100% non-infested P. perna (n = 3) and (b) 100% infested 
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P. perna (n = 3). Mussels (shell length: 4 – 5 cm) were collected on the rocky shores of 

Port Alfred (Shelly Beach – 33°36′49.0"S, 26°53′20.7"E) and Kasouga  

(Ship Rock – 33°38′54.3"S, 26°45′31.6"E), with care taken to sample mussels displaying 

either low (stage A – B, for the purpose of this study classified as 100% non-infested) or 

high (stage D – E, classified here as 100% infested) levels of euendolithic infestation 

(Kaehler, 1999; Ndhlovu et al., 2021b). After collection, the mussel shells were cleaned 

of their epibionts, while the soft tissue was replaced with a silicone sealing compound 

(Bostik Marine Silicone Sealant) and left to dry at air temperature for at least 48 h before 

use. The sealant is known to mirror the temperature of mussel tissue closely in these 

circumstances (Helmuth and Hofmann, 2001). Between 70 and 80 biomimetic mussels 

were then arranged vertically, with the umbo towards the substrate to mimic their 

natural position on the shore, in each basket (diameter: 20 cm) made of semi-rigid, white 

PVC net (mesh size: 4 cm) to create artificial mussel beds (Lourenço et al., 2017; 

Nicastro et al., 2012; Zardi et al., 2016).  

The series of experiments described below were conducted on a flat roof of the Zoology 

and Entomology Department of Rhodes University, in Grahamstown, between April 

and May 2021 and in February 2022, on sunny days, with little to no overcast and low 

wind speeds (Table 3.1) and high sun elevation (10 am – 3 pm) to maximize the 

likelihood of extreme temperature and desiccation stress. Prior to each experiment, 

artificial mussel beds were kept in the dark overnight in seawater (20 – 22°C) to ensure 

their exposure to the same environmental conditions (temperature and light). After 

emersion, artificial mussel beds were positioned in pairs (i.e., one non-infested bed and 

one infested bed) on previously soaked bathmats to simulate the matrix of a natural 

mussel bed, which is made up of byssal threads, pebbles, broken shells, and sediment, 

and retains moisture during aerial exposure. This also avoided direct contact with the 
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underlying concrete. Early trials demonstrated that, without the soaking process and the 

use of mats, artificial mussel beds would dry out in about 20 min, and the infaunal 

specimens subsequently died of desiccation after about 30 min. 

All statistical analyses were performed in R (R Core Team, 2022). 

Table 3.1. Meteorological conditions for our series of experiments investigating temperature stress with 

the corresponding infaunal species investigated. 

Date Infaunal species 
Size 

range 
(mm) 1 

UV 
index 2 

Air 
temperature 3  

(°C) 

Humidity 
3  

(%RH) 

Pressure 
4 

(x 103 
Pa) 

Wind 
speed 4 
(km.h-1) 

Wind  
direction 

4 

13/04/2021 

Helcion 
pectunculus 

18–23 
7 26.11–27.78 38–43 

96.2–
96.5 

7.88–8.69 S-E 
Oxystele antoni 13–16 

14/04/2021 
Scutellastra 
granularis 

20–30 6.5 22.78–25.00 45–55 
96.2–
96.5 

13.68 S-W 

15/04/2021 

Helcion 
pectunculus 

18–25 
6 22.22–22.78 41–44 95.8 

16.90–
19.79 

S-W 
Oxystele antoni 13–16 

18/04/2021 
Scutellastra 
granularis 

20–30 5.5 25.00–27.78 11 95.8 
19.47–
21.24 

N-W 

09/02/2022 
Acanthochitona 

garnoti 
19–25 13 25.00 47–49 95.2 

19.47–
21.24 

S 

10/02/2022 
Acanthochitona 

garnoti 
19–25 12 25.00–26.11 43 95.5 

14.00–
15.45 

S 

1 Shell length range for Scutellastra granularis and Helcion pectunculus, shell diameter range for Oxystele antoni, 

and body length range for Acanthochitona garnoti.  
2 https://www.weatheronline.co.uk. Accessed on February 12th, 2022.  
3 Direct measurements using a thermocouple and a hygrometer for air temperature and relative humidity, 

respectively.  
4 https://world-weather.info/forecast/south_africa/grahamstown/. Accessed on February 12th, 2022. 

 

3.2.2. Body temperature assessment 

At the beginning of the experiment, 4 – 8 randomly chosen specimens of the invertebrate 

species investigated were transferred from their holding tank to each artificial mussel 

bed. Artificial mussel beds and their infauna were then exposed to the sun for 

90 minutes, during which thermal images were captured every 5 minutes. All infrared 

pictures were taken at the height of approximately 1.5 m from ground level, following a 

consistent order, using a Testo 882 (Testo AG, Germany) hand-held infrared camera 

https://www.weatheronline.co.uk/
https://world-weather.info/forecast/south_africa/grahamstown/


72 
 

with emissivity values set at 0.95 (Lathlean and Seuront, 2014), a thermal sensitivity of 

50 mK, and an accuracy of ± 2°C or ± 2% of reading, whichever was greater. The 

experiment was run twice on different dates for each invertebrate species and 

concurrently in the case of Oxystele antoni and Helcion pectunculus (Table 3.1). 

All infrared images (e.g., Figure 3.1) were analyzed using IRSoft 4.8. Within each bed, 

all infaunal specimens, and five random mussels, were selected at each time interval, and 

their shell temperatures were recorded using the one point-measure tool targeting the 

middle of each infaunal and mussel specimen.  

 

Figure 3.1. Example of infrared image obtained in this study with the position of Acanthochitona garnoti 

specimens (red circles) and the corresponding classic image.  

 

3.2.3. Desiccation assessment 

Our series of desiccation experiments were conducted on the following dates: 18 April 

2021 (Oxystele antoni), 1 May 2021 (Acanthochitona garnoti), 2 May 2021 

(Scutellastra granularis), and 17 May 2021 (Helcion pectunculus).  

At the beginning of the experiment, 15 randomly selected specimens of each infaunal 

species were transferred from their holding tank to each artificial mussel bed.  

Artificial mussel beds and their infauna were then exposed to the sun for 90 minutes.  
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At selected time intervals (i.e., at the start of the experiment, then after 15, 30, 60, and 90 

minutes), three random individuals for each species were selected from each mussel bed 

and stored in separate sealed tubes in the shade. At the end of the experiment, each 

specimen was weighed (wet weight), then dried at 60°C for 48h, and weighed again 

(dry weight). The experiment was run only once for each invertebrate species. 

3.2.4. Data analyses 

For both experiments, data did not fit the assumptions of normality and homogeneity of 

variances. We used a series of Generalized Additive Models (GAMs) to assess the effect 

of euendolithic infestation overtime on the shell temperatures of both biomimetic 

mussels and infaunal invertebrate species, as well as on the wet weight of infaunal 

invertebrate species. GAMs were selected to model these data due to the non-linear 

relationships present. For the body temperature assessment, either biomimetic mussel or 

infaunal species shell temperatures at each time step were specified as a continuous 

response variable and infestation status (infested/non-infested) as a categorical 

parametric fixed effect. For the desiccation assessment, the wet weight of individual 

invertebrates was log-transformed and specified as a continuous response variable and 

infestation status (infested/non-infested) and invertebrate species as categorical 

parametric fixed effects. A unique identifier code was given to each biomimetic mussel 

(for the body temperature assessment) or infaunal specimen measured (for both 

assessments). For all biomimetic mussels and infaunal invertebrate species  

(except Acanthochitona garnoti), a non-linear relationship between infestation and shell 

temperature was specified using a smoothed cubic regression spline with k = 4 knots. 

For Acanthochitona garnoti and the corresponding biomimetic mussels, a non-linear 

relationship between infestation and shell temperature was specified using a smoothed 

cubic regression spline with k = 6 knots. A non-linear relationship between infestation 
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and wet weight of invertebrates was specified using a smoothed cubic regression spline 

with k = 5 knots. A smoothed random effect term for each specimen nested within the 

mussel bed was specified to account for repeated shell temperature measurements on the 

same individual at different time intervals while allowing intercepts to vary between 

mussel beds. Model fits were assessed using residual diagnostics using the ‘appraise’ 

function from the ‘gratia’ R package (Simpson, 2022). To test for a significant effect of 

infestation on shell temperature or wet weight, parametric F-tests were computed 

(P < 0.05) using the ‘anova.gam’ function from the ‘mgcv’ R package (Wood, 2017). 

Wald’s-like tests were used to assess whether the non-linear relationship between 

infestation and shell temperature over time (i.e., heating rates) differed between infested 

vs. non-infested infauna and whether the non-linear relationship between infestation and 

wet weight of invertebrates over time (i.e., desiccation rates) differed between infaunal 

species (Wood, 2013).  

3.3. Results 

3.3.1. Body temperature assessment 

A general trend was observed among all experimental dates for biomimetic mussels. 

Regardless of the date or the time interval considered, infested biomimetic mussels 

exhibited lower shell temperatures (1.7 – 4.2°C lower) than non-infested mussels 

(p < 0.001, Table S3.1, Figure 3.2). Shell temperatures of biomimetic mussels increased 

with time, but mostly in the first 30 minutes, with infested mussels warming at a slower 

rate than non-infested mussels (p < 0.001, Table S3.2, Figure 3.2). By the end of the 

experiment, shell temperatures in non-infested and infested mussel beds had increased by 

70.9 and 63.3%, respectively. Variations in mussel shell temperatures and warming rates 
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were observed between dates and were linked to variations in environmental conditions, 

especially in UV index and wind speed (p < 0.05, Tables 3.1 and S3, Figure 3.2). 

For Acanthochitona garnoti and Scutellastra granularis, shell temperatures (averaged over all 

the time periods) were significantly lower on infested mussel beds than on non-infested 

mussel beds (p < 0.001, Tables S3.4 and S3.8, Figure 3.3). Although heating rates of 

A. garnoti were not statistically different (Table S3.5, Figure 3.3), heating rates of 

S. granularis were significantly slower on infested mussel beds than on non-infested 

mussel beds (p < 0.05, Table S3.9, Figure 3.3). Mollusc shell temperatures and heating 

rates were not significantly different between experimental dates for these two species 

(Tables 3.1, S3.6, and S3.10, Figure 3.3). Finally, for both A. garnoti and S. granularis,  

the shell temperatures of molluscs were always lower than the shell temperatures of the 

biomimetic mussels for each corresponding infestation condition and experimental date 

(p < 0.001, Tables S3.7 and S3.11, Figure 3.3). 

For Oxystele antoni and Helcion pectunculus, their shell temperatures and those of 

biomimetic mussels, as well as their respective warming rates, were never significantly 

different between species or infestation status of the mussel bed (Tables S3.12 and S3.13, 

Figure 3.4). Variations in mollusc and biomimetic mussel shell temperatures were 

observed between experimental dates (p < 0.05, Tables 3.1 and S3.14, Figure 3.4) and 

were linked to variations in environmental conditions, especially in wind speed.  
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Figure 3.2. Changes in mean (± SE) shell temperatures (in °C) of infested and non-infested individual biomimetic mussels (Perna perna) for 90 min after emersion  

(n = 3 mussel beds) on each experimental date. 
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Figure 3.3. Changes in mean (± SE) shell temperatures (in °C) of the chiton (Acanthochitona garnoti) and 

the limpet (Scutellastra granularis), with the corresponding biomimetic mussels (Perna perna), in either 

infested or non-infested mussel beds (n = 3) for 90 min after emersion, on each corresponding 

experimental date. 

 

 

Figure 3.4. Changes in mean (± SE) shell temperatures (in °C) of the limpet (Helcion pectunculus), the top 

shell (Oxystele antoni), and biomimetic mussels (Perna perna) in either infested or non-infested mussel beds  

(n = 3) for 90 min after emersion, on each experimental date. 



78 
 

3.3.2. Desiccation assessment 

No statistical differences in wet weight or desiccation rates of invertebrate specimens 

were detected between infested and non-infested mussel beds (Table S3.15). Variations in 

wet weight, but not in desiccation rates (Table S3.16), were detected between 

invertebrate species, regardless of infestation levels of the mussels (p < 0.05, 

Table S3.15). 

3.4. Discussion 

Rocky shores are amongst the most physically stressful environments on the planet. 

Despite the severity of physical gradients, mainly temperature and desiccation,  

rocky intertidal shores are biologically rich ecosystems. Global climate change (GCC) is 

likely to be associated with an increase in the physical gradients observed on rocky 

shores and an increased frequency of heat waves (Frölicher et al., 2018;  

Oliver et al., 2019). These changes will likely cause shifts in community structure and 

local extinctions (Helmuth et al., 2002; Lima et al., 2007; Sanford et al., 2019). However, 

under stressful conditions, intertidal organisms can display thermal behavioural 

adaptations, such as seeking refuge in mussel beds, which mitigate temperature and 

desiccation stress (Cartwright and Williams, 2014; Lathlean et al., 2016a;  

Muñoz et al., 2005; Williams et al., 2005). Numerous studies have investigated the 

effects of infestation by euendolithic shell-boring parasites on individual mussels and the 

mussel bed microclimate (reviewed in Dievart et al., 2022). This study is amongst the 

first attempts to assess the indirect thermodynamic benefits conferred by euendolithic 

infestation of mussel beds to their associated infauna (Zardi et al., 2023).  

The results of the manipulative experiments indicated a buffering role of 

photoautotrophic shell-degrading euendoliths on the thermal stress experienced by 
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mussels. Infested biomimetic mussels displayed significantly lower shell temperatures 

and slower warming rates than non-infested biomimetic mussels, even when 

environmental conditions were not considered stressful (i.e., low solar irradiance and 

high wind speed, Figure 1). Since biomimetic mussels have been extensively used to 

record organismal body temperatures (Fitzhenry et al., 2004; Helmuth et al., 2016; 

Helmuth and Hofmann, 2001; Zardi et al., 2021) and avoid potential confounding 

factors (e.g., gaping behaviour, architectural complexity), these results effectively isolate 

a marked cooling effect of euendolithic infestation through the whitening of the mussel 

shell and of the mussel bed. This is in agreement with previous studies conducted with 

both live and biomimetic mussels with and without euendolithic infestation  

(Gehman and Harley, 2019; Lourenço et al., 2017; Monsinjon et al., 2021;  

Zardi et al., 2021, 2016). 

Euendolithic infestation of mussel shells (i.e., substratum), at times, indirectly influenced 

the body temperatures of associated invertebrates but not their warming rates. In our 

study, the light-coloured invertebrates (i.e., Acanthochitona garnoti and 

Scutellastra granularis) displayed lower shell temperatures on euendolith-infested mussels 

compared to non-infested mussels and were always cooler than the substratum. In 

Portugal, Zardi et al. (2023) obtained similar results for the limpet Patella vulgata 

Linnaeus, 1758, the snail Littorina littorea (Linnaeus, 1758), and mussel recruits using 

artificial mussel beds made of blue mussels, Mytilus galloprovincialis. However, this was 

not the case for the dark-coloured invertebrates in this study (i.e., Helcion pectunculus and 

Oxystele antoni), for which shell temperatures did not differ significantly between 

infestation status and with the substratum. Body temperatures of intertidal ectotherms 

(including mussels) are primarily driven by non-climatic heat sources, either directly 

through solar irradiance or indirectly through re-radiation by the substratum  
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(Chapperon and Seuront, 2011b; Marshall et al., 2010). The latter is especially true for 

organisms with a large foot that maintains conducive contact with their substrate, such 

as limpets, snails, or chitons (Caddy-Retalic et al., 2011; Chapperon and Seuront, 2011b; 

Denny and Harley, 2006; Marshall et al., 2010; McQuaid et al., 1979; Wethey, 2002). 

Consequently, molluscs gain considerable heat from the substratum  

(McQuaid et al., 1979), often exhibiting the same temperature as the substratum 

(Chapperon and Seuront, 2011b; Denny and Harley, 2006), though they can sometimes 

become even warmer (Williams et al., 2005). 

At a finer scale, the organism’s morphology, such as the shell colour and shape, or 

behaviour, may also influence its thermal properties (Harley et al., 2009;  

McQuaid et al., 1979; Muñoz et al., 2005; Vermeij, 1973). This helps explain why 

euendolithic effects on the temperatures of mussels indirectly affect the temperatures of 

some animals but not others. Darker organisms absorb more heat from solar irradiance 

and do so faster (Etter, 1988) but also lose heat faster through convection  

(Geen and Johnston, 2014). Taller shells, with a more circular aperture, have a smaller 

contact area with the substratum, reducing heat gain through conduction  

(Harley et al., 2009; Hayworth and Quinn, 1990; Wethey, 2002), and, being taller, 

project into faster wind velocities, increasing heat loss through convection  

(Vermeij, 1973). Although the wind has a cooling effect on the mussels themselves 

(Lathlean et al., 2016b), because of the architectural complexity and intricate matrix of 

byssal threads within mussel beds, the effects of wind on the infauna would be negligible. 

Highly sculpted shells displaying heavy ridges, bumps, or other features, have a larger 

contact area with the atmosphere, thereby increasing heat loss through convection.  

This process is, however, only effective at high wind speeds (Harley et al., 2009;  

Vermeij, 1973) and, again, is not directly important within a mussel bed.  
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In addition, intertidal organisms can display a variety of behavioural adaptations to 

thermal and desiccation stress, including seeking thermal refuges (e.g., the underside of 

rocks, crevices, and mussel beds) for most invertebrates (Cartwright and Williams, 2014; 

Lathlean et al., 2016a), ‘mushrooming’ for limpets (Williams et al., 2005), or forming 

aggregations for snails (Chapperon and Seuront, 2011a). 

We selected four intertidal invertebrates known to inhabit mussel beds commonly. 

On the one hand, the morphological differences between mollusc species could, in part, 

explain why an indirect effect of euendolithic infestation on body temperatures was only 

detected for Acanthochitona garnoti and Scutellastra granularis, for which heat transfer 

through conduction from the substratum (here, the mussel bed) is maximized. Indeed, 

A. garnoti and S. granularis (heavily eroded) are light in colour, with a large foot and little 

to no shell features, whereas Helcion pectunculus and Oxystele antoni are both dark in 

colour, the former having a heavily sculpted shell, while the latter has a coiled smooth 

shell. On the other hand, behavioural differences in the face of thermal and desiccation 

stress could have influenced the body temperatures of invertebrates. Most invertebrate 

specimens explored the substratum for a short time, between 5 and 10 minutes after the 

beginning of the experiments. Afterward, some specimens displayed thermoregulatory 

behaviours, such as seeking thermal refuges within the mussel beds for A. garnoti  

(Harper and Williams, 2001), ‘mushrooming’ for the two limpet species S. granularis and 

H. pectunculus (Williams et al., 2005), or adopting a standing position for O. antoni 

(Chapperon et al., 2017). However, this was not the case for all invertebrate specimens. 

Thermoregulatory behaviours were thus only sporadically observed during our 

experiment in both mussel bed infestation treatments. Moreover, invertebrates seeking 

refuge between or under the biomimetic mussels could not be captured by the infrared 

camera and were not integrated into this study. Finally, thermoregulatory behaviours are 
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often effective in the short term and represent high-risk strategies for invertebrates 

(Chapperon et al., 2017; Williams et al., 2005).  

Our desiccation stress experiments did not detect an effect of euendolithic infestation of 

the mussel bed on water loss by infaunal invertebrates. This could be explained by the 

short exposure time of invertebrates to adverse environmental conditions 

(i.e., 90 minutes), the non-stressful conditions on the experimental dates (i.e., low solar 

irradiance and medium to high wind speeds), and the various behaviours displayed by 

invertebrates to minimize water loss under stress. It is also noted that the wet weight of 

each specimen used was not accounted for at the start of the experiment. Replicating the 

experiments while taking into account the initial wet weight, within species and between 

species, could potentially help to assess, with more accuracy, water loss.  

3.5. Conclusions 

This study shows that euendolith-induced corrosion enhances the quality of mussel beds 

as thermal refugia for selected invertebrate species. The beneficial effects of euendolithic 

corrosion on the mussel bed as a habitat are, however, highly variable at fine scales of 

space and time, which is true for the intertidal as a whole. Moreover, the colour 

phenotype of the species investigated is important in determining whether it benefitted 

from the indirect cooling effects of euendoliths. Thus, the additional thermal buffering 

provided by euendolithic infestation of mussel shells is only relevant if the organisms are 

thermally stressed, and its extent depends on the species in question. Under GCC, 

intertidal ecosystems are expected to greater suffering from extreme temperature and 

desiccation stress in the future, while euendolithic infestation of mussels will become 

more severe. In this context, euendolithic infestation may improve the chances of 

survival of mussels and the quality of mussel beds as thermal refuges for associated 
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invertebrates, which could, in turn, decrease their susceptibility to local extinctions. 

At the same time, euendolithic infestation also has negative impacts that could hinder 

the quality of habitat offered by mussel beds or its stability through time  

(Dievart et al., 2022). In addition, the bioerosive activities of photoautotrophic 

euendoliths and grazers can interact and result in increased levels of shell erosion 

(Schönberg and Wisshak, 2014). It is thus important to understand the ecological 

consequences of euendolithic infestation on mussel beds as a habitat and how this 

parasitic/mutualistic relationship will influence the wider ecosystem, that is, the rocky 

shore.  
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CHAPTER 4 

SHELL-BORING MICROSCOPIC PARASITES IN AN 

ECOSYSTEM ENGINEER DO NOT INFLUENCE 

INFAUNAL COMMUNITY STRUCTURE 

 

 

Figure 4.0. Graphical abstract summarizing the findings presented in Chapter 4. Top left corner: map of 

the experimental sites where artificial mussel bed transplants were made along the South African coastline 

and distribution of Perna perna genetic lineages (plain line: western; dashed line: eastern); bottom left 

corner and right panel: graphical presentation of the experimental results, comparing the number of byssal 

threads and the abundance and the biomass of infaunal communities associated with either non-infested 

and infested Perna perna beds.  
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4.1. Introduction 

Since the late 1980’s, unprecedent concern about biodiversity arose within the scientific 

community and public opinion (Brundtland, 1987; UNCED, 1993). As human activities 

increasingly threatened biodiversity worldwide, the need to conserve and maintain 

genetic diversity, species, and ecosystems was recognized internationally and has led to 

the development of national conservation strategies (UNCED, 1993). Habitat 

destruction and fragmentation, pollution, over-exploitation, biological invasions, and 

anthropogenic global climate change are triggering rapid changes in environmental 

conditions, leading to global biodiversity loss and changes in species distributions,  

thus influencing the composition of ecological communities (Barnosky et al., 2011;  

Bellard et al., 2012; Cardinale et al., 2012; Nagelkerken and Connell, 2022;  

Parmesan, 2006; Parmesan and Yohe, 2003; Tilman et al., 2001; UNCED, 1993).  

The increasing and accelerating loss of biodiversity (Myers and Knoll, 2001;  

Parmesan, 2006; Pimm, 1998; Thomas et al., 2004; Urban, 2015) is considered a major 

driver of ecosystem change (Hooper et al., 2012; Tilman et al., 2014, 2012).  

In this context, increased research has focused on estimating the magnitude and 

consequences of biodiversity loss to ecosystem structure and functioning  

(Balvanera et al., 2014; Hooper et al., 2012; Tilman et al., 2012), and the services that 

they provide (Isbell et al., 2017; Kremen, 2005). In most related studies, however, 

biodiversity has been estimated at the species level, which, while essential, is not 

necessarily representative of overall biodiversity (Mace et al., 2012; Thomas et al., 2004; 

Urban, 2015). Assuming that a species is a physiologically homogeneous unit is often 

misleading, as sex, ages classes, genotypes and phenotypes may differ in ecologically 

significant ways within a given species (Bolnick et al., 2011, 2003; Fraser and 

Bernatchez, 2001). More recently, intraspecific phenotypic trait variation has been 
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demonstrated to have large effects on ecological processes (Hughes et al., 2008), such as 

primary productivity (Gerstenmaier et al., 2016; Tomimatsu et al., 2014), population 

response to environmental stress and recovery from disturbance (Hughes and 

Stachowicz, 2004; Reusch et al., 2005; Reynolds et al., 2012), interspecific competition 

(Hughes, 2014), community structure (Bangert et al., 2008; Whitlock et al., 2007), and 

fluxes of energy and nutrients (Tomimatsu et al., 2014). 

Intraspecific diversity may functionally supersede the role of species diversity  

(Cook-Patton et al., 2011; Nicastro et al., 2020; Whitham et al., 2003), with more 

genetically or phenotypically diverse populations displaying enhanced resilience to 

disturbances or recruitment success compared to less diverse populations  

(Ehlers et al., 2008; Hughes and Stachowicz, 2004; Reusch et al., 2005). Moreover, 

within a species’ distributional range, different lineages or populations inhabiting distinct 

bioregions can retain unique genotypic and phenotypic diversity which can culminate in 

different ecological traits (Bolnick et al., 2003; Bruno et al., 2003; Denoël and  

Winandy, 2015; Hughes et al., 2008; Whitham et al., 2003), thus influencing the 

ecosystem structure. Beyond genetic causation, biotic interactions, such as predation or 

parasitism, can also modify individual phenotypes within a species, thus further 

increasing intraspecific diversity (Mouritsen and Poulin, 2002; Poulin and  

Thomas, 1999; Reimer and Tedengren, 1997; Zardi et al., 2023). This is particularly true 

for ecosystem engineers which are organisms that directly or indirectly control the 

availability of resources (other than themselves) to other organisms by causing physical 

state changes in biotic or abiotic materials, thus modifying, maintaining, creating and/or 

destroying habitats (Crooks, 2002; Jones et al., 2010, 1997, 1994). 

Mussels are important ecosystem engineers in marine intertidal rocky shores where they 

form large, dense beds (Buschbaum et al., 2009; Gutiérrez et al., 2003; Suchanek, 1985). 
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Mussels modify their environment primarily through the physical structure of their 

aggregations (i.e., autogenic engineering) and behaviours that transform living or non-

living materials from one physical state to another via mechanical or other means, such 

as biodeposition or by-products of feeding behaviours (i.e., allogenic engineering)  

(Jones et al., 2010, 1997, 1994). In doing so, mussel aggregations form important 

intertidal matrices that support associated infaunal and epibiotic communities, and are 

thus critical to the functioning of intertidal ecosystems (e.g., Buschbaum et al., 2009; 

Nicastro et al., 2012; Stephens and Bertness, 1991). Mussel beds provide a protection 

from thermal stress (Cole, 2010; Jurgens and Gaylord, 2018; Stephens and  

Bertness, 1991) and predators (Thiel and Dernedde, 1994; Witman, 1985), participate in 

the transport of solutes and organic particles (Crooks and Khim, 1999; Tsuchiya and 

Nishihira, 1985), and provide surfaces for the settlement of epibionts (Bell et al., 2015; 

Gutiérrez et al., 2003). The degree to which ecosystem engineers modify their 

environment is in part determined by the population or individual traits of these 

facilitators (Bruno et al., 2003; Wieters, 2005). In this way, the engineering capabilities 

of mussels are themselves affected by the properties of the mussel beds. Physical 

heterogeneity (i.e., architectural complexity) of a mussel bed is determined by shell size 

and microtopography (Lathlean et al., 2016b; Nicastro et al., 2022), geometry and 

packing (Hughes and Griffiths, 1988; Koivisto and Westerbom, 2010), individual age 

(Tsuchiya and Nishihira, 1986), as well as the structure of the mussel bed (i.e. single- or 

multi-layered) (Cole and McQuaid, 2010). Importantly, mussels secrete byssal threads 

that firmly attach to the underlying rocky substratum, which, combined with shell 

fragments, debris and sediments, create a matrix that further increases physical 

heterogeneity and retains humidity during aerial exposure (Seed and Suchanek, 1992).  

In addition, mussel beds alleviate environmental stress for associated communities by 
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modifying conditions of irradiance, temperature, wave force and humidity  

(Gutiérrez et al., 2019; Jurgens and Gaylord, 2018; Lathlean et al., 2016a, 2016b; 

Nicastro et al., 2010; Nicastro et al., 2012). Finally, as organisms with broad geographic 

ranges across variable environments, mussel beds display marked inter- and intra-specific 

genotypic and phenotypic diversity that likely induces variations in the ecosystem 

processed provided by mussel beds (Cunha et al., 2014; Nicastro et al., 2020;  

Oróstica et al., 2022; Zardi et al., 2007b, 2015). 

Around the world, shell-boring microscopic parasites (i.e., photoautotrophic 

euendoliths) target mussel shells and indirectly modify the mussel phenotype  

(reviewed in Dievart et al., 2022). Amongst other effects, the corrosive of 

photoautotrophic euendoliths influences the architectural complexity of individual 

mussels and in aggregation (Ndhlovu et al., 2022; Nicastro et al., 2022;  

Zardi et al., 2009). Euendolithic infestation influences the shell microtopography of 

individual mussels (i.e., increase in rugosity), which increases by ca. 15 % the surface 

complexity of euendolith-infested mussel beds, and the subsequent ingestion and 

trapping of microplastics (Nicastro et al., 2022). However, infested mussels attach less 

strongly to the substratum, likely caused by a lower production of byssal threads 

(Ndhlovu et al., 2022; Zardi et al., 2009), which contributes to a less architecturally 

complex habitat. Euendolithic infestation negatively influences the quality of mussel bed 

habitat offered to a wide array of dependent species, by indirectly increasing the risks of 

microplastic moving up the food chain and providing a less complex habitat for infaunal 

species. By contrast, infested mussel shells become distinctively discoloured through the 

boring activity of euendoliths, thus increasing their albedo. In doing so, infested mussel 

shells reflect more sunlight, resulting in lower individual body temperatures and greater 

water retention under stressful conditions (Gehman and Harley, 2019; Zardi et al., 2021, 
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2016). The beneficial effect of euendolithic infestation can extend to neighbouring 

mussels, with infested mussel beds exhibiting lower interstitial temperatures and higher 

humidity than non-infested beds (Lourenço et al., 2017; Zardi et al., 2021).  

On South African rocky shores, the native brown mussel, Perna perna, dominates the 

warm-temperature south coast and subtropical east coast (Bownes and McQuaid, 2006; 

Nicastro et al., 2010), with a strong genetic break on the south-east coast (Barker, 2021; 

Cunha et al., 2014; Zardi et al., 2007b, 2015) that demarcates two evolutionary distinct 

genetic lineages. The two lineages display fundamental differences in behaviour  

(i.e., attachment strength and production of byssal threads, and gaping), influencing 

survival rates along small- and large-scale environmental gradients (Nicastro et al., 2020; 

Zardi et al., 2015, 2011), as well as mussel bed microclimate, which in turn modify the 

quality of habitat they provide for associated species (Nicastro et al., 2020;  

Oróstica et al., 2022; Zardi et al., 2015). Using manipulative field experiments along this 

stretch of coast, the current study assessed the effects of intraspecific phenotypic diversity 

induced by photoautotrophic euendoliths on infaunal communities associated with 

P. perna, considering the two genetic lineages present in South Africa. I hypothesized 

that (1) euendolith-infested mussel beds would produce less byssal threads and thus be 

less structurally complex than non-infested mussel beds, (2) associated fauna would be 

less abundant and diverse, but unique species vulnerable to thermal and desiccation 

stress would be found, in infested mussel beds compared to non-infested mussel beds, as 

euendolithic infestation would reduce byssal thread production but sometimes improved 

mussel bed microclimate, (3) euendolithic infestation would interact with the genetically-

based differences in behaviour between eastern and western P. perna lineages, with 

infested western mussels supporting similar infaunal communities that non-infested and 

infested eastern mussels. 
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4.2. Materials and Methods 

4.2.1. Focal species 

The genetic lineages of Perna perna show a clear geographic distribution on the coasts of 

South Africa (Figure 4.1). The South-African coastline can be divided into three main 

bioregions: the cool-temperate west coast, the warm-temperate south coast and the 

subtropical east coast (Emanuel et al., 1992). Perna perna dominates the warm-temperate 

and subtropical bioregions, becomes nearly absent from the cold waters of the west coast 

(Tagliarolo et al., 2016), and finally reappears from central Namibia to the 

Mediterranean (Cunha et al., 2014; Lourenço et al., 2012). Analyses of P. perna 

microsatellite (Zardi et al., 2015), mitochondrial (Barker, 2021; Zardi et al., 2007b) and 

nuclear markers (Cunha et al., 2014) revealed a sharp phylogenetic break at the warm-

temperate/subtropical transition on the southeast coast, with distinct western and 

eastern genetic lineages overlapping in their distributions over a distance of 

approximately 300 km (Figure 4.1). 

During aerial exposure, P. perna maintains aerobic respiration by alternatively opening 

and closing its valves (i.e., gaping behaviour), which leads to lower body temperatures 

and higher humidity within aggregations (Lathlean et al., 2016a, 2016b;  

Nicastro et al., 2012). The two lineages exhibit differences in gaping behaviour, as well 

as attachment strength (through the production of byssal threads), with the eastern 

lineage gaping more and producing more byssal threads than the western lineage  

(Zardi et al., 2015). There are no apparent phenotypic shell differences between the 

lineages (Zardi et al., 2006). Both lineages support distinct infaunal communities and 

mussel recruitment rates (Nicastro et al., 2020; Oróstica et al., 2022). While P. perna 

suffers from heavy euendolithic infestation across its distribution range (Kaehler, 1999; 
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Marquet et al., 2013; Ndhlovu et al., 2019), no difference in the prevalence of infestation 

has been observed between the two lineages (Ndhlovu et al., 2019). 

 

Figure 4.1. Map of the experimental sites on the South African coastline. Grey dots represent localities 

where the experiments were conducted (MB: Mosselbaai; BR: Brenton-on-Sea; JB: Jeffreysbaai; OWR: 

Old Woman’s River; PEd: Port Edward; see Table 4.1). The distributional ranges of Perna perna lineages 

are represented by a continuous black line (western) and a dashed black line (eastern) (according to Barker, 

2021; Zardi et al., 2007b, 2015). The three biogeographic regions along the South African coastline are 

delimited by grey dotted lines (according to Emanuel et al., 1992). 

4.2.2. Transplant experiments 

To assess the effects of euendolithic infestation on infaunal communities associated with 

the two lineages of P. perna, artificial mussel beds were deployed at six transplant sites 

along the South and East coasts (Table 4.1, Figure 4.1): for the western lineage, 

Mosselbaai (34°10'58.6"S, 22°09'29.2"E), Brenton-on-Sea (34°04'31.7"S 23°01'28.1"E) 

and Jeffreysbaai (34°01'33.2"S 24°55'50.4"E); in the overlapping area, Old Woman’s 

River (33°28'55.7"S 27°09'08.2"E); and for the eastern lineage, Port Edward 

(31°03'23.5"S, 30°13'40.6"E). Artificial mussel beds were deployed at an additional 

transplant site for the eastern lineage, Cebe (32°32'33.2"S, 28°34'14.3"E), however all 
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quadrats were lost following intense storm episodes. Other potential transplant sites were 

investigated on the East coast (i.e., Haga Haga, Msikaba, Sharks Point, Port St Johns, 

Uhmlanga), but did not support the necessary mussel abundances to conduct this 

experiment.  

The manipulative experiment deployed in the distribution area of pure genetic lineages 

(Barker, 2021; Cunha et al., 2014; Zardi et al., 2007b) consisted of two treatments:  

(a) 100% non-infested P. perna individuals, or (b) 100% infested P. perna individuals  

(Figure 4.2). For each site known to support pure genetic lineages (i.e., Mosselbaai, 

Brenton-on-Sea, Jeffreysbaai and Port Edward), each treatment was made up of mussels 

collected at the same site and deployed in the field the following day  

(Nicastro et al., 2020; Oróstica et al., 2022). After collection, mussels were allocated to a 

category of euendolithic infestation (as defined in Kaehler, 1999): A – shells with clean, 

intact periostracum and distinct outer growth lines, B – shells with central portion of 

surface eroding and turning pale purple with outer growth lines becoming indistinct,  

C – shells with erosion spreading past the central porting with grooves and pits appearing 

on shell surface, D – shells heavily pitted and becoming deformed with outer growth 

lines almost completely absent, and E – shells extremely pitted, deformed and brittle, 

eventually holed (e.g., Kaehler, 1999; Kaehler & McQuaid, 1999; Zardi et al., 2009; 

Marquet et al., 2013; Ndhlovu et al., 2019). Mussels affected to categories A and B were 

used to create non-infested mussel beds, while mussels from categories C and D were 

used to create infested mussel beds. 

The common-garden experiment conducted within the overlapping area  

(i.e., Old Woman’s River) consisted of four treatments: (a) 100% non-infested eastern  

P. perna, (b) 100% non-infested western P. perna, (c) 100% infested eastern P. perna, and  

(d) 100% infested western P. perna (Figure 4.2). For this site, mussels were collected 
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outside the overlapping area from locations known to support pure genetic lineages  

(i.e., Port Edward for the eastern lineage and Jeffreysbaai for the western lineage).  

After collection, mussels used in the common-garden experiment were kept in seawater 

tanks (salinity: 35‰), in a controlled environment (CE) room set at 20°C (± 0.5°C) 

under a 12:12h (light:dark) light regime for approximately two weeks before deployment 

in the field, following Nicastro et al. (2020) and Oróstica et al. (2022). 

Table 4.1. Summary of the transplant experiments including dates of deployment in the field, dates of 

collection and missing quadrats.  

Site 
Perna 

lineage 

Date of mussel 

sampling 

Date of 

deployment 

Date of 

collection 

Missing 

quadrats at 

collection 

Mosselbaai Western 07/10/2021 08/10/2021 18/03/2022 None 

Brenton-on-Sea Western 05/10/2021 06/10/2021 17/03/2022 1 infested 

Jeffreysbaai Western 03/10/2021 04/10/2021 16/03/2022 
1 infested,  

1 non-infested 

Old Woman’s 

River 

Western, 

Eastern 

W: 18/10/2021, 

E: 22/10/2021 

04/11/2021, 

05/11/2021 
16/05/2022 None 

Port Edward Eastern 18/11/2021 19/11/2021 02/03/2022 
2 infested,  

1 non-infested 

 

 

Figure 4.2. Experimental design of the transplantations for each site and each treatment.  

n = number of replicate plots. 
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For all sites, mussels (shell length: 4 – 5 cm) were gently scrubbed clean of all associated 

taxa with a scalpel, separated and randomly allocated across treatments before being 

deployed in the field. For each site and each treatment, mussels were then placed in 

15 x 15 cm stainless steel quadrats (n = 4), in pairs (i.e., 1 infested and 1 non-infested), 

secured by washers and screws into rawlplugs, in previously drilled holes, and then 

covered with a strong nylon mesh (mesh size: 16 mm), so they could firmly re-attach to 

the substratum (Nicastro et al., 2020; Oróstica et al., 2022; Zardi et al., 2011) 

(Figure 4.3). Each artificial mussel bed was placed in a flat cleared area on the mid-

shore, among, but not touching, existing mussel beds (Figure 4.3). Forty-five mussels 

were placed in each quadrat, which constitute 100% cover, at densities representative of 

co-occurring natural mussel beds (McQuaid and Mostert, 2010). To avoid losses of 

mussels due to wave action or storm events, the mesh was retained on the artificial 

mussel beds for the entire duration of the experiment which lasted from five to six 

months (Table 4.1). Previous, manipulative experiments showed that the presence of the 

mesh does not affect the temperatures experienced by mussels of the same colour  

(Zardi et al., 2011). However, as the beneficial thermal buffering provided by euendoliths 

is caused by the whitening of the mussel shell, shading by the mesh might mask such 

effects for the associated infaunal communities.  
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Figure 4.3. Configuration of the transplant experiments in situ, as set up on the rocky shores, for the 

common-garden experiment in Old Woman’s River (a) and Port Edward (c). Quadrats were placed in a 

flat cleared area, on the mid-shore, among, but not touching, existing mussel patches, in Old Woman’s 

River (b) and Port Edward (d). 

 

To assess infaunal communities, all mussels and associated infauna were collected at the 

end of the experiment (Table 4.1). Samples were preserved in 70% ethanol in the field, 

then washed and separated through a sieve with 0.5 mm mesh in the laboratory.  

All invertebrate macrofauna (> 0.5 mm) were sorted, counted, and identified to the 

lowest taxonomic level possible (using Branch et al., 2016; Day, 1969, 1967;  

Griffiths, 1976; Kensley, 1978), before being dried for two days at 60°C for a minimum 

of two days, to assess their biomass (Hines and Comtois, 1985). To assess within-bed 

structural complexity, the number of live and dead mussels, as well as the number of 

broken shells were recorded for each artificial bed. Additionally, the total number of 
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byssal threads was counted for three mussels in each artificial mussel bed at the end of 

the experiment (Nicastro et al., 2010; Zardi et al., 2007a, 2006).  

4.2.3. Data analyses 

As site is intricately confounded with Perna perna lineage, separate analyses were 

conducted to test (1) the effect of euendolithic infestation and site, across all sites 

excluding Old Woman’s River, and (2) the effect of euendolithic infestation and P. perna 

lineage in the common-garden experiment conducted at Old Woman’s River, on both 

the structural complexity of the artificial mussel beds and the infaunal communities they 

hosted.  

All datasets and R scripts can be accessed and downloaded using the following link: 

https://github.com/AlexiaDievart/endolith_infauna. 

4.2.3.1. Within-bed structural complexity 

Within-bed structural complexity was assessed using the total number of mussels 

(live and dead), as well as the number of broken shells (i.e., shell fragments presenting 

the hinge and pieces of both valves), and the average number of byssal threads per 

mussel for each treatment.  

Across all sites (excluding Old Woman’s River), a series of type II two-way ANOVAs 

were employed to assess the effect of euendolithic infestation (fixed factor, two levels: 

non-infested, infested) and site (fixed factor, four levels: Mosselbaai, Brenton-on-Sea, 

Jeffreysbaai, Port Edward) on the total number of mussels (live and dead), broken shells 

and byssal threads per mussel, as data fitted the assumptions of normality (Shapiro’s test) 

and homogeneity of variances (Levene’s test). When an effect was significant, pairwise 

comparisons using Tukey’s HSD were conducted. At Old Woman’s River, a series of 

two-way ANOVAs were employed to assess the effect of euendolithic infestation (fixed 

https://github.com/AlexiaDievart/endolith_infauna
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factor, two levels: non-infested, infested) and P. perna lineage (fixed factor, two levels: 

eastern, western) on the total number of mussels, broken shells and byssal threads per 

mussel, as data fitted the assumptions of normality (Shapiro’s test) and homogeneity of 

variances (Levene’s test). When an effect was significant, pairwise comparisons using 

Tukey’s HSD were conducted.  

4.2.3.2. Infaunal communities 

First, infaunal communities were described in terms of total abundance and biomass of 

infauna, species richness (S), species diversity, either calculated with Shannon-Wiener 

(H’) or Simpson (λ) diversity index, and species evenness, calculated with  

Pielou’s evenness index (J), per quadrat. Species richness is the number of different 

species represented in an ecological community (Colwell, 2009).  

Shannon-Wiener diversity index emphasizes rare species, while Simpson diversity index 

emphasizes common species (Colwell, 2009; Fedor and Spellerberg, 2013;  

Nagendra, 2002). Pielou’s evenness index indicates how evenly the individuals in an 

ecological community are distributed among the different species (Pielou, 1966). 

Across all sites (excluding Old Woman’s River), a series of type II two-way ANOVAs 

were employed to assess the effect of euendolithic infestation (fixed factor, two levels: 

non-infested, infested) and site (fixed factor, four levels: Mosselbaai, Brenton-on-Sea, 

Jeffreysbaai, Port Edward) on species richness, species diversity (Shannon-Wiener and 

Simpson indexes), and species evenness (Pielou’s index), as data fitted the assumptions 

of normality (Shapiro’s test) and homogeneity of variances (Levene’s test). The effect of 

euendolithic infestation and site on total infaunal abundance and biomass was assessed 

using a Generalized Linear Model (GLM, family: Gamma), as the data did not fit the 

assumptions. Model fits were assessed using residual diagnostics using the ‘appraise’ 

function from the ‘gratia’ R package (Simpson, 2022). When an effect was significant, 
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pairwise comparisons using Tukey’s HSD were conducted. At Old Woman’s River, 

a series of two-way ANOVAs were employed to assess the effect of euendolithic 

infestation (fixed factor, two levels: non-infested, infested) and Perna perna lineage  

(fixed factor, two levels: eastern, western) on total infaunal abundance and biomass, 

species richness, species diversity (Shannon-Wiener and Simpson indexes), and species 

evenness (Pielou’s index), as the data fitted the assumptions of normality (Shapiro’s test) 

and homogeneity of variances (Levene’s test). 

Second, changes in infaunal communities between beds composed of different degree of 

euendolithic infestation across all sites (excluding Old Woman’s River) and of different 

lineages and degree of infestation at Old Woman’s River were compared in terms of 

abundance or biomass for each species and each quadrat using a series of multivariate 

analyses.   

Across all sites (excluding Old Woman’s River), two-way permutational multivariate 

analyses of variance (PERMANOVA) were performed with euendolithic infestation 

(two levels: infested, non-infested) and site (four levels: Mosselbaai, Brenton-on-Sea, 

Jeffreysbaai, Port Edward) as categorical parametric fixed effects for both species 

abundance and biomass. At Old Woman’s River, two-way PERMANOVA were 

performed with infestation and P. perna lineages (two levels: eastern, western) as 

categorical parametric fixed effects. For each PERMANOVA analysis, a Bray-Curtis 

dissimilarity matrix for square root transformed multivariate data was used to reduce 

asymmetry and compress large values, as the raw data were heavily skewed  

(Lamy et al., 2015). Significance of F-ratios was determined from 9,999 randomizations 

(Anderson, 2005). Permutation tests of multivariate dispersion (PERMDISP;  

Anderson, 2004) were used to check the homogeneity in the average dissimilarities of 

samples from the central location of their group. Similarity percentage analyses 
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(SIMPER; Clarke and Ainsworth, 1993) were then used to determine the percentage 

contribution of each variable (species abundance or biomass) made to the Bray-Curtis 

dissimilarities. Species were ranked by their contribution to overall dissimilarity and 

included up to a cumulative total of 50% of average dissimilarity. Differences between 

assemblages were visualized using: (1) non-metric multidimensional scaling (nMDS) 

ordination plots, (2) dispersion plots, and (3) hierarchical cluster analysis using the Ward 

linkage method. Ward linkage method minimizes variances in hierarchically identified 

assemblages and performs well with Bray-Curtis measures (Dominik et al., 2017;  

Singh et al., 2011). All methods were based on Bray-Curtis similarity matrices of either 

species abundance or species biomass.  

4.3. Results 

4.3.1. Within-bed structural complexity 

Across all sites (excluding Old Woman’s River), the total number of mussels (live and 

dead) and the average number of byssal threads per mussel did not differ significantly 

between infested and non-infested mussel beds although significant differences were 

observed between the different sites (Figure 4.4a,b; Tables 4.2a,c). The number of broken 

shells did not differ significantly between the levels of euendolithic infestation or sites 

(Figure 4.4c; Table 4.2b).  

The total number of mussels per quadrat at Mosselbaai was significantly higher than at 

Port Edward (Figure 4.4a; Table 4.3a, p < 0.05). The number of byssal threads per 

mussel at Jeffreysbaai was significantly higher than at Brenton-on-Sea (p < 0.001) and 

Port Edward (p < 0.01), and significantly higher in Mosselbaai compared to  

Brenton-on-Sea (p < 0.01) (Figure 4.4c; Table 4.3b).  
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Table 4.2. Type II two-way ANOVAs on the effect of euendolithic infestation and site on (a) the total 

number of mussels (live and dead), (b) the number of broken shells, and (c) the number of byssal threads, 

across all sites, excluding Old Woman’s River. Significant p-values are underlined.   

Models used in these analysese are as follow: (a) tot_mussels ~ infestation + site,  

(b) nb_broken ~ infestation + site, and (c) nb_byssal ~ infestation + site. Interactions were not significant 

in any of the models. 

Source of variation 
Type II  

Sum of Squares 
df F-value p-value 

(a) Total number of mussels 

Infestation 3.02 1 0.032 0.861 

Site 1159.50 3 4.039 0.019 

Residuals 2201.17 23   

(b) Number of broken shells 

Infestation 3.306 1 0.376 0.546 

Site 20.028 3 0.758 0.529 

Residuals 202.474 23   

(c) Number of byssal threads 

Infestation 254 1 0.074 0.787 

Site 93523 3 9.034 3.668 x 10-5 

Residuals 251917 73   

 

 

Table 4.3. Results of the TukeySD post-hoc pairwise comparisons on the effect of site on (a) the total 

number of mussels and (b) the number of byssal threads, across all sites, excluding Old Woman’s River. 

Significant p-values are underlined. 

Site (a) Site (b) Estimate Std Error t-value p-value 

(a) Total number of mussels 

Mosselbaai 

Brenton-on-Sea 3.547 5.070 0.700 0.896 

Jeffreysbaai 9.167 5.283 1.735 0.329 

Port Edward – 16.690 5.070 – 3.292 0.015 

Brenton-on-Sea 
Jeffreysbaai – 5.620 5.449 – 1.031 0.733 

Port Edward – 13.143 5.229 – 2.513 0.084 

Jeffreysbaai Port Edward – 7.523 5.449 – 1.381 0.523 

(b) Number of byssal threads 

Mosselbaai 

Brenton-on-Sea 58.33 17.58 3.318 0.008 

Jeffreysbaai – 33.89 18.32 – 1.850 0.258 

Port Edward – 35.26 19.38 – 1.819 0.272 

Brenton-on-Sea 
Jeffreysbaai 92.22 18.89 4.881 < 0.001 

Port Edward 23.07 19.86 1.161 0.652 

Jeffreysbaai Port Edward – 69.15 20.58 – 3.360 0.007 
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At Old Woman’s River, the total number of mussels (live and dead) and broken shells 

per quadrat, as well as the number of byssal threads per mussel, were not significantly 

different between euendolithic infestation levels and Perna perna lineages (Figure 4.4d,e,f; 

Tables 4.4a,b,c). 

Table 4.4. Two-way ANOVAs (balanced design) on the effect of euendolithic infestation and Perna perna 

lineages on (a) the total number of mussels (live and dead), (b) the number of broken shells, and (c) the 

number of byssal threads, at Old Woman’s River. No significant p-values were detected.  

Models used in these analysese: (a) tot_mussels ~ infestation + lineage, (b) nb_broken ~ infestation + 

lineage, and (c) nb_byssal ~ infestation + lineage. Interactions were not significant in any of the models. 

Source of variation Sum of Squares df F-value p-value 

(a) Total number of mussels 

Infestation 138.06 1 2.827 0.117 

Lineage 162.56 1 3.329 0.091 

Residuals 634.81 13   

(b) Number of broken shells 

Infestation 189.06 1 1.335 0.269 

Lineage 297.56 1 2.101 0.171 

Residuals 1840.81 13   

(c) Number of byssal threads 

Infestation 4701 1 1.275 0.265 

Lineage 7475 1 2.028 0.161 

Residuals 165847 45   
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Figure 4.4. Barplot for (a, d) average number of mussels (live and dead) per quadrat (± SD), and boxplots for (b, e) average number of broken shells per quadrat (± SD), and  

(c, f) average number of byssal threads per mussels (± SD). Across all sites, excluding Old Woman’s River (a, b, c), homogeneous groups are indicated by similar letters. 

MB: Mosselbaai; BoS: Brenton-on-Sea; JB: Jeffreysbaai; PEd: Port Edward. At Old Woman’s River (d, e, f), no significant differences were detected between infestation levels or 

Perna perna lineages (East and West). Infested and non-infested mussel beds are represented in grey and red respectively. 
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4.3.2. Infaunal communities 

A total of 115 invertebrate taxa were recorded within the experimental mussel beds 

across all treatments and sites (Table S4.1, Figure 4.5). Among the infauna, 14 taxa 

could only be identified to phylum, order, class, or family levels, while seven taxa could 

only be identified to the genus level. A total of 80 taxa were associated with the infested 

mussel beds and 80 taxa with the non-infested mussel beds across all sites (excluding  

Old Woman’s River). At Old Woman’s River, if both infestation levels and Perna perna 

genetic lineages are considered, 40 taxa were associated with the eastern infested mussel 

beds, 50 taxa with the western infested mussel beds, 53 taxa with the eastern non-

infested mussel beds, and 43 taxa with the western non-infested mussel beds. Across all 

sites (excluding Old Woman’s River), a total of 60 taxa were common at both infestation 

levels, while at Old Woman’s River, 25 taxa were common to all treatment levels. It is to 

note that some shelled invertebrates recorded from the experimental mussel beds 

displayed significant levels of shell erosion (e.g., Scutellastra granularis, 

Acanthochitona garnoti), which was expected and could not be directly imputed to 

euendolithic infestation for this study. 

Across all sites (excluding Old Woman’s River), total infaunal abundance and biomass 

differed significantly between sites, but not between infestation levels of the mussels 

(Figure 4.6a,b; Table 4.5a,b). Species richness did not differ significantly between 

euendolithic infestation levels or sites (Figure 4.6c; Table 4.6a). Species diversity, 

calculated with either Shannon-Wiener (H’) or Simpson (λ) diversity index, and species 

evenness, calculated with Pielou’s index, differed significantly between sites, but not 

between levels of euendolithic infestation (Figure 4.5d,e,f; Table 4.6b,c,d).  

  



104 
 

Table 4.5. Type II two-way ANOVAs (unbalanced design) on the Generalized Linear Model (GLM) of 

the effect of euendolithic infestation and site on (a) the total abundance and (b) the total biomass of 

infauna across all sites, excluding Old Woman’s River. Significant p-values are underlined.   

Models used in these analyses are as follow: (a) ab_total ~ infestation + site, family = “Gamma”, 

(b) biom_total ~ infestation + site, family = “Gamma”. Interactions were not significant in any of the 

models.  

Source of variation LR Chisq df P (> Chisq) 

(a) Total infaunal abundance 

Infestation 0.597 1 0.440 

Site 73.589 3 7.269 x 10-16 

Residuals 5.081 23  

(b) Total infaunal biomass 

Infestation 0.244 1 0.622 

Site 35.414 3 9.959 x 10-8 

Residuals 13.607 23  

 

Table 4.6. Type II two-way ANOVAs (unbalanced design) on the effect of euendolithic infestation and 

site on (a) species richness, (b) species diversity, calculated with Shannon-Wiener index (H’), (c) species 

diversity, calculated with Simpson’s index (λ), and (d) species evenness, calculated with Pielou’s index (J) 

across all sites, excluding Old Woman’s River. Significant p-values are underlined.   

Models used in these analyses are as follow: (a) count ~ site + infestation , (b) shannon ~ site + 

infestation, (c) simpson ~ site + infestation, and (d) pielou ~ site + infestation. Interactions were not 

significant in any of the models. 

Source of variation 
Type II  

Sum of Squares 
df F-value p-value 

(a) Species richness 

Infestation 0.62 1 0.025 0.875 

Site 172.95 3 2.365 0.097 

Residuals 560.68 23   

(b) Shannon-Wiener index (H’) 

Infestation 0.0457 1 0.434 0.517 

Site 1.289 3 4.078 0.018 

Residuals 2.424 23   

(c) Simpson’s index (λ) 

Infestation 0.010 1 1.688 0.207 

Site 0.079 3 4.509 0.013 

Residuals 0.134 23   

(d) Pielou’s index (J) 

Infestation 0.008 1 1.086 0.308 

Site 0.168 3 7.638 0.001 

Residuals 0.169 23   
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Figure 4.5. Pictures of infaunal invertebrates of interest found in the manipulated mussel beds set up on the rocky shores for this study: (a) Juvenile Plagusia squamosa, in non-infested 

mussel beds at Port Edward; (b) Juvenile Anachis kraussi subsp. kraussi, in non-infested mussel beds at Port Edward; (c) female Parisocladus perforatus, in non-infested mussel beds at 

Mosselbaai; (d) Leucisca squalina, in non-infested mussel beds at Port Edward; (e) Onithochiton literatus, in infested mussel beds at Port Edward; (f) Chthamalus dentatus, in non-infested 

mussel beds at Mosselbaai. For all pictures: © Alexia DIEVART. 
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Across all sites (excluding Old Woman’s River), total infaunal abundances at Brenton-

on-Sea and Jeffreysbaai were significantly higher than at Mosselbaai and Port Edward 

(Figure 4.6a; Table 4.7a). Similarly, the total infaunal biomass at Brenton-on-Sea was 

significantly higher than at Mosselbaai and Port Edward, while total infaunal biomass at 

Jeffreysbaai was significantly higher than at Port Edward (Figure 4.6b; Table 4.7b). 

Species diversity calculated with Shannon-Wiener index (H’) was significantly higher at 

Port Edward than at Mosselbaai (Figure 4.6d; Table 4.7c), while species diversity 

calculated with Simpson’s index (λ) was significantly higher at Port Edward than at both 

Mosselbaai and Jeffreysbaai (Figure 4.6e; Table 4.7d). Species evenness, calculated with 

Pielou’s index (J), at Port Edward was significantly higher than at all the other sites 

(Figure 4.6f; Table 4.7e). 

At Old Woman’s River, total infaunal abundance and biomass, species richness, species 

diversity, either calculated with Shannon-Wiener (H’) or Simpson (λ) diversity index, 

and species evenness, calculated with Pielou’s index, were not significantly different 

between infestation levels and Perna perna lineages (Figure 4.6g,h,i,j,k,l; 

Table 4.8a,b,c,d,e,f).  
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Table 4.7. Results of the TukeySD post-hoc pairwise comparisons on the effect of site on the (a) total 

infaunal abundance, (b) total infaunal biomass, (c) species diversity, calculated with Shannon-Wiener 

index (H’), (d) species diversity, calculated with Simpson’s index (λ), and (e) species evenness, calculated 

with Pielou’s index (J), across all sites, excluding Old Woman’s River. Significant p-values are underlined.

  

Site (a) Site (b) Estimate Std Error z-value P (> z) 

(a) Total infaunal abundance 

Mosselbaai 

Brenton-on-Sea 4.110 x 10-3 0.903 x 10-3 4.553 < 0.001 

Jeffreysbaai 3.239 x 10-3 0.968 x 10-3 3.346 3.880 x 10-3 

Port Edward 4.595 x 10-3 1.836 x 10-3 2.503 0.051 

Brenton-on-Sea 
Jeffreysbaai 0.872 x 10-3 0.528 x 10-3 1.650 0.322 

Port Edward 8.705 x 10-3 1.646 x 10-3 5.287 < 0.001 

Jeffreysbaai Port Edward 7.833 x 10-3 1.684 x 10-3 4.652 < 0.001 

(b) Total infaunal biomass 

Mosselbaai 

Brenton-on-Sea 3.474 x 10-4 1.165 x 10-4 2.983 0.013 

Jeffreysbaai 2.525 x 10-4 1.270 x 10-4 1.987 0.168 

Port Edward 5.254 x 10-4 2.795 x 10-4 1.880 0.209 

Brenton-on-Sea 
Jeffreysbaai 9.488 x 10-5 6.681 x 10-5 1.420 0.451 

Port Edward 8.728 x 10-4 2.578 x 10-4 3.385 0.003 

Jeffreysbaai Port Edward 7.779 x 10-4 2.628 x 10-4 2.960 0.013 

(c) Shannon-Wiener index (H’) 

Mosselbaai 

Brenton-on-Sea – 0.311 0.168 – 1.850 0.277 

Jeffreysbaai – 0.130 0.175 – 0.743 0.878 

Port Edward 0.562 0.168 3.342 0.014 

Brenton-on-Sea 
Jeffreysbaai – 0.181 0.181 – 1.000 0.750 

Port Edward 0.251 0.174 1.447 0.484 

Jeffreysbaai Port Edward 0.432 0.181 2.389 0.107 

(d) Simpson’s index (λ) 

Mosselbaai 

Brenton-on-Sea – 0.069 0.040 – 1.743 0.325 

Jeffreysbaai – 0.014 0.041 – 0.340 0.986 

Port Edward 0.134 0.040 3.384 0.013 

Brenton-on-Sea 
Jeffreysbaai – 0.055 0.043 – 1.292 0.577 

Port Edward 0.065 0.041 1.591 0.403 

Jeffreysbaai Port Edward 0.120 0.043 2.819 0.045 

(e) Pielou’s index (J) 

Mosselbaai 

Brenton-on-Sea – 0.035 0.044 – 0.785 0.860 

Jeffreysbaai 0.036 0.046 0.777 0.864 

Port Edward 0.172 0.044 3.869 0.004 

Brenton-on-Sea 
Jeffreysbaai – 0.071 0.048 – 1.484 0.463 

Port Edward 0.137 0.046 2.989 0.031 

Jeffreysbaai Port Edward 0.208 0.048 4.352 0.001 
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Table 4.8. Two-way ANOVAs (balanced design) on the effect of euendolithic infestation and Perna perna 

lineages on (a) the total infaunal abundance, (b) the total infaunal biomass, (c) species richness, (d) species 

diversity, calculated with Shannon-Wiener index (H’), (e) species diversity, calculated with Simpson’s 

index (λ), and (f) species evenness, calculated with Pielou’s index (J), at Old Woman’s River. No 

significant p-values were detected.  

Models used in these analyses: (a) ab_total ~ infestation + lineage, (b) biom_total ~ infestation + lineage, 

(c) count ~ infestation + lineage, (d) shannon ~ infestation + lineage, (e) simpson ~ infestation + lineage, 

and (f) pielou ~ infestation + lineage. Interactions were not significant in any of the models. 

Source of variation Sum of Squares df F-value p-value 

(a) Total infaunal abundance 

Infestation 743 1 0.268 0.613 

Lineage 1580 1 0.571 0.463 

Residuals 35987 13   

(b) Total infaunal biomass 

Infestation 164948 1 0.124 0.730 

Lineage 346600 1 0.261 0.618 

Residuals 17231935 13   

(c) Species richness 

Infestation 121 1 2.774 0.120 

Lineage 9 1 0.206 0.657 

Residuals 567 13   

(d) Shannon-Wiener index (H’) 

Infestation 0.713 1 2.805 0.118 

Lineage 0.292 1 1.148 0.304 

Residuals 3.303 13   

(e) Simpson’s index (λ) 

Infestation 0.025 1 2.237 0.159 

Lineage 0.012 1 1.074 0.319 

Residuals 0.145 13   

(f) Pielou’s index (J) 

Infestation 0.026 1 2.014 0.179 

Lineage 0.019 1 1.523 0.239 

Residuals 0.165 13   
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Figure 4.6. Barplots for (a,g) average infaunal abundance per quadrat (± SD), (b,h) average infaunal biomass (in g) per quadrat (± SD), (c,i) average species richness (S) per quadrat  

(± SD), (d,j) average Shannon-Wiener diversity index (H’) per quadrat (± SD), and (e,k) average Simpson’s diversity index (λ) per quadrat (± SD),  (f,l) average Pielou’s evenness 

index (J) per quadrat (± SD). Across all sites (a,b,c,d,e,f), homogeneous groups are indicated by similar letters. MB: Mosselbaai; BR: Brenton-on-Sea; JB: Jeffreysbaai; 

PEd: Port Edward. At Old Woman’s River (g,h,i,j,k,l), no significant differences were detected between infestation levels or Perna perna lineages (East and West). Infested and non-

infested mussel beds are represented in grey and red respectively. 
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Across all sites (excluding Old Woman’s River), infaunal communities in terms of 

abundance and biomass did not differ between the infested and non-infested mussel 

beds, although it did differ between sites (PERMANOVA, Figures 4.7a, 4.8a; 

Table 4.9a,b). nMDS plots, dispersion plots and hierarchical clustering analyses mirrored 

the PERMANOVA results and detected clear group separation by site but not by 

infestation level (Figures 4.7b,c, 4.8b,c, and 4.9a,b).  

 

Table 4.9. PERMANOVA on the effect of euendolithic infestation and site on (a) infaunal abundance and 

(b) infaunal biomass per quadrat across all sites, excluding Old Woman’s River. Significant p-values are 

underlined. 

Source of variation Sum of Squares df R2 F-value p-value 

(a) Infaunal abundance 

Infestation 0.102 1 0.018 1.040 0.366 

Site 3.381 3 0.597 11.549 0.001 

Interaction 0.232 3 0.041 0.791 0.718 

Residuals 1.951 20 0.344   

Total 5.665 27 1.000   

(b) Infaunal biomass 

Infestation 0.118 1 0.021 1.311 0.231 

Site 3.501 3 0.618 12.945 0.001 

Interaction 0.243 3 0.043 0.898 0.580 

Residuals 1.803 20 0.318   

Total 5.666 27 1.000   

 

 

At Old Woman’s River, total infaunal abundance and biomass did not differ with 

euendolithic infestation levels or P. perna lineage (PERMANOVA, Figures 4.7d,e,f, 

4.8d,e,f, and 4.9c,d; Tables 4.29 and 4.30). While nMDS plots and dispersion plots 

showed a clear difference in the spread of the data between infested and non-infested 

mussel beds for both abundance and biomass, there was no such difference among the 

centroids (Figures 4.7e and 4.8e).  
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Table 4.10. PERMANOVA on the effect of euendolithic infestation and Perna perna lineage on 

(a) infaunal abundance and (b) infaunal biomass per quadrat across all sites per quadrat at Old Woman’s 

River. No significant p-values were detected. 

Source of variation Sum of Squares df R2 F-value p-value 

(a) Infaunal abundance 

Infestation 0.134 1 0.066 0.936 0.450 

Lineage 0.103 1 0.051 0.723 0.650 

Interaction 0.064 1 0.032 0.450 0.894 

Residuals 1.716 12 0.851   

Total 2.017 15 1.000   

(b) Infaunal biomass 

Infestation 0.106 1 0.050 0.700 0.620 

Lineage 0.122 1 0.058 0.809 0.544 

Interaction 0.062 1 0.029 0.408 0.887 

Residuals 1.811 12 0.862   

Total 2.101 15 1.000   

 

 

SIMPER analyses indicated that the following species collectively accounted for 50% of 

the dissimilarity between sites (excluding Old Woman’s River): Talorchestia sp.  

Dana, 1852, unidentified Actiniaria species, Burnupena lagenaria (Lamarck, 1822), 

juvenile Mytilus galloprovincialis, Parisocladus perforatus (H. Milne Edwards, 1840), 

Parvulastra exigua, juvenile Perna perna and Pseudonereis podocirra (Schmarda, 1861) 

(formerly incorrectly synonymized as the widespread Pseudonereis variegata  

(Grube, 1857)) (Figure 4.10a, Table S4.2). In terms of biomass, dissimilarity between 

sites was largely driven by unidentified Actiniaria species, Burnupena lagenaria,  

juvenile Mytilus galloprovincialis, Parvulastra exigua, juvenile P. perna, Ischyromene huttoni 

(G. Thomson, 1879), Pseudonereis podocirra (Figure 4.10b; Table S4.3). 
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Figure 4.7. Similarity in infaunal species abundances for (a,b,c) the effect of euendolithic infestation of artificial mussel beds across all sites excluding Old Woman’s River, and 

(c,d,e) the effect of euendolithic infestation and Perna perna lineages at Old Woman’s River. (a,d) Non-metric multidimensional scaling (nMDS) plots, and dispersion plots for the 

effect of (b,e) euendolithic infestation, (c) sites, and (f) Perna perna lineages. Infested and non-infested mussel beds are represented in grey and red respectively. 
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Figure 4.8. Similarity in infaunal species biomass for (a,b,c) the effect of euendolithic infestation of artificial mussel beds across all sites excluding Old Woman’s River, and  

(c,d,e) the effect of euendolithic infestation and Perna perna lineages at Old Woman’s River. (a,d) Non-metric multidimensional scaling (nMDS) plots, and dispersion plots for the 

effect of (b,e) euendolithic infestation, (c) sites, and (f) Perna perna lineages. Infested and non-infested mussel beds are represented in grey and red respectively. 
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Figure 4.9. Dendrograms of the Ward linkage cluster analysis. Across all sites, infaunal (a) abundance and (b) biomass for each quadrat are clustered by sites. MB: Mosselbaai;  

BoS: Brenton-on-Sea; JB: Jeffreysbaai; PEd: Port Edward. At Old Woman’s River, infaunal (c) abundance and (d) biomass for each quadrat are clustered by Perna perna lineages 

(i.e., eastern, or western). Infested and non-infested mussel beds are represented in grey and red respectively. Quadrat numbers are represented in brackets.
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Figure 4.10. Average (a) abundance and (b) biomass per quadrat of species that contributed the most to dissimilarity between infaunal communities across sites. Significant 

differences between sites are indicated by the different letters. MB: Mosselbaai; BR: Brenton-on-Sea; JB: Jeffreysbaai; PEd: Port Edward. Infested and non-infested mussel beds are 

represented in grey and red respectively. 



116 
 

4.4. Discussion 

It was anticipated that euendolithic infestation across all the sites would reduce the 

architectural complexity of the mussel beds by reducing byssal thread production, 

contributing to a less abundant and diverse infaunal community in the infested mussel 

beds. By contrast, the euendolith-induced improvements in the mussel bed microclimate, 

in terms of temperature and humidity, would influence the infaunal communities 

associated with the infested mussel beds, and would comprise species vulnerable to 

thermal and desiccation stress. At Old Woman’s River, euendolithic infestation was 

hypothesized to interact with genetically-based differences in behaviour between the two 

lineages of Perna perna. Mussel beds composed of eastern lineage of P. perna were shown 

to be more benign for associated infaunal organisms, with lower within-bed temperatures 

and higher humidities, and thus supported higher infaunal abundances and biomass than 

mussel beds composed of western P. perna. It was expected that euendolith-induced 

improvements of mussel bed microclimate would counterbalance the influence of 

P. perna lineages on associated infaunal communities, with infested western mussel beds 

supporting similar infaunal communities than non-infested and infested eastern beds.  

In this study, architectural complexity (i.e., number of byssal threads per mussel) did not 

differ significantly between infested and non-infested mussel beds across all sites,  

or between the eastern and western lineages of P. perna at Old Woman’s River. 

General infaunal community descriptors, such as total abundance, species richness, 

diversity, and evenness indexes, followed the same pattern, as did infaunal communities. 

However, there was always a significant effect of site on the mussel bed architectural and 

structural complexity, community descriptors and infaunal communities associated with 

the mussel beds. 
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4.4.1. Within-bed structural complexity 

Euendolithic infested mussels have been demonstrated to attach less strongly to the 

underlying substratum since they require significantly less force to be dislodged than 

non-infested mussels (Marquet et al., 2013; Ndhlovu et al., 2022; Zardi et al., 2009). 

The reduced attachment strength  is thought to be the result of the lower production of 

byssal threads (Ndhlovu et al., 2022; Zardi et al., 2009). It is worth noting that the 

number, diameter and strength of byssal threads were not considered in these studies 

(as in Zardi et al., 2006). No evidence of the influence of euendolithic infestation on the 

average number of byssal threads per mussel was observed during the current 

investigation. Due to the corrosive activity of photoautotrophic euendoliths on their 

shells, infested mussels channel more energy towards shell repair, likely at the expenses 

of other key physiological processes, such as attachment strength (through byssal thread 

production) and reproduction (Alfaro et al., 2008; Kaehler and McQuaid, 1999; 

Ndhlovu et al., 2022, 2021a; Zardi et al., 2009). Perna perna has the capacity to channel 

energy towards the production of thicker byssal threads to cope with high hydrodynamic 

stress, without altering gonad production (Zardi et al., 2007a, 2006).  

A similar mechanism could thus be at play in P. perna individuals infested by 

euendoliths. In this context, even as more energy is required for shell repair, infested 

P. perna might be able to produce as many byssal threads as non-infested conspecifics to 

survive wave action. The lower attachment strength of infested mussels demonstrated in 

previous studies (Marquet et al., 2013; Ndhlovu et al., 2022; Zardi et al., 2009) could 

possibly be explained by a difference in the quality of byssal threads produced, in terms 

of diameter and strength.  

The eastern lineage of P. perna has been demonstrated to attach more strongly to the 

substratum (Zardi et al., 2015) and produce more byssal threads (Nicastro et al., 2020) 
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than western lineage individuals. Interestingly, in a similar common-garden experiment 

conducted at the same site, the eastern lineage produced less byssal threads than the 

western lineage (Dievart, 2018). No evidence of the influence of either euendolithic 

infestation or genetic lineages on the number of byssal threads per mussel at 

Old Woman’s River was observed during this study. The absence of any significant 

pattern in the number of byssal threads between genetic lineages could possibly be 

explained by the poor condition of eastern lineage mussels sourced for the current and 

previous experiments (Dievart, 2018). Indeed, eastern lineage mussels had a narrower 

shell and were lighter, considering flesh weight, than western lineage mussels. 

Perna perna demonstrate different spawning periods across bioregions in South Africa 

(van Erkom Schurink and Griffiths, 1991). In KwaZulu-Natal, P. perna spawn over an 

extended period, from May to December, while those in the Cape and Transkei have a 

well-marked winter spawning period (van Erkom Schurink and Griffiths, 1991). 

As reproduction is energetically expensive (Seed and Suchanek, 1992),  

the post-spawning eastern linage mussels collected from Port Edward in KwaZulu-Natal 

for these experiments might have not been able to channel as much energy towards 

byssal thread production. 

Various environmental factors influence the quality and production of byssal threads in 

mussels, including hydrodynamic stress (Garner and Litvaitis, 2013;  

Nicastro et al., 2010; Zardi et al., 2007a), temperature, salinity, seasonality (Garner and 

Litvaitis, 2013; Moeser and Carrington, 2006; Young, 1985, but see Roberts and 

Carrington, 2023), ocean acidification (O’Donnell et al., 2013) and the presence of 

predators and epibionts (Côté, 1995; Garner and Litvaitis, 2013). The number of byssal 

threads per mussel was different between the experimental sites that spanned across the 

warm-temperate and the subtropical bioregions along the coastline of South Africa.  
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The wave activity and height within these two bioregions are not known to differ 

significantly (Zardi et al., 2015). During this investigation, the number of byssal threads 

per mussel was higher at Jeffreysbaai and Mosselbaai, two sites sheltered from wave 

action, compared to the other sites situated on the open coast. A number of mussel 

species produce more byssal threads at sites with low wave exposure (Garner and 

Litvaitis, 2013), although others showed higher attachment strength at wave exposed 

sites (Nicastro et al., 2010). In the laboratory, byssal thread formation was disrupted 

under medium to high water flow (25 – 50 cm.s-1) in several mytilid species, but this was 

mitigated by the reduced flow velocity in mussel bed aggregations  

(Carrington et al., 2008). Similarly under laboratory conditions, juvenile Perna canaliculus 

(Gmelin, 1791) increase byssal thread production with a increase in water flow rates 

(Alfaro, 2006). Moreover, hydrodynamic stress may be influenced by microscale 

variations in the morphology of the site, and the presence of bioengineered structures 

(e.g., mussel beds, worm reefs; Carrington et al., 2008), thus hydrodynamic comparisons 

among different sites is extremely difficult. 

4.4.2. Infaunal communities 

It was hypothesised that euendolith-infested mussel beds would support higher species 

richness, diversity, and evenness, but lower total infaunal abundance and biomass per 

quadrat, than non-infested mussel beds across all sites. Moreover, euendolithic 

infestation would also contribute to variations in the abundance and biomass of the 

associated infaunal communities.  

Infested mussel beds have been demonstrated to create a more benign habitat in terms of 

within-bed temperature and humidity when thermal and desiccation stress are high than 

non-infested mussel beds (Lourenço et al., 2017; Monsinjon et al., 2021;  

Zardi et al., 2021, 2016). Moreover, the architectural complexity of infested mussel beds 
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is influenced by the corrosive activity of euendoliths, which increases architectural 

complexity of mussel bed surfaces by inducing variations in shell microtopography 

(Nicastro et al., 2022) but potentially decreases structural complexity of the mussel bed 

matrix through a lower production of byssal threads (Marquet et al., 2013;  

Ndhlovu et al., 2022; Zardi et al., 2009). As the number of byssal threads per mussel was 

not different between infested and non-infested mussel beds, infested mussel beds would 

thus likely be more favourable to a wide array of associated infaunal species. However, 

no firm evidence of the influence of euendolithic infestation was found on species 

richness, species diversity (calculate with Shannon-Wiener and Simpson indexes) and 

species evenness of infauna during the current investigation. This was also the case for 

total infaunal abundance and biomass. Finally, infaunal communities were not different 

between the infested and non-infested mussel beds. The absence of any significant 

differences between the infested and non-infested beds may be the result of experimental 

set-up. Artificial mussel beds were covered by a mesh during the entire duration of the 

experiment to avoid any loss of mussels by storms or strong wave action. While this is a 

common practice in manipulative studies of mussel beds (Dievart, 2018;  

Nicastro et al., 2020; Zardi et al., 2011), the  mesh might have modified the heat 

absorption properties of the mussel shells (i.e., through shading) akin to that of 

euendolithic infestation. The absence of any significant differences in the infaunal 

community structure and species diversity between the infested and non-infested mussel 

beds is, therefore, not surprising. This could be investigated in the laboratory by 

measuring within-bed temperatures and humidities of mussel beds, using data loggers,  

to assess potential differences between infested and non-infested mussel beds, either 

covered or not by a mesh.  
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Total infaunal abundance and biomass, species diversity and species evenness, as well as 

infaunal communities did differ significantly between sites. It is worth noting that the 

non-infested mussel beds and infested mussel beds at Brenton-on-Sea displayed the 

highest total abundance and biomass of infauna, respectively. Compared to other sites, 

Brenton-on-Sea is characterised by dense beds of Perna perna and Mytilus galloprovincialis 

mussel beds (pers. obs.) which are able to sustain high levels of overall infaunal 

biodiversity. Due to difficulty in accessibility, mussels at Brenton-on-Sea are subject to 

lower levels of exploitation than other sites, such as Mosselbaai or Port Edward, which 

are situated close to urban areas. In contrast, mussel beds at Port Edward displayed the 

lowest total abundance and biomass, but the highest species evenness, whereas species 

richness and diversity were not statistically different from the other sites. Overharvesting 

in KwaZulu-Natal dramatically reduced the mussel cover on the rocky shores within the 

region (Hammond and Griffiths, 2006; Lasiak, 1992), thus potentially reducing the pool 

of infaunal invertebrates that could colonize the experimental mussel beds in 

Port Edward. 

Infaunal community structure was different between sites, which can in part be 

explained by the different distributions of infaunal species associated with mussel beds 

along the coast (inferred from Branch et al., 2016), as well as site-specific differences in 

the local infaunal species compostion as a result of  habitat availability. The majority of 

those species responsible for dissimilarities between infaunal communities across sites 

were previously identified in natural and experimental mussel beds  

(Cole and McQuaid, 2010; Dievart, 2018; Hammond and Griffiths, 2006, 2004;  

Nicastro et al., 2020). Here, only the most influential species detected in this experiment 

will be discussed (Figure 4.10). Juvenile sea anemones (Actiniaria) were most abundant 

at Brenton-on-Sea. Juvenile sea anemones are common in mussel beds, especially the 
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sandy anemone Bunodactis reynaudi (Kruger and Griffiths, 1998), which was also highly 

abundant in rock pools and sand gullies in Brenton-on-Sea. The ridged burnupena, 

Burnupena lagenaria, was abundant in all south coast sites, but was absent from 

Mosselbaai and found only in infested mussel beds in Port Edward. Burnupena lagenaria 

is the commonest whelk on the south-east coast, where larger individuals are often 

observed, while KwaZulu-Natal is thought to be out of the distribution range for this 

species. Juvenile blue mussels, Mytilus galloprovincialis, were abundant on the south coast, 

but absent from Old Woman’s River and Port Edward. Mytilus galloprovincialis invaded 

the coasts of South Africa from the west (Grant and Cherry, 1985), where it replaced 

native mussel species, and is now abundant on the south coast (Bownes and  

McQuaid, 2006). However, it becomes less abundant on the south-east coast and 

completely absent from the east coast, as warmer temperatures slow down its invasion 

(Ma et al., 2023). Juvenile brown mussels, P. perna, were the most abundant species and 

had the highest biomass detected across all sites, with variations depending on the 

recruitment rates (Harris et al., 1998; Reaugh-Flower et al., 2011). The mussel worm, 

Pseudonereis podocirra, was more abundant in all south coast sites, except for Jeffreysbaai, 

and was found in lower abundances in Port Edward. Pseudonereis podocirra is the largest 

and commonest worm on the rocky shores, living among seaweeds, reef worms, and 

mussel beds. Its absence from Jeffreysbaai was unexpected, as this rocky shore support 

all the mentioned habitats where P. podocirra is commonly found. The dwarf cushion 

star, Parvulastra exigua, showed higher biomass in Mosselbaai compared to the other 

sites. These rocky shores are flat and gently sloped compared to the other sites, which 

could potentially explain this disparity. The spike-back isopod, Parisocladus perforatus, 

was more abundant at Mosselbaai and Jeffreysbaai, but interestingly absent from 

Brenton-on-Sea, while the roll-tail isopod, Ischyromene huttoni, was more important at 
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both Brenton-on-Sea and Jeffreysbaai. Both isopods are common on the rocky shores, 

often in association with kelp holdfasts and algal tufts, although Parisocladus perforatus is 

not present on the East coast.  

The majority of organisms associated with the mussel beds were juveniles or sub-adults. 

Mussel beds offer a protected habitat from stressful environmental conditions, but also 

from predators, which make them potential nurseries for a wide array of associated 

species (e.g., sea anemones, crabs, sea cucumbers, mussels, snails, and limpets).  

In South Africa, environmental conditions characteristic of each bioregion are known to 

influence the structure of mussel beds and their associated infaunal assemblages  

(Cole and McQuaid, 2010; Lathlean and McQuaid, 2017). On a given rocky shore, the 

importance of mussel beds as refuge is dependent on local environmental conditions 

(e.g., wave exposure, sand scour; Hammond and Griffiths, 2004; Zardi et al., 2008), 

often fluctuating at extremely small scale (Helmuth et al., 2006a), the configuration and 

specific composition of the mussel bed (Cole, 2010; Hammond and Griffiths, 2006; 

Nicastro et al., 2020), as well as the overall local biodiversity in presence. Seasonal and 

daily fluctuations in environmental conditions may also play a role in shaping mussel 

beds and their associated communities. The site-specific unique infaunal assemblages 

observed within the infested and non-infested mussel beds during this study is, therefore, 

not surprising. 

Considering P.  perna genetic lineages, eastern mussel beds were shown to be a more 

benign habitat for associated infaunal communities than western mussel beds at 

Old Woman’s River (Nicastro et al., 2020). As P. perna eastern lineage produce more 

byssal threads and gape more than the western lineage, eastern mussel beds display 

higher structural complexity, lower within-bed temperature and higher within-bed 

humidity (Nicastro et al., 2020, 2012; Zardi et al., 2015). Thus, the eastern lineage 
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mussel beds were expected to host higher total infaunal abundance and biomass, as well 

as higher species richness, diversity, and evenness, than western mussel beds. There was 

no evidence of the influence of either euendolithic infestation or P. perna lineage on the 

total infaunal abundance and biomass, species richness, diversity, and evenness, as well 

as the composition of infaunal communities (abundance and biomass)  

at Old Woman’s River. While this could be explained by the similar number of byssal 

threads for each infestation level and each lineage in this experiment, it is also plausible 

that the duration of the experiment influenced the establishment of infaunal 

communities. The common-garden experiment was left to be colonized for more than 

6 months, potentially homogenising the infestation and lineage effects. In a similar 

experiment conducted at Old Woman’s River, artificial mussel beds were left to colonize 

for 3 months (Dievart, 2018) after which an influence of P. perna lineages was detected 

on the number of byssal threads, on species richness and infaunal communities in terms 

of biomass (western > eastern; Dievart, 2018). Although the limited number of replicates 

in each aforementioned study does not allow for firm conclusions to be made  

(Lathlean et al., 2016b), environmental conditions at the time of measurements differed 

between the two studies, especially in terms of relative humidity and solar irradiance 

(Dievart, 2018; Nicastro et al., 2020). 

4.5. Conclusions 

In summary, infaunal communities were not different between infested and non-infested 

mussel beds across all sites, although site-specific differences were apparent. In addition, 

no differences in infaunal communities were observed between infested and non-infested 

mussel beds and between P. perna lineages at Old Woman’s River. Below the species 

level, conspecific individuals differ in many obvious traits, such as sex, age, and size, but 
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also in more subtle traits, such as shape, colour, behaviour, or physiology. Intraspecific 

genotypic trait variation, resulting in within-species phenotypic variation, provides basis 

for any evolutionary change (Fisher, 1930) and thus stands for the most fundamental 

level of biodiversity (May, 1994). Abiotic and biotic interactions, such as predation or 

parasitism, can also modify individual phenotypes, thus increasing intraspecific 

phenotypic diversity (Mouritsen and Poulin, 2002; Poulin and Thomas, 1999;  

Reimer and Tedengren, 1997; Thomas et al., 2011; Zardi et al., 2023). In many ways, 

intraspecific trait variation has key ecological effects on ecosystem processes  

(Bolnick et al., 2003; Hughes et al., 2008), which effects are expected to be even greater 

in the case of ecosystems based on one or a few foundation species, such as mussel beds 

(Cook-Patton et al., 2011; Nicastro et al., 2020; Whitham et al., 2003). However, it is 

important to note that intraspecific trait variability occurs within individuals, between 

individuals of the same population, and across populations (Thomas et al., 2011), and 

thus its various effects are context-specific. Time also influences the detection and the 

magnitude of effects that intraspecific trait variation can have on ecosystem functioning 

(Kuppler et al., 2016). Indeed, the presence and activity of species interacting with the 

habitat-forming species of interest is highly variable over time, due to variable 

environmental conditions or species phenologies (Kuppler et al., 2016), as well as 

research methodologies, such as the duration of manipulative experiments and collection 

time (Fariñas-Franco and Roberts, 2014; Llewelyn et al., 2016; Palomo et al., 2007). 

Euendolithic infestation of the mussel shell has the potential to lead to differences in 

infaunal communities between infested and non-infested mussel beds, although mostly 

under stressful environmental conditions these parasites indirectly mediate. As the 

beneficial effects of euendolithic infestation are conditional, mobile species might be the 

most likely to migrate to more benign infested mussel beds when under stress.  
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CHAPTER 5 

LIFE ON COLLAPSING SHELLS: 

THE RELATIONSHIP BETWEEN EUENDOLITHIC 

INFESTATION AND EPIBIOSIS 

 

 

Figure 5.0. Graphical abstract summarizing the findings presented in Chapter 5. Left panel: graphical 

presentation of the survey results comparing the abundance, percent cover and biomass of epibitic 

organisms at the mussel bed level, considering the size of the mussel and their levels of euendolithic 

infestation; right panel: graphical presentation of the survey results comparing the abundance, percent 

cover and biomass of epibiotic organisms at the mussel shell level, considering the euendolithic-infested 

and the non-infested portion of the mussel shell. 
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5.1. Introduction 

Space is the primary limiting resource in many marine systems, particularly on rocky 

shores (Connell, 1972, 1961; Dayton, 1971; Paine, 1974, 1966). While rocky shores 

display high physical heterogeneity, with a variety of habitats (Kostylev et al., 2005), 

intra- and interspecific competition for space is intense, for both sessile and mobile 

intertidal organisms (Connell, 1972, 1961; Dayton, 1971; Paine, 1974, 1966). Epibiosis is 

a common phenomenon in space-limited marine systems (Paine, 1974; Wahl, 2009, 

1989) and is defined as the non-symbiotic, facultative spatial association between an 

organism (i.e., the ‘epibiont’, also called fouling organism) that lives on or attaches itself 

to the outer surface of a substrate organism (i.e., the ‘basibiont’), without trophic 

interdependency (Wahl, 2009, 1989; Wahl and Mark, 1999). On rocky shores, mussel 

shells provide an important secondary space for the settlement of various epibionts  

(Bell, 2013; Dayton, 1971; Gutiérrez et al., 2003; Lohse, 1993; Paine, 1974).  

Lohse (1993) revealed that virtually all sessile organisms subject to competitive exclusion 

on the rock substratum along the US coasts were present on the shells of 

Mytilus californianus. Mussel beds are spatially more intricate structures than bare rock 

surfaces across several scales, displaying a heterogeneous distribution and within-bed 

patchiness, with smaller patches of mussels occurring within larger ones (Erlandsson and 

McQuaid, 2004; Kostylev and Erlandsson, 2001; Lawrie and McQuaid, 2001).  

Mussel beds thus act as a refuge for infaunal species (Palomo et al., 2007), while also 

increasing the quantity of suitable substratum available for settlement by epibionts  

(Gutiérrez et al., 2003; Lohse, 1993). 

Epibiosis is influenced in space and time by various abiotic factors, such as the physical 

and chemical properties of the substratum (Scardino et al., 2003; Steinberg et al., 2001) 
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or macro- and micro-scale hydrodynamics (Bertness et al., 1996; Crisp, 1955), and biotic 

factors, such as the seasonal variability in larval supply of epibionts (Buschbaum, 2000) 

or simple stochasticity as epibiosis is a facultative association (Wahl and Mark, 1999). 

In turn, epibiosis affects biological interactions within an ecological community by 

creating a new interface between the basibiont and its environment (Garner and 

Litvaitis, 2013; Laudien and Wahl, 2004, 1999; Wahl, 2008; Witman and  

Suchanek, 1984). As a result, epibiosis has both positive and negative effects on both the 

epibiont and the basibiont involved, the importance of which is context-specific and 

determined by both abiotic and biotic factors (Wahl, 1989). For the epibiont, colonizing 

an as yet unoccupied surface in a space-limited system is the main beneficial effect of 

living attached to another organism (Wahl, 1989). Depending on their position on the 

basibiont, epibionts can benefit from more favourable environmental conditions  

(Wahl, 1989), for example better hydrodynamic regimes, ensuring higher nutrient supply 

and efficient waste evacuation, or higher exposure to solar irradiation (Brouns and  

Heijs, 1986; Crisp, 1955; Laihonen and Furman, 1986). One major problem faced by 

epibionts is the instability of their living substratum, either due to the basibiont’s 

mortality (i.e., either natural or through predation) or morphological and/or 

physiological changes (i.e., growth, shrinking, fission, shedding) during the life cycle of 

the basibiont. For the basibiont, beneficial effects of epibiosis include ‘associational 

resistance’, through the optical, tactile and chemical ‘camouflage’ of the host from 

predators and parasites (Laudien and Wahl, 2004, 1999; Wahl, 2009), the mitigation of 

environmental stresses, such as desiccation, temperature and solar irradiation by  

water-retaining and shading epibionts, respectively (Gutiérrez et al., 2019;  

Seaborn, 2014). Conversely, being overgrown by epibionts indirectly increases drag 

forces on the basibiont, and thus mortality rates through dislodgement (Bell, 2013;  
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Bers and Wahl, 2004; Garner and Litvaitis, 2013; Thieltges and Buschbaum, 2007; 

Witman and Suchanek, 1984). Epibiosis can also interfere with the basibiont’s 

physiological processes, such as filter-feeding, reproduction or growth (Thieltges and 

Buschbaum, 2007; Wahl, 2008). Moreover, epibiosis can modulate ecological 

interactions between the basibiont and the ecological community, by increasing the 

basibiont’s susceptibility to predators and parasites (i.e., ‘shared doom’), favouring the 

recruitment of additional boring and fouling organisms (Thieltges and Buschbaum, 2007; 

Wahl, 2008; Wahl and Hay, 1995), and increasing overall habitat complexity for 

organisms associated with the basibiont (de Sá et al., 2007; Gutiérrez et al., 2019). 

Although mussels have been demonstrate to be a secondary substratum of choice for 

epibionts on the rocky shores, mussel shells support fewer fouling organisms than 

adjacent non-biological substrata (Bell et al., 2015; Bers and Wahl, 2004;  

Wahl et al., 1998). More often than not, epibiosis is harmful to the host, thus basibionts 

have evolved a combination of behavioural, chemical, physical and mechanical defences 

against biofouling (Bers and Wahl, 2004; Krug, 2006; Scardino et al., 2003; Wahl, 1989; 

Wahl et al., 1998). Bivalve shells are protected by the periostracum, a well-defined 

external proteinaceous coating of variable thickness, which firstly provides a physical, 

and later a chemical defence against boring (Kaehler, 1999) and fouling organisms  

(Bell et al., 2015; Bers et al., 2010, 2006; Ma et al., 2023; Mao Che et al., 1996;  

Scardino et al., 2003; Wahl et al., 1998). Bivalves with an intact periostracum 

demonstrate increased fitness due to the antifouling properties of their shell 

microtopography (Bers et al., 2010; Scardino et al., 2003; Scardino and de Nys, 2004). 

Shell microtopography can be described in terms of the complexity of its texture 

(i.e., regular, well-defined surface structure smaller than the epibiont), roughness 

(i.e., random surface irregularities), or contour (i.e., irregularities larger than the 
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epibiont) (Carve et al., 2019; Scardino et al., 2009, 2008). Explained by the ‘attachment 

point theory’, epibionts settle and attach more successfully on microtextures 

(e.g., periostracum microtopography) slightly wider than themselves or their sensory 

settlement organ, as it maximizes the number of attachment points between the epibiont 

and its living substrata, thus providing maximum adhesion and hence resistance against 

drag forces (Carve et al., 2019; Scardino et al., 2009, 2008, 2006;  

Schumacher et al., 2007). For example, barnacles demonstrated reduced attachment 

success on textures designed within the range of their settlement organ (i.e., 40 µm; 

Schumacher et al., 2007), while showing increased settlement on rougher surfaces  

(Berntsson et al., 2000).  

Around the world, mussel shells are commonly infested by euendolithic boring 

microorganisms (reviewed in Dievart et al., 2022). Euendolithic infestation of mussel 

shells is facilitated by the removal of the protective periostracum (Kaehler, 1999;  

Mao Che et al., 1996; Raghukumar et al., 1991; Scardino et al., 2003). Once the 

periostracum is removed, even on a small portion of the shell, the corrosive activity of 

euendoliths expands until the entire shell is degraded (Kaehler, 1999; Kaehler and 

McQuaid, 1999; Ndhlovu et al., 2021b). Increased shell degradation caused by 

euendolithic infestation destroys the mussel shell microtopography and increases shell 

roughness, ultimately contributing to diminished antifouling properties (Ma et al., 2023; 

Marquet et al., 2013). Marquet et al. (2013) and Ma et al. (2023) demonstrated that the 

percentage of barnacle cover of the shells of Mytilus galloprovincialis increased with 

growing levels of euendolithic infestation. It is worth noting that these studies observed 

that both the euendolithic and barnacle infestation increased in frequency and intensity 

with shell length, and thus mussel age (Bell, 2013; Kaehler, 1999; Ma et al., 2023; 

Marquet et al., 2013; Ndhlovu et al., 2019). Thus, it is plausible that the relationship 
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between shell degradation due to euendolithic infestation and epibiotic infestation is in 

fact an artefact of a longer exposure of mussels to both propagules, which reflects 

through mussel age and shell length. Moreover, the corrosive activity of euendoliths 

gradually weakens the whole structure of the mussel shell until the sudden collapse of the 

mussel shell and the subsequent death of the animal (Kaehler and McQuaid, 1999; 

Ndhlovu et al., 2019), making the mussel shell unfit to support epibiotic life.  

Perna perna is, numerically and by biomass, the dominant mussel species on the east 

coast of South Africa, and co-occurs with the invasive blue mussel Mytilus galloprovincialis 

on the south coast (Bownes and McQuaid, 2009, 2006). The mussel forms extensive 

mono-layered mussel beds on the south coast that support a wide array of associated 

infaunal and epibiotic species (see Chapter 3; Bell, 2013). Here, the interactions between 

euendolithic and epibiotic infestation of the mussel shell were investigated using natural 

mussel beds made up by the native brown mussel P. perna, with a focus on the entire 

epibiotic community (e.g., barnacles, algae, sedentary worms, anemones). Specifically, it 

was expected that (1) shell degradation caused by euendolithic infestation would increase 

in intensity and cover with increasing mussel shell length (considered as a proxy of age) 

(Kaehler, 1999; Ma et al., 2023; Marquet et al., 2013; Ndhlovu et al., 2019), 

(2) occurrence, abundance, cover and biomass of epibionts would increase with mussel 

size, because (3) occurrence, abundance, cover and biomass of epibionts was expected to 

covary with euendolithic infestation and/or shell degradation (e.g., Marquet et al., 2013; 

Ma et al., 2023).  
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5.2. Materials and Methods 

5.2.1. Collection procedure 

Mussels were collected from two open-coast sites on the warm-temperate south coast of 

South Africa (Figure 5.1): Brenton-on-Sea (34°04'31.7"S, 23°01'28.1"E) and Kasouga 

(33°38'54.5"S, 26°45'35.2"E). These sites were selected due to the similar nature of the 

rocky shore substrate (i.e., sandstone) and structure (i.e., presence of platforms; 

Figure 5.2a,b), and the co-occurrence of Perna perna and Mytilus galloprovincialis, and the 

occurrence of epibionts on their mussel shells. Mussels are vertically distributed on both 

rocky shores, with M. galloprovincialis generally colonizing the high ‘mussel zone’, while 

P. perna dominates the low ‘mussel zone’. Both species vertical distributions overlap in 

the mid-‘mussel zone’, forming mixed mussel beds (Bownes and McQuaid, 2009, 2006). 

 

Figure 5.1. Map of the collection sites on the south coast of South Africa. Grey dots represent localities 

where the mussels were collected (BoS: Brenton-on-Sea and K: Kasouga). The distributional ranges of the 

dominant mussel species are represented by a continuous black line (Mytilus galloprovincialis) and a dashed 

black line (Perna perna) (according to Bownes and McQuaid, 2006; Cunha et al., 2014; Grant and Cherry, 

1985). The three biogeographic regions along the South African coastline are delimited by grey dotted lines 

(according to Emanuel et al., 1992). 



133 
 

At each site, ten 25 x 25 cm quadrats were randomly sampled along a 50m-transect, 

parallel to the ocean, in a sun-exposed area of mid- ‘mussel zone’, on 75 to 100% mussel 

cover beds (Figure 5.2). Within each replicate (i.e., quadrat), all mussels were carefully 

scraped from the substrate to reduce the dislodgment of epibionts and preserved in  

70% ethanol for further analyses in the laboratory.  

 

Figure 5.2. (a,b) Examples of replicate sampling at the edge of the sandstone platform, in the mid- ‘mussel 

zone’, in Brenton-on-Sea. (c) Example of a replicate, using a 25 x 25 cm quadrat, place on 75 to 100% 

mussel covered area. Pictures (a,b,c): © Alexia DIEVART. 

 

5.2.2. Laboratory analyses 

Samples were handled carefully, to ensure that any epibiotic organisms were not 

dislodged from the mussel shell. Due to time constraints, only adult mussels (> 30 mm in 

shell length; Bownes & McQuaid, 2006) were considered for the study. 
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For each replicate, each individual mussel was identified (i.e., Perna perna or 

Mytilus galloprovincialis) and shell length was measured (in mm) using a vernier calliper. 

Both valves of each individual mussel were then photographed (with a scale bar) to 

estimate the percentage cover of each epibiotic organism on each valve. Each epibiotic 

organism on each valve was sorted, counted, and where possible, identified to the lowest 

taxonomic level possible using the keys of Branch et al. (2016), Day (1969, 1967), 

Griffiths (1976), and Kensley (1978). The position of the epibiont on each valve and level 

of euendolithic infestation was also noted. Epibiotic organisms found unattached to the 

substrate (e.g., limpets, worms) were considered at the habitat scale (i.e., total number 

per quadrat). Once sorted, epibionts were separately dried in the oven at 60°C for 48 h, 

and their biomass expressed as dry weight determined using a Satorius microbalance. 

After processing the epibionts and revealing the mussel shell, the percentage of shell 

surface that exhibited euendolithic degradation was estimated visually and classified into 

one of six categories: 0%, > 0 to 25%, > 25 to 50%, > 50 to 75%, > 75 to 100%, and 

100% according to Ma et al. (2023). In addition, the intensity of euendolithic infestation 

of each valve was classified according to Kaehler (1999) into one of five categories:  

A – shells with clean, intact periostracum and distinct outer growth lines, B – shells with 

central portion of surface eroding and turning pale purple with outer growth lines 

becoming indistinct, C – shells with erosion spreading past the central porting with 

grooves and pits appearing on shell surface, D – shells heavily pitted and becoming 

deformed with outer growth lines almost completely absent, and E – shells extremely 

pitted, deformed and brittle, eventually holed (e.g., Kaehler, 1999; Kaehler and 

McQuaid, 1999; Zardi et al., 2009; Marquet et al., 2013; Ndhlovu et al., 2019).  

Finally, each mussel was dissected to determine its sex and investigate the presence of 

internal parasites in relationship to the level of euendolithic infestation. 
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Photographs were processed using ImageJ (1.53e) software and properly scaled.  

For each valve of each individual mussel, the area of the shell and the cover area of each 

epibiotic species was determined by hand, using the polygon tool. For each valve,  

the percentage cover of each epibiotic species was calculated as follow: 

𝑬𝒑𝒊𝒇𝒂𝒖𝒏𝒂𝒍 𝒄𝒐𝒗𝒆𝒓 =  
𝒆𝒑𝒊𝒃𝒊𝒐𝒏𝒕 𝒂𝒓𝒆𝒂 (𝒎𝒎𝟐)

𝒘𝒉𝒐𝒍𝒆 𝒔𝒉𝒆𝒍𝒍 𝒂𝒓𝒆𝒂 (𝒎𝒎𝟐)
 × 𝟏𝟎𝟎 (5.1) 

 

Prevalence of mussels infested by epibionts was calculated as the proportion of mussels 

with at least one epibiont attached to the shell (i.e., presence/absence). 

5.2.3. Data analyses 

As field sampling was particularly ambitious and laboratory analyses extremely  

time-consuming, only data recorded from seven replicates from Kasouga (Eastern Cape) 

were analysed for this chapter, for a total of 493 mussels (i.e., 986 valves). Due to the 

complexity of the dataset, epibionts recorded on the blue mussel Mytilus galloprovincialis 

were excluded from all statistical analyses, while mussel valves without epibionts and 

epibiotic organisms for which percent cover or biomass could not be determined were 

additionnaly excluded from the statistical analyses on epibiotic communities. Data never 

fitted the assumptions of normality and homogeneity of variances for parametric tests, so 

several types of models were employed to analyse the data. 

All datasets and R scripts can be accessed and downloaded using the following link: 

https://github.com/AlexiaDievart/endolith_epibiosis. 

5.2.3.1. Relationship between mussel shell condition and epibiosis 

The relationship between euendolithic infestation levels and shell degradation indexes 

was examined using a Pearson’s χ2 test of independence. The effect of euendolithic 

infestation levels and shell degradation indexes on shell length (continuous, in mm) was 

https://github.com/AlexiaDievart/endolith_epibiosis
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assessed using a Linear Model (LM). As euendolithic infestation and shell degradation 

both covaried with shell length, the predictive variables were used separately in the 

following analyses. Generalized Linear Models (GLMs) were used to assess either the 

effect of shell length (i.e., from ]30 − 40]  to ]110 − 115]  mm), or the effect of 

euendolithic infestation and shell degradation, on the occurrence of epibiosis  

(i.e., with or without epibionts, binomial).  

5.2.3.2. Epibiotic community analyses 

Separate models were used to assess the effect of shell length, and the effects of 

euendolithic infestation, shell degradation and/or position of the epibionts on the mussel 

shell in the following analyses. 

First, epibiotic communities were described in terms of total abundance, percent cover 

and biomass of epibionts, species richness (S), species diversity, either calculated with 

Shannon-Wiener (H’) or Simpson (λ) diversity index, and species evenness, calculated 

with Pielou’s evenness index (J). Species richness is the number of different species 

represented in an ecological community (Colwell, 2009). Shannon-Wiener diversity 

index emphasizes rare species, while Simpson diversity index emphasizes common 

species (Colwell, 2009; Fedor and Spellerberg, 2013; Nagendra, 2002). Pielou’s evenness 

index indicates how evenly the individuals in an ecological community are distributed 

among the different species (Pielou, 1966).  

A series of negative binomial GLMs were used to assess the relationship between the 

total abundance of epibionts and shell length (fixed, nine levels: from ]30 − 40]  to  

]110 − 115]  mm), or euendolithic infestation (fixed, five levels: A to E) and shell 

degradation (fixed, six levels: 1 to 6), or position of the epibionts  

(fixed, 3 levels: non-infested, infested, secondary epibiosis) on the mussel shell. A series 

of zero-inflated Gamma GLMs were used to assess the relationship between the average 
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percent cover of epibionts and either shell length, or euendolithic infestation, shell 

degradation or position on the mussel shell, and the relationship between the total 

biomass of epibionts and either shell length, and euendolithic infestation and shell 

degradation, or position of the epibionts.  

A series of GLMs were used to assess the relationship between the average epibiotic 

species richness and either shell length (Poisson GLM), or euendolithic infestation and 

shell degradation (negative binomial GLM), or position of the epibionts (Poisson GLM). 

A series of Linear Models (LM) and GLM were used to assess the relationship between 

the average Shannon-Wiener diversity index (H’) and either shell length (LM), or 

euendolithic infestation and shell degradation (LM), or position of the epibionts  

(zero-inflated Gamma GLM). A series of GLMs were used to assess the relationship 

between the average Simpson’s diversity index (λ) and either shell length  

(zero-inflated Gaussian GLM), or euendolithic infestation and shell degradation  

(zero-inflated Gaussian GLM), or position of the epibionts (zero-inflated Gamma 

GLM). Finally, a series of LMs were used to assess the relationship between the average 

Pielou’s evenness index (J’) and either shell length, or euendolithic infestation and shell 

degradation, or position of the epibionts. Model fits were assessed using residual 

diagnostic tools from the ‘DHARMa’ R package (Hartig, 2022), or using the ‘appraise’ 

function from the ‘gratia’ R package (Simpson, 2022). When an effect was significant, 

pairwise comparisons using Tukey’s HSD were conducted.  

Second, multivariate analyses were performed to assess the relationship between 

epibiotic communities and either shell length, or euendolithic infestation and shell 

degradation, and/or position of the epibionts on the mussel shell.  

The relationships between abundance of both higher taxonomical groups and epibiotic 

species, and either shell length, or euendolithic infestation and shell degradation, were 
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assess using the ‘mvabund’ approach, that fits a single Generalized Linear Model (GLM) 

to each response variable with a common set of predictor variables (Wang et al., 2012), 

followed by multivariate hypothesis tests (Warton, 2008; Warton et al., 2017). The effect 

of position of the epibionts on the shell could not be analysed as the models tested could 

not calculate coefficients. Univariate hypothesis tests were then used to determine which 

epibiotic higher taxonomical groups or species were driving the differences in epibiotic 

communities between the specific predictor variables.  

The relationships between either percent cover or biomass of both higher taxonomical 

groups and epibiotic species, and shell length, euendolithic infestation, shell degradation, 

and position of the epibionts on the mussel shell, were assessed using a series of 

permutational multivariate analyses of variance (PERMANOVA) on Bray-Curtis 

dissimilarity matrices for square root transformed multivariate data, as raw data were 

heavily skewed (Lamy et al., 2015). Across all quadrats, PERMANOVA were performed 

with shell length (fixed, nine levels: from ]30 − 40] to ]110 − 115] mm), or euendolithic 

infestation (fixed, five levels: A to E), shell degradation (fixed, six levels: 1 to 6), and 

position of the epibionts on the mussel shell (fixed, two to three levels: non-infested and 

infested for percent cover, with the addition of secondary epibiosis for the biomass) as 

categorical parameters for both epibiotic percent cover and biomass. Significance of  

F-ratios was determined from 9,999 randomizations (Anderson, 2005). Permutation tests 

of multivariate dispersion (PERMDISP; Anderson, 2004) were used to check the 

homogeneity in the average dissimilarities of samples from the central location of their 

group. Similarity percentage analyses (SIMPER; Clarke and Ainsworth, 1993) were then 

used to determine the percentage contribution of each variable made to the Bray-Curtis 

dissimilarities. Epibiotic higher taxonomical groups or epibiotic species were ranked by 

their contribution to overall dissimilarity and included up to a cumulative total of 70% of 
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average dissimilarity. Differences between assemblages were visualized using:  

(1) non-metric multidimensional scaling (nMDS) ordination plots, and (2) dispersion 

plots. All methods were based on Bray-Curtis similarity matrices of either percent cover 

or biomass of epibiotic higher taxonomical groups or epibiotic species.  

Finally, a series of GLM were used to assess the relationship between either abundance 

(Poisson or negative binomial GLM), percent cover (Gamma GLM), or biomass  

(Gamma GLM), and either shell length, or euendolithic infestation, shell degradation 

and position of the epibionts, for each epibiotic higher taxonomical group and epibiotic 

species that significantly contributed to the differences between epibiotic communities. 

Model fits were assessed using residual diagnostic tools from the ‘DHARMa’ R package  

(Hartig, 2022), or using the ‘appraise’ function from the ‘gratia’ R package  

(Simpson, 2022). When an effect was significant, pairwise comparisons using  

Tukey’s HSD were conducted. 

5.3. Results 

5.3.1. Relationship between mussel shell condition and epibiosis 

There was a significant relationship between euendolithic infestation levels and shell 

degradation index (χ2 (20, N = 899) = 938.7, p < 0.001) (Figure 5.3a). Proportionally, 

mussel valves demonstrated low shell degradation indexes (i.e., 1 and 2, 0 and  

]0 − 25] %) at low levels of euendolithic infestation (i.e. A and B). Similarly, the highest 

shell degradation indexes (i.e., 5 and 6, ]75 − 100] and 100 %) were associated with 

highest levels of euendolithic infestation (i.e., D and E).  

Euendolithic infestation levels (as defined in Kaehler, 1999) and shell degradation index 

(as defined in Ma et al., 2023) were significantly correlated to mussel shell length, with 

no significant interaction (Table 5.1, Figure 5.3a,b,c). Heavily euendolith-infested 
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mussels (i.e., D and E) were significantly larger (in shell length, mm) than the less 

infested mussels (i.e., A to C) (Table S5.1, Figure 5.3b). Similarly, mussels were 

significantly larger as the area of degraded shell increased (i.e., between 1 and 4, 0 % to 

]50 − 75]  %), except between the two highest indexes (i.e., 5 and 6, ]75 − 100]  and 

100 %) (Table S5.2, Figure 5.3c).  

Table 5.1. Type II two-way ANOVA (unbalanced design) on the Linear Model (LM) of the effect of 

euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and shell degradation index 

(from 1 to 6, as defined in Ma et al., 2023) on mussel shell length. Significant p-values are underlined.   

Model used in this analysis: shell_length ~ inf.lvl + inf.percent. Interaction was not significant. 

Source of variation 
Type II 

Sum of Squares 
df F-value p-value 

Infestation level 14960 4 20.857 < 2.00 x 10-16 

Shell degradation 31483 5 35.114 < 2.00 x 10-16 

Residuals 159415 889   

 

The prevalence of epibiotic infestation significantly increased with shell length 

(Table 5.2) and was significantly lower for smaller shell length sizes (i.e., ]30 − 40] and  

]40 − 50]  mm) than for larger shell length sizes (i.e., ]50 − 110]  mm) (Table S5.3,  

Figure 5.3d). All mussels > 95 mm were infested by epibionts (Figure 5.3d). Similarly, 

the prevalence of epibiosis was significantly different between euendolithic infestation 

levels and shell degradation indexes (Table 5.3, Figure 5.3e,f).  

Table 5.2. One-way ANOVA on the Generalized Linear Model (LM) on the relationship between the 

prevalence of epibiosis and shell length range (from ]30 − 40] to ]110 − 120] in mm). Significant p-values 

are underlined.   

Model used in this analysis: epibiosis ~ length_range, family = “binomial”. 

Source of 

variation 
df Deviance  Resid. df Resid. Dev p (> Chi) 

Null   898 606.59  

Length range 8 108.14 890 498.45 < 2.2 x 10-16 
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The prevalence of epibiosis at euendolithic infestation level D was significantly higher 

than at level C (Table S5.4, Figure 5.3e), as well as at shell degradation indexes 3 and 5  

(i.e., ]25 − 50]  and ]75 − 100]  %) than when shell was not degraded (i.e., 1, 0 %)  

(Table S5.5, Figure 5.3f).  

Table 5.3. Type II two-way ANOVA (unbalanced design) on the Generalized Linear Model (GLM) of the 

effect of euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and shell degradation 

index (from 1 to 6, as defined in Ma et al., 2023) on the prevalence of epibiosis. Significant p-values are 

underlined.   

Model used in this analysis: epibiosis ~ inf.lvl + inf.percent, family = “binomial”. Interaction was not 

significant. 

Source of variation df Deviance Resid. df Resid. Dev P(> Chi) 

Null   898 606.59  

Infestation levels 4 49.346 894 557.25 4.944 x 10-10 

Shell degradation 5 14.068 889 543.18 0.015 
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Figure 5.3. (a) Proportions of mussel valves affected to each shell degradation index for each euendolithic infestation levels; (b) Average mussel shell length (in mm, ± SD) for each 

euendolithic infestation level; (c) Average mussel shell length (in mm, ±SD) for each shell degradation index. Proportion of mussel valves with and without epibionts (d) depending 

on mussel shell length (in mm), (e) for each euendolithic infestation levels, and (f) for each shell degradation index. Homogeneous groups are indicated by similar letters. 
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5.3.2. Epibiotic communities 

5.3.2.1. Epibiotic community descriptors 

Firstly, epibiotic communities were considered in terms of average total abundance, 

percent cover and biomass per mussel valve (Figure 5.4), as well as species richness (S), 

species diversity, either calculated with Shannon-Wiener (H’) or Simpson (λ) diversity 

index, and species evenness, calculated with Pielou’s evenness index (J) (Figure 5.5).  

5.3.2.1.1. Total abundance of epibionts 

Average total abundance of epibionts per mussel increased with shell length (Table 5.4) 

and was significantly lower for small shell length sizes (i.e., ]30 − 70] mm) than the large 

shell length sizes (i.e., ]80 − 110] mm) (Table S5.6, Figure 5.4a). 

Table 5.4. Type II one-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between the total abundance of epibionts per mussel and shell length range (from ]30 − 40]  to  
]110 − 120] in mm). Significant p-values are underlined.    

Model used in this analysis: abundance ~ length_range, family = “negative binomial”. 

Source of variation LR Chisq df p (> Chisq) 

Length range 184.310 8 < 2.2 x 10-16 

Residual deviance 483.850 450  

 

The average total epibiotic abundance per mussel valve was significantly different 

between euendolithic infestation levels, and close to significantly different between shell 

degradation indexes (Table 5.5, Figure 5.4b,c). Average total abundance per mussel 

valve was significantly higher at euendolithic infestation levels C and D than at level B 

(Table S5.7, Figure 5.4b). Although not significant in the previous analysis (Table 5.5), 

average total epibiotic abundance was significantly higher at shell degradation indexes 4 

and 5 (i.e., ]50 − 75] to ]75 − 100] %) than at the lowest index 1 (i.e., 0 %) (Table S5.8, 

Figure 5.4c).  
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Table 5.5. Type II two-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between the total abundance of epibionts per valve and euendolithic infestation levels (from A to E, as 

defined in Kaehler, 1999) and shell degradation index (from 1 to 6, as defined in Ma et al., 2023). 

Significant p-values are underlined.   

Model used in this analysis: abundance ~ inf.lvl + inf.percent, family = “negative binomial”. Interaction 

was not significant. 

Source of variation LR Chisq df p (> Chisq) 

Infestation level 11.365 4 0.023 

Shell degradation 10.439 5 0.064 

Residual deviance 837.40 794  

 

Finally, average total abundance of epibionts per mussel valve was significantly different 

depending on where epibionts settled on the mussel shell (Table 5.6), with the lowest 

abundances on the non-infested part of the shell, median abundances on the infested part 

of the shell and highest abundances for secondary epibiosis (Table S5.9, Figure 5.4d).  

Table 5.6. Type II one-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between the total abundance of epibionts per mussel and position on the shell (i.e., infested, non-infested, 

or secondary epibiosis). Significant p-values are underlined.   

Model used in this analysis: abundance ~ position, family = “negative binomial”. 

Source of variation LR Chisq df p (> Chisq) 

Position 43.031 2 4.529 x 10-10 

Residual deviance 1281.8 1290  

 

5.3.2.1.2. Percent cover of epibionts 

Average epibiotic percent cover was significantly different between shell length ranges 

(Table 5.7a, Figure 5.4e), and position with a significant interaction with shell 

degradation indexes, but not between euendolithic infestation levels (Table 5.7b, 

Figure 5.4f,g). Average epibiotic percent cover was significantly lower for small shell 

length sizes (i.e., ]30 − 50] mm) than larger shell length sizes (i.e., ]50 − 100] mm), with 

a non-significant drop for the most extreme shell length size (i.e., > 110 mm) 

(Table S5.10, Figure 5.4e). Average epibiotic percent cover was significantly higher on 
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the non-infested part of the shell for shell degradation indexes 2 to 4 (i.e., ]0 − 25] to 

]50 − 75] %) (Table S5.11, Figure 5.4g). 

Table 5.7. Type II Wald χ2 test on the Generalized Linear Mixed Model (GLMM) on the relationship 

between the percent cover of epibionts per mussel and (a) shell length range (from ]30 − 40]  to  
]110 − 120] in mm), and (b) euendolithic infestation levels (from A to E, as defined in Kaehler, 1999), 

shell degradation index (from 1 to 6, as defined in Ma et al., 2023) and position on the shell (i.e., infested, 

non-infested). Significant p-values are underlined.    

Models used in these analyses: (a) cover ~ length_range, family = “ziGamma(link = “log”)”, and  

(b) cover ~ inf.lvl + inf.percent + position + inf.percent:position, family = “ziGamma(link = “log”)”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Shell length range 

Length range 53.336 8 9.285 x 10-9 

Residual deviance 2971.0 432  

(b) Infestation level, shell degradation and position on the shell 

Infestation level 7.765 4 0.101 

Shell degradation 69.909 9 1.586 x 10-11 

Position 88.906 5 < 2.2 x 10-16 

Shell degradation x Position 30.244 5 1.321 x 10-5 

 

5.3.2.1.3. Total biomass of epibionts 

Average total biomass of epibionts per mussel increased with shell length (Table 5.8a, 

Figure 5.4h), and was significantly lower for small shell length sizes (i.e., ]30 − 60] mm) 

than the median shell length sizes (i.e., ]70 − 90] mm), with a non-significant drop for 

the larger shell length sizes (i.e., ]90 − 120] mm) (Table S5.12, Figure 5.4h).  

The average epibiotic total biomass per mussel valve was significantly different between 

euendolithic infestation levels and shell degradation indexes, with no significant 

interaction (Table 5.8b, Figure 5.4i,j). Average total biomass of epibionts was not 

significantly different between euendolithic infestation level A and levels B to D but 

increased significantly between euendolithic infestation levels B to D, with a  

non-significant drop at level E (Table S5.13, Figure 5i). Similarly, average epibiotic total 

biomass was significantly lower when the mussel shell was not degraded (i.e., index 1, 

0 %) than at medium levels of shell degradation (i.e., indexes 2 to 4, ]0 − 25]  to  
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]50 − 75]  %) but was not significantly different than at the highest levels of shell 

degradation (i.e., indexes 5 and 6, ]75 − 100] and 100 %) (Table S5.14, Figure 5.4j).  

In addition, average epibiotic total biomass was significantly lower at the highest shell 

degradation indexes (i.e., indexes 5 and 6, ]75 − 100]  and 100 %) than at shell 

degradation index 3 (i.e., ]25 − 50]  %) but was not significantly different at shell 

degradation indexes 2 and 4 (i.e., ]0 − 25] and ]50 − 75] %) (Table S5.14, Figure 5.4j). 

Finally, average total biomass of epibionts per mussel valve was significantly different 

depending on where epibionts settled on the mussel shell (Table 5.8c), with the lowest 

biomass on the infested part of the shell (Table S5.15, Figure 5.4k).  

 

Table 5.8. Type II Wald χ2 test on the Generalized Linear Mixed Model (GLMM) on the relationship 

between the total biomass of epibionts per mussel and (a) shell length range (from ]30 − 40]  to  
]110 − 120] in mm), (b) euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and 

shell degradation index (from 1 to 6, as defined in Ma et al., 2023), and (c) position on the shell (i.e., 

infested, non-infested, or secondary epibiosis). Significant p-values are underlined.    

Models used in these analysese: (a) biomass ~ length_range, family = “ziGamma(link = “log”)”, 

(b) biomass ~ inf.lvl + inf.percent, family = “ziGamma(link = “log”)” (interaction was not significant), 

and (c) biomass ~ position, family = “ziGamma(link = “log”)”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Shell length range 

Length range 100.85 8 < 2.2 x 10-16 

Residual deviance 4118.7 428  

(b) Infestation level and shell degradation 

Infestation level 35.379 4 3.883 x 10-7 

Shell degradation 53.437 5 2.735 x 10-10 

Residual deviance 6285.0 749  

(c) Position on the shell 

Position 83.748 2 < 2.2 x 10-16 

Residual deviance 8533.8 1202  
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Figure 5.4. Average total abundance (± SD) in epibionts for each (a) shell length range, (b) euendolithic infestation level, (c) shell degradation index, and (d) position of the epibionts 

on the mussel shell. Average percent cover (± SD) in epibionts for each (e) shell length range, (f) euendolithic infestation level, and (g) position of the epibionts on the mussel shell for 

each shell degradation index. Average total biomass (± SD) in epibionts for each (h) shell length range, (i) euendolithic infestation level, (j) shell degradation index, and (k) position of 

the epibionts on the mussel shell. Homogeneous groups are indicated by similar letters. 
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5.3.2.1.4. Species richness (S) 

A total of 55 epibiotic taxa were recorded on the mussels collected and processed for this 

investigation (Table S5.16). Among the epibionts, 19 taxa could only be identified to 

phylum, order, class, or family levels, while four taxa could only be identified to the 

genus level. The number of unique epibiotic taxa recorded increased with euendolithic 

infestation levels and shell degradation indexes (i.e., A = 25, B = 30, C = 36, D = 47, 

and 0% = 11, ]0 − 25]% = 23, ]25 − 50]% = 26, ]50 − 75]% = 39, ]75 − 100]% = 48) 

with a marked drop off at the most extreme levels (i.e., E = 18, and 100% = 18). 

Considering the position of epibionts on the mussel shell, a total of 28 taxa were 

associated with secondary epibiosis, 48 taxa with the infested part of the shell, and 

39 taxa with the non-infested part of the shell. A total of 13 taxa were common at all 

euendolithic infestation levels, while the same four taxa were common to all shell 

degradation indexes and position on the mussel shell. 

Average species richness per mussel increased significantly with shell length (Table 5.9a, 

Figure 5.5a) and was significantly lower for small shell length sizes (i.e., ]30 − 60] mm) 

than the median and larger shell length sizes (i.e., ]70 − 90]  and ]90 − 120] mm, 

respectively) (Table S5.17, Figure 5.5a). Average species richness per mussel valve was 

significantly different between euendolithic infestation levels, but not between shell 

degradation indexes, with no significant interaction observed (Tables 5.9b and S5.19, 

Figure 5.5b,c). Average species richness per mussel valve increased with euendolithic 

infestation levels and was significantly lower at level B than at levels C and D 

(Table S5.18, Figure 5.5b). Average species richness per mussel valve at the most 

extreme levels of euendolithic infestation (i.e., A and E) were, however, not significantly 

different from one another and compared to the other euendolithic infestation levels 

(i.e., B to D). Average species richness per mussel valve was significantly different 
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depending on where epibionts settled on the mussel shell (Table 5.9c), with the highest 

species richness on the infested part of the shell (Table S5.20, Figure 5.5d).  

Table 5.9. Type II ANOVA on the Generalized Linear Model (GLM) on the relationship between the 

epibiotic species richness per mussel and (a) shell length range (from ]30 − 40]  to  
]110 − 120] in mm), (b) euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and 

shell degradation index (from 1 to 6, as defined in Ma et al., 2023), and (c) position on the shell 

(i.e., infested, non-infested, or secondary epibiosis). Significant p-values are underlined.   

Models used in these analyses: (a) count ~ length_range, family = “poisson”, (b) count ~ inf.lvl + 

inf.percent, family = “negative binomial” (interaction was not significant), and (c) count ~ position,  

family = “poisson”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Shell length range 

Length range 178.28 8 < 2.2 x 10-16 

Residual deviance 367.29 450  

(b) Infestation level and shell degradation index 

Infestation 21.40 4 2.637 x 10-4 

Degradation 8.337 5 0.139 

Residual deviance 568.23 794  

(c) Position on the shell 

Position 18.258 2 1.085 x 10-4 

Residual deviance 591.33 1290  

 

5.3.2.1.5. Shannon–Wiener diversity index (H’) 

Average Shannon-Wiener diversity index (H’) values significantly increased with shell 

length (Table 5.10, Figure 5.5e) and was significantly lower for small shell length sizes  

(i.e., ]30 − 60] mm) than the median and larger shell length sizes (i.e., ]70 − 100] mm), 

with a non-significant drop for the most extreme shell length size (i.e. ]100 − 120] mm) 

(Table S5.21, Figure 5.5e).  

Table 5.33. Type II one-way ANOVA on the Linear Model (LM) on the relationship between the average 

Shannon-Wiener diversity index per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm). 

Significant p-values are underlined.   

Model used in this analysis: shannon_length ~ length_range. 

Source of variation 
Type II  

Sum of Square 
df F-value p-value 

Length range 36.498 8 20.95 < 2.2 x 10-16 

Residuals 97.996 450   
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Average Shannon-Wiener diversity index (H’) values significantly differed between 

euendolithic infestation levels, but not between shell degradation indexes, with no 

significant interaction observed (Tables 5.11 and S5.23, Figure 5.5f,g).  

Average Shannon-Wiener diversity index (H’) values per mussel valve significantly 

increased with euendolithic infestation levels and was significantly higher at levels C and 

D than at level B, with a non-significant drop at level E (Table S5.22, Figure 5.5f).  

Table 5.11. Type II two-way ANOVA on the Linear Model (LM) on the relationship between the average 

Shannon-Wiener diversity index per mussel and euendolithic infestation levels (from A to E, as defined in 

Kaehler, 1999) and shell degradation index (from 1 to 6, as defined in Ma et al., 2023). Significant p-values 

are underlined.   

Model used in this analysis: shannon_inf ~ inf.lvl + inf.percent. Interaction was not significant. 

Source of variation 
Type II  

Sum of Square 
df F-value p-value 

Infestation 7.848 4 9.141 3.194 x 10-7 

Degradation 1.840 5 1.714 0.129 

Residuals 170.430 794   

 

Average Shannon-Wiener diversity index (H’) value per mussel valve was significantly 

different depending on where epibionts settled on the mussel shell (Table 5.12), with 

higher diversity on the infested than for secondary epibiosis and on the non-infested parts 

of the shell (Table S5.24, Figure 5.5h). 

Table 5.12. Type II Wald χ2 test on the Generalized Linear Mixed Model (GLMM) on the relationship 

between the average Shannon-Wiener diversity index (H’) per mussel valve and position on the shell 

(i.e., infested, non-infested, or secondary epibiosis). Significant p-values are underlined.   

Model used in this analysis: shannon_pos ~ position, family = “ziGamma(link = “log”)”. 

Source of variation LR Chisq df p (> Chisq) 

Position 7.362 2 0.025 

Residual deviance 1900.7 1286  
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5.3.2.1.6. Simpson’s diversity index (λ) 

Average Simpson’s diversity index (λ) values increased significantly with shell length 

(Table 5.13a), with lower diversity at lower shell length sizes (i.e., ]30 − 70] mm) than at 

median and larger shell length sizes (i.e., ]70 − 120] mm) (Table S5.25, Figure 5.5i).  

The average Simpson’s diversity index (λ) values differed significantly between 

euendolithic infestation levels, but not between shell degradation indexes, with  

no significant interaction recorded (Tables 5.13b and S5.27, Figure 5.5j,k). Average 

Simpson’s diversity index (λ) value per mussel valve significantly increased with 

euendolithic infestation levels and was significantly higher at levels C and D than at level 

B, with a non-significant drop at level E (Table S5.26, Figure 5.5j). Average Simpson’s 

diversity index (λ) per mussel valve at euendolithic infestation level A was significantly 

lower than at level D but was not significantly different from levels B, C and E 

(Table S5.26, Figure 5.5j). Similarly, average Simpson’s diversity index (λ) value per 

mussel valve at euendolithic infestation level E was not significantly different from the 

other euendolithic infestation levels (Table S5.26, Figure 5.5j).   

Average Simpson’s diversity index (λ) per mussel valve did not significantly differ 

depending on where epibionts settled on the mussel shell (Table 5.13c, Figure 5.5l).  

5.3.2.1.7. Pielou’s evenness index (J’) 

Average Pielou’s evenness index (J’) values did not significantly differ between shell 

length sizes (Table 5.14a, Figure 5.5m), euendolithic infestation levels and shell 

degradation indexes (Table 5.14b, Figure 5.5n,o), or depending on where epibionts 

settled on the mussel shell (Table 5.14c, Figure 5.5p). 
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Table 5.13. Type II Wald χ2 test on the Generalized Linear Mixed Model (GLMM) on the relationship 

between the average Simpson’s diversity index (λ) per mussel and (a) shell length range (from ]30 − 40] to 
]110 − 120] in mm), (b) euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and 

shell degradation index (from 1 to 6, as defined in Ma et al., 2023), and (c) position on the shell 

(i.e., infested, non-infested, or secondary epibiosis). Significant p-values are underlined.    

Models used in these analyses: (a) simpson_length ~ length_range, family = “gaussian(link = “identity”)”, 

(b) simpson_inf ~ inf.lvl + inf.percent, family = “gaussian(link = “identity”)” (interaction was not 

significant), and (c)  shannon_pos ~ position, family = “ziGamma(link = “log”)”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Shell length range 

Length range 154.16 8 < 2.2 x 10-16 

Residual deviance – 28.0 448  

(b) Infestation level and shell degradation 

Infestation 37.661 4 < 1.316 x 10-7 

Degradation 8.491 5 0.131 

Residual deviance 79.4 788  

(c) Position on the shell 

Position 3.088 2 0.214 

Residual deviance 1345.7 1286  

  

 

 

Table 5.14. Type II ANOVAs on the Linear Model (LM) on the relationship between the average Pielou’s 

evenness index (J’) per mussel and (a) shell length range (from ]30 − 40]  to ]110 − 120]  in mm), 

(b) euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and shell degradation index 

(from 1 to 6, as defined in Ma et al., 2023), and (c) mussel position on the shell (i.e., infested, non-infested, 

or secondary epibiosis). No significant p-values were detected.    

Models used in these analyses: (a) pielou_length ~ length_range, (b) pielou_inf ~ inf.lvl + inf.percent 

(interaction was not significant), and (c) pielou_pos ~ position.  

Source of variation 
Type II  

Sum of Square 
df F-value p-value 

(a) Shell length range 

Length range 0.446 8 1.516 0.150 

Residuals 12.714 346   

(b) Infestation level and shell degradation index 

Infestation 0.021 4 0.123 0.974 

Degradation 0.139 5 0.653 0.659 

Residuals 21.488 503   

(c) Position on the shell 

Position 0.059 2 0.781 0.458 

Residuals 21.685 576   
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Figure 5.5. Average species richness (S, ± SD) in epibionts for each (a) shell length range, (b) euendolithic infestation level, (c) shell degradation index, and (d) position of the 

epibionts on the mussel shell. Average Shannon-Wiener diversity index (H’, ± SD) in epibionts for each (e) shell length range, (f) euendolithic infestation level, (g) shell degradation 

index, and (h) position of the epibionts on the mussel shell. Average Simpson’s diversity index (λ, ± SD) in epibionts for each (i) shell length range, (j) euendolithic infestation level, 

(k) shell degradation index, and (l) position of the epibionts on the mussel shell. Average Pielou’s evenness index (J’, ± SD) in epibionts for each (m) shell length range, 

(n) euendolithic infestation level, (o) shell degradation index, and (p) position of the epibionts on the mussel shell. Homogeneous groups are indicated by similar letters. 
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5.3.2.2. Multivariate analyses on epibiotic communities 

5.3.2.2.1. Abundance of epibiotic communities 

5.3.2.2.1.1. Shell length size 

In terms of abundance, epibiotic community structure was significantly affected by shell 

length sizes for both the epibiotic higher taxonomical groups and epibiotic species 

(Table 5.15, Figures 5.6a and 5.6b).  

Table 5.15. ANOVA (Wald-like test) on the many Generalized Linear Model (GLM) on the relationship 

between the abundance of (a) higher taxonomical groups or (b) epibiotic species, and shell length range 

(from ]30 − 40] to ]110 − 120] in mm). Significant p-values are underlined.    

Models used in these analysese: (a) sp_mva_group ~ abund_wide_group$length_range, family = “negative 

binomial”, and (b) sp_mva_sp ~ abund_wide_sp$length_range, family = “negative binomial”. 

Source of variation Res. df df Wald Pr(>Wald) 

(a) Higher taxonomical groups 

(Intercept) 1310    

Length range 1302 8 17.05 0.001 

(b) Epibiotic species 

(Intercept) 1310    

Length range 1302 8 19.45 0.001 

 

Bryozoans (i.e., Bryozoa), barnacles (i.e., Cirripedia), ochrophytes (i.e., Ochrophyta), 

sedentary worms (i.e., Sedentaria), bivalves (i.e., Bivalvia) and red algae 

(i.e. Rhodophyta) were largely responsible for driving the community differences in 

terms of abundance between shell length sizes (Table S5.28, Figure 5.6a). Among the 

higher taxonomical groups, species driving epibiotic community differences included: 

Tetraclita serrata and juvenile barnacles (Cirripedia), Ralfsia verrucosa (Areschoug) 

Areschoug, 1845 (Ochrophyta), Spirorbis sp. Daudin, 1800 (Sedentaria) and encrusting 

coralline algae (Rhodophyta) (Table S5.29, Figure 5.6b). 

Barnacles were significantly less abundant on the smaller shell length sizes  

(i.e., ]30 − 70]  mm) than on the larger shell length sizes (i.e., ]90 − 110]  mm) 

(Tables 5.16a and S5.30, Figure 5.6a). Abundances of Tetraclita serrata and juvenile 
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barnacles differed significantly between shell length sizes (Table 5.16b,c). Tetraclita serrata 

was absent from the shell of the smallest mussels (i.e., ]30 − 40] mm) and subsequent 

pairwise comparisons did not detect significant differences in abundance between shell 

length sizes (Table S5.31, Figure 5.6b). However, juvenile barnacles were significantly 

less abundant at smaller shell length sizes (i.e., ]30 − 40] and ]50 − 70] mm) than at 

larger shell length sizes (i.e., ]80 − 100] mm) (Table S5.32, Figure 5.6b).  

Sedentary worm abundances increased significantly increased with shell length 

(Table 5.16d), with lower abundances at smaller shell length sizes (i.e., ]30 − 50] mm) 

than at median and larger shell length sizes (i.e., ]50 − 110] mm), with a non-significant 

drop at the most extreme shell length size (i.e., > 110 mm) (Table S5.33, Figure 5.6a). 

Spirorbis sp. abundances increased significantly with shell length (Table 5.16e), with 

lower abundances at smaller shell length sizes (i.e., ]30 − 60] mm) than at larger shell 

length sizes (i.e., ]60 − 110] mm) (Table S5.34, Figure 5.6b).   

Abundances in red algae (i.e., number of separate patches) differed significantly between 

shell length sizes (Table 5.16f), however this was not detected in the subsequent pairwise 

comparisons (Table S5.35, Figure 5.6a). While encrusting coralline algae were detected 

to drive epibiotic community differences, their abundances did not differ significantly 

between shell length sizes (Table 5.16g, Figure 5.6b).   

Conversely, abundances of bryozoans, bivalves and ochrophytes did not differ 

significantly between shell length sizes (Tables 5.16h,i,j, Figure 5.6a). Although 

Ralfsia verrucosa was largely responsible for driving the changes in epibiotic communities, 

its abundances did not differ significantly between shell length sizes (Table 5.16k). It is, 

however, worth noting it was absent from the largest mussel shells  

(i.e.,  ]110 − 120] mm) (Figure 5.6b).   
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Table 5.16. Type II one-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between shell length range (from ]30 − 40] to ]110 − 120] in mm) and the abundance in (a) Cirripedia 

(barnacles), (b) Tetraclita serrata (Cirripedia), (c) juvenile Cirripedia, (d) Sedentaria (sedentary worms), 

(e) Spirorbis spp. (Sedentaria), (f) Rhodophyta (red algae), (g) Corallinales (encrusting coralline algae), 

(h) Bryozoa, (i) Bivalvia, (j) Ochrophyta, and (k) Ralfsia verrucosa (Ochrophyta), per mussel valve. 

Significant p-values are underlined.    

Models used in these analyses were coded as follow: abundance ~ length_range, family = “negative 

binomial”, except for (h) Bryozoa and (i) Bivalvia models for which family = “poisson”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Cirripedia 

Length range 184.31 8 < 2.2 x 10-16 

Residual deviance 483.85 450  

(b) Cirripedia – Tetraclita serrata 

Length range 22.98 7 0.002 

Residual deviance 121.17 121  

(b) Cirripedia (juvenile) 

Length range 30.559 8 1.683 x 10-4 

Residual deviance 293.03 278  

(d) Sedentaria 

Length range 29.613 8 2.474 x 10-4 

Residual deviance 220.67 196  

(e) Sedentaria – Spirorbis spp. 

Length range 28.882 8 3.325 x 10-4 

Residual deviance 173.72 152  

(f) Rhodophyta 

Length range 18.604 8 0.017 

Residual deviance 155.81 173  

(g) Rhodophyta – Corallinales  

Length range 14.903 8 0.061 

Residual deviance 92.253 121  

(h) Bryozoa 

Length range 2.905 8 0.940 

Residual deviance 30.106 91  

(i) Bivalvia 

Length range 3.117 7 0.874 

Residual deviance 20.350 37  

(j) Ochrophyta 

Length range 3.566 7 0.828 

Residual deviance 107.99 123  

(k) Ochrophyta – Ralfsia verrucosa  

Length range 3.333 7 0.853 

Residual deviance 108.59 122  
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Figure 5.6. Average abundance (± SD) for each shell length range (in mm) for (a) significant epibiotic higher taxonomical groups and (b) significant epibiotic species driving 

differences in community. Homogeneous groups are indicated by similar letters. 
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5.3.2.2.1.2. Euendolithic infestation and shell degradation 

In terms of abundance, the epibiotic community structure was significantly affected by 

euendolithic infestation levels and shell degradation indexes at both the higher 

taxonomical group and species levels (Table 5.17).  

Table 5.17. ANOVA (Wald-like test) on the many Generalized Linear Model (GLM) on the relationship 

between the abundance of (a) higher taxonomical groups or (b) epibiotic species and euendolithic 

infestation levels (from A to E, as defined in Kaehler, 1999) and shell degradation index (from 1 to 6, as 

defined in Ma et al., 2023). Significant p-values are underlined.   

Models used in these analyses: (a) sp_mva_group ~ abund_wide_group$inf.lvl + inf.percent,  

family = “negative binomial”, and (b) sp_mva_sp ~ abund_wide_sp$inf.lvl + inf.percent,  

family = “negative binomial”. 

Source of variation Res. df df Wald Pr(>Wald) 

(a) Higher taxonomical groups 

(Intercept) 1310    

Infestation 1306 4 10.22 0.001 

Degradation 1301 5 12.51 0.001 

(b) Epibiotic species 

(Intercept) 1310    

Infestation 1306 4 13.43 0.001 

Degradation 1301 5 14.85 0.001 

 

Barnacle, ochrophyte and red algae abundances were largely responsible for driving the 

community differences at the different euendolithic infestation levels and shell 

degradation indexes (Table S5.36, Figure 5.7a,b,c). Among the higher taxonomical 

groups, species responsible for driving the epibiotic community differences included: 

Tetraclita serrata (Cirripedia) and Corallinales (Rhodophyta) for euendolithic infestation 

levels, juvenile barnacles (Cirripedia) and Hildenbrandia lecannellieri Hariot, 1887 

(Rhodophyta) for shell degradation indexes, and Ralfsia verrucosa (Ochrophyta) for both 

euendolithic infestation levels and shell degradation indexes (Table S5.37, 

Figure 5.7d,e). 

Abundances of ochrophytes and red algae significantly differed between euendolithic 

infestation levels and shell degradation indexes (Table 5.18a, Figure 5.7a,b), with a 
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significant interaction in the case of the red algae (Table 5.18b, Figure 5.7c). 

Ochrophytes were significantly less abundant at euendolithic infestation level A than at 

level E (Table S5.38, Figure 5.7a), and significantly more abundant at shell degradation 

index 2 (i.e., ]0 − 25] %) than at index 5 (i.e., ]75 − 100] %) (Table S5.39, Figure 5.7b). 

Ralfsia verrucosa abundances did not significantly differ between euendolithic infestation 

levels and shell degradation indexes (Table 5.18c, Figure 5.7d,e). However, subsequent 

pairwise comparisons demonstrated that R. verrucosa was less abundant at euendolithic 

infestation level A than at levels D and E, although this was not significant (Table S5.40, 

Figure 5.7d), and significantly more abundant at shell degradation index 2  

(i.e.,  ]0 − 25]  %) than at index 5 (i.e., ]75 − 100]  %) (Table S5.41, Figure 5.7e). 

Conversely, abundances of red algae significantly differed between euendolithic 

infestation levels for shell degradation index 4 (i.e., ]50 − 75] %), and were significantly 

higher at level E than at other levels of euendolithic infestation (Table S5.18, 

Figure 5.7c). While Corallinales and Hildenbrandia lecannellieri were largely responsible 

for driving epibiotic community differences, their abundances did not differ significantly 

between euendolithic infestation levels and shell degradation indexes (Table 5.18d,e, 

Figure 5.7d,e). It is worth noting that H. lecannellieri was absent at the most extreme shell 

degradation indexes (i.e., 1 and 6, 0 % and 100 %) (Figure 5.7e). 

Although detected as driving epibiotic community differences, abundances in Cirripedia, 

mainly represented by Tetraclita serrata and juvenile barnacles, did not differ significantly 

between euendolithic infestations levels and shell degradation indexes (Table 5.18f,g,h, 

Figure 5.7a,b,d,e). Tetraclita serrata was absent from the lowest shell degradation index 

(i.e., 1, 0 %) (Figure 5.7e). 
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Table 5.18. Type II two-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between euendolithic infestation levels (from A to E, as defined in Kaehler, 1999) and shell degradation 

index (from 1 to 6, as defined in Ma et al., 2023) and the abundance in (a) Ochrophyta, (b) Rhodophyta, 

(c) Ralfsia verrucosa (Ochrophyta), (d) Corallinales (Rhodophyta), (e) Hildenbrandia lecannelleri 

(Rhodophyta), (f) Cirripedia, (g) Tetraclita serrata (Cirripedia), and (h) juvenile Cirripedia per mussel valve. 

Models used in these analyses were coded as follow : abundance ~ inf.lvl + inf.percent, family = “negative 

binomial”, except for (c) Ralfsia verrucosa, (d) Corallinales, (e) Hildenbrandia lecannellieri model for which 

family = “poisson”. Interaction was significant only for (b) Rhodophyta model.  

Source of variation LR Chisq df p (> Chisq) 

(a) Ochrophyta 

Infestation 10.192 4 0.037 

Degradation 11.190 5 0.048 

Residual deviance 111.30 175  

(b) Rhodophyta 

Infestation 15.808 4 3.288 x 10-3 

Degradation 11.382 5 0.044 

Interaction 21.942 9 9.066 x 10-3 

Residual deviance 185.52 236  

(c) Ochrophyta – Ralfsia verrucosa  

Infestation 8.330 4 0.080 

Degradation 10.309 5 0.067 

Residual deviance 97.728 174  

(d) Rhodophyta – Corallinales  

Infestation 5.908 4 0.206 

Degradation 4.451 5 0.487 

Residual deviance 85.10 163  

(e) Rhodophyta – Hildenbrandia lecannellieri 

Infestation 1.222 4 0.875 

Degradation 1.122 3 0.772 

Residual deviance 19.443 75  

(f) Cirripedia 

Infestation 6.524 4 0.163 

Degradation 5.047 5 0.410 

Residual deviance 495.26 482  

(g) Cirripedia – Tetraclita serrata 

Infestation 8.820 4 0.066 

Degradation 4.512 4 0.341 

Residual deviance 145.22 150  

(h) Cirripedia (juvenile) 

Infestation 3.613 4 0.461 

Degradation 3.765 5 0.584 

Residual deviance 383.12 377  
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Figure 5.7. Average total abundance per mussel valve (± SD) for (a,b,c) significant epibiotic higher taxonomical groups for each (a) euendolithic infestation levels and (b) shell 

degradation index for Cirripedia and Ochrophyta, and for (c) each euendolithic infestation levels per shell degradation index for Rhodophyta. Average total abundance per mussel 

valve (± SD) for (d,e) significant epibiotic species driving differences in community for each (e) euendolithic infestation levels and (f) shell degradation index. Homogeneous groups 

are indicated by similar letters. 
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5.3.2.2.2. Percent cover of epibiotic communities 

In terms of percent cover, epibiotic community structure was significantly affected by 

shell length size, euendolithic infestation levels, shell degradation indexes and, the 

position of the epibionts on the mussel shell, with a significant interaction between shell 

degradation index and position, for epibiotic higher taxonomical groups and epibiotic 

species (Table 5.19). nMDS plots and dispersion plots mirrored the PERMANOVA 

results and detected clear group separation between the mussel’s biological variables 

(i.e., shell length, euendolithic infestation level and degree of shell degradation) 

(Figures 5.8 and 5.9).  

 

Table 5.19. PERMANOVA on the effect of environmental variables on the percent cover of (a) epibiotic 

higher taxonomical groups and (b) epibiotic species. Significant p-values are underlined. 

Source of variation Sum of Squares df R2 F-value p-value 

(a) Higher taxonomical groups 

Length range 17.720 8 0.042 6.453 0.001 

Infestation 3.710 4 0.009 2.703 0.001 

Degradation 10.460 5 0.025 6.096 0.001 

Position 15.510 1 0.037 45.187 0.001 

Infestation x Position 1.660 4 0.004 1.208 0.212 

Degradation x Position 2.050 4 0.005 1.494 0.045 

Residual 371.090 1081 0.879   

Total 422.210 1107 1.000   

(b) Epibiotic species 

Length range 18.370 8 0.039 5.893 0.001 

Infestation 3.310 4 0.007 2.126 0.001 

Degradation 8.380 5 0.018 4.300 0.001 

Position 14.610 1 0.031 37.477 0.001 

Infestation x Position 1.530 4 0.003 0.980 0.500 

Degradation x Position 2.080 4 0.004 1.332 0.078 

Residual 421.310 1081 0.897   

Total 469.590 1107 1.000   
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In terms of percent cover, SIMPER analyses indicated that the following higher epibiotic 

taxonomical groups collectively accounted for 70% of the dissimilarity between shell 

length sizes, euendolithic infestation levels, shell degradation indexes and position of the 

epibionts on the mussel shell: Cirripedia, Ochrophyta, Rhodophyta and Sedentaria 

(Tables S5.43, S5.44, S5.45 and S5.46, Figures 5.10a and 5.11). In particular, 

the following epibiotic species or taxa collectively accounted for 70% of the dissimilarity: 

Tetraclita serrata, Chthamalus dentatus and juvenile barnacle (Cirripedia), Ralfsia verrucosa 

(Ochrophyta), Hildenbrandia lecannellieri and Corallinales (Rhodophyta), and Spirorbis sp. 

and Spirobranchus kraussii (Baird, 1864) (Sedentaria) (Tables S5.47, S5.48, S5.49 and 

S5.50, Figures 5.10b and 5.12).  

 

 

Figure 5.8. Similarity in percent cover of epibiotic communities, with non-metric multidimensional scaling (nMDS) plots 

for (a) higher epibiotic functional groups, and (b) epibiotic species. 
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Figure 5.9. Similarity in percent cover of epibiotic communities with dispersion plots for the effect of (a,e) shell length size, (b,f) euendolithic infestation levels, (c,g) shell degradation 

indexes, and (d,h) position of the epibionts on the mussel shell, for either (a,b,c,d) higher epibiotic functional groups or (e,f,g,h) epibiotic species.  
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5.3.2.2.2.1. Shell length size 

Percent cover of barnacles was significantly different between shell length sizes 

(Table 5.20a), but subsequent pairwise comparisons did not detect any differences 

(Table S5.51, Figure 5.10a). Tetraclita serrata and Chthamalus dentatus covers did not differ 

significantly between shell length sizes (Table 5.20b,c), while juvenile barnacle cover was 

significantly higher at larger shell length sizes (i.e., ]100 − 110] mm) than at smaller and 

median shell length sizes (i.e., ]30 − 100] mm) (Tables 5.20d and S5.52, Figure 5.10b). 

Tetraclita serrata was absent from the smallest shell length size (i.e., ]30 − 40]  mm) 

(Figure 5.10b). The percentage cover of ochrophytes, represented by Ralfsia verrucosa, 

was significantly lower for a larger shell length size (i.e., ]80 − 90] mm) than for the 

smallest shell length size (i.e., ]30 − 40]  mm) (Table 5.20e,f, S5.53 and S5.54, 

Figure 5.10a,b). Percent cover of red algae was significantly different between shell 

length sizes (Table 5.20g), but subsequent pairwise comparisons did not detect any 

differences (Table S5.55, Figure 5.10a). While Hildenbrandia lecannellieri cover did not 

significantly differ between shell length sizes (Table 5.20h, Figure 5.10b), the encrusting 

Corallinale cover were significantly lower at a larger shell length size  

(i.e.,  ]90 − 100]  mm) than at a median shell length size (i.e., ]70 − 80]  mm) 

(Tables 5.20i and S5.56, Figure 5.10b). Hildenbrandia lecannellieri was absent from the 

most extreme shell length sizes (i.e., ]30 − 40] and ]110 − 120] mm) (Figure 5.10b).  

The percentage cover of encrusting worms was significantly different between shell 

length sizes (Table 5.20j), but subsequent pairwise comparisons did not detect any 

differences (Table S5.57, Figure 5.10a). Spirobranchus kraussii cover was significantly 

different between shell length sizes (Table 5.20k), however this was not detected in 

subsequent pairwise comparisons (Table S5.58, Figure 5.10b). Spirobranchus kraussii was 

absent from the smallest shell length sizes (i.e., ]30 − 50]  mm) (Figure 5.10b). 
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Conversely, percent cover of Spirorbis sp. did not significantly differ between shell length 

sizes (Table 5.20l, Figure 5.10b).  

Table 5.20. Type II one-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between shell length ranges (from ]30 − 40] to ]110 − 120] in mm) and the average percent cover of 

(a) Cirripedia (barnacles), (b) Tetraclita serrata (Cirripedia), (c) Chthamalus dentatus (Cirripedia), 

(d) Cirripedia (juvenile), (e) Ochrophyta, (f) Ralfsia verrucosa (Ochrophyta), (g) Rhodophyta (red algae), 

(h) Hildenbrandia lecannellieri (Rhodophyta), (i) Corallinales (Rhodophyta), (j) Sedentaria  

(sedentary worms), (k) Spirobranchus kraussii (Sedentaria), and (l) Spirorbis spp. (Sedentaria). Significant p-

values are underlined.   

Models used in these analyses were coded as follow: cover ~ length_range, family = “Gamma”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Cirripedia 

Length range 51.475 8 2.125 x 10-8 

Residual deviance 1121.6 324  

(b) Cirripedia – Tetraclita serrata 

Length range 12.624 7 0.082 

Residual deviance 121.68 121  

(c) Cirripedia – Chthamalus dentatus 

Length range 7.170 8 0.518 

Residual deviance 54.540 60  

(d) Cirripedia (juvenile) 

Length range 109.780 8 < 2.2 x 10-16 

Residual deviance 432.700 259  

(e) Ochrophyta 

Length range 19.580 7 0.007 

Residual deviance 159.120 121  

(f) Ochrophyta – Ralfsia verrucosa 

Length range 19.286 7 0.007 

Residual deviance 143.920 121  

(g) Rhodophyta 

Length range 23.733 8 0.003 

Residual deviance 340.42 165  

(h) Rhodophyta – Hildenbrandia lecannellieri 

Length range 8.391 6 0.211 

Residual deviance 56.987 56  

(i) Rhodophyta - Corallinales 

Length range 27.938 8 4.863 x 10-4 

Residual deviance 177.900 121  

(j) Sedentaria 

Length range 22.566 8 0.004 

Residual deviance 501.950 194  

(k) Sedentaria – Spirobranchus kraussii 

Length range 17.498 6 0.008 

Residual deviance 57.424 69  

(l) Sedentaria – Spirorbis spp. 

Length range 9.339 8 0.315 

Residual deviance 189.030 144  
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Figure 5.10. Average percent cover (± SD) for each shell length range (in mm) for (a) significant epibiotic higher taxonomical groups and (b) significant epibiotic species driving 

differences in community. Homogeneous groups are indicated by similar letters. 
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5.3.2.2.2.2. Euendolithic infestation, shell degradation and position 

The percentage cover of barnacles was significantly different between shell degradation 

indexes, but not between euendolithic infestation levels and position of the epibionts on 

the mussel shell (Table 5.21a, Figure 5.11a,b,c). Percent cover in barnacles was 

significantly higher at median shell degradation index (i.e., 3, ]25 − 50]  %) than at 

higher shell degradation index (i.e., 5, ]75 − 100]  %) (Table S5.59, Figure 5.11b). 

Juvenile barnacle percentage cover was significantly different between euendolithic 

infestation levels and shell degradation indexes, with a significant interaction, but not 

between position of the epibionts on the mussel shell (Table 5.21b, Figure 5.12c,d). 

Juvenile barnacle percentage cover was significantly lower at euendolithic infestation 

level B than at levels C and D, for a median shell degradation index (i.e., 4, ]50 − 75] %) 

(Table S5.60, Figure 5.12d). Percent cover in juvenile barnacles peaked at euendolithic 

infestation level C for a median shell degradation index (i.e., 3, ]25 − 50] %), however 

this was not detected as significant (Figure 5.12d). Conversely, percent cover in 

Tetraclita serrata did not significantly differ between euendolithic infestation levels and 

shell degradation indexes, and between the infested and non-infested portions of the 

mussel shell (Table 5.21c, Figure 5.12a,b,c). 

The percentage cover of ochrophytes was significantly different between position of the 

epibionts on the mussel shell, with a significant interaction with shell degradation 

indexes, but not between euendolithic infestation levels (Table 5.21d, Figure 5.11a,d). 

The percent cover of ochrophytes on the non-infested portion was significantly higher 

than on the infested portion of the mussel shell at the median shell degradation index 

(i.e., 4, ]50 − 75]  %) (Table S5.61, Figure 5.11d). Surprisingly, the percent cover of 

R. verrucosa was significantly different between position of the epibionts on the mussel 

shell, with a significant interaction with euendolithic infestation levels, but not between 
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shell degradation indexes (Table 5.21e, Figure 5.12b,e). Ralfsia verrucosa percentage cover 

was significantly higher on the non-infested portion than on the infested portion of the 

mussel shell for euendolithic infestation level B (Table S5.62, Figure 5.12e).  

Red algae cover, expressed as a percentage, were significantly different between shell 

degradation indexes and position of the epibionts on the mussel shell, but not between 

euendolithic infestation levels (Table 5.21f, Figure 5.11a,b,c). While there were no 

significant differences between the shell degradation indexes (Table S5.63, Figure 5.11b), 

the percentage cover of red algae was significantly higher on the non-infested part of the 

shell than on the infested part (Table S5.64, Figure 5.11c). Percent cover in H. lecannellieri 

was significantly different between interacting shell degradation indexes and position of 

the epibionts on the mussel shell, but not between euendolithic infestation levels 

(Table 5.21g, Figure 5.12a,f). However, the subsequent pairwise comparisons did not 

detect any differences in the percent cover of H. lecannellieri (Table S5.65, Figure 5.12f). 

Percent cover of encrusting Corallinales was significantly different between euendolithic 

infestation levels (Table 5.21h), however this was not detected in subsequent pairwise 

comparisons (Table S5.66, Figure 5.12a), and between shell degradation indexes, with a 

significant interaction with position of the epibionts on the shell (Table 5.21h, 

Figure 5.12g). The percentage cover of corallinales was significantly higher on the 

infested part than on the non-infested part of the mussel shell for both shell degradation 

indexes 2 and 5 (i.e., 2, ]0 − 25] and ]75 − 100] %) (Table S5.67, Figure 5.12g). 

The percentage cover of the encrusting worms was significantly different between the 

interacting shell degradation indexes and position of the epibionts on the mussel shell, 

but not between euendolithic infestation levels (Table 5.21i, Figure 5.11a,e). Subsequent 

pairwise comparisons did not detect significant differences in percent cover of encrusting 

worms (Table S5.68, Figure 5.11e). Percent cover of Spirobranchus kraussii was 
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significantly different between position of the epibionts on the mussel shell, but not 

between the different euendolithic infestation levels or shell degradation indexes 

(Table 5.21j, Figure 5.11a,b,c). Percent cover of S. kraussii was significantly higher on the 

infested than on the non-infested part of the mussel shell (Table S5.69, Figure 5.12c). 

However, percent cover of Spirorbis sp. was extremely low (i.e., < 1%) compared to other 

epibiotic species and did not significantly differ between euendolithic infestation levels, 

shell degradation indexes and position of the epibionts on the mussel shell (Table 5.21k, 

Figure 5.12a,b,c).  

Table 5.21. Type II three-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between euendolithic infestation levels (from A to E, as defined in Kaehler, 1999), shell degradation index 

(from 1 to 6, as defined in Ma et al., 2023) and position of the epibionts on the shell (i.e., infested, non-

infested) and the average percent cover of (a) Cirripedia (barnacles), (b) Cirripedia (juvenile), 

(c) Tetraclita serrata (Cirripedia), (d) Ochrophyta, (e) Ralfsia verrucosa (Ochrophyta), (f) Rhodophyta (red 

algae), (g) Hildenbrandia lecannellieri (Rhodophyta), (h) Corallinales (Rhodophyta), (i) Sedentaria (sedentary 

worms), (j) Spirobranchus kraussii (Sedentaria), and (k) Spirorbis spp. Significant p-values are underlined. 

Models used in these analyses were coded as follow: (a),(c),(f),(j) cover ~ inf.lvl + inf.percent + position,  

family = “Gamma”, (b),(k) cover ~ inf.lvl * inf.percent + position, family = “Gamma”,  

(d),(g),(h),(i) cover ~ inf.lvl + inf.percent * position, family = “Gamma”, (e) cover ~ inf.lvl * position + 

inf.percent, family = “Gamma”. Interactions were not significant for (a),(c),(f),(j),(k) models.  

Source of variation LR Chisq df p (> Chisq) 

(a) Cirripedia 

Infestation 6.672 4 0.154 

Degradation 19.250 5 0.002 

Position 1 x 10-4 1 0.994 

Residual deviance 2139.300 574  

(b) Cirripedia (juvenile) 

Infestation 34.883 4 4.909 x 10-7 

Degradation 41.796 5 6.477 x 10-8 

Position 0.336 1 0.562 

Infestation x Degradation 78.527 10 9.753 x 10-13 

Residual deviance 671.380 401  

(c) Cirripedia – Tetraclita serrata 

Infestation 1.538 4 0.820 

Degradation 7.765 4 0.101 

Position 2 x 10-4 1 0.989 

Residual deviance 148.180 176  

(d) Ochrophyta 

Infestation 6.832 4 0.145 

Degradation 3.675 5 0.597 

Position 17.114 1 3.520 x 10-5 
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Table 5.21 (continued). 

Source of variation LR Chisq df p (> Chisq) 

(d) Ochrophyta (continued) 

Degradation x Position 12.911 4 0.012 

Residual deviance 219.920 187  

(e) Ochrophyta – Ralfsia verrucosa 

Infestation 4.238 4 0.375 

Degradation 5.392 5 0.370 

Position 11.777 1 5.996 x 10-4 

Infestation x Position 12.353 3 6.266 x 10-3 

Residual deviance 198.610 186  

(f) Rhodophyta 

Infestation 3.317 4 0.506 

Degradation 13.905 5 0.016 

Position 28.088 1 1.159 x 10-7 

Residual deviance 477.420 287  

(g) Rhodophyta – Hildenbrandia lecannellieri 

Infestation 8.313 4 0.081 

Degradation 3.711 3 0.294 

Position 3.581 1 0.058 

Degradation x Position 10.241 2 0.006 

Residual deviance 64.744 82  

(h) Rhodophyta - Corallinales 

Infestation 11.984 4 0.017 

Degradation 12.435 5 0.029 

Position 0.224 1 0.636 

Degradation x Position 18.017 4 0.001 

Residual deviance 217.660 178  

(i) Sedentaria    

Infestation 3.781 4 0.436 

Degradation 6.152 5 0.103 

Position 2.576 1 0.109 

Degradation x Position 10.100 3 0.018 

Residual deviance 880.410 316  

(j) Sedentaria – Spirobranchus kraussii 

Infestation 4.957 4 0.292 

Degradation 8.384 4 0.078 

Position 14.873 1 1.150 x 10-4 

Residual deviance 59.143 74  

(k) Sedentaria – Spirorbis spp. 

Infestation 6.575 4 0.160 

Degradation 8.137 5 0.149 

Position 1.504 1 0.220 

Infestation x Degradation 2.798 7 0.903 

Residual deviance 255.370 224  
 



172 
 

 

Figure 5.11. Average percent cover per mussel valve (± SD) of significant epibiotic higher taxonomical groups for (a) euendolithic infestation levels for all significant epibiotic higher 

taxonomical groups, (b) shell degradation indexes and (c) position of the epibionts on the mussel shell for Cirripedia and Rhodophyta, and position of the epibionts on the mussel for 

each shell degradation index for (d) Ochrophyta and (e) Sedentaria. Homogeneous groups are indicated by similar letters. Inf: infested; Non-inf: non-infested portion of the mussel 

shell. 
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Figure 5.12. Average percent cover per mussel valve (± SD) of significant epibiotic species for (a) euendolithic infestation levels, (b) shell degradation indexes and (c) position of the 

epibionts on the mussel shell, as well as for (d) euendolithic infestation levels for each shell degradation index for juvenile barnacles, and position of the epibionts on the mussel shell 

for (e) each euendolithic infestation level for Ralfsia verrucosa, and each shell degradation index for (f) Hildenbrandia lecannellieri and (g) Corallinales. Homogeneous groups are 

indicated by similar letters. Inf: infested; Non-inf: non-infested portion of the mussel shell. 
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5.3.2.2.3. Biomass of epibiotic communities 

In terms of biomass, the epibiotic community structure was significantly affected by shell 

length size, euendolithic infestation levels, shell degradation indexes, and position of the 

epibionts on the mussel shell, with a significant interaction between euendolithic 

infestation levels and position, for epibiotic higher taxonomical groups and epibiotic taxa 

(Table 5.22). nMDS plots and dispersion plots mirrored the PERMANOVA results and 

detected clear group separation between mussel’s biological variables (i.e., shell length, 

euendolithic infestation levels, shell degradation indexes and position of the epibionts on 

the mussel shell) (Figures 5.13 and 5.14).  

Table 5.22. PERMANOVA on the effect of environmental variables on the biomass of (a) epibiotic higher 

taxonomical groups and (b) epibiotic species. Significant p-values are underlined. 

Source of variation Sum of Squares df R2 F-value p-value 

(a) Higher taxonomical groups 

Length range 13.351 8 0.047 4.82 0.001 

Infestation 3.970 4 0.014 2.880 0.001 

Degradation 9.606 5 0.034 5.574 0.001 

Position 19.233 2 0.067 27.902 0.001 

Infestation x Position 4.275 8 0.015 1.550 0.009 

Degradation x Position 2.665 7 0.009 1.105 0.275 

Residual 233.683 678 0.815   

Total 286.783 712 1.000   

(b) Epibiotic species 

Length range 13.330 8 0.045 4.536 0.001 

Infestation 3.848 4 0.013 2.619 0.001 

Degradation 8.773 5 0.029 4.777 0.001 

Position 15.839 2 0.053 21.561 0.001 

Infestation x Position 4.399 8 0.015 1.497 0.011 

Degradation x Position 2.775 7 0.009 1.079 0.327 

Residual 249.041 678 0.836   

Total 298.004 712 1.000   

 

  



175 
 

 

In terms of biomass, SIMPER analyses indicated that the broad taxonomic groups, 

Cirripedia, Ochrophyta, Rhodophyta and Bryozoa, accounted for 70% of the 

dissimilarity between shell length sizes, euendolithic infestation levels, shell degradation 

indexes and position of the epibionts on the mussel shell: (Tables S5.70, S5.71, S5.72 and 

S5.73, Figures 5.15 and 5.16). In particular, the following epibiotic species or taxa 

collectively accounted for 70% of the dissimilarity: Tetraclita serrata (Cirripedia), 

Ralfsia verrucosa (Ochrophyta), Hildenbrandia lecannellieri and Gelidium pristoides 

(Rhodophyta), and Electra verticillata (Ellis & Solander, 1786) and unidentified bryozoans 

(Bryozoa) (Tables S5.74, S5.75, S5.76 and S5.77, Figures 5.15 and 5.17). 

 

Figure 5.13. Similarity in biomass of epibiotic communities, with non-metric multidimensional scaling (nMDS) plots for 

(a) higher epibiotic functional groups, and (b) epibiotic species. 
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Figure 5.14. Similarity in biomass of epibiotic communities with dispersion plots for the effect of (a,e) shell length size, (b,f) euendolithic infestation levels, (c,g) shell degradation 

indexes, and (d,h) position of the epibionts on the mussel shell, for either (a,b,c,d) higher epibiotic functional groups or (e,f,g,h) epibiotic species. 
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5.3.2.2.3.1. Shell length size 

Biomass of barnacles, and especially Tetraclita serrata, was significantly different between 

shell length sizes (Table 5.23a,b), although subsequent pairwise comparisons did not 

detect any differences (Table S5.78 and S5.79, Figure 5.15). Tetraclita serrata was absent 

from the mussel shell at the smallest shell length size (i.e., ]30 − 40] mm, Figure 5.15b). 

Biomass of ochrophytes, red algae and bryozoans, respectively represented by 

Ralfsia verrucosa, Hildenbrandia lecannellieri, and Electra verticillata and unidentified 

bryozoans, did not differ significantly between shell length sizes (Table 5.23c,d,e,f,g,h, 

Figure 5.15a,b). Ralfsia verrucosa was absent from the mussel shell at the highest shell 

length size (i.e.,]110 − 120] mm), while red algae, especially Hildenbrandia lecannellieri, 

were absent from the most extreme shell length sizes (i.e., ]30 − 40]  and  

]110 − 120] mm) (Figure 5.15a,b). Amongst the bryozoans, Electra verticillata was absent 

from the largest shell length sizes (i.e., ]90 − 120] mm) (Figure 5.15a,b).  
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Table 5.23. Type II one-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

between shell length range (from ]30 − 40]  to ]110 − 120]  in mm) and the average biomass in 

(a) Cirripedia, (b) Tetraclita serrata (Cirripedia), (c) Ochrophyta, (d) Ralfsia verrucosa (Ochrophyta), 

(e) Rhodophyta, (f) Hildenbrandia lecannellieri (Rhodophyta), (g) Bryozoa, and (h) Electra verticillata 

(Bryozoa) per mussel. Significant p-values are underlined.   

Models used in these analyses were coded as follow: biomass ~ length_range, family = “Gamma”. 

Source of variation LR Chisq df p (> Chisq) 

(a) Cirripedia 

Length range 16.011 7 0.025 

Residual deviance 232.200 121  

(b) Cirripedia – Tetraclita serrata 

Length range 14.493 7 0.043 

Residual deviance 221.660 118  

(c) Ochrophyta 

Length range 8.145 7 0.320 

Residual deviance 190.210 118  

(d) Ochrophyta – Ralfsia verrucosa 

Length range 8.111 7 0.323 

Residual deviance 190.310 119  

(e) Rhodophyta 

Length range 10.103 6 0.120 

Residual deviance 229.740 81  

(f) Rhodophyta – Hildenbrandia lecannellieri 

Length range 10.008 6 0.124 

Residual deviance 70.640 56  

(g) Bryozoa 

Length range 8.166 8 0.418 

Residual deviance 69.075 91  

(h) Bryozoa – Electra verticillata 

Length range 2.280 5 0.809 

Residual deviance 42.473 40  

 

 

 

 



179 
 

 

Figure 5.15. Average biomass (in mg, ± SD) for each shell length range (in mm) for (a) significant epibiotic higher taxonomical groups and (b) significant epibiotic species driving 

differences in community. Homogeneous groups are indicated by similar letters. 
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5.3.2.2.3.2. Euendolithic infestation, shell degradation and position 

Biomass of barnacles, especially Tetraclita serrata, was significantly different between the 

interacting euendolithic infestation levels and shell degradation indexes, but not between 

position of the epibionts on the mussel shell (Table 5.24a,b, Figures 5.16c,d and 5.17c,d). 

However, subsequent pairwise comparisons did not detect any significant differences 

between euendolithic infestation levels for each shell degradation index (Tables S5.80 

and S5.81, Figures 5.16c,d and 5.17c,d).  

Red algae biomass was significantly different between euendolithic infestation levels, but 

not between shell degradation indexes or position of the epibionts on the mussel shell 

(Table 5.24c, Figure 5.16a,b,c). Biomass of the red algae was significantly higher at 

euendolithic infestation level D than at levels A and B (Table S5.82, Figure 5.16a). 

Biomass of Hildenbrandia lecannellieri was significantly different between euendolithic 

infestation levels, and shell degradation indexes in interaction with position 

(Table 5.24d, Figure 5.17a,f). The biomass of Gelidium pristoides was significantly 

different between euendolithic infestation levels, shell degradation indexes and position, 

with significant interactions (Table 5.24e, Figure 5.17e,g). Biomass of H. lecannellieri was 

significantly higher at euendolithic infestation level C than at level D (Table S5.83, 

Figure 5.17a), while biomass in G. pristoides as a secondary epibiont was significantly 

lower than on the non-infested and infested parts of the mussel shell for euendolithic 

infestation level D (Table S5.86, Figure 5.17g). Subsequent pairwise comparisons 

between position for each shell degradation index for H. lecannellieri, and between 

euendolithic infestation levels for each shell degradation index for G. pristoides, did not 

detect any significant differences (Tables S5.84 and S5.85, Figure 5.17e,f).  
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The biomass of ochrophytes and bryozoans, and their specific representatives, did not 

differ significantly between mussel’s biological parameters, with no significant 

interactions observed (Table 5.24f,g,h,j, Figures 5.16a,b,c and 5.17a,b,c). Surprisingly, 

biomass of the bryozoan Electra verticillata was significantly higher at euendolithic 

infestation level B than at level D (Tables 5.24i and S5.87, Figure 5.17a).  

Table 5.24. Type II three-way ANOVA on the Generalized Linear Model (GLM) on the relationship 

betweeneuendolithic infestation levels (from A to E, as defined in Kaehler, 1999), shell degradation index 

(from 1 to 6, as defined in Ma et al., 2023) and position of the epibionts on the shell (i.e., infested, non-

infested) and the average biomass of (a) Cirripedia, (b) Tetraclita serrata (Cirripedia), (c) Rhodophyta, 

(d) Hildenbrandia lecannellieri (Rhodophyta), (e) Gelidium pristoides (Rhodophyta), (f) Ochrophyta, 

(g) Bryozoa, (h) Ralfsia verrucosa (Ochrophyta), (i) Electra verticillata (Bryozoa), and (j) unidentified Bryozoa 

per mussel valve. Significant p-values are underlined.   

Models used in these analyses were coded as follow: (a),(b),(c) biomass ~ inf.lvl * inf.percent + position, 

family = “Gamma”, (d) biomass ~ inf.lvl + inf.percent * position, family = “Gamma”, (e) biomass ~ 

inf.lvl * inf.percent + position + inf.lvl:position, family = “Gamma”, (f),(g),(h),(i),(j) biomass ~ inf.lvl + 

inf.percent + position, family = “Gamma”. Interactions were not significant for the (f(,(g),(h),(i), and (j) 

models. 

Source of variation LR Chisq df p (> Chisq) 

(a) Cirripedia 

Infestation 1.799 4 0.773 

Degradation 6.534 4 0.163 

Position 1.752 2 0.416 

Infestation x Degradation 15.460 7 0.044 

Residual deviance 291.810 187  

(b) Cirripedia – Tetraclita serrata 

Infestation 1.693 4 0.792 

Degradation 6.623 4 0.157 

Position 1.230 2 0.541 

Infestation x Degradation 15.285 4 0.033 

Residual deviance 273.060 179  

(c) Rhodophyta 

Infestation 11.017 4 0.026 

Degradation 3.457 4 0.485 

Position 2.217 2 0.330 

Residual deviance 375.790 119  

(d) Rhodophyta – Hildenbrandia lecannellieri 

Infestation 18.235 4 0.001 

Degradation 1.269 3 0.736 

Position 2.896 2 0.235 

Degradation x Position 6.475 2 0.039 

Residual deviance 105.940 86  
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Table 5.24 (continued). 

Source of variation LR Chisq df p (> Chisq) 

(e) Rhodophyta – Gelidium pristoides 

Infestation 11.604 3 0.009 

Degradation 31.483 3 6.727 x 10-7 

Position 14.584 2 6.810 x 10-4 

Infestation x Degradation 11.181 3 0.011 

Infestation x Position 7.330 2 0.026 

Residual deviance 7.328 15  

(f) Ochrophyta 

Infestation 2.022 4 0.732 

Degradation 2.096 5 0.836 

Position 4.599 2 0.100 

Residual deviance 317.230 187  

(g) Bryozoa 

Infestation 7.205 3 0.066 

Degradation 2.342 3 0.505 

Position 0.452 2 0.798 

Residual deviance 72.548 113  

(h) Ochrophyta – Ralfsia verrucosa 

Infestation 1.993 4 0.737 

Degradation 2.039 5 0.844 

Position 4.429 2 0.109 

Residual deviance 317.920 188  

(i) Bryozoa – Electra verticillata 

Infestation 6.706 2 0.035 

Degradation 6.639 3 0.084 

Position 0.578 2 0.749 

Residual deviance 33.887 52  

(j) Bryozoa – unidentified Bryozoa 

Infestation 2.033 3 0.566 

Degradation 0.179 2 0.914 

Position 0.100 2 0.951 

Residual deviance 31.283 53  
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Figure 5.16. Average biomass per mussel valve (± SD) of significant epibiotic higher taxonomical groups for (a) euendolithic infestation levels, (b) shell degradation indexes and  

(c) position of the epibionts on the mussel shell for all significant epibiotic higher taxonomical groups (except Cirripedia for a,b), and euendolithic infestation level for each shell 

degradation index for (d) Cirripedia. Homogeneous groups are indicated by similar letters. Inf: infested; Non-inf: non-infested portion of the mussel shell. 
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Figure 5.17. Average biomass per mussel valve (± SD) of significant epibiotic species for (a) euendolithic infestation levels, (b) shell degradation indexes and (c) position of the 
epibionts on the mussel shell, as well as for euendolithic infestation levels for each shell degradation index for (d) Tetraclita serrata, (e) Gelidium pristoides and (f) Hildenbrandia 

lecannellieri, and for (g) position of the epibionts on the mussel shell for each euendolithic infestation level for Gelidium pristoides. Homogeneous groups are indicated by similar letters. 

II epibio: secondary epibiosis; Inf: infested; Non-inf: non-infested portion of the mussel shell. 
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5.4. Discussion 

It was anticipated that euendolithic infestation would increase in intensity and cover 

with mussel shell length, which would in turn influence the associated epibiotic 

communities in terms of occurrence, abundance, cover, and biomass. As the corrosive 

activity of euendolithic infestation destroys the antifouling properties of the mussel shell 

and increases its roughness, epibionts were expected to be more prevalent and more 

abundant with increasing levels of euendolithic infestation. However, the continual 

euendolith-induced weakening of the mussel shell could increase the instability of the 

mussel shell as a substratum, thus the cover and biomass of epibionts was expected to 

increase from low to medium levels of euendolithic infestation and shell degradation, 

and to decrease at the highest levels of euendolithic infestation. 

5.4.1. General relationship between mussel shell condition and epibiosis 

Euendolithic infestation levels and the area of degraded shell both increased significantly 

with mussel shell length (and thus, mussel age), which is consistent with previous studies 

(Kaehler, 1999; Lourenço et al., 2017; Ma et al., 2023; Marquet et al., 2013;  

Ndhlovu et al., 2021b; Webb, 1999; Zardi et al., 2009). Kaehler (1999) evaluated the 

degree of euendolith-induced damage on the mussel shell using both the area of 

degraded shell and the depth of penetration of euendoliths (i.e., erosion of outer growth 

lines, formation of grooves and pits). Euendolithic infestation categories defined by 

Kaehler (1999) were subsequently used in later studies (e.g., Zardi et al., 2009;  

Marquet et al., 2013; Ndhlovu et al., 2021). Recently, Ma et al. (2023) proposed to solely 

use the area of shell exhibiting euendolithic degradation, rather than the overall degree of 

damage, to investigate barnacle epibiosis on the mussel Mytilus galloprovincialis.  

Here, both euendolithic infestation levels (i.e., degree of shell damage) and the 
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percentage of degraded shell were recorded to investigate how they relate to each other. 

While the percentage of degraded shell tended to increase with euendolithic infestation 

levels, these two scales did not converge as expected. For example, high levels of 

euendolithic infestation as defined by Kaehler (1999) are characterized by heavily pitted 

and deformed shells, with almost completely or completely absent outer growth lines 

and euendolith-induced erosion spreading past the central portions of the mussel shell. 

On occasions, these characteristics (i.e., heavy pits, deformations, absence of outer 

growth lines) were recorded in mussels for which less than 50 % of the shell was 

degraded. The classification of euendolith-induced damages based solely on the surface 

of degraded shell (as in Ma et al., 2023) may overlook how corroded and irregular the 

mussel shell surface is. When investigating epibiosis, the correct definition of the 

substratum conditions (e.g., texture, available space) is critical, as it directly and 

indirectly influences the possible settlement and survival of epibionts. Considering 

mussel shell as a substratum, euendolithic infestation levels offer specific insights on the 

texture and roughness of the mussel shell and can be further refined by the area of 

degraded shell, making both scales complementary.  

Prevalence, abundance, percent cover and biomass of epibiotic organisms generally 

increased with shell length, levels of euendolithic infestation and the area of degraded 

shell, before diminishing at the highest ranges (i.e., > 100 mm in shell length, infestation 

level E, and > 75 % of degraded shell). Similarly, species richness and diversity 

(Shannon-Wiener and Simpson’s indexes) of epibonts, increased with shell length, 

euendolithic infestation levels and the area of degraded shell, although the relationship 

with the latter was not always significant. In addition, abundance, species richness and 

Shannon-Wiener diversity index values were higher on the infested than on the  

non-infested part of the mussel shell. The positive relationship between the occurrence, 
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abundance, species richness and species diversity of epibiotic organisms and mussel shell 

length is not unexpected, as larger, thus older, mussels would be exposed to propagules 

of epibiotic organisms for longer periods of time (Creed, 2000; Smyth and Roberts, 2010; 

Thomason et al., 2002). As mussel beds are naturally densely packed, larger mussels 

would also present a larger shell surface exposed for epibiotic colonisation  

(Keough, 1983). Prolonged exposure of the mussel shell may also explain higher levels of 

euendolithic infestation, and thus the subsequent expansion of the area of degraded shell 

(Kaehler, 1999; Marquet et al., 2013; Ndhlovu et al., 2021b; Webb, 1999;  

Zardi et al., 2009). The corrosive activity of euendoliths creates pits and grooves on the 

mussel shell, further destroying its microtopography and its antifouling properties  

(Bers et al., 2010; Bers and Wahl, 2004; Scardino et al., 2003; Scardino and  

de Nys, 2004). This influences the texture of the mussel shell by increasing its roughness, 

which has been demonstrated to favour the attachment of selected epibionts, such as 

barnacles (Berntsson et al., 2000; Köhler et al., 1999), and can be explained by the 

‘attachment point’ theory (Scardino et al., 2009, 2008, 2006). Moreover, the presence of 

pits and grooves in the mussel shell may further provide a refuge for epibionts during 

their settling stage (Crisp, 1955; Walters and Wethey, 1996). The positive relationship 

between occurrence, abundance, species richness and species diversity of epibiotic 

organisms with euendolithic infestation levels (i.e., degree of shell damage), and the 

higher abundance of epibionts on the degraded portion of the mussel shell, can possibly 

be explained by the increased settlement success and the selection of a favourable 

microhabitat on the mussel shell by epibiotic larvae and spores. Moreover,  

the abundance of epibionts was highest for secondary epibionts (i.e., epibionts settling on 

epibionts already attached to the mussel shell), which could be explained by the 

gregariousness of many epibiotic species, which settlement is favoured by the presence of 
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conspecifics. On the other hand, the corrosive activity of euendoliths on the mussel shell 

is continuous and will ultimately expand to the entire shell, therefore increasing 

substratum instability (i.e., risks of sudden shell collapse). Living attached on an unstable 

substratum could potentially reduce the attachment strength of the epibionts to the 

substratum, increasing its susceptibility to drag forces or predation, and slow down its 

growth, delaying its maturation and reproduction (Wahl, 1989). Indeed, the percent 

cover and biomass of epibiotic organisms increased with shell length, although for 

mussels > 60 mm in length, values were highly variable. Epibiotic communities on 

smaller mussels are driven by the settlement and attachment of epibionts, as smaller 

mussels have been exposed to colonisation for shorter periods of time and the available 

space for colonisation is not limited. Later, direct, and indirect interactions among 

epibionts, and between the epibionts and the basibiont, as well as fluctuating 

environmental conditions, drive the dynamics of the epibiotic community, which could 

explain their observed variability in percent cover and biomass on larger mussels. 

Similarly, percent cover, biomass, species richness and species diversity of epibonts 

reached a plateau when the area of degraded shell exceeded 50 %. In contrast with 

abundance, percent cover and biomass of epibionts was higher on the non-infested part 

of the mussel. The observed pattern can likely be explained by a lower growth and 

survival rates of epibionts on the infested, unstable portions of the mussel shell. Species 

evenness was not significantly different between the above-mentioned shell 

characteristics, although consistently high (J’ > 0.75), indicating that epibiotic species are 

similarly abundant between shell length sizes, euendolithic infestation levels, shell 

degradation indexes and position of the epibionts on the mussel shell. 
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5.4.2. Epibiotic communities associated with the mussel shell 

By and large, sessile organisms, such as barnacles, encrusting ochrophytes and 

rhodophytes, sedentary worms and bryozoans, were the main drivers of the differences 

in the epibiotic community found on mussel shells of different sizes and levels of 

euendolithic infestation. It should be noted, however, that the epibiotic community 

composition recorded on the mussel shells during this study was highly variable, which 

made the interpretation of the results difficult. The composition of the epibiotic 

community displayed marked differences in abundance, percent cover and biomass and 

was significantly influenced by shell length, euendolithic infestation level, shell 

degradation index and position of the epibionts on the mussel shell.  

5.4.2.1. Mussel shells as a refuge for a diverse epibiotic community 

On marine hard substrates, the relative composition of epibiotic communities fluctuates 

in space and time and is influenced by a wide array of abiotic and biotic factors, 

including the life-history traits of both basibiont and epibionts, seasonality in the 

recruitment and mortality of epibionts, the biological interactions within and between 

species (i.e., intra- and interspecific competition for space, predation), and the size and 

stability of the substratum, amongst others (Dayton, 1971; Keough, 1984, 1983;  

Osman, 1977; Smyth and Roberts, 2010; Vance, 1988; Wahl, 2009, 1989; Ward and 

Thorpe, 1991).  

During this study, barnacles and sedentary worms generally increased in abundance with 

an increase in mussel shell length. As larger, thus older, mussels were exposed to 

colonisation by epibionts for longer periods of time, it is logical to observe an increase in 

the abundance of newly settled epibiotic organisms with length. In addition, barnacles 

and sedentary worms were recorded on specific portions of the mussel shell, often in 

groups of conspecifics. Juvenile barnacles were also common secondary epibionts of 
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larger barnacles. The early colonisation of the mussel shell by barnacles and sedentary 

worms favour the later settlement of conspecifics until the area is overcrowded, which is 

a well-known gregarious behaviour for these organisms (Grosberg, 1982;  

Kent et al., 2003; Knight-Jones, 1951). Barnacles mostly settled and developed near the 

mussel siphonal apertures on the posterior portion of the shell, whereas Spirorbis sp. were 

mostly recorded on the ventral and anterior portion of the shell, where the byssus 

naturally exits. In the case of barnacles, two hypotheses could explain their position on 

the mussel shell. Firstly, mussels can be too densely packed for the entire mussel shell to 

be equally available for colonisation, so much that either the posterior portion of the 

shell constituted the only exposed site available for colonisation by barnacle cyprids or 

the cyprids settling on the anterior portions of the shell were eliminated by unfavourable 

conditions at early stages of development (Laihonen and Furman, 1986). Secondly,  

the settlement of barnacle cyprids is an active process and is favoured by strong currents 

(Crisp, 1955), in this case near the mussel siphonal apertures (Laihonen and  

Furman, 1986). As for Spirorbis sp., recruits are attracted to dark-coloured or shaded 

substratum (James and Underwood, 1994; Knight-Jones, 1951), explaining their 

concentrations at the antero-ventral portion of the mussel shell, which is orientated 

towards the underlying substrate and thus almost always shaded. 

Percentage cover of encrusting algae, mainly Ralfsia verrucosa (Ochrophyta) and 

Hildenbrandia lecannellieri and Corallinales (Rhodophyta), generally decreased with 

mussel shell length, although it was variable for the red algae. By contrast, the biomass 

of both encrusting ochrophytes and rhodophytes, represented solely by H. lecannellieri, 

tended to increase with mussel shell length. Encrusting algae, such as ochrophytes and 

red algae, are considered as inferior competitors for the occupation of primary space due 

to their slow growth rates, their susceptibility to grazers and given that they are easily 
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overgrown by foliose macroalgae (Steneck, 1986; Steneck et al., 1991). Competition for 

space intensifies on the mussel shell as the epibiotic community develops and covers 

more surface area, often to the detriment of encrusting algae. While their percentage 

cover on the shell proportionally diminishes, the overall biomass of encrusting algae 

increases as they grow thicker, which ultimately lowers their growth rates and fecundity 

but increases their resistance to grazing and their competitive abilities  

(Bertness et al., 1983; Maneveldt and Keats, 2008; Steneck, 1986; Zeeman et al., 2013). 

Indeed, a competitive hierarchy exists between encrusting algae, with thicker thalli 

generally overgrowing thinner ones (i.e., interference competition) and thinner thalli 

growing faster, thus occupying more space, than thicker ones (i.e., exploitation 

competition) (Keats et al., 1994; Maneveldt and Keats, 2008; Steneck, 1986;  

Steneck et al., 1991). On rock surfaces, the less palatable Hildenbrandia sp. was 

commonly overgrown by large patches of Ralfsia verrucosa or foliose macroalgae in the 

absence of grazers, though this overgrowth was not always lethal (Bertness et al., 1983; 

Madikiza, 2006; Underwood, 2006). During this investigation, competition between 

R. verrucosa and H. lecannellieri was not observed as these encrusting algae were seldom 

recorded on the same mussel shell. Ralfsia verrucosa has not been observed settling 

directly on established Hildenbrandia sp. patches on rock surfaces (Bertness et al., 1983), 

which is rarely fouled by other opportunistic epibionts (Madikiza, 2006). The presence of 

Hildenbrandia sp. thus likely inhibits the settlement of R. verrucosa, and potentially other 

epibiotic organisms (Bertness et al., 1983; Madikiza, 2006), which may explain why both 

encrusting algae were not simultaneously observed on the same mussel shell during the 

current  study. Similarly, Corallinales crusts remains largely free of epibiotic organisms 

owing to the antifouling properties of their epithallial layer (Steneck, 1986).  



192 
 

The percentage cover and biomass of barnacles were not influenced by mussel shell 

length, although the percentage cover of Tetraclita serrata tended to decrease, and its 

biomass to increase, with mussel size. Biomass of the foliar Gelidium pristoides 

(Rhodophyta) also tended to increase with mussel shell length. It is worth noting that 

encrusting Corallinales were mostly recorded around the umbo of shell, while 

R. verrucosa, H. lecannellieri and the foliar G. pristoides were all recorded on the posterior 

portion of the mussel shell, where barnacles concentrated, and often as secondary 

epibionts on barnacle plates. The encrusting algae appeared to inhibit barnacle 

settlement, as few newly settled barnacles were observed to recruit on encrusting algae 

(Bertness et al., 1983). Conversely, the presence of encrusting and foliose algae was 

strongly associated with large barnacles, which agrees with previous observations 

(Bertness et al., 1983). Barnacles appears to represent areas of reduced grazing pressure 

as their plates are not easily traversible by macrograzers (Bertness et al., 1983; Carter and 

Anderson, 1991). This is especially true for tall specimens such as Tetraclita serrata. 

Moreover, in the case of G. pristoides, encrusting algae appeared to enhance recruitment 

of the foliose macroalgae and barnacles to provide better attachment than other substrata 

(Carter and Anderson, 1991; Jernakoff, 1986). In addition to their susceptibility to 

grazers, foliose macroalgae, such as G. pristoides, and crustose coralline algae are also 

susceptible to desiccation and sun damage (Carter and Anderson, 1991; Steneck, 1986).  

In addition to being a secondary substratum for epibiotic settlement (Lohse, 1993), 

mussel shells may represent a refuge for algae from direct consumption by macrograzers, 

and from bulldozing as a by-product of grazing activity for other epibionts. Mussel shells 

are less easily traversible than bare rocks, especially in association with epibiotic 

barnacles (Bertness et al., 1983; Carter and Anderson, 1991). However, mussels beds are 

commonly inhabited by a wide array of associated species, including predators and 
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grazers (Seed and Suchanek, 1992; Suchanek, 1985). As a consequence, mussel beds are 

an inefficient refuge for most epibionts in the face of common macrograzers, such as sea 

urchins and gastropods (O’Connor and Crowe, 2007; Witman, 1985). Not all encrusting 

and foliose algae are equally susceptible to grazing, which could explain the persistence 

of less palatable algal species on mussel shells, such as Ralfsia verrucosa and 

Hildenbrandia lecannellieri (Bertness et al., 1983). Besides space, a large set of interactions 

arises from the intricate structure of the mussel beds that could influence epibiotic 

assemblages. Amongst others, the physical and biological properties of mussel beds 

increase water retention and shading, thus providing a protection against desiccation and 

solar irradiance for associated infaunal and epibiotic communities (Gutiérrez et al., 2019; 

Lathlean and McQuaid, 2017; Lawrie and McQuaid, 2001; Nicastro et al., 2010; 

Nicastro et al., 2020; Santelices and Martínez, 1988). Furthermore, during incoming 

tides, mussels eject faecal materials that are rich in ammonium and other nutrients, 

which could benefit epibiotic algae and barnacles (Laihonen and Furman, 1986; 

Santelices and Martínez, 1988). Fully understanding the relationship between mussel 

beds and their epibiotic communities would thus require investigating many interacting 

physical and biological components of this bioengineered ecosystem.  

5.4.2.2. Living attached on a degrading substratum 

Amongst previously mentioned abiotic and biotic factors influencing epibiosis, 

substratum size and stability through time is an essential aspect for the survival and 

success of epibionts which ultimately shapes the development of epibiotic assemblages 

(Osman, 1977; Wahl, 2009). According to the intermediate disturbance hypothesis, 

mildly disturbed substratum of intermediate size would support the highest diversity of 

epibionts but would be disturbed before dominance occurs (Osman, 1977;  

Petraitis et al., 1989). Meanwhile, small and often disturbed substrata support reduced 
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epibiotic diversity and their epibiotic assemblages would reflect immediate settlement 

whereas large substrata that remains stable for long periods of time are the theatre of an 

epibiotic succession, that achieves the dominance of one or a few species (Osman, 1977; 

Petraitis et al., 1989). As mussels grow larger and older, the corrosive activity of 

photoautotrophic euendoliths infesting the superficial layer of the mussel shell weakens 

the whole structure of the shell (i.e., disturbance) for associated epibionts. Both the depth 

and the area of degraded shell increases as euendolithic infestation progresses, 

potentially influencing epibiotic communities until the mussel ultimately dies as a 

consequence of shell dismantlement (Kaehler and McQuaid, 1999; Ma et al., 2023; 

Marquet et al., 2013; Ndhlovu et al., 2021b). As a by-product of their corrosive activity, 

photoautotrophic euendoliths cause the whitening of the mussel shell on the degraded 

area, which is in stark contrast to the naturally occurring dark-coloured periostracum. 

Substratum colour may influence the settlement, attachment strength, growth and 

survival of epibiotic organisms (Dobretsov et al., 2013; James and Underwood, 1994; 

Richmond and Seed, 1991; Siddik and Satheesh, 2021; Yule and Walker, 1984). In this 

way, the influence of this continuous disturbance (i.e., corrosive activity of euendolithic 

infestation) and its consequences on the properties of the mussel shell (i.e., texture, 

stability, colour) on the associated epibiotic community might be subtle, as its outcome is 

dependent on the local biotic and abiotic conditions (Mackey and Currie, 2000; 

Svensson et al., 2009). 

Barnacles, especially Tetraclita serrata, and encrusting algae (i.e., ochrophytes and red 

algae) generally increased in abundance (i.e., number of isolated patches) with increasing 

shell degradation, until such time that the mussel shell was too degraded to support 

epibiotic colonization. By creating pits and grooves through their corrosive activity, 

photoautotrophic euendoliths modify the microtopography of the mussel shell and its 
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physical antifouling properties (Bers et al., 2010; Bers and Wahl, 2004; Scardino et al., 

2003; Scardino and de Nys, 2004), and increase the shell roughness (Thieltges and 

Buschbaum, 2007). According to the ‘attachment point’ theory, rougher surfaces display 

topographic features larger than the epibiont’s body or attachment organ dimension and 

therefore that provide more attachment points for adhesion (Scardino et al., 2009, 2008, 

2006). Rougher surfaces favour the attachment of selected epibionts, such as barnacles 

(Berntsson et al., 2000; Köhler et al., 1999) and some algae (Fletcher and Callow, 1992; 

Harlin and Lindbergh, 1977), which was demonstrated on mussel shells in this study. In 

addition to maximizing adhesion, rougher surfaces may provide a refuge against 

dislodgment, predation and environmental stressors, such as desiccation and high solar 

irradiance, for epibionts in their settling stage (Crisp, 1955; Raimondi, 1990; Walters and 

Wethey, 1996; Zeeman et al., 2013). For example, barnacle cyprids settled in octopus 

drill holes in the shells of live kelp snails or in grooves of various experimental substrata 

(Crisp and Barnes, 1954; Schmitt et al., 1983). Although this was not assessed at the 

species level during the current investigation, the overall abundance of epibionts was 

higher on the infested portion than on the non-infested portion of the mussel shell. 

Juvenile barnacles were often observed in the grooves and cracks on the infested portion 

of the mussel shell. Substratum colour may also have played a role in the preference for 

epibionts to settle on the light-coloured infested portion of the mussel shell. Larvae and 

spores of most epibionts preferentially settle on dark substrata (James and  

Underwood, 1994; Swain et al., 2006; Thorson, 1964; Yule and Walker, 1984). 

However, in the intertidal, surfaces remain emersed from the water and are being 

exposed to high solar irradiance for extended periods of time. As they absorb more light, 

exposed dark surfaces are warmer than light surfaces, which is true for non-infested and 

infested mussel shells (Zardi et al., 2016). Substratum colour can thus indirectly 
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influence associated organisms, as intertidal molluscs displayed lower body temperatures 

on the light-coloured infested mussels than on the dark-coloured non-infested mussels 

(Chapter 3 published as Dievart et al., 2023; Zardi et al., 2023). This is potentially the 

case for epibionts at a finer scale, which could reinforce the preference for settlement on 

the infested portion of the mussel shell.  

By contrast, the percentage cover and biomass of barnacles, largely represented by 

Tetraclita serrata, and algae (i.e., ochrophytes represented by Ralfsia verrucosa, and red 

algae, represented by the encrusting Hildenbrandia lecannellieri and either Corallinales for 

percentage cover, or the foliar Gelidium pristoides for biomass) generally increased from 

low to mild levels of shell degradation. Although variable, the cover and biomass 

generally decreased at higher levels of shell degradation. The large barnacle 

Tetraclita serrata was absent from mussel shells that were not degraded, while the 

encrusting red algae Hildenbrandia lecannellieri was absent at the most extreme levels of 

shell degradation (i.e., lowest, and highest). Mild levels of shell degradation imply that 

the substratum is still relatively stable, which could have allowed enough time for the 

barnacles and encrusting algae to grow and thus increase their survival rates. Meanwhile, 

lower levels of shell degradation comprised of mostly smaller (i.e., < 50 mm),  

thus younger, mussels, which could explain the lower cover and biomass of barnacles 

and encrusting algae, as these mussels might have been less exposed to colonization and 

overgrowth by epibionts. Ultimately, the higher levels of shell degradation may have 

rendered the substratum too instable to support large numbers of epibionts. This pattern 

is akin to the intermediate disturbance hypothesis (Mackey and Currie, 2000;  

Petraitis et al., 1989; Svensson et al., 2009, 2007). Although this was not the case for 

barnacles, the percentage cover and biomass of algae was generally higher on the non-

infested than on the infested portion of the mussel shell. Once the non-infested portion of 
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the mussel shell was entirely covered, algae were observed to grow towards the only 

available spaces, that is the infested portion of the mussel shell and large barnacles. 

Considering algae, Ralfsia verrucosa (Ochrophyta) and Hildenbrandia lecannellieri 

(Rhodophyta) were observed to settle predominantly around barnacles, although they 

are both resistant to grazers (Bertness et al., 1983) and seemingly strongly attached to the 

substratum (Keats et al., 1994). This was also the case for Gelidium pristoides 

(Rhodophyta), which has a greater attachment strength on barnacles and mollusc shells 

than on other substrata (Carter and Anderson, 1991). Barnacles settle predominantly on 

the posterior part of the mussel shell, which is also where the last portion of the shell 

degraded by the activity of photoautotrophic euendoliths. Encrusting and foliose algae 

thus settle and grow on the non-infested portion of the mussel shell. Moreover,  

partially-detached Ralfsia crusts appear to enhance recruitment of G. pristoides (Carter and 

Anderson, 1991), further concentrating the settlement of algal epibionts towards the  

non-infested portion of the mussel shell. As the mussel shell becomes increasingly 

unstable, algae increase their cover area towards the infested portion of the mussel shell 

up to a certain point thanks to their vegetative means of propagation and their 

regenerative capabilities (Bertness et al., 1983; Fletcher and Callow, 1992;  

Keats et al., 1994). 

Depending on the epibiotic species considered, different strategies allow for the growth 

and survival of epibionts after their settlement on a continuously degrading substratum. 

As euendolithic infestation progresses, the diversity of the epibiotic community increases 

until the mussel shell is too unstable to support epibiotic life. After this point, the 

attachment of epibionts to the mussel shell is insufficient to avoid dislodgement and 

ensure their survival on large, heavily infested mussels.  
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5.4.3. Interactions between euendolithic infestation and epibiosis 

Epibionts are limited by the amount of stable space available for colonization and 

subsequent survival and growth, and can benefit from better environmental conditions 

depending on their position on the mussel shell (Wahl, 1989). The intensity and cover of 

euendolithic infestation increased with mussel shell length, as did the abundance of 

epibionts (Ma et al., 2023; Marquet et al., 2013). Using mussel length as a proxy of age, 

larger, older, mussels are exposed to potential colonization by epibionts for longer 

periods of time, which likely explains higher epibiotic abundance on the larger shells. 

Since the corrosive activity of photoautotrophic euendoliths destroys the shell 

microtopography and its physical antifouling properties (Bers et al., 2010;  

Scardino et al., 2003),  the increased roughness of the infested mussel shell favours the 

settlement of epibionts, especially barnacles (Ma et al., 2023; Marquet et al., 2013). 

Abundance of epibionts was higher on the infested than on the non-infested part of the 

mussel shell, whereas the inverse was true for the percentage cover and biomass of 

epibionts. Besides the modification of the mussel shell properties by the activity of 

euendolithic infestation (i.e., texture, stability, colour), species-specific patterns of 

abundance could also reflect the level of shell roughness (Berntsson et al., 2000; 

Schumacher et al., 2007), or an artefact of the different survival of epibionts on the 

different region of the shell where they settled (Laihonen and Furman, 1986) or by 

mortality due to the settlement and growth of other epibionts (Denley and  

Underwood, 1979). As euendolithic infestation progresses, the amount of stable space 

available for epibiotic survival and growth decreases. According to the intermediate 

disturbance hypothesis, the percentage cover and biomass of epibiotic community on the 

mussel shell increased from low to mild levels of shell degradation, and subsequently 

decreased at the highest levels of shell degradation. Indeed, as epibionts grow, they are 
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subject to increased drag forces, which increases their risk of dislodgement.  

This is particularly true for those epibionts that grow tall, have a hard shell and a limited 

number of attachment points to the substratum (e.g., barnacles). This phenomenon is 

less relevant for encrusting organisms (e.g., corallinales, encrusting ochrophytes) or 

organisms that can modulate their susceptibility to drag forces (i.e., algae attached with a 

holdfast) or their attachment strength (e.g., bivalves). On the contrary, the main 

competitive risk for encrusting algae would be the overgrowth or shading by barnacles or 

foliose algae, which impede growth (Keats et al., 1994; Zeeman et al., 2013). However, 

the unshaded portions of encrusting algae can support the shaded portions if connected 

(Underwood, 2006), and it was observed that encrusting and foliose algae often 

overgrow barnacles. 

Epibionts can have both negative and positive effects on their basibiont. Overgrowth by 

epibionts indirectly increases drag forces on the basibiont contributing to increased 

mortality through dislodgement (Bell, 2013; Bers and Wahl, 2004; Garner and  

Litvaitis, 2013; Thieltges and Buschbaum, 2007; Witman and Suchanek, 1984). 

Epibiosis can also interfere with the basibiont’s physiological processes (Thieltges and 

Buschbaum, 2007; Wahl, 2008). Mussels overgrown by epibionts have a reduced 

condition index (Bell, 2013; de Sá et al., 2007), lower reproductive output (Dittman and 

Robles, 1991) and in some cases, lower growth (Dittman & Robles, 1991; Buschbaum 

and Saier, 2001, but see Laihonen & Furman, 1986; Bell, 2013; Garner and Litvaitis, 

2013), and increased production of byssal threads and attachment strength (Garner and 

Litvaitis, 2013). In the scope of euendolithic infestation, the greater the level of 

infestation, the less strongly the mussel attaches to the underlying rocky substratum as it 

allocates more energy towards shell repair (Kaehler, 1999; Marquet et al., 2013; 

Ndhlovu et al., 2022; Zardi et al., 2009). Epibiotic overgrowth of euendolith-infested 
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mussels may thus increase their susceptibility to drag forces, on already weakened 

attachment points. That said, the presence of epibionts may influence the energetic 

budget allocation of the mussel towards a higher production of byssal threads  

(Garner and Litvaitis, 2013) in response to the increase risk of dislodgement, at the 

expense of other important processes, such as shell repair and reproductive output. 

Indeed, euendolithic infestation of the mussel already negatively affect its shell strength, 

condition index, reproduction and scope of growth, amongst others (Kaehler and 

McQuaid, 1999; Ndhlovu et al., 2022, 2021a; Zardi et al., 2009). With the additional 

load on the mussel shell, epibiotic and euendolithic infestations may have synergetic 

detrimental effects on the fitness of mussels. Whereas specific epibionts can induce 

‘associational resistance’ for their basibiont by reducing susceptibility to predation, for 

example of starfish on mussels (Laudien and Wahl, 2004, 1999; Wahl, 2009), others can 

trigger a ‘shared doom’ scenario by attracting predators, parasites and other epibionts 

(Enderlein, 2003; Wahl, 2008; Wahl and Hay, 1995). Euendolith-infested mussels are 

more susceptible to crushing predators, such as crabs and lobsters, as the strength of their 

shell is weakened by the corrosive activity of euendoliths (Kaehler and McQuaid, 1999; 

Zardi et al., 2009). Being overgrown by epibionts could not only attract predators, but 

also improve their handling of the mussels (Enderlein, 2003), with potential detrimental 

consequences on mussel populations on the rocky shores. It is worth noting that the 

portion of the mussel shell situated directly under the base of barnacles was often intact, 

although the barnacles were surrounded by degraded shell. Despite the negative effects 

of epibiosis on the mussel basibiont, epibionts have the potential to protect the shell from 

euendolithic infestation, since they reduce light availability to the photoautotrophic 

euendoliths (Cho et al., 2022). It, therefore, follows that epibionts might also reduce the 

beneficial effects of euendolithic infestation on mussel temperatures during heatwaves 
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(Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2021, 2016), although 

epibionts can themselves protect the mussel beds from temperature and desiccation stress 

(Gutiérrez et al., 2019). Further studies are, however, required to test this hypothesis. 

5.5. Conclusions 

Through their corrosive boring activity, photoautotrophic euendoliths influence the 

quantity and quality of habitat provided by mussel shells for epibiotic organisms on the 

rocky shores. Euendolithic infestation tended to favour the settlement of epibionts, but 

the continuous degradation of the mussel ultimately impeded their survival and growth. 

There is a complex trade-off between the development of euendolithic infestation on the 

mussel shells and colonization by epibionts which is further influenced by species 

interactions within the epibiotic community. This investigation represents a first attempt 

to explore the relationship between euendolithic infestation and epibiosis on mussel 

shells. A more detailed analysis will be critical to disentangle the interactive effects of 

mussel shell condition on the epibiotic community fitness and structure.  
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CHAPTER 6 

SYNTHESIS AND CONCLUSION 

Understanding the influence of parasitism on ecosystems has been rooted in the common 

agreement that being parasitized is detrimental to the host organism (Price, 1977).  

In other words, non-infested hosts have a higher fitness than their infested conspecifics. 

While many studies have documented cases where parasites benefit their hosts 

(Michalakis et al., 1992; Thomas et al., 2000), the benefits they provide exist only under 

specific conditions and depend on abiotic and biotic factors. Parasites influence 

ecosystem properties and functions, by indirectly altering species coexistence, ecosystem 

engineering, trophic interactions and biogeochemical cycles (Hatcher et al., 2012;  

Wood and Johnson, 2015). In the case of ecosystem engineers, parasites can indirectly 

interfere with the host’s engineering capacities (Pascal et al., 2020; Thomas et al., 1999, 

1998), and thus influence the associated ecological communities by altering the provision 

of habitat and facilitative interactions from which they depend, especially in stressful 

environments (Bertness and Callaway, 1994; Bruno et al., 2003; Crain and  

Bertness, 2006). Global climate change and habitat modification challenge the roles of 

ecosystem engineers (Coggan et al., 2018; Wernberg et al., 2016; Wild et al., 2011), 

while emphasizing their importance as a refuge from increasing abiotic stress for a wide 

array of associated species (Cartwright and Williams, 2014; Jurgens and Gaylord, 2018; 

Lathlean and McQuaid, 2017; Wright et al., 2006; Wright and Gribben, 2017). 

Assessing the indirect influence of parasites on ecosystem engineers by investigating their 

associated ecological communities is critical to predicting the response of of ecological 

systems to global climate change. 
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6.1. Ecosystem engineering mediated by euendolithic infestation in 

mussels 

Bivalves act as both autogenic and allogenic ecosystem engineers in aquatic habitats 

worldwide (Gutiérrez et al., 2003; Hammond and Griffiths, 2006; Lathlean and 

McQuaid, 2017). On the rocky shores, mussel beds provide a physical habitat for both 

infaunal and epibiotic species (Gutiérrez et al., 2003; Palomo et al., 2007;  

Suchanek, 1985) and a refuge against predators (Lintas and Seed, 1994; Thiel and 

Dernedde, 1994; Witman, 1985). In addition to their autogenic engineering capacities, 

mussel beds mitigate both temperature and desiccation stress under extreme 

environmental conditions (Gutiérrez et al., 2019; Helmuth, 1998; Jurgens and  

Gaylord, 2018; Nicastro et al., 2020; Stephens and Bertness, 1991), prevent the physical 

erosion of sediments (Bertness, 1984b; Widdows et al., 2002) and participate in the 

transport of solutes and organic particles (Crooks and Khim, 1999; Tsuchiya and 

Nishihira, 1985).  

Because the engineering properties of mussel beds are affected by individual trait 

variations (Cole, 2010; Nicastro et al., 2020; Palomo et al., 2007; Tsuchiya and 

Nishihira, 1986; Zardi et al., 2015), as well as abiotic and biotic factors (Garner and 

Litvaitis, 2017; Kaehler and McQuaid, 1999; Nicastro et al., 2019; Reimer and 

Tedengren, 1997; Tummon Flynn et al., 2020), infestation by diverse parasites can have 

a dramatic effect on the ecological communities associated with mussel beds.  

Most studies investigating photoautotrophic euendoliths in ecosystem engineers have 

focused on the taxonomic identification of the microorganisms involved, as well as the 

influence of abiotic conditions on the prevalence and intensity of euendolithic infestation 

(reviewed in Chapter 2, published as Dievart et al., 2022). While the negative and 
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positive impacts of euendolithic infestation have been demonstrated at the individual 

and patch level (Kaehler and McQuaid, 1999; Lourenço et al., 2017;  

Ndhlovu et al., 2022, 2021a; Zardi et al., 2016), few studies have investigated if these are 

manifested on the associated ecological communities (Chapter 3 published as  

Dievart et al., 2023; Zardi et al., 2023). Using a combination of manipulative in situ and 

laboratory-based experiments, the current study investigated the indirect influence of 

shell-boring microscopic parasites (i.e., photoautotrophic euendoliths), through the 

alteration of mussels’ life-history traits, on the infaunal and epibiotic communities 

associated with Perna perna mussel beds along the south-east coast of South Africa.  

6.1.1. Shell colour polymorphism and indirect thermal benefits 

Notwithstanding their lethal and sub-lethal effects, the beneficial effect of euendolithic 

infestation, through the whitening of the shell, has been demonstrated on the body 

temperatures of infested mussels, and their survival rates to heatwaves, within 

aggregations and in solitary individuals (Gehman and Harley, 2019; Zardi et al., 2016). 

The thermal benefit of euendolithic infestation extends to neighbouring mussels, so that 

the interstitial spaces in infested mussel beds were cooler and more humid than in non-

infested mussel beds (Lourenço et al., 2017). Interestingly, the indirect influence of 

euendolithic infestation on the temperature and relative humidity of mussel beds is 

comparable to the direct influence of genetically-based behaviours (i.e., gaping) in 

mussel beds comprising of different mussel species or genetic lineages  

(Nicastro et al., 2020, 2012). Indeed, within-bed temperature and relative humidity were 

lower and higher respectively in Perna perna mussel beds, a gaping (i.e., periodic valve 

movement during emersion) mussel, than in Mytilus galloprovincialis, a non-gaping mussel 

(Nicastro et al., 2012). Similarly, eastern lineage P. perna mussel beds were more 

structurally complex (i.e., number of byssal threads) and provided a more benign 
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microscale environment (i.e., temperature and relative humidity) than beds made up of 

western lineage P. perna or M. galloprovincialis (Nicastro et al., 2020). Thermal buffering 

by euendoliths is, however, context-dependent and restricted in space and time to 

stressful environmental conditions (i.e., high solar irradiance, no overcast, low wind 

speed) (Gehman and Harley, 2019; Lourenço et al., 2017; Monsinjon et al., 2021;  

Zardi et al., 2021, 2016). In their quality of ecosystem engineers, the protection against 

heat and desiccation stresses offered by mussel beds to associated intertidal organisms 

was expected to be enhanced by euendolith-induced improvements in temperature and 

humidity (Lourenço et al., 2017), in a similar fashion than such improvements arose 

from genetically-based differences in behaviours (Nicastro et al., 2020, 2012).  

Colour polymorphism (i.e., body colour and pattern) is a common phenomenon in a 

range of terrestrial and aquatic species, including intertidal bivalves and gastropods 

(Roulin, 2004; Williams, 2017). Although the body colour and pattern of individuals are 

genetically-based, colour polymorphism has an adaptive function related to abiotic and 

biotic factors in the habitat (Roulin, 2004; Schilthuizen, 2013; Williams, 2017).  

In the case of shelled molluscs, the frequency of shell colours and patterns is influenced 

by physical stressors, such as exposition to solar irradiance, salinity, and desiccation 

(Etter, 1988; Johnson, 2011; Mitton, 1977), and by biotic stressors, such as predation 

(Manríquez et al., 2009; Nagarajan et al., 2002). In Chapter 3 (published as  

Dievart et al., 2023), the benefit of euendolithic infestation on the body temperatures of 

mussels was highlighted. In agreement with previous studies (Gehman and Harley, 2019; 

Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2021, 2016), the shell 

temperatures of infested biomimetic mussels (i.e., lighter-coloured shell) were always 

lower than non-infested biomimetic mussels (i.e., darker-coloured shell).  

Natural variations in the shell colour of Mytilus edulis Linnaeus, 1758 yielded similar 
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results, as pale striped individuals attained lower temperatures when exposed to sunlight 

and suffered less mortality from heat stress than uniformly blue-black individuals 

(Mitton, 1977). Parasite-induced change in shell colour alone was thus sufficient to alter 

the mussel body temperature (Gehman and Harley, 2019). Infection by endoparasites 

(i.e., living inside the host’s tissues) have been demonstrated to influence the host’s 

thermal tolerance and subsequent survival to heat stress (Bates et al., 2011; Encomio and 

Chu, 2007). In the marine snail, Zeacumantus subcarinatus (G. B. Sowerby II, 1855), 

infection by trematodes can either increase or decrease thermal tolerance depending on 

the species involved (Bates et al., 2011), whereas in the eastern oyster Crassostrea virginica 

(Gmelin, 1791), infection by a protozoan did not influence thermal tolerance (Encomio 

and Chu, 2007). It is worth noting that none of these endoparasites alter the host’s shell 

colour. Although the mechanisms involved varied greatly, other endoparasites have been 

demonstrated to alter their host body colour, which influenced predation and parasite 

infection risks (Bakker et al., 1997; Cook and Lofton, 1973; Hechtel et al., 1993). 

Infestation by photoautotrophic euendoliths, which can be considered as ectoparasites, 

causes a permanent and extended discoloration of the mussel shell, similar to that 

induced by shell-boring macro-organisms, such as sponges (Kumar and Thomas, 2011), 

or ocean acidification (Bressan et al., 2014). However, the thermal effects of changes in 

the host body or shell colour induced by either endoparasites, shell-boring organisms or 

physical factors, appear to be understudied. In this way, the demonstration of the 

indirect thermal benefits of euendolithic infestation to mussels could motivate increasing 

research investigating the influence of induced colour alteration on organisms’ thermal 

biology.  

Furthermore, the thermal benefit of euendolithic infestation on mussels improved 

within-bed abiotic conditions, which extended to associated intertidal organisms 
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(Dievart et al., 2023; Zardi et al., 2023). Indeed, lighter-coloured molluscs displayed 

lower body temperatures on infested mussel beds than on non-infested mussel beds when 

exposed to extreme solar irradiation and low wind speed, which is in agreement with 

recent findings of Zardi et al. (2023). While this investigation solely focused on intertidal 

molluscs sensitive to the substratum temperature, mussel recruits (0.5 to 1.5 mm in shell 

length) also displayed lower body temperatures on infested mussel beds  

(Zardi et al., 2023). This was not the case for the darker-coloured molluscs or when 

environmental conditions were less stressful (i.e., cloud cover, lower solar irradiance, 

high wind speed). Since rocky shore organisms live close to or at the upper end of their 

thermal tolerance (Somero, 2010, 2002; Stillman and Somero, 1996; Stillman, 2002), 

intertidal organisms are particularly susceptible to local extinction events due to anormal 

heat and desiccation stress (Harley, 2008; Helmuth et al., 2002; Paine and Levin, 1981). 

Amongst other behavioural thermal adaptations (Muñoz et al., 2005;  

Williams et al., 2005), intertidal organisms often seek thermal refuges in more favourable 

microhabitats (Cartwright and Williams, 2014; Lathlean et al., 2016a;  

Moisez et al., 2020). Substratum temperatures underpin the body temperatures for both 

sessile and mobile intertidal organisms that maintain a direct contact with the substratum 

(Bertness, 1989; Chapperon et al., 2017; Chapperon and Seuront, 2011b, 2011a; 

Hayworth and Quinn, 1990; Kordas et al., 2015). Intertidal organisms exhibit a 

preference for cooler substratum when exposed to heat and desiccation stress.  

For example, the polymorphic snail Littoraria scabra (Linnaeus, 1758) and the  

dark-coloured Nerita atramentosa Reeve, 1855 actively seek thermal refuge on the 

underside of roots, boulders, or rocks (Chapperon and Seuront, 2011b, 2011a).  

As a by-product of their corrosive activity, photoautotrophic euendoliths cause the 

whitening of the mussel shell on the degraded area, in contrast with the dark-coloured 
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periostracum naturally present, which could influence the dynamics of settlement of 

epibiotic organisms on the mussel shell at a fine scale. Indeed, substratum colour has 

been demonstrated to influence the settlement, attachment strength, growth and survival 

of a variety of epibiotic organisms (Dobretsov et al., 2013; James and Underwood, 1994; 

Richmond and Seed, 1991; Siddik and Satheesh, 2021; Yule and Walker, 1984).  

Larvae and spores of most epibionts are attracted to dark substratum (James and 

Underwood, 1994; Swain et al., 2006; Thorson, 1964; Yule and Walker, 1984).  

This is the case for encrusting worms, such as Spirorbis sp. (James and Underwood, 1994; 

Knight-Jones, 1951; Swain et al., 2006), which explains their preference for the  

non-degraded and shaded antero-ventral portion of the mussel shell during this 

investigation (Chapter 5). Similarly, barnacle cyprids have been demonstrated to have a 

greater attachment strength on dark-coloured than light-coloured panels in an 

experimental laboratory setting (Yule and Walker, 1984), although other factors such as 

current flow and larvae orientation influence settlement (Crisp, 1955; Crisp and  

Barnes, 1954). Finally, substratum colour can influence the germination, growth, size, 

and attachment strength of algae (Finlay et al., 2008; Swain et al., 2006). For example, 

sporelings of the green alga Ulva sp. showed higher settlement rates, but lower 

germination rates and slower growth on dark-coloured than on light-coloured panels, 

indirectly increasing their resistance to drag forces (Finlay et al., 2008;  

Swain et al., 2006). However, while substratum colour appears to play an important role 

in the settlement choice of epibionts, its influence on epibiotic communities decreases 

over time as the relative influence of other abiotic and biotic factors increases  

(Dobretsov et al., 2013). Although attracted to dark-coloured surfaces at the larval stage 

(James and Underwood, 1994; Swain et al., 2006; Yule and Walker, 1984), epibionts can 

later benefit from higher growth and survival rates when settled on light-coloured 
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surfaces, as these reflect more light and are thus cooler, especially under stressful 

environmental conditions (Bertness, 1989; Finlay et al., 2008; Kordas et al., 2015;  

Swain et al., 2006). As such, in the field, barnacles were found to be more abundant on 

cooler light-coloured panels, where their potential to survive heat and desiccation stress 

is increased, than on warmer dark-coloured panels (Bertness, 1989; Kordas et al., 2015). 

In Chapter 5, epibiotic communities of well-established mussel beds were investigated, 

thus the influence of substratum colour is suspected to be relatively low compared to 

other abiotic (e.g., temperature, rugosity and degradation state of the mussel shell, 

current flows) and biotic (e.g., presence of grazers, intra- and interspecific interactions 

between epibionts) factors.  

Although the thermal responses of intertidal organisms to environmental stress is 

species-specific (Kordas et al., 2015) and the dynamics of epibiotic communities on the 

mussel shell is dependent of a wide array of interacting factors, euendolithic infestation 

of the mussel shell has potential to further mediate environmental stress of invertebrates. 

As it was effectively demonstrated that euendolithic infestation indirectly improved the 

thermal buffering offered by mussel beds to associated molluscs under controlled 

conditions (Chapter 3 as Dievart et al., 2023; Zardi et al., 2023), it was expected that 

infaunal and epibiotic communities associated with euendolith-infested mussel beds 

(i.e., lower within-bed temperatures and higher humidities) would be more abundant and 

more diverse than those associated with non-infested mussel beds. While parasite-

induced shell colour polymorphism has thermal benefits for the mussels and associated 

organisms, the continuous shell degradation resulting from the corrosive activity of 

euendoliths appears to influence the permanently associated ecological communities.  
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6.1.2. Architectural complexity of the mussel bed habitat to associated communities 

Amongst the sub-lethal effects, euendolithic infestation ultimately degrades the mussel 

shell, destroying its microtopography and rendering its surface rougher, and 

subsequently reduces the scope for growth, mussel shell strength, and mussel attachment 

strength to the underlying substratum, by increasing maintenance costs (Kaehler and 

McQuaid, 1999; Marquet et al., 2013; Ndhlovu et al., 2022, 2021a; Zardi et al., 2009). 

Mussel attachment strength is largely mediated by the production of numerous and thick 

byssal threads, which contribute to the architectural and structural complexity of the 

mussel beds, which in turn influence the associated infaunal communities in terms of 

both abundance and biomass (Nicastro et al., 2020). Similarly, euendolith-infested 

mussels demonstrate lower growth rates than non-infested mussels  

(Ndhlovu et al., 2021b), and an increasingly rougher shell (Kaehler and McQuaid, 1999; 

Marquet et al., 2013), which could further influence the architectural complexity of the 

mussel beds and the amount of available space for infaunal and epibiotic organisms 

(Commito and Rusignuolo, 2000; Kostylev and Erlandsson, 2001; Kostylev et al., 2005; 

Lawrie and McQuaid, 2001; Nicastro et al., 2022). Finally, the sub-lethal effects of 

euendolithic infestation of the mussel shell directly impede the perennity of mussel beds. 

Indeed, euendolith-infested mussels are more susceptible to dislodgement due to reduced 

attachment strength (Marquet et al., 2013; Ndhlovu et al., 2022; Zardi et al., 2009), and 

to mortality by crushing predators or anthropogenic disturbances (i.e., trampling) due to 

reduced shell strength (Nicastro et al., 2019). The quality of habitat offered by infested 

mussel beds was thus anticipated to be reduced in terms of structural complexity 

(i.e., byssal thread production) for associated infaunal communities, although it was 

expected this would be counterbalanced by the greater complexity of infested mussel bed 

surfaces (Nicastro et al., 2022) and the thermal benefits of euendolithic infestation. 
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Moreover, the continuous degradation of the mussel shell, increasing its roughness, was 

expected to result in increased abundances, percentage cover and biomass of epibionts 

(Ma et al., 2023; Marquet et al., 2013).  

Mussel beds comprise a physical matrix of living and dead mussel shells, interconnected 

by a complex network of byssal threads, that attaches to the underlying substratum and 

retains sediments, coarse shell fragments, and mussel faeces and pseudofaeces, which 

create a habitat for a wide array of associated species (Hammond and Griffiths, 2004; 

Lintas and Seed, 1994; Seed and Suchanek, 1992; Suchanek, 1985). Along with live and 

dead mussel shells, byssal threads thus play an important part in the development of a 

structurally complex mussel bed, supporting an abundant and productive infaunal 

community (Nicastro et al., 2020). Indeed, genetically-driven differences in the number 

of byssal threads produced by different mussel lineages and species have been 

demonstrated to influence mussel bed architectural complexity and microclimate, which 

influences the abundance and biomass of associated infaunal communities  

(Nicastro et al., 2010; Nicastro et al., 2020, 2012; Zardi et al., 2015). In addition to 

genetics, several biotic (e.g., mussel age, infestation by parasites and epibionts, presence 

of predators) and abiotic (e.g., temperature, salinity, wave exposure, pollution) factors 

are known to affect byssal thread production in mussels (Alfaro, 2006; Garner and 

Litvaitis, 2017, 2013; Moles and Hale, 2003; Reimer and Tedengren, 1997; Roberts and 

Carrington, 2023; Webb, 1999; Young, 1985). Endoparasites influence byssal thread 

production in Mytilus edulis in contrasting ways. For example, mussels infected by the 

trematode Proctoeces maculatus (Looss, 1901) Odhner, 1911 produce more but lower 

quality byssal threads than non-infected mussels (Liang, 2020), while mussels heavily 

infected by other trematodes, Himasthla elongata (Mehlis, 1831) Dietz, 1909 and 

Renicola parvicaudatus (Stunkard & Shaw, 1931) Galaktionov, Solovyeva, Blakeslee & 
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Skírnisson, 2022, produce less byssal threads than non-infected mussels  

(Lauckner, 1984). Euendolithic infestation has been demonstrated to reduce mussel 

attachment strength (Marquet et al., 2013; Ndhlovu et al., 2022; Zardi et al., 2009), 

which is thought to be the result of the lower production of byssal threads. During this 

investigation (Chapter 4), the number of byssal threads per mussel was not statistically 

different between euendolith-infested and non-infested mussels (p > 0.05). Moreover, 

there was no apparent influence of euendolithic infestation on the community structure 

of their associated infaunal communities. While euendolithic infestation of mussels may 

not necessarily lower byssal thread production, it could reduce the quality of byssal 

thread produced (i.e., diameter, tensile strength), which could explain the lower 

attachment strength of infested mussels (Marquet et al., 2013; Ndhlovu et al., 2022; 

Zardi et al., 2009). By contrast, geographical site influenced the number of byssal threads 

per mussel, as well as the associated infaunal communities, although in different 

manners. At the end of the experiment, transplanted mussels generally produced less 

byssal threads on exposed rocky shores than at more sheltered sites, which is in 

agreement with Garner and Litvaitis (2013). Byssal thread production has been 

demonstrated to increase with water flow and agitation (Alfaro, 2006; Young, 1985) and 

to decrease above a certain water flow threshold (Carrington et al., 2008;  

Moeser et al., 2006). Meanwhile, the abundance and biomass of associated infaunal 

communities for each site did not correlate with either byssal thread production or wave 

exposure but could potentially be explained by the local communities present on the 

different rocky shores (Chapter 4). The indirect effect of euendolithic infestation of 

mussels on their associated infaunal communities, mediated through the production of 

byssal threads (i.e., architectural complexity), was not detected in this investigation. 

Moreover, it was expected that infested mussel beds would represent a more favourable 
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habitat against heat and desiccation stress, especially for mobile invertebrates. While 

euendolithic infestation has been demonstrated to thermally benefit infested mussels, this 

effect is highly variable in space and time (Gehman and Harley, 2019;  

Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2021, 2016). Despite the 

conditional beneficial effect of euendolithic infestation on mussel bed microclimate, 

there was no differences in the composition of associated infaunal communities between 

the infested and non-infested mussels during this investigation. The absence of any 

difference suggests that differences in ecological communities associated with mussel 

beds is complex and driven by a suite of factors, including architectural and structural 

complexity (Cole, 2010; Cole and McQuaid, 2010; Nicastro et al., 2020) and site-specific 

availability of propagules.  

While the matrix formed by byssal threads contributes to mussel bed structural 

complexity for infaunal communities, the condition of the mussel shell (e.g., size, 

texture, colour, degree of erosion) dramatically influences epibiotic communities  

(Bell, 2013; Berntsson et al., 2000; Dobretsov et al., 2013; Ma et al., 2023;  

Marquet et al., 2013; Scardino et al., 2009). Living strictly attached to the underlying 

substratum, space and substratum stability are the main factors limiting epibiotic 

settlement, development, and long-term survival (Paine, 1974; Wahl, 2009, 1989). It was 

hypothesized that the corrosive activity of photoautotrophic euendoliths, which destroys 

mussel shell microtopography and its antifouling properties, would facilitate the 

settlement and survival of epibionts, especially barnacles, on their shells (Ma et al., 2023; 

Marquet et al., 2013). In Chapter 5, the prevalence and severity of epibiosis 

(i.e., abundances, percentage cover, biomass) increased with mussel shell length.  

Larger, older mussels were shown to have more degraded shells (Kaehler, 1999; 

Ndhlovu et al., 2021b; Zardi et al., 2009) and more epibionts (Ma et al., 2023;  
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Marquet et al., 2013). These findings are not unexpected since larger mussels would have 

been exposed to continuous shell degradation by photoautotrophic euendoliths and 

potential colonization by epibionts, as well as infestation by endoparasites, for longer 

periods of time than smaller mussels (Ambariyanto and Seed, 1991; Bell, 2013;  

Calvo-Ugarteburu and McQuaid, 1998; Lauckner, 1983; Ma et al., 2023;  

Marquet et al., 2013). Moreover, as mussel beds are often densely packed, larger mussels 

would proportionally provide more space for the settlement and development of 

epibionts (Bell, 2013; Laihonen and Furman, 1986), which could be indirectly influenced 

by the effects of parasitism on mussel shell growth. Molluscs infested by castrating 

trematodes demonstrated both growth increases (i.e., gigantism) or reductions, or no 

apparent effect on molluscan shell growth (see Lafferty and Kuris, 2009; Minchella, 1985 

and references therein). To account for these contrasting results, it was argued that shell 

gigantism in some infested long-lasting molluscan species could compromise the 

reproduction of endoparasites and improve host survival and fitness, in the hopes of 

outlasting the parasitic infection and its negative effects (Lafferty and Kuris, 2009; 

Minchella, 1985). In mussels, trematode parasites have been demonstrated to both 

increase or reduce mussel growth rates depending on the mussel host species and the 

trematode parasites involved in the interaction, as well as the environmental conditions 

(Calvo-Ugarteburu and McQuaid, 1998; García-Huidobro et al., 2019; Thieltges, 2006). 

For example, multi-specific trematode infection resulted in increased shell growth, which 

agrees with the shell gigantism hypothesis, but was linked to reduced shell thickness in 

Perumytilus purpuratus  (Lamarck, 1819) (García-Huidobro et al., 2019). By contrast, 

infection by the trematode Proctoeces sp. reduced growth only in the smaller Perna perna 

individuals, as these would allocate more energy towards growth under normal 

conditions (Calvo-Ugarteburu and McQuaid, 1998). Similarly, infection by the 
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trematode Renicola parvicaudatus reduced growth in Mytilus edulis, although abiotic 

environmental factors (i.e., tidal height) had a stronger effect on mussel growth rates 

(Thieltges, 2006). Infestation by photoautotrophic euendoliths have been demonstrated 

to reduce mussel growth rates, by inducing a re-arrangement of the mussel energetic 

budget towards shell repair at the expenses of growth and other physiological processes 

(Kaehler and McQuaid, 1999; Ndhlovu et al., 2022, 2021a). Over time, it is possible that 

the euendolith-infested mussels will attain a smaller overall size than non-infested 

mussels, which will ultimately contribute to a reduction in the absolute amount of 

available space for epibiotic communities. Strikingly visible, euendolithic infestation 

corrodes the mussel shell, increasing its roughness and creating fine-scale irregularities, 

which favours epibiotic settlement on the short term but impede their growth and 

survival on the long term by increasing substratum instability. In Chapter 5,  

the prevalence and severity of epibiosis (i.e., abundances, percentage cover, biomass) 

increased with mussel shell degradation (i.e., degree of shell damage and area of 

degraded shell), although this relationship was variable when considering the epibiotic 

percentage cover and biomass. Furthermore, the epibiotic community structure on the 

mussel shells were also influenced by the nature of the mussel shell substratum 

(i.e., infested, or non-infested portion of the mussel shell). In agreement with the 

attachment point theory (Scardino et al., 2008, 2006), the increased roughness of the 

infested mussel shells appeared to facilitate the settlement of some epibionts, especially 

sessile organisms such as barnacles, encrusting algae (i.e., rhodophytes and ochrophytes) 

and sedentary worms (Berntsson et al., 2000; Knight-Jones, 1951; Le Tourneux and 

Bourget, 1988; Warner, 1997). Also, total epibiotic abundances were higher on the 

infested (i.e., rougher) than on the non-infested portion of the mussel shell during this 

study. In molluscs, boring macroorganisms, which have a comparable effect than 



216 
 

euendolithic infestation on the mussel shell, have been demonstrated to facilitate the 

settlement of epibionts (Thieltges and Buschbaum, 2007; Warner, 1997).  

For example, the boring polychaete Polydora Bosc, 1802 have been demonstrated to 

facilitate barnacle settlement on the shell of the snail Littorina littorea, while the presence 

of barnacles increased shell irregularities, thus facilitating the infestation by the 

polychaete (Thieltges and Buschbaum, 2007; Warner, 1997). Ultimately, however, the 

euendolithic infestation of the mussel shells would contribute to a collapse of the 

epibiotic community, as the increasing instability associated with its spread might be 

detrimental to the survival of epibionts (Lambert et al., 2011; Osman, 1977; Yorke and 

Metaxas, 2012). It is important to note that mussel shell length and shell degradation 

covaried, which could have influenced the current conclusions of this investigation, and 

that a more detailed analysis into each species constituting the epibiotic communities 

recorded in this study is needed to identify potential inter- and intraspecific interactions 

within the epibiotic communities.  

6.1.3. An evaluation of the methodologies 

This explorative study is amongst the firsts to assess the nature and magnitude of the 

indirect effects of external parasites (i.e., photoautotrophic euendoliths) on the ecosystem 

engineering capacities of the host (i.e., marine mussels) by focusing on the associated 

infaunal and epibiotic communities. In this context, it is necessary to reflect on the 

methodologies employed during this study and the improvements that could be made for 

future research.  

Infrared thermography (IRT) is a portable non-invasive tool that allow the rapid 

detection and measurement of small-scale temperature variability in situ without 

disturbing the animals’ behaviour or thermoregulatory capacities (Lathlean and  

Seuront, 2014; Lathlean et al., 2017). In Chapter 3, IRT was employed to simultaneously 
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measure the shell temperatures of intertidal molluscs and of biomimetic euendolith-

infested and non-infested mussels. Shell temperatures of intertidal molluscs measured by 

IRT have been shown to be strongly correlated with internal body temperatures  

(Caddy-Retalic et al., 2011; Chapperon and Seuront, 2011b; Seuront et al., 2018). 

Unfortunately, the IRT methodology employed during this study was restricted to 

organisms at the surface of the mussel beds and could therefore, not assess the effect of 

euendolithic infestation on the infaunal community as a whole (e.g., organisms hiding 

beneath mussels). Alternative methods used to measure an organism’s temperature in situ 

include the insertion of a thermocouple tip into the organism itself  

(Williams et al., 2005), and the deployment of biomimetic organisms, which are objects 

containing temperature data loggers that mimic the morphological characteristics of the 

organism of interest (Harley et al., 2009; Helmuth et al., 2016). Embedding a miniature 

temperature data logger within a large intertidal mollusc (> 50 mm in length) is 

theoretically possible, as the smallest data loggers available are approx. 17 mm long and 

6 mm wide (e.g. DST nano-T, Star-Oddi). These alternative methods involve either the 

direct manipulation of the organisms of interest, which could increase the organisms’ 

stress and thus influence the estimation of the body temperatures. In this way, IRT can 

be considered as a useful tool to monitor the actual temperatures experienced by targeted 

organisms within their natural microhabitats at small and larger scales.  

Other technological innovations are gaining attention for the identification of 

invertebrates, such as image-based approaches (Høye et al., 2022, 2021;  

Lürig et al., 2021). Computer vision tools can provide a well-needed help for the 

taxonomic identification of invertebrates, as well as morphological information, such as 

body size (Wilson et al., 2022), although their accuracy depends on the level of training 

and the image quality (Høye et al., 2022). Once trained with manually annotated 

https://www.star-oddi.com/products/temperature-pressure-data-loggers/small-thermometer#:~:text=The%20DST%20nano%2DT%20is%20the%20world's%20smallest%20temperature%20data%20logger.
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images, deep learning models can automatically provide estimates of invertebrate 

abundance, biomass, and diversity (Høye et al., 2021). Image-based methods for species 

identification could provide a cost-efficient solution for analysing large data sets and 

biomonitoring (Høye et al., 2022). This was the case in Chapter 4, for which 

> 10 000 individual invertebrate specimens were sorted, identified, counted, and 

weighed, whereas in Chapter 5, the number of mussel shells photographed processed 

reached > 1000, for > 8000 individual invertebrates sorted, identified, counted, scraped 

from the shell, and weighed, from seven quadrats out of the 20 samples. Image-based 

methods and deep learning offers an automated perspective to the process of bulk 

invertebrate samples, and their usefulness is worth investigating for the process of the 

large sample collections.   

Finally, at the theoretical level, predictions of how ecological communities respond to 

changing abiotic and biotic environmental conditions have been increasingly challenging 

due to the limitations of species-based approaches (Lavergne et al., 2010;  

Wisz et al., 2013). By treating species as qualitative entities, one needs to study each 

species separately, which is often logistically impossible. This was the case in Chapters 4 

and 5, in which the diverse infaunal and epibiotic communities associated with mussel 

beds and shells could not be investigated at the species level. Trait-based, or functional, 

approaches could potentially provide a simpler and more generic framework to model 

species interactions, dispersal ability and physiological tolerance across large spatial 

scales (Green et al., 2008). Using trait-based approaches to interpret the taxonomical 

data obtained in Chapters 4 and 5 could thus provide information on the influence of 

euendolithic infestation on ecological communities associated with mussel beds and 

shells that were not detected by solely using taxonomical-based approaches  

(Gusha, 2022).  
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6.2. How can parasites become your ally? 

6.2.1. Photoautotrophic euendoliths as conditionally helpful parasites 

Conditionally helpful parasites refer to parasites that are beneficial to their host only 

under specific environmental conditions (Fellous and Salvaudon, 2009). Parasites can 

benefit their host by providing the host with a function that it cannot perform alone, or 

by modifying a host life-history trait, which becomes beneficial in a particular 

environment. In the first case, infestation by parasites can benefit the hosts’ physiological 

performances or survival (e.g., Munger and Holmes, 1988), or help the host compete 

against conspecifics, for example through the production of toxins (Kusch et al., 2002). 

The presence of the parasite may also facilitate the hosts’ ability to deal with adverse 

abiotic conditions, such as pollution by heavy metals (Sures et al., 2003). In the latter 

case, parasites can cause a plastic change in a life-history trait of the host, for example by 

increasing its survival to temperature stress (Clay and Schardl, 2002; Zardi et al., 2016) 

or provide resistance to infestation by other parasites (Barton et al., 2007;  

Haine et al., 2005). It is worth noting that the majority of conditionally helpful parasites 

are endoparasites (i.e., living within the body of its host) (Fellous and Salvaudon, 2009; 

Weinersmith and Earley, 2016). 

Photoautotrophic euendoliths can be considered as conditionally beneficial parasites in 

marine bioengineered ecosystems (Dievart et al., 2022). Euendolithic infestation is not 

limited to mussels, but rather to any other intertidal organisms with a shell or calcified 

structures, and its overall ecological effects in marine calcifiers is negative. In corals and 

coralline algae, euendolithic infestation alters calcification patterns, resulting in a thicker 

but more porous skeletal structure, reduced vertical growth and reproduction, and 

enhanced skeletal deformations (Hassenrück et al., 2013; Le Campion-Alsumard  
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et al., 1995b). In bivalves, euendolithic infestation reduces shell and attachment strength, 

growth and reproduction (Kaehler and McQuaid, 1999; Marquet et al., 2013;  

Ndhlovu et al., 2022, 2021a). However, under stressful environmental conditions, such 

as heatwaves, euendoliths have been demonstrated to mitigate the temperature stress 

experienced by marine calcifiers. In corals, euendolithic communities can sustain coral 

survival during bleaching events through a critical supply of organic carbon and nutrients 

(Fine et al., 2006, 2005, 2004; Odum and Odum, 1955). In coralline algae, euendolithic 

infestation can reduce the susceptibility of skeletons to dissolution, through the 

preferential removal of highly soluble skeletal components (Diaz-Pulido et al., 2014; 

Nash et al., 2013; Reyes-Nivia et al., 2013), which is especially favourable under ocean 

acidification and global climate change. In bivalves, euendolithic activity causes the 

whitening of the shell, which increases its albedo, which in turns increases survival rates 

of infested bivalves and their associated communities in the face of heat stress  

(Dievart et al., 2023; Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2023, 

2021, 2016).  

6.2.2. From parasitism to mutualism: a continuum 

As long as the adverse effects of infestation remain more important than the conditional 

benefits to the host, photoautotrophic euendoliths can be considered as parasites. 

Euendolithic infestation provide their host mussels with a key innovation  

(i.e., thermal buffering) under environmental extremes, that potentially offers an 

ecological opportunity for the future. Key innovations (Miller, 1949) are traits that 

influence how a species interacts with its environment and thus may provide the capacity 

to exploit previously unavailable resources (Hunter, 1998; Rabosky, 2014). Mainly 

investigated in an evolutionary context, key innovations are described as essential for 

adaptive radiation (Rabosky, 2014) and can be obtained through slow microevolutionary 



221 
 

steps, or even through faster non-evolutionary routes. This is the case for the alteration of 

a host’s life-history traits triggered by parasites, such as the modification of the 

phenotype of the mussel shell caused by the corrosive activity of euendoliths.  

Under certain environmental conditions, the presence of photoautotrophic euendoliths 

fast-track the host mussel to higher fitness levels that would otherwise be inaccessible 

through evolutionary steps (Fellous and Salvaudon, 2009). Indeed, although shell colour 

in intertidal mussels is plastic, the distinctive shell discolouration caused by euendoliths 

extends beyond the range of such plasticity (Zardi et al., 2016). The pronounced 

intraspecific phenotypic variation provides infested mussels with a higher degree of 

resistance to heat stress, that would probably not be reached through classic evolutionary 

processes (Gehman and Harley, 2019; Zardi et al., 2021, 2016). Such conditionally 

helpful parasites illustrate the existence of a continuum between parasitism and 

mutualism (Bronstein, 1994). Parasites could metamorphose into real mutualists if 

infested hosts display a higher average fitness than non-infested hosts across all possible 

environments, as a result of environmental change (Fellous and Salvaudon, 2009;  

Lesser et al., 2013). 

6.3. Parasite-mediated ecosystem engineering, present and future 

6.3.1. Photoautotrophic euendoliths and mussels: a contribution to the field 

Although previously overlooked, parasites have been recognized to dramatically 

influence ecosystem properties, both negatively and positively, through their cascading 

effects at the individual, community and ecosystem level (Dobson and Hudson, 1986; 

Hatcher et al., 2012; Poulin, 1999; Frédéric Thomas et al., 2000). For instance, parasites 

can influence the dynamics of competition, predation, and herbivory, thus modifying 

intra- and interspecific interactions, and alter the physical and chemical properties of 
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ecosystems, thus influencing ecosystem processes (reviewed in Hatcher et al., 2012).  

At the individual level, parasites can modify multiple physiological, behavioural, and 

morphological traits of the infested hosts (Calvo-Ugarteburu and McQuaid, 1998;  

Poulin and Thomas, 1999; Thomas et al., 2010; Zardi et al., 2016). In the case of 

ecosystem engineers, the parasite-mediated alteration of life-history traits, if involved in 

the host’s engineering processes, is argued to affect the properties of the bioengineered 

habitat, which in turn influence associated ecological communities  

(Thomas et al., 1999). In the marine environment, most examples of parasite-mediated 

ecosystem engineering concern endoparasites (e.g., trematodes, crustaceans) that infects 

the host’s body (Fellous and Salvaudon, 2009; Mouritsen and Poulin, 2002;  

Thomas et al., 1999; Weinersmith and Earley, 2016). The influence of ectoparasites on 

engineering capabilities has not received as much attention. Moreover, while the 

influence of parasites on the individual hosts is well-documented, studies investigating 

their indirect influence on their associated ecological communities are limited (but see 

Pascal et al., 2020; Thomas et al., 1998, 1999). In this context, the investigation on the 

indirect effects of euendolithic infestation on the ecological communities associated with 

mussel beds presented in this thesis represents a step towards a more comprehensive 

picture of parasite-mediated ecosystem engineering in the intertidal environment.  

Euendoliths are difficult to observe, isolate and identify due to their complex life 

histories, successional patterns and responses to environmental variables that occur on 

live carbonate substrates. Given this complexity, it is logical that studies investigating the 

ecological consequences of euendolithic infestation in marine calcifiers lies beyond the 

individual level. Recently, there has been an increase in the interest of researchers in 

studying the relationships between euendolithic infestation of marine calcifiers and 

interacting components of the marine bioengineered ecosystems they create  
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(e.g., coral reefs, coralline algal mats, bivalve beds). In corals and coralline algae, the 

presence of photoautotrophic euendoliths within their skeleton has been demonstrated to 

positively influence excavating invertebrates and vertebrates (Chazottes et al., 1995; 

Tribollet and Golubic, 2005). For example, the presence of a bivalve macroborer 

positively influence euendolithic infestation within the coral skeleton, via nitrogen 

enrichment through bivalve excretion, the reduction of the energetic costs of boring from 

the presence of both macro- and microborers, and the increase in irradiance from the 

open hole in the skeleton created by the bivalve, which promotes the settlement and 

development of euendoliths (Fordyce et al., 2020). Photoautotrophic euendoliths can 

also represent an important source of food for larger organisms within the bioengineered 

ecosystem, such as parrotfishes, which are themselves considered as ecosystem engineers 

within coral reefs, removing algal turf, macroalgae and sediments (Nicholson and 

Clements, 2020). In bivalves, both negative and positive effects of euendolithic 

infestation on individual mussels have been demonstrated to influence the quality of 

habitat provided by mussel beds to their associated organisms. Indeed, the corrosive 

activity of euendoliths influence the mussel bed microclimate by reducing within-bed 

temperatures and increasing humidities, thereby creating a favourable environment for 

the associated intertidal organisms under stressful conditions (Lourenço et al., 2017; 

Monsinjon et al., 2021; Zardi et al., 2023, 2021, 2016). The thermal benefits of 

euendolithic infestation for Perna perna and the associated infauna was highlighted in 

Chapter 3 of the thesis (published as Dievart et al., 2023). Although it was expected that 

euendolith-infested mussel beds would host a more abundant and diverse infaunal 

communities, no differences in infaunal abundances and biomasses were detected 

between infested and non-infested manipulated mussel beds made of Perna perna at 

selected sites along the South African coastline (see Chapter 4). Finally, euendolithic 
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infestation of the mussel, through the modification of the characteristics of the shell 

(i.e., destruction of antifouling properties and increased roughness) has been 

demonstrated to positively influence barnacle epibiosis on Mytilus galloprovincialis in both 

Portugal and South Africa (Ma et al., 2023; Marquet et al., 2013). In Chapter 5,  

the survey of epibiotic communities from natural mussel beds confirmed that 

euendolithic infestation positively influences the settlement of epibionts, particularly 

sessile organisms. However, the continuous degradation of the mussel shell would likely 

increase shell instability over time, which would ultimately impede epibiotic growth and 

survival. Because each intertidal ecosystem can be considered unique, transferring the 

results presented in this thesis to other geographical areas and other mytilid species will 

require to conduct local replicates. In conclusion, this thesis represents a first attempt to 

comprehensively understand the direct and indirect effects of euendolithic infestation on 

mussel bed architectural complexity and its influence on associated infaunal and 

epibiotic communities along the South African coastline, using the native brown mussel 

Perna perna as a focal species.  

6.3.2. Predicting the future of euendolithic infestation on mussel beds 

The incidence of euendolithic infestation by photoautotrophs, especially in living 

calcifying organisms, is anticipated to increase in response to global climate change 

(Enochs et al., 2016; Marcelino et al., 2017; Monsinjon et al., 2021;  

Reyes-Nivia et al., 2014, 2013; Zardi et al., 2021). Consequently, the detrimental and 

beneficial effects of euendolithic infestation in marine calcifiers are both expected to be 

magnified with global climate change and ocean acidification. Under global climate 

change, the thermal buffering provided by euendoliths to the mussels is likely to become 

increasingly important to the survival of mussel beds (Gehman and Harley, 2019; 

Lourenço et al., 2017; Monsinjon et al., 2021; Zardi et al., 2021, 2016) and associated 
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molluscs (Dievart et al., 2023; Zardi et al., 2023), especially under stressful conditions 

(i.e., high solar radiation, low to no wind speed, no cloud cover). Although not observed 

in this study (Chapter 4), it is possible that infaunal communities will associate more 

readily with euendolith-infested mussel beds in the future, since they provide a thermal 

refuge on rocky shores. By contrast, it is likely that epibiotic communities will be 

negatively impacted from the expected increase in mussel shell corrosion by euendoliths 

under global climate change and ocean acidification scenarios (Chapter 5).  

Parasite-host relationships have only recently been incorporated into global climate 

change and ocean acidification research, although parasites have been demonstrated to 

alter their hosts’ responses to changing abiotic conditions (Burge et al., 2014;  

Byers, 2020) and their interactions with other biotic components of the ecosystem 

through competition, predation or facilitation (Dievart et al., 2023; Hatcher et al., 2012; 

Zardi et al., 2023). In marine ecosystems, parasites and hosts’ responses to global climate 

change and ocean acidification is, more often than not, species-specific and  

context-dependent (Clements et al., 2017; Harland et al., 2015; MacLeod and  

Poulin, 2015). For example, the cercarial longevity and survival of the trematode 

Maritremas sp. were reduced under low pH conditions but was compensated by the high 

numbers of cercariae produced by infested snails, so their prevalence was not affected 

(MacLeod and Poulin, 2015). Meanwhile, the transmission success of this trematode 

increased, potentially due to an increase of the host’s susceptibility, under low pH 

conditions (Harland et al., 2015). By contrast, lower pH conditions were associated with 

a reduction in recruitment of the shell-boring worm Polydora sp. on oysters as a result of 

the increasing instability of the shell substratum (Clements et al., 2017). In a rapidly 

changing environment, parasites have the potential to increase their hosts’ survival, 

beyond the natural hosts’ plasticity (Gehman and Harley, 2019; MacLeod and  
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Poulin, 2016; Zardi et al., 2021, 2016). For example, the castrative trematode infection 

in snails have been demonstrated to increases their survival rates at low pH, as infested 

snails have more energy to compensate higher metabolic rates of calcification  

(MacLeod and Poulin, 2016). While it has been suggested that euendolith-induced 

thermal buffering in mussels might indicate a transition from parasitism to mutualism 

(Gehman and Harley, 2019; Zardi et al., 2021, 2016), the outcomes of the euendolith-

mussel relationship remain difficult to predict. Ultimately, the ecological disadvantages 

and advantages of euendolithic infestation on mussels will vary spatially and temporally. 

The influence of many abiotic and biotic factors, such as seawater pH and the presence 

of pollutants, on euendolithic infestation and its ecological consequences on individual 

mussels and mussel beds still needs to be investigated. Disentangling the effects of 

euendolithic infestation on the engineering properties of mussels is not an easy task, 

especially when considering large biogeographical areas. As an increasing number of 

studies investigate these effects worldwide, this field of research would benefit from a 

theoretical and methodological framework, which would allow to compare research 

outcomes. In conclusion, this thesis, along with other studies (e.g., Clements et al., 2017; 

Harland et al., 2015; MacLeod and Poulin, 2016), advocate the need for the inclusion of 

parasitic infestation in experimental designs to accurately assess the influence of both 

abiotic and biotic factors on investigated organisms, and especially in the context of 

global climate change and ocean acidification. 
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SUPPLEMENTARY MATERIALS 

Chapter 3 

Table S3.1. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation on biomimetic mussel shell temperatures (data pooled for all experimental dates).   

Model used in this analysis: shell_temp ~ infestation + s(time, bs = "cr", by = infestation, k = 4) 

+ s(id, bs = "re"). 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 
(intercept) 34.08 0.34 - - 

Non-infested 3.12 0.14 496.6 < 0.001 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 2.986 3 1081.55 < 0.001 

s(time):Non-infested 2.990 3 1496.45 < 0.001 

s(id) 84.903 89 19.83 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.919, Deviance explained: 0.927.  

REML: 2097.6, Scale est: 4.4228, N: 900. 

 

Table S3.2. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and biomimetic mussel shell temperatures differ over time (data pooled for all experimental dates).  

Model Resid.df Resid.dev  df Deviance Pr(>Chi) 

Model 1 (ref) 

shell_temp ~ infestation + s(time,  

bs = "cr", k = 4) + s(id, bs = "re") 

806.10 3796.00 - - - 

Model 2 

shell_temp ~ infestation + s(time,  

bs = "cr", by = infestation, k = 4)  

+ s(id, bs = "re") 

803.06 3569.70 3.03 226.28 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013). 
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Table S3.3. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and biomimetic mussel shell temperatures over time differ between experimental dates. 

Model Resid.df Resid.dev df Deviance F-value p-value 

Model 1 (ref) 

shell_temp ~ infestation + s(time,  

bs = "cr", by = infestation, k = 4)  

+ s(id, bs = "re") 

803.06 3569.70 - - - - 

Model 2 

shell_temp ~ infestation + date + 

s(time, bs = "cr", by = infestation,   

k = 4) + s(id, bs = "re") 

816.06 3680.80 12.996 111.04 1.93 < 0.01 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013). 

 

Table S3.4. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation of the biomimetic mussels on the shell temperatures of the spiny chiton, Acanthochitona garnoti 

(data pooled for all experimental dates).   

Model used in this analysis: shell_temp ~ infestation + s(time, bs = "cr", by = infestation, k = 6) 

+ s(id, bs = "re"). 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 
(intercept) 32.85 0.23 - - 

Infestation 1.73 0.16 86.73 < 0.001 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 4.57 4.90 177.356 < 0.001 

s(time):Non-infested 4.45 4.85 248.17 < 0.001 

s(id) 30.89 41.00 4.34 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.849, Deviance explained: 0.863.  

REML: 958.91, Scale est: 3.5744, N: 445. 

 

Table S3.5. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and shell temperatures of the spiny chiton, Acanthochitona garnoti, differ over time (data pooled for all 

experimental dates).   

Model Resid.df Resid.dev  df Deviance Pr(>Chi) 

Model 1 (ref) 

shell_temp ~ infestation + s(time, bs = "cr",  

k = 6) + s(id, bs = "re") 

399.94 1476.20 - - - 

Model 2 

shell_temp ~ infestation + s(time, bs = "cr",  

by = infestation, k = 6) + s(id, bs = "re") 

394.75 1440.80 5.19 35.38 0.09 

* No significant parameters were detected. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013). 
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Table S3.6. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and shell temperatures of the spiny chiton, Acanthochitona garnoti, over time differ between experimental 

dates.   

Model Resid.df Resid.dev  df Deviance F-value p-value 

Model 1 (ref) 

shell_temp ~ infestation + s(time,  

bs = "cr", by = infestation,  k = 6) + 

s(id, bs = "re") 

394.75 1440.80 - - - - 

Model 2 

shell_temp ~ infestation + date + 

s(time, bs = "cr", by = infestation,  

k = 6) + s(id, bs = "re") 

394.99 1442.60 0.24 1.78 2.08 0.13 

* No significant parameters were detected. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013). 

 

Table S3.7. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation on the biomimetic mussel shell temperatures and on the shell temperatures of the spiny chiton, 

Acanthochitona garnoti (data pooled for all experimental dates).   

Model used in this analysis: shell_temp ~ infestation + species + s(time, bs = "cr", by = infestation, k = 6) 

+ s(id, bs = "re"). 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 

(intercept) 32.95 0.30 - - 

Infestation 2.31 0.27 74.43 < 0.001 

Species 3.66 0.37 95.36 < 0.001 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 4.45 4.84 182.61 < 0.001 

s(time):Non-infested 4.36 4.79 264.60 < 0.001 

s(id) 44.64 70.00 1.99 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.874, Deviance explained: 0.890.  

REML: 993.99, Scale est: 4.6414, N: 432. 
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Table S3.8. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation of the biomimetic mussels on the shell temperatures of the granular limpet, Scutellastra granularis 

(data pooled for all experimental dates).   

Model used in this analysis: shell_temp ~ infestation + s(time, bs = "cr", by = infestation, k = 4) 

+ s(id, bs = "re"). 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 
(intercept) 29.05 0.39 - - 

Infestation 1.77 0.29 37.92 < 0.001 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 2.87 2.99 233.20 < 0.001 

s(time):Non-infested 2.92 3.00 255.54 < 0.001 

s(id) 30.76 38.00 5.66 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.883, Deviance explained: 0.902.  

REML: 535.13, Scale est: 4.4892, N: 228. 

 

Table S3.9. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and shell temperatures of the granular limpet, Scutellastra granularis, differ over time (data pooled for all 

experimental dates).   

Model Resid.df Resid.dev  df Deviance Pr(>Chi) 

Model 1 (ref) 

shell_temp ~ infestation + s(time, bs = "cr",  

k = 4) + s(id, bs = "re") 

186.51 888.24 - - - 

Model 2 

shell_temp ~ infestation + s(time, bs = "cr",  

by = infestation, k = 4) + s(id, bs = “re”) 

183.24 850.48 3.27 37.76 < 0.05 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013). 
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Table S3.10. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and shell temperatures of the granular limpet, Scutellastra granularis, over time differ between experimental 

dates.    

Model Resid.df Resid.dev  df Deviance F-value p-value 

Model 1 (ref) 

shell_temp ~ infestation + s(time,  

bs = "cr", by = infestation, k = 4) + 

s(id, bs = "re") 

183.24 850.48 - - - - 

Model 2 

shell_temp ~ infestation + date + 

s(time, bs = "cr", by = infestation,  

k = 4) + s(id, bs = "re") 

200.81 927.60 17.57 77.12 0.98 0.49 

* No significant parameters were detected. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013). 

 

Table S3.11. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation on the biomimetic mussel shell temperatures and on the shell temperatures of the granular 

limpet, Scutellastra granularis (data pooled for all experimental dates).   

Model used in this analysis: shell_temp ~ infestation + species + s(time, bs = "cr", by = infestation, k = 4) 

+ s(id, bs = "re"). 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 

(intercept) 32.32 0.45 - - 

Infestation 1.97 0.37 28.27 < 0.001 

Species 2.50 0.58 18.68 < 0.001 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 2.90 2.99 274.81 < 0.001 

s(time):Non-infested 2.95 3.00 361.15 < 0.001 

s(id) 45.95 63.00 2.99 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.912, Deviance explained: 0.932.   

REML: 553.03, Scale est: 4.2857, N: 234. 
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Table S3.12. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation on the biomimetic mussels and on the shell temperatures of the prickly limpet, 

Helcion pectunculus, and the variegated topshell, Oxystele antoni (data pooled for all experimental dates). 

Model used in this analysis: shell_temp ~ infestation + s(time, bs = "cr", by = infestation, k = 4) 

+ s(id, bs = "re"). 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 

(intercept) 33.46 0.96 - - 

Infestation 0.56 0.38 2.18 0.14 

Oxystele antoni 0.24 1.33 0.60 0.55 

Perna perna 1.03 1.25 0.60 0.55 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 2.96 3.00 305.70 < 0.001 

s(time):Non-infested 2.96 3.00 309.80 < 0.001 

s(id) 68.16 75.00 11.80 < 0.001 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.903, Deviance explained: 0.928.  

REML: 797.67, Scale est: 6.2238, N: 299. 

 

Table S3.13. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and shell temperatures of prickly limpet, Helcion pectunculus, and the variegated topshell, Oxystele antoni, 

differ over time (data pooled for all experimental dates).   

Model Resid.df Resid.dev  df Deviance Pr(>Chi) 

Model 1 (ref) 

shell_temp ~ infestation + species +  

s(time, bs = "cr", k = 4) + s(id, bs = "re") 

217.47 1377.30 - - - 

Model 2 

shell_temp ~ infestation + species +  

s(time, bs = "cr", by = infestation, k = 4) +  

s(id, bs = "re") 

214.45 1375.00 3.02 2.24 0.95 

* No significant parameters were detected. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  
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Table S3.14. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and shell temperatures of the prickly limpet, Helcion pectunculus, and the variegated topshell, Oxystele antoni, 

over time differ between experimental dates.    

Model Resid.df Resid.dev  df Deviance F-value p-value 

Model 1 (ref) 

shell_temp ~ infestation + species + 

s(time, bs = "cr", by = infestation,  

k = 4) + s(id, bs = "re") 

214.45 1375.00 - - - - 

Model 2 

shell_temp ~ infestation + date + 

species + s(time, bs = "cr", by = 

infestation, k = 4) + s(id, bs = "re") 

239.20 1639.10 24.75 264.07 1.71 < 0.05 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

 

 

Table S3.15. Summary outputs of the Generalized Additive Model (GAM) on the effect of euendolithic 

infestation on the wet weight of infaunal invertebrates (data pooled for all species and experimental dates). 

Model used in this analysis: log(wet_wgt) ~ infestation * species + s(time, bs = "cr", by = infestation, 

k = 5) + s(id, bs = "re") 

Component Term Estimate  Std Error F-value p-value 

A. Parametric coefficients 

(intercept) 7.69 0.06 - - 

Infestation 0.09 0.09 1.02 0.31 

Species   239.74 < 0.001 

Infestation x Species   0.98 0.40 

Component Term edf Ref.df F-value p-value 

B. Smooth terms 

s(time):Infested 1.19 1.36 19.51 < 0.001 

s(time):Non-infested 2.01 2.46 7.16 < 0.001 

s(id) 1.02 32.00 0.03 0.42 

* Significant parameters are underlined. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  

Adjusted R-squared: 0.799, Deviance explained: 0.805.  

REML: 202.87, Scale est: 0.16678, N: 359. 
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Table S3.16. Results of Wald’s-like test to assess whether the non-linear relationship between infestation 

and wet weight of infaunal invertebrates (data pooled for all species and experimental dates) differ over 

time between species (data pooled for all experimental dates).   

Model Resid.df Resid.dev  df Deviance Pr(>Chi) 

Model 1 (ref) 

log(wet_wgt) ~ infestation + species +  

s(time, bs = "cr", by = infestation, k = 5) +  

s(id, bs = "re") 

346.34 58.30 - - - 

Model 2 

log(wet_wgt) ~ infestation * species +  

s(time, bs = "cr", by = infestation, k = 5) +  

s(id, bs = "re") 

343.59 57.84 2.75 0.46 0.38 

* No significant parameters were detected. Parameter significance was assessed for parametric coefficients 

using standard F-tests, while the significance of smoothed terms were assessed using adapted Wald’s-like 

tests (Wood, 2013).  
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Chapter 4 

Table S4.1. List of the infaunal taxa recorded in the infested and non-infested experimental mussel beds (made up of Perna perna mussel shells) deployed in this 

study. Presence of each taxon is indicated by a ‘X’ in the corresponding column for each level of euendolithic infestation and P. perna genetic lineages at each 

experimental site. NI: non-infested mussel bed, I: infested mussel bed, E: P. perna eastern lineage, and W: P. perna genetic lineage.  

 Mosselbaai Brenton-on-Sea Jeffreysbaai Old Woman’s River Port Edward 

Taxon NI – W I – W NI – W I -W NI – W I – W NI – W I – W NI – E I – E NI – E I – E  
ACTINIARIA             

Actiniaria X  X X X X X X X X X X 

PLATYHELMINTHES             

Notocomplana erythrotoaenia X  X X X X X X X    

Planocera gilchristi   X  X  X  X X   

Platyhelminthes         X    

ANNELIDA              

          HIRUDINEA             

Hirudinea        X  X   

          ERRANTIA              

Arabella iricolor       X X X    

Lepidonotus clava  X           

Lepidonotus durbanensis     X X X X X X   

Nereididae   X X X X X X X X   

Phyllodocidae X    X X   X    

Pseudonereis podocirra X X X X   X X X X X X 

Scoletoma tetraura  X X X X X X X X X   

Syllidae X X X X X  X X X X X X 

Errantia X X       X  X  

          SEDENTARIA             

Cirriformia sp.       X      

Gunnarea gaimardi        X X X   

Orbinidae     X        

Spirobranchus kraussii           X  

Thelepus sp.  X      X  X   

Sedentaria           X  
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Table S4.1 (continued). 

 Mosselbaai Brenton-on-Sea Jeffreysbaai Old Woman’s River Port Edward 

Taxon NI – W I – W NI – W I -W NI – W I – W NI – W I – W NI – E I – E NI – E I – E 
          NEMERTEA             

Cerebratulus fuscus         X    

Nemertea X  X X X X X  X    

          SIPUNCULIDA             

Sipunculida      X X X X X   

ARTHROPODA             

          ARACHNIDA             

Desis formidabilis X X     X X X    

          PYCNOGONIDA             

Nymphopsis cuspidata X            

Tanystylum brevipes     X        

Pycnogonida   X     X     

          HEXAPODA             

Telmatogeton minor X X X X X   X X X   

          DECAPODA             

Cyclograpsus punctatus X X  X X X       

Guinusia chabrus   X   X X X X    

Leucisca squalina     X X     X  

Metopograpsus messor            X 

Plagusia squamosa           X  

          AMPHIPODA             

Paramoera capensis X X      X X X X X 

Talorchestia sp.   X X X X X X X X X X 

Amphipoda       X X    X 

          ISOPODA             

Cirolana cranchii  X   X  X      

Cirolana hirtipes X            

Cirolana venusticauda X            

Cirolana sp. X  X X  X   X    

Exosphaeroma truncatitelson X  X          

Iais pubescens X X X X  X X X X X   

Ischyromene huttoni X X X X X X X X X X X X 

Janira sp.       X X     
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Table S4.1 (continued). 

 Mosselbaai Brenton-on-Sea Jeffreysbaai Old Woman’s River Port Edward 

 NI – W I – W NI – W I -W NI – W I – W NI – W I – W NI – E I – E NI – E I – E 

          ISOPODA (suite)             

Joeropsis stebbingi     X  X X X X   

Mesanthura catenula X X       X    

Parisocladus perforatus X X   X X X  X X   

Sphaeramene polytylotos   X X   X X X X   

Stenetrium sp.  X           

Isopoda X   X    X X X   

          TANAIDACEA             

Zeuxoides helleri  X   X    X    

          CIRRIPEDIA             

Chthamalus dentatus X        X  X X 

Octomeris angulosa X          X X 

Solidobalanus elizabethae            X 

Tetraclita serrata        X X  X X 

Cirripedia X          X  

ECHINODERMATA             

          ASTEROIDEA             

Parvulastra exigua X X  X X X X X X X X  

          ECHINOIDEA             

Parechinus angulosus X  X X X X X X X X   

          OPHIUROIDEA             

Amphipholis squamata X X   X  X X X X   

          HOLOTHUROIDEA             

Neostichopus grammatus          X   

Pentacta doliolum          X   

Pseudocnella sykion     X X  X   X X 

Roweia stephensoni    X         

Holothuroidea  X     X X X    

MOLLUSCA             

          BIVALVIA             

Brachidontes variabilis           X X 

Choromytilus meridionalis   X          

Mytilus galloprovincialis X X X X X X       



238 
 

Table S4.1 (continued). 

 Mosselbaai Brenton-on-Sea Jeffreysbaai Old Woman’s River Port Edward 

 NI – W I – W NI – W I -W NI – W I – W NI – W I – W NI – E I – E NI – E I – E 

          BIVALVIA (suite)             

Perna perna X X X X X X X X X X X X 

Venerupis corrugata   X          

Bivalvia   X          

          GASTROPODA             

Afrolittorina africana            X 

Afrolittorina knysnaensis      X       

Anachis kraussii subsp. Kraussii           X  

Burnupena cincta    X         

Burnupena lagenaria   X X X X X X X X  X 

Cellana capensis           X X 

Crepidula porcellana          X   

Cymbula granatina       X X X    

Cymbula oculus     X X X X X X X  

Cymbula sanguinans           X X 

Eoacmaea albonotata           X  

Fissurella mutabilis   X X X        

Fissurella natalensis       X X X X X X 

Gibbula cicer     X  X X X X   

Gibbula multicolor           X X 

Helcion concolor           X X 

Helcion dunkeri       X     X 

Helcion pruinosus X X  X   X X X X X X 

Heliacus variegatus  X      X     

Mancinella capensis  X           

Nucella dubia X X X  X X X X   X X 

Nucella squamosa   X X X X X X X    

Oxystele antoni X X X X X X X X X X   

Oxystele impervia  X  X   X X X X   

Oxystele tabularis       X  X  X X 

Purpura panama            X 

Scutellastra granularis X X X X X X X X X X X X 

Scutellastra longicosta      X       
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Table S4.1 (continued). 

 Mosselbaai Brenton-on-Sea Jeffreysbaai Old Woman’s River Port Edward 

 NI – W I – W NI – W I -W NI – W I – W NI – W I – W NI – E I – E NI – E I – E 

          GASTROPODA (suite)             

Scutellastra natalensis            X 

Scutellastra obtecta           X X 

Siphonaria capensis X X X X X X       

Siphonaria concinna X X   X        

Siphonaria oculus      X       

Siphonaria serrata         X    

Tricolia capensis   X  X X  X X X   

Tricolia kochii    X X   X X X   

Tricolia neritina   X X X X       

Tubo cidaris subsp. Cidaris X            

Gastropoda X  X     X   X X 

          POLYPLACOPHORA             

Acanthochitona garnoti X X X X X X X X X X   

Ischnochiton oniscus X     X  X  X   

Onithochiton literatus           X X 

Rhyssoplax polita       X X  X   

OSTEICHTHYES             

Clinus sp.         X    
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Table S4.2. Results of the SIMPER analysis on infaunal abundances showing the most influential species 

discriminating among sites. Cut-off for low contribution: 50%. Significant p-values indicating difference in 

average species abundance between sites are underlined.  

Species Average a Average b 
Cumulative 

contribution (%) 

Brenton-on-Sea vs Mosselbaai 

Talorchestia sp. 2.947 0.000 7.397 

Paramoera capensis 0.000 2.776 14.369 

Actiniaria 2.468 0.149 20.243 

Burnupena lagenaria 2.070 0.000 25.427 

Mytilus galloprovincialis 2.569 0.702 30.242 

Sphaeramene phylotylotos 1.542 0.000 34.106 

Ischyromene huttoni 2.281 0.954 37.545 

Parisocladus perforatus 0.000 1.416 40.927 

Tricolia neritina 1.284 0.000 44.116 

Parvulastra exigua 0.571 1.844 47.244 

Perna perna 3.596 2.373 50.363 

Brenton-on-Sea vs Jeffreysbaai 

Parisocladus perforatus 0.000 1.998 5.929 

Pseudonereis podocirra 1.996 0.000 11.827 

Actiniaria 2.468 0.693 17.205 

Sphaeramene polytylotos 1.542 0.000 21.740 

Nucella dubia 0.143 1.412 25.540 

Tricolia neritina 1.284 0.333 28.611 

Talorchestia sp. 2.947 1.948 31.581 

Mytilus galloprovincialis 2.569 1.879 34.377 

Notocomplona erythrotaenia 1.070 0.402 37.051 

Burnupena lagenaria 2.070 1.301 39.407 

Nereididae 1.090 0.960 41.727 

Acanthochitona garnoti 1.156 1.298 44.020 

Fissurella mutabilis 0.733 0.198 46.193 

Scoletoma tetraura 0.345 0.731 48.346 

Siphonaria capensis 0.474 0.709 50.478 

Brenton-on-Sea vs Port Edward 

Mytilus galloprovincialis 2.569 0.000 5.701 

Actiniaria 2.468 0.499 10.165 

Oxystele tabularis 0.000 2.005 14.569 

Perna perna 3.596 1.643 18.959 

Oxystele antoni 1.976 0.000 23.335 

Talorchestia sp. 2.947 1.041 27.574 

Burnupena lagenaria 2.070 0.188 31.804 

Sphaeramene polytylotos 1.542 0.000 35.233 

Tricolia neritina 1.284 0.000 38.100 
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Table S4.2 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 

Brenton-on-Sea vs Port Edward (suite) 

Pseudonereis podocirra 1.996 0.832 40.717 

Helcion concolor 0.000 1.149 43.319 

Acanthochitona garnoti 1.156 0.000 45.857 

Helcion pruinosus 0.000 1.201 48.369 

Nereididae 1.090 0.000 50.771 

Jeffreysbaai vs Mosselbaai 

Paramoera capensis 0.000 2.776 7.677 

Talorchestia sp. 1.948 0.000 13.056 

Ischyromene huttoni 2.842 0.954 18.394 

Parvulastra exigua 0.333 1.844 22.559 

Mytilus galloprovincialis 1.879 0.702 26.074 

Burnupena lagenaria 1.301 0.000 29.576 

Perna perna 3.433 2.373 32.669 

Nucella dubia 1.412 0.561 35.690 

Pseudonereis podocirra 0.000 1.093 38.659 

Parisocladus perforatus 1.998 1.416 41.558 

Acanthochitona garnoti 1.298 0.500 44.240 

Nereididae 0.960 0.000 46.784 

Siphonaria capensis 0.709 0.274 48.766 

Scutellastra granularis 1.494 0.939 50.703 

Jeffreysbaai vs Port Edward 

Parisocladus perforatus 1.998 0.000 4.668 

Oxystele tabularis 0.000 2.005 9.243 

Oxystele antoni 1.974 0.000 13.726 

Mytilus galloprovincialis 1.879 0.000 18.102 

Perna perna 3.433 1.643 22.308 

Acanthochitona garnoti 1.298 0.000 25.283 

Ischyromene huttoni 2.842 1.676 28.094 

Helcion concolor 0.000 1.149 30.801 

Burnupena lagenaria 1.301 0.188 33.453 

Helcion pruinosus 0.167 1.201 35.932 

Fissurella natalensis 0.000 1.090 38.383 

Nucella dubia 1.412 0.429 40.768 

Talorchestia sp. 1.948 1.041 43.103 

Nereididae 0.960 0.000 45.235 

Gastropoda 0.000 0.905 47.305 

Pseudonereis podocirra 0.000 0.832 49.182 

Cymbula sanguinans 0.000 0.767 50.963 
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Table S4.2 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 

Mosselbaai vs Port Edward 

Paramoera capensis 2.776 0.493 6.748 

Oxystele tabularis 0.000 2.005 12.398 

Parvulastra exigua 1.844 0.143 17.237 

Oxystele antoni 1.639 0.000 21.931 

Parisocladus perforatus 1.416 0.000 25.736 

Helcion concolor 0.000 1.149 29.108 

Talorchestia sp. 0.000 1.041 32.123 

Fisurella natalensis 0.000 1.090 35.137 

Ischyromene huttoni 0.954 1.676 38.071 

Helcion pruinosus 0.274 1.201 40.994 

Scutellastra granularis 0.939 1.491 43.491 

Gastropoda 0.125 0.905 45.914 

Perna perna 2.373 1.643 48.180 

Cymbula sanguinans 0.000 0.767 50.389 
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Table S4.3. Results of the SIMPER analysis on infaunal biomasses showing the most influential species 

discriminating among sites. Cut-off for low contribution: 50%. Significant p-values indicating difference in 

average species biomass between sites are underlined.  

Species Average a Average b 
Cumulative 

contribution (%) 

Brenton-on-Sea vs Mosselbaai 

Actiniaria 4.655 0.400 7.197 

Burnupena lagenaria 4.068 0.000 13.927 

Mytilus galloprovincialis 5.026 1.253 20.387 

Parvulastra exigua 1.470 5.338 26.819 

Perna perna 7.169 3.721 32.789 

Ischyromene huttoni 4.921 1.753 38.074 

Sphaeramene polytylotos 3.074 0.000 43.119 

Talorchestia sp. 2.881 0.000 47.907 

Paramoera capensis 0.000 2.478 52.015 

Brenton-on-Sea vs Jeffreysbaai 

Pseudonereis podocirra 4.422 0.000 8.587 

Actiniaria 4.655 0.819 16.115 

Sphaeramene polytylotos 3.074 0.000 22.007 

Parisocladus perforatus 0.000 2.686 27.201 

Perna perna 7.169 6.152 31.974 

Nucella dubia 0.174 2.521 36.460 

Acanthochitona garnoti 2.830 3.454 40.848 

Mytilus galloprovincialis 5.026 3.286 45.113 

Burnupena lagenaria 4.068 2.340 48.634 

Parvulastra exigua 1.470 0.538 51.339 

Brenton-on-Sea vs Port Edward 

Perna perna 7.169 2.182 7.170 

Mytilus galloprovincialis 5.026 0.000 14.331 

Actiniaria 4.655 0.665 20.136 

Burnupena lagenaria 4.068 0.245 25.586 

Pseudonereis podocirra 4.422 1.410 30.030 

Sphaeramene polytylotos 3.074 0.000 34.336 

Ischyromene huttoni 4.922 1.972 38.523 

Onithochiton literatus 0.000 3.067 42.566 

Oxystele tabularis 0.000 2.904 46.594 

Acanthochitona garnoti 2.830 0.000 50.504 

Jeffreysbaai vs Mosselbaai 

Parvulastra exigua 0.538 5.338 9.215 

Ischyromene huttoni 5.603 1.753 16.526 

Perna perna 6.152 3.721 21.986 

Acanthochitona garnoti 3.454 1.401 26.928 

Paramoera capensis 0.000 2.478 31.696 

Pseudonereis podocirra 0.000 2.503 36.426 
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Table S4.3 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 

Jeffreysbaai vs Mosselbaai (suite) 

Mytilus galloprovincialis 3.286 1.253 40.851 

Burnupena lagenaria 2.340 0.000 45.236 

Cyclograpsus punctatus 1.254 1.927 49.180 

Nucella dubia 2.521 0.944 52.928 

Jeffreysbaai vs Port Edward 

Perna perna 6.152 2.182 6.184 

Ischyromene huttoni 5.603 1.972 11.956 

Acanthochitona garnoti 3.454 0.000 17.181 

Mytilus galloprovincialis 3.286 0.000 22.288 

Oxystele antoni 3.198 0.000 27.377 

Oxystele tabularis 0.000 2.904 31.926 

Onithochiton literatus 0.000 3.067 36.455 

Parisocladus perforatus 2.686 0.000 40.760 

Fissurella natalensis 0.000 2.548 44.694 

Burnupena lagenaria 2.340 0.245 48.067 

Nucella dubia 2.521 0.506 51.309 

Mosselbaai vs Port Edward 

Parvulastra exigua 5.338 0.210 9.909 

Oxystele antoni 3.190 0.000 16.188 

Oxystele tabularis 0.000 2.904 21.647 

Onithochiton literatus 0.000 3.067 27.005 

Fissurella natalensis 0.000 2.548 31.717 

Paramoera capensis 2.478 0.613 35.619 

Parisocladus perforatus 2.109 0.000 39.447 

Cyclograpsus punctatus 1.927 0.000 43.217 

Perna perna 3.721 2.182 46.688 

Pseudonereis podocirra 2.503 1.410 49.878 

Helcion concolor 0.000 1.528 52.773 
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Chapter 5 

This supplementary material comprises of separate sections corresponding to the 

subtitles in the ‘Results’ section of this chapter to facilitate navigation. 

5.3.1. Relationship between mussel shell condition and epibiosis 

Table S5.1. Results of the TukeySD post-hoc pairwise comparisons on the relationship between shell 

length (in mm) and euendolithic infestation levels (from A to E, as defined in Kaehler, 1999). Significant 

p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error t-value p-value 

A 

B – 3.722 2.232 – 1.668 0.420 

C – 0.317 2.609 – 0.122 0.999 

D 8.301 2.642 3.142 0.013 

E 10.887 3.857 2.832 0.033 

B 

C 3.405 1.653 2.060 0.213 

D 12.023 1.688 7.123 < 0.001 

E 14.609 3.281 4.453 < 0.001 

C 
D 8.618 1.154 7.468 < 0.001 

E 11.204 3.029 3.699 0.002 

D E 2.586 2.963 0.873 0.894 

 

Table S5.2. Results of the TukeySD post-hoc pairwise comparisons on the relationship between shell 
length (in mm) and shell degradation index (from 1 to 6, as defined in Ma et al., 2023). Significant p-values 

are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error t-value p-value 

1 

2 13.923 2.477 5.621 < 0.001 

3 24.097 2.857 8.434 < 0.001 

4 29.704 3.114 9.537 < 0.001 

5 38.465 3.166 12.150 < 0.001 

6 38.087 3.973 9.586 < 0.001 

2 

3 10.174 2.119 4.802 < 0.001 

4 15.781 2.380 6.631 < 0.001 

5 24.542 2.454 10.003 < 0.001 

6 24.164 3.434 7.036 < 0.001 

3 

4 5.607 1.670 3.358 0.009 

5 14.368 1.718 8.366 < 0.001 

6 13.990 2.948 4.745 < 0.001 

4 
5 8.762 1.207 7.261 < 0.001 

6 8.383 2.671 3.138 0.019 

5 6 – 0.379 2.555 – 0.148 1.000 
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Table S5.3. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

prevalence of epibiosis and shell length range (from ]30 − 40]  to ]110 − 120]  in mm). Significant  

p-values are underlined. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p(> |z|) 

]30 − 40] 

]40 − 50] – 0.420 0.355 – 1.181 0.961 

]50 − 60] – 1.341 0.365 – 3.672 0.007 

]60 − 70] – 1.501 0.363 – 4.131 0.001 

]70 − 80] – 2.749 0.522 – 5.261 < 1 x 10-4 

]80 − 90] – 2.887 0.461 – 6.259 < 1 x 10-4 

]90 − 100] – 4.230 1.036 – 4.082 0.002 

]100 − 110] – 17.069 610.452 – 0.028 1.000 

]110 − 120] – 17.069 1978.090 – 0.009 1.000 

]40 − 50] 

]50 − 60] – 0.921 0.360 – 2.558 0.205 

]60 − 70] – 1.081 0.358 – 3.017 0.064 

]70 − 80] – 2.329 0.519 – 4.488 2 x 10-4 

]80 − 90] – 2.468 0.457 – 5.395 < 0.001 

]90 − 100] – 3.811 1.035 – 3.683 0.007 

]100 − 110] – 16.676 610.452 – 0.027 1.000 

]110 − 120] – 16.676 1978.090 – 0.008 1.000 

]50 − 60] 

]60 − 70] – 0.160 0.368 – 0.434 1.000 

]70 − 80] – 1.408 0.526 – 2.677 0.156 

]80 − 90] – 1.546 0.465 – 3.325 0.025 

]90 − 100] – 2.889 1.038 – 2.783 0.120 

]100 − 110] – 15.755 610.452 – 0.026 1.000 

]110 − 120] – 15.755 1978.090 – 0.008 1.00 

]60 − 70] 

]70 − 80] – 1.248 0.524 – 2.380 0.295 

]80 − 90] – 1.387 0.464 – 2.991 0.069 

]90 − 100] – 2.730 1.037 – 2.631 0.174 

]100 − 110] – 15.595 610.452 – 0.026 1.000 

]110 − 120] – 15.595 1978.090 – 0.008 1.000 

]70 − 80] 

]80 − 90] – 0.139 0.597 – 0.232 1.000 

]90 − 100] – 1.482 1.103 – 1.343 0.9184 

]100 − 110] – 14.347 610.452 – 0.024 1.000 

]110 − 120] – 14.347 1978.090 – 0.007 1.000 

]80 − 90] 

]90 − 100] – 1.343 1.076 – 1.249 0.946 

]100 − 110] – 14.209 610.452 – 0.023 1.000 

]110 − 120] – 14.209 1978.090 – 0.007 1.000 

]90 − 100] 
]100 − 110] – 12.866 610.453 – 0.021 1.000 

]110 − 120] – 12.866 1978.090 – 0.007 1.000 

]100 − 110] ]110 − 120] 0.000 2070.143 0.000 1.000 
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Table S5.4. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

prevalence of epibiosis and euendolithic infestation levels (from A to E, as defined in Kaehler, 1999). 

Significant p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B – 0.161 0.474 – 0.340 0.996 

C – 0.297 0.588 – 0.505 0.982 

D 0.648 0.634 1.023 0.807 

E 13.997 510.129 0.027 1.000 

B 

C – 0.137 0.399 – 0.342 0.996 

D 0.809 0.460 1.759 0.334 

E 14.158 510.128 0.028 1.000 

C 
D 0.945 0.343 2.754 0.033 

E 14.295 510.128 0.028 1.000 

D E 13.349 510.128 0.026 1.000 

 

 

 

Table S5.5. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

prevalence of epibiosis and shell degradation index (from 1 to 6, as defined in Ma et al., 2023). Significant 

p-values are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 1.074 0.444 2.419 0.126 

3 1.908 0.579 3.295 0.010 

4 1.703 0.638 2.671 0.068 

5 2.119 0.674 3.145 0.017 

6 2.467 1.211 2.037 0.284 

2 

3 0.845 0.457 1.826 0.407 

4 0.630 0.513 1.226 0.797 

5 1.046 0.559 1.871 0.379 

6 1.393 1.151 1.210 0.805 

3 

4 – 0.205 0.418 – 0.492 0.996 

5 0.211 0.458 0.460 0.999 

6 0.559 1.105 0.506 0.995 

4 
5 0.416 0.338 1.232 0.793 

6 0.764 1.057 0.722 0.975 

5 6 0.348 1.049 0.331 0.999 
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5.3.2. Epibiotic communities 

5.3.2.1. Epibiotic community descriptors 

5.3.2.1.1. Total abundance of epibionts 

Table S5.6. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the total 

abundance of epibionts per mussel and shell length range (from ]30 − 40]  to ]110 − 120]  in mm). 

Significant p-values are underlined. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p(> |z|) 

]30 − 40] 

]40 − 50] 0.321 0.231 1.389 0.887 

]50 − 60] 0.553 0.208 2.660 0.142 

]60 − 70] 0.940 0.205 4.597 < 0.010 

]70 − 80] 1.306 0.205 6.386 < 0.010 

]80 − 90] 1.525 0.194 7.868 < 0.010 

]90 − 100] 1.790 0.208 8.603 < 0.010 

]100 − 110] 2.094 0.253 8.279 < 0.010 

]110 − 120] 1.942 0.618 3.145 0.038 

]40 − 50] 

]50 − 60] 0.232 0.187 1.245 0.937 

]60 − 70] 0.619 0.183 3.388 0.017 

]70 − 80] 0.986 0.183 5.389 < 0.010 

]80 − 90] 1.204 0.171 7.052 < 0.010 

]90 − 100] 1.469 0.187 7.866 < 0.010 

]100 − 110] 1.774 0.236 7.522 < 0.010 

]110 − 120] 1.621 0.611 2.655 0.143 

]50 − 60] 

]60 − 70] 0.387 0.153 2.537 0.189 

]70 − 80] 0.753 0.153 4.934 < 0.010 

]80 − 90] 0.972 0.138 7.047 < 0.010 

]90 − 100] 1.237 0.157 7.862 < 0.010 

]100 − 110] 1.541 0.213 7.229 < 0.010 

]110 − 120] 1.389 0.602 2.306 0.305 

]60 − 70] 

]70 − 80] 0.366 0.148 2.474 0.218 

]80 − 90] 0.585 0.133 4.404 < 0.010 

]90 − 100] 0.850 0.153 5.561 < 0.010 

]100 − 110] 1.154 0.210 2.499 < 0.010 

]110 − 120] 1.002 0.601 1.667 0.738 

]70 − 80] 

]80 − 90] 0.218 0.133 1.645 0.752 

]90 − 100] 0.484 0.153 3.164 0.035 

]100 − 110] 0.788 0.210 3.754 < 0.001 

]110 − 120] 0.636 0.601 1.058 0.976 

]80 − 90] 

]90 − 100] 0.265 0.139 1.920 0.563 

]100 − 110] 0.570 0.200 2.857 0.085 

]110 − 120] 0.418 0.598 0.699 0.999 

]90 − 100] 
]100 − 110] 0.305 0.213 1.428 0.870 

]110 − 120] 0.152 0.602 0.253 1.000 

]100 − 110] ]110 − 120] – 0.152 0.619 – 0.246 1.000 
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Table S5.7. Results of the TukeySD post-hoc pairwise comparisons on the relationship the total 

abundance of epibionts per mussel valve and euendolithic infestation levels (from A to E, as defined in 

Kaehler, 1999). Significant p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B – 0.181 0.181 – 0.997 0.839 

C 0.185 0.208 0.891 0.887 

D 0.241 0.209 1.152 0.754 

E 0.139 0.292 0.474 0.988 

B 

C 0.366 0.130 2.821 0.033 

D 0.422 0.131 3.228 0.009 

E 0.319 0.243 1.315 0.651 

C 
D 0.056 0.087 0.641 0.963 

E – 0.046 0.222 – 0.209 1.000 

D E – 0.102 0.216 – 0.474 0.988 

 

Table S5.8. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the total 

abundance of epibionts per mussel valve and shell degradation index (from 1 to 6, as defined in Ma et al., 

2023). Significant p-values are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 0.499 0.231 2.158 0.227 

3 0.708 0.254 2.785 0.051 

4 0.796 0.273 2.918 0.035 

5 0.890 0.275 3.234 0.013 

6 0.787 0.328 2.402 0.135 

2 

3 0.209 0.174 1.204 0.810 

4 0.297 0.194 1.534 0.604 

5 0.391 0.198 1.979 0.318 

6 0.288 0.266 1.083 0.870 

3 

4 0.088 0.130 0.676 0.981 

5 0.182 0.132 1.379 0.706 

6 0.079 0.221 0.357 0.999 

4 
5 0.094 0.091 1.030 0.892 

6 – 0.009 0.199 – 0.046 1.000 

5 6 – 0.103 0.189 – 0.547 0.993 

 

Table S5.9. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the total 

abundance of epibionts per mussel and position on the shell (i.e., infested, non-infested, or secondary 

epibiosis). Significant p-values are underlined.   

Position (a) Position (b) Estimate Std Error z-value P (> z) 

II epibiosis 
Infested – 0.346 0.088 – 3.927 2.510 x 10-4 

Non-infested – 0.546 0.088 – 6.230 < 1 x 10-4 

Non-infested Infested – 0.200 0.058 – 3.467 0.001 
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5.3.2.1.2. Percent cover of epibionts 

Table S5.10. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

percent cover of epibionts per mussel and shell length range (from ]30 − 40]  to ]110 − 120] in mm). 

Significant p-values are underlined. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p(> |z|) 

]30 − 40] 

]40 − 50] 0.493 0.362 1.363 0.897 

]50 − 60] 1.312 0.317 4.133 < 0.001 

]60 − 70] 1.779 0.316 5.631 < 0.001 

]70 − 80] 1.514 0.317 4.771 < 0.001 

]80 − 90] 1.690 0.298 5.663 < 0.001 

]90 − 100] 1.565 0.326 4.806 < 0.001 

]100 − 110] 1.612 0.406 3.969 0.002 

]110 − 120] 0.735 1.030 0.713 0.998 

]40 − 50] 

]50 − 60] 0.819 0.300 2.729 0.120 

]60 − 70] 1.286 0.299 4.308 < 0.001 

]70 − 80] 1.021 0.300 3.405 0.016 

]80 − 90] 1.197 0.280 4.276 < 0.001 

]90 − 100] 1.073 0.309 3.473 0.013 

]100 − 110] 1.120 0.393 2.850 0.087 

]110 − 120] 0.242 1.025 0.236 1.000 

]50 − 60] 

]60 − 70] 0.468 0.243 1.923 0.562 

]70 − 80] 0.203 0.245 0.828 0.995 

]80 − 90] 0.378 0.220 1.720 0.703 

]90 − 100] 0.254 0.256 0.993 0.984 

]100 − 110] 0.301 0.353 0.853 0.994 

]110 − 120] – 0.577 1.010 – 0.571 1.000 

]60 − 70] 

]70 − 80] – 0.265 0.243 – 1.089 0.971 

]80 − 90] – 0.089 0.218 – 0.410 1.000 

]90 − 100] – 0.214 0.254 – 0.842 0.995 

]100 − 110] – 0.167 0.351 – 0.475 1.000 

]110 − 120] – 1.045 1.010 – 1.035 0.979 

]70 − 80] 

]80 − 90] 0.0176 0.220 0.798 0.996 

]90 − 100] 0.051 0.256 0.200 1.000 

]100 − 110] 0.098 0.353 0.278 1.000 

]110 − 120] – 0.780 1.010 – 0.772 0.997 

]80 − 90] 

]90 − 100] – 0.124 0.232 – 0.537 1.000 

]100 − 110] – 0.077 0.336 – 0.231 1.000 

]110 − 120] – 0.955 1.004 – 0.951 0.988 

]90 − 100] 
]100 − 110] 0.047 0.360 0.130 1.000 

]110 − 120] – 0.831 1.013 – 0.820 0.995 

]100 − 110] ]110 − 120] – 0.878 1.041 – 0.843 0.995 
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Table S5.11. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in epibionts (in mm2) and shell degradation index (from 1 to 6, as defined in Ma et al., 2023) 

interacting with position on the shell (i.e., infested, non-infested). Significant p-values are underlined. 

Shell degradation 

index – Position 

on the shell (a) 

Shell degradation 

index – Position 

on the shell (b) 

Estimate Std Error t-value p-value 

1 – infested 

2 – infested – 0.292 689284.7 0.000 1.000 

3 – infested – 0.504 689284.7 0.000 1.000 

4 – infested – 0.679 689284.7 0.000 1.000 

5 – infested – 0.634 689284.7 0.000 1.000 

6 – infested  – 0.915 689284.7 0.000 1.000 

1 – non-infested – 0.275 689284.7 0.000 1.000 

2 – non-infested – 2.336 689284.7 0.000 1.000 

3 – non-infested – 2.066 689284.7 0.000 1.000 

4 – non-infested – 1.568 689284.7 0.000 1.000 

5 – non-infested – 1.008 689284.7 0.000 1.000 

6 – non-infested – 0.295 689284.7 0.000 1.000 

2 – infested 

3 – infested – 0.212 0.5 – 0.450 1.000 

4 – infested – 0.386 0.5 – 0.825 1.000 

5 – infested – 0.341 0.5 – 0.735 1.000 

6 – infested – 0.623 0.5 – 1.152 0.992 

1 – non-infested 0.017 0.5 0.037 1.000 

2 – non-infested – 2.044 0.4 – 4.757 1 x 10-4 

3 – non-infested – 1.774 0.5 – 3.939 0.005 

4 – non-infested – 1.276 0.5 – 2.731 0.213 

5 – non-infested – 0.716 0.5 – 1.536 0.930 

6 – non-infested – 0.003 0.8 – 0.004 1.000 

3 – infested 

4 – infested – 0.175 0.3 – 0.643 1.000 

5 – infested – 0.130 0.3 – 0.498 1.000 

6 – infested – 0.412 0.4 – 1.087 0.995 

1 – non-infested 0.229 0.4 0.542 1.000 

2 – non-infested – 1.833 0.3 – 5.937 < 1 x 10-4 

3 – non-infested – 1.563 0.3 – 5.872 < 1 x 10-4 

4 – non-infested – 1.064 0.3 – 3.958 0.005 

5 – non-infested – 0.504 0.3 – 1.906 0.756 

6 – non-infested 0.208 0.7 0.292 1.000 

4 – infested 

5 – infested 0.045 0.2 0.282 1.000 

6 – infested – 0.237 0.3 – 0.742 1.000 

1 – non-infested 0.404 0.4 0.949 0.999 

2 – non-infested – 1.658 0.3 – 5.691 < 1 x 10-4 

3 – non-infested – 1.388 0.2 – 6.624 < 1 x 10-4 

4 – non-infested – 0.890 0.2 – 4.918 1 x 10-4 

5 – non-infested – 0.329 0.2 – 1.966 0.716 

6 – non-infested 0.383 0.7 0.562 1.000 
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Table S5.11 (continued). 

Shell degradation 

index – Position 

on the shell (a) 

Shell degradation 

index – Position 

on the shell (b) 

Estimate Std Error t-value p-value 

5 – infested 

6 – infested – 0.282 0.3 – 0.938 0.999 

1 – non-infested 0.359 0.4 0.851 1.000 

2 – non-infested – 1.703 0.3 – 5.938 < 1 x 10-4 

3 – non-infested – 1.433 0.2 – 7.254 < 1 x 10-4 

4 – non-infested – 0.935 0.2 – 6.202 < 1 x 10-4 

5 – non-infested – 0.374 0.1 – 2.864 0.156 

6 – non-infested 0.338 0.7 0.502 1.000 

6 – infested 

1 – non-infested 0.604 0.5 1.271 0.983 

2 – non-infested – 1.421 0.4 – 3.564 0.020 

3 – non-infested – 1.151 0.3 – 3.365 0.038 

4 – non-infested – 0.653 0.3 – 2.068 0.646 

5 – non-infested – 0.093 0.3 – 0.302 1.000 

6 – non-infested 0.620 0.7 0.850 1.000 

1 – non-infested 

2 – non-infested – 2.061 0.4 – 5.571 < 1 x 10-4 

3 – non-infested – 1.791 0.4 – 4.446 6 x 10-4 

4 – non-infested – 1.293 0.4 – 3.046 0.097 

5 – non-infested – 0.733 0.4 – 1.738 0.850 

6 – non-infested – 0.020 0.8 – 0.026 1.000 

2 – non-infested 

3 – non-infested 0.270 0.3 1.017 0.997 

4 – non-infested 0.768 0.3 2.649 0.254 

5 – non-infested 1.328 0.3 4.597 3 x 10-4 

6 – non-infested 2.041 0.7 2.825 0.171 

3 – non-infested 

4 – non-infested 0.498 0.2 2.415 0.397 

5 – non-infested 1.058 0.2 5.225 < 1 x 10-4 

6 – non-infested 1.771 0.7 2.557 0.306 

4 – non-infested 
5 – non-infested 0.560 0.2 3.511 0.023 

6 – non-infested 1.273 0.7 1.872 0.777 

5 – non-infested 6 – non-infested 0.713 0.7 1.053 0.996 
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5.3.2.1.3. Total biomass of epibionts 

Table S5.12. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the total 

biomass of epibionts per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm). Significant 

p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p(> |z|) 

]30 − 40] 

]40 − 50] 0.952 0.687 1.387 0.884 

]50 − 60] 1.887 0.613 3.080 0.043 

]60 − 70] 2.879 0.594 4.847 < 0.001 

]70 − 80] 3.286 0.596 5.509 < 0.001 

]80 − 90] 3.706 0.582 6.372 < 0.001 

]90 − 100] 3.002 0.599 5.015 < 0.001 

]100 − 110] 3.231 0.647 4.991 < 0.001 

]110 − 120] 1.563 1.189 1.315 0.912 

]40 − 50] 

]50 − 60] 0.935 0.467 2.001 0.497 

]60 − 70] 1.927 0.442 4.355 < 0.001 

]70 − 80] 2.333 0.446 5.235 < 0.001 

]80 − 90] 2.753 0.425 6.471 < 0.001 

]90 − 100] 2.050 0.448 4.570 < 0.001 

]100 − 110] 2.278 0.512 4.452 < 0.001 

]110 − 120] 0.611 1.121 0.545 1.000 

]50 − 60] 

]60 − 70] 0.992 0.316 3.141 0.036 

]70 − 80] 1.398 0.320 4.365 < 0.001 

]80 − 90] 1.818 0.292 6.236 < 0.001 

]90 − 100] 1.115 0.324 3.438 0.014 

]100 − 110] 1.343 0.407 3.299 0.022 

]110 − 120] – 0.324 1.077 – 0.301 1.000 

]60 − 70] 

]70 − 80] 0.406 0.283 1.436 0.862 

]80 − 90] 0.826 0.250 3.306 0.021 

]90 − 100] 0.123 0.287 0.428 1.000 

]100 − 110] 0.352 0.379 0.929 0.989 

]110 − 120] – 1.316 1.067 – 1.233 0.938 

]70 − 80] 

]80 − 90] 0.420 0.256 1.642 0.728 

]90 − 100] – 0.284 0.292 – 0.970 0.986 

]100 − 110] – 0.055 0.382 – 0.144 1.000 

]110 − 120] – 1.722 1.068 – 1.612 0.767 

]80 − 90] 

]90 − 100] – 0.704 0.261 – 2.700 0.124 

]100 − 110] – 0.475 0.359 – 1.324 0.909 

]110 − 120] – 2.142 1.060 – 2.021 0.484 

]90 − 100] 
]100 − 110] 0.229 0.386 0.593 1.000 

]110 − 120] – 1.439 1.070 – 1.345 0.901 

]100 − 110] ]110 − 120] – 1.667 1.098 – 1.519 0.820 
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Table S5.13. Results of the TukeySD post-hoc pairwise comparisons on the relationship the total biomass 

of epibionts per mussel valve and euendolithic infestation levels (from A to E, as defined in Kaehler, 

1999). Significant p-values are underlined.  

Infestation level 

(a) 
Infestation level (b) Estimate Std Error z-value P (> z) 

A 

B – 0.918 0.462 – 1.984 0.240 

C 0.043 0.521 0.082 1.000 

D 0.486 0.521 0.932 0.866 

E – 0.182 0.662 – 0.275 0.998 

B 

C 0.960 0.258 3.720 0.001 

D 1.403 0.257 5.458 < 0.001 

E 0.736 0.483 1.524 0.506 

C 
D 0.443 0.162 2.730 0.041 

E – 0.225 0.433 – 0.519 0.983 

D E – 0.668 0.427 – 1.564 0.479 

 

Table S5.14. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the total 
biomass of epibionts per mussel valve and shell degradation index (from 1 to 6, as defined in Ma et al., 

2023). Significant p-values are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 2.611 0.645 4.048 < 0.001 

3 2.845 0.754 3.772 0.002 

4 2.165 0.772 2.803 0.045 

5 1.477 0.775 1.907 0.347 

6 1.365 0.869 1.570 0.567 

2 

3 0.234 0.417 0.560 0.992 

4 – 0.446 0.447 – 0.997 0.900 

5 – 1.134 0.451 – 2.513 0.097 

6 – 1.247 0.600 – 2.079 0.255 

3 

4 – 0.680 0.252 – 2.702 0.060 

5 – 1.368 0.251 – 5.449 < 0.001 

6 – 1.480 0.466 – 3.175 0.015 

4 
5 – 0.688 0.166 – 4.151 < 0.001 

6 – 0.800 0.428 – 1.871 0.369 

5 6 – 0.113 0.413 – 0.273 1.000 

 

Table S5.15. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the total 

biomass of epibionts per mussel valve and position on the shell (i.e., infested, non-infested, or secondary 

epibiosis). Significant p-values are underlined.  

Position (a) Position (b) Estimate Std Error z-value P (> z) 

II epibiosis 
Infested – 0.845 0.222 – 3.800 3.950 x 10-4 

Non-infested 0.240 0.221 1.086 0.511 

Non-infested Infested 1.085 0.120 9.055 < 1 x 10-5 
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5.3.2.1.4. Species richness (S) 

Table S5.16. Preliminary list of the epibiotic taxa recorded on Perna perna mussel shells collected in Kasouga (Eastern Cape, South Africa). Presence of each taxon 

for each level of euendolithic infestation of the mussel shell (according to Kaehler, 1999), shell degradation index (according to Ma et al., 2023) and position of the 

epibionts on the mussel shell are indicated by a ‘X’ in the corresponding column. For the position on the shell, NI: non-infested portion, I: infested portion, and  

II-E: secondary epibiosis.  

 Euendolithic infestation level Shell degradation index Position on the shell 

Taxon A B C D E 0% 0-25% 25-50% 50-75% 75-100% 100% NI I II-E 

CHLOROPHYTA  

Chlorophyta    X     X X  X  X 

Ulva spp X X X X X  X X X X X X X X 

RHODOPHYTA  

Caulacanthus ustulatus  X  X   X   X  X X  

Corallinales X X X X X X X X X X X X X X 

Gelidium pristoides X X X X X  X X X X X X X X 

Hildenbrandia lecannellieri X X X X X  X X X X  X X X 

Rhodophyta  X X X X   X X X  X X X 

OCHROPHYTA  

Ralfsia verrucosa X X X X X X X X X X X X X X 

Splachnidium rugosum   X X X    X X  X X X 

BRYOZOA 

Bryozoa X X X X X  X X X X  X X X 

Electra verticillata X X X X  X X X X X  X X X 

PORIFERA 

Hymeniacidon perlevis    X X     X X X X  

Porifera    X X     X X  X  

ACTINIARIA               

Actiniaria X X X X   X X X X  X X  

Bunodactis reynaudi   X X      X   X  

PLATYHELMINTHES  

Notocomplana erythrotaenia   X X     X X X X X  

Platyhelminthes  X        X   X  

NEMERTEA 

Cerebratulus sp.    X      X  X X  

Nemertea  X X X    X X X   X X 
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Table S5.16 (continued). 

 Euendolithic infestation level Shell degradation index Position on the shell 

Taxon A B C D E 0% 0-25% 25-50% 50-75% 75-100% 100% NI I II-E 

ANNELIDA – POLYCHAETA   

          ERRANTIA               

Errantia X X X X  X X  X X X X X X 

Nereididae    X     X    X X 

Phyllodocidae   X      X    X  

Pseudonereis podocirra X X X X   X X X X  X X X 

Scoletoma tetraura X X X X  X  X X X X X X X 

Syllidae X X X X  X X  X X X X X X 

          SEDENTARIA               

Gunnarea gaimardi X X X X X  X X X X X X X  

Orbinidae X   X   X  X X X X X  

Sedentaria X X X X X X X X X X  X X X 

Spirobranchus kraussii X X X X X  X X X X X X X  

Spirorbis spp X X X X X X X X X X X X X X 

ARTHROPODA 

          AMPHIPODA               

Amphipoda X X X X  X  X X X  X X  

Paramoera capensis X X X X   X  X X  X X X 

Talorchestia sp.    X      X  X   

          COPEPODA               

Copepoda    X      X  X   

          CIRRIPEDIA               

Balanus amphitrite    X      X   X  

Chthamalus dentatus  X X X X  X X X X X X X X 

Cirripedia (juvenile) X X X X X X X X X X X X X X 

Notomegabalanus algicola    X      X   X  

Octomeris angulosa   X X     X X  X X X 

Tetraclita serrata X X X X X  X X X X X X X X 

          ISOPODA               

Cirolana spp  X X     X X   X X  

Ischyromene huttoni    X      X    X 
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Table S5.16 (continued). 

 Euendolithic infestation level Shell degradation index Position on the shell 

Taxon A B C D E 0% 0-25% 25-50% 50-75% 75-100% 100% NI I II-E 

ECHINODERMATA 

          ASTEROIDEA               

Parvulastra exigua   X X     X X   X X 

          HOLOTHUROIDEA 

Holothuroidea  X      X      X 

MOLLUSCA 

          BIVALVIA               

Mytilus galloprovincialis X      X      X  

Perna perna X X X X X X  X X X X X X X 

          GASTROPODA               

Cymbula granatina X       X     X  

Cymbula oculus  X  X    X X X  X X X 

Fissurella natalensis    X     X    X  

Gastropoda (eggs)   X X     X X  X   

Helcion pectunculus   X       X  X   

Helcion pruinosus  X X X     X X  X X  

          POLYPLACOPHORA 

Acanthochitona garnoti    X      X   X  

 

 



258 
 

Table S5.17. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

epibiotic species richness per mussel and shell length range (from ]30 − 40]  to ]110 − 120]  in mm). 

Significant p-values are underlined.   

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p(> |z|) 

]30 − 40] 

]40 − 50] 0.137 0.201 0.682 0.999 

]50 − 60] 0.394 0.176 2.233 0.347 

]60 − 70] 0.795 0.169 4.716 < 0.001 

]70 − 80] 0.952 0.167 5.696 < 0.001 

]80 − 90] 1.057 0.162 6.540 < 0.001 

]90 − 100] 1.109 0.167 6.637 < 0.001 

]100 − 110] 1.355 0.181 7.508 < 0.001 

]110 − 120] 1.455 0.327 4.446 < 0.001 

]40 − 50] 

]50 − 60] 0.257 0.154 1.670 0.734 

]60 − 70] 0.658 0.145 4.541 < 0.001 

]70 − 80] 0.815 0.143 5.692 < 0.001 

]80 − 90] 0.920 0.137 6.729 < 0.001 

]90 − 100] 0.973 0.143 6.789 < 0.001 

]100 − 110] 1.218 0.159 7.680 < 0.001 

]110 − 120] 1.318 0.316 4.175 < 0.001 

]50 − 60] 

]60 − 70] 0.401 0.109 3.676 0.006 

]70 − 80] 0.558 0.107 5.223 < 0.001 

]80 − 90] 0.663 0.098 6.766 < 0.001 

]90 − 100] 0.716 0.107 6.693 < 0.001 

]100 − 110] 0.961 0.127 7.583 < 0.001 

]110 − 120] 1.061 0.301 3.526 0.010 

]60 − 70] 

]70 − 80] 0.157 0.093 1.681 0.727 

]80 − 90] 0.262 0.083 3.150 0.036 

]90 − 100] 0.314 0.093 3.364 0.018 

]100 − 110] 0.560 0.116 4.844 < 0.001 

]110 − 120] 0.660 0.297 2.227 0.350 

]70 − 80] 

]80 − 90] 0.105 0.080 1.309 0.916 

]90 − 100] 0.158 0.091 1.734 0.691 

]100 − 110] 0.403 0.114 3.553 0.009 

]110 − 120] 0.503 0.296 1.702 0.713 

]80 − 90] 

]90 − 100] 0.053 0.080 0.657 0.999 

]100 − 110] 0.298 0.105 2.837 0.089 

]110 − 120] 0.399 0.293 1.362 0.896 

]90 − 100] 
]100 − 110] 0.246 0.114 2.164 0.390 

]110 − 120] 0.346 0.296 1.169 0.955 

]100 − 110] ]110 − 120] 0.100 0.303 0.330 1.000 
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Table S5.18. Results of the TukeySD post-hoc pairwise comparisons on the relationship the epibiotic 

species richness per mussel valve and euendolithic infestation levels (from A to E, as defined in Kaehler, 

1999). Significant p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B – 0.032 0.137 – 0.234 0.999 

C 0.246 0.153 1.611 0.455 

D 0.371 0.153 2.421 0.095 

E 0.286 0.203 1.413 0.586 

B 

C 0.278 0.091 3.064 0.016 

D 0.403 0.091 4.450 < 0.001 

E 0.319 0.161 1.980 0.247 

C 
D 0.125 0.056 2.221 0.151 

E 0.040 0.144 0.281 0.998 

D E – 0.084 0.140 – 0.604 0.970 

 
Table S5.19. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average epibiotic species richness per mussel valve and shell degradation index (from 1 to 6, as defined in 

Ma et al., 2023). No significant p-values were detected.  

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 0.369 0.192 1.921 0.347 

3 0.443 0.208 2.132 0.236 

4 0.572 0.218 2.626 0.076 

5 0.508 0.219 2.319 0.159 

6 0.445 0.248 1.795 0.425 

2 

3 0.073 0.132 0.556 0.992 

4 0.203 0.143 1.417 0.679 

5 0.139 0.145 0.954 0.918 

6 0.075 0.186 0.405 0.998 

3 

4 0.129 0.089 1.449 0.658 

5 0.065 0.090 0.726 0.974 

6 0.002 0.146 0.015 1.000 

4 
5 – 0.064 0.058 – 1.108 0.856 

6 – 0.127 0.129 – 0.990 0.906 

5 6 – 0.063 0.123 – 0.514 0.995 

 

Table S5.20. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average epibiotic species richness per mussel valve and position on the shell (i.e., infested, non-infested, or 

secondary epibiosis). Significant p-values are underlined.   

Position (a) Position (b) Estimate Std Error z-value P (> z) 

II epibiosis 
Infested 0.171 0.073 2.342 0.048 

Non-infested – 0.015 0.074 – 0.204 0.977 

Non-infested Infested – 0.186 0.045 – 4.117 1.100 x 10-4 
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5.3.2.1.5. Shannon–Wiener diversity index (H’) 

Table S5.21. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

Shannon-Wiener diversity index per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm). 

Significant p-values are underlined.   

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error t-value p-value 

]30 − 40] 

]40 − 50] 0.097 0.114 0.852 0.994 

]50 − 60] 0.253 0.103 2.466 0.225 

]60 − 70] 0.525 0.102 5.153 < 0.01 

]70 − 80] 0.700 0.103 6.835 < 0.01 

]80 − 90] 0.780 0.096 8.102 < 0.01 

]90 − 100] 0.774 0.105 7.354 < 0.01 

]100 − 110] 0.945 0.133 7.117 < 0.01 

]110 − 120] 0.999 0.341 2.932 0.072 

]40 − 50] 

]50 − 60] 0.156 0.095 1.645 0.752 

]60 − 70] 0.428 0.094 4.548 < 0.01 

]70 − 80] 0.603 0.095 6.366 < 0.01 

]80 − 90] 0.683 0.088 7.762 < 0.01 

]90 − 100] 0.677 0.098 6.927 < 0.01 

]100 − 110] 0.848 0.127 6.682 < 0.01 

]110 − 120] 0.902 0.339 2.665 0.143 

]50 − 60] 

]60 − 70] 0.271 0.080 3.389 0.018 

]70 − 80] 0.447 0.081 5.523 < 0.01 

]80 − 90] 0.527 0.073 7.227 < 0.01 

]90 − 100] 0.521 0.084 6.171 < 0.01 

]100 − 110] 0.692 0.117 5.915 < 0.01 

]110 − 120] 0.746 0.335 2.227 0.356 

]60 − 70] 

]70 − 80] 0.176 0.080 2.202 0.372 

]80 − 90] 0.256 0.072 3.569 < 0.01 

]90 − 100] 0.249 0.083 2.995 0.060 

]100 − 110] 0.420 0.116 3.619 < 0.01 

]110 − 120] 0.475 0.335 1.418 0.874 

]70 − 80] 

]80 − 90] 0.080 0.073 1.101 0.969 

]90 − 100] 0.074 0.084 0.877 0.993 

]100 − 110] 0.245 0.117 2.096 0.442 

]110 − 120] 0.299 0.335 0.893 0.992 

]80 − 90] 

]90 − 100] – 0.006 0.076 – 0.081 1.000 

]100 − 110] 0.165 0.111 1.480 0.845 

]110 − 120] 0.219 0.333 0.658 0.999 

]90 − 100] 
]100 − 110] 0.171 0.119 1.435 0.867 

]110 − 120] 0.225 0.336 0.671 0.999 

]100 − 110] ]110 − 120] 0.054 0.345 0.157 1.000 
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Table S5.22. Results of the TukeySD post-hoc pairwise comparisons on the relationship the average 

Shannon-Wiener diversity index (H’) per mussel valve and euendolithic infestation levels (from A to E,  

as defined in Kaehler, 1999). Significant p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B 0.005 0.083 0.056 1.000 

C 0.185 0.096 1.929 0.274 

D 0.349 0.097 3.605 0.003 

E 0.249 0.137 1.817 0.333 

B 

C 0.181 0.061 2.985 0.021 

D 0.345 0.061 5.640 < 0.001 

E 0.245 0.115 2.130 0.185 

C 
D 0.164 0.042 3.930 < 0.001 

E 0.064 0.105 0.606 0.970 

D E – 0.100 0.103 – 0.974 0.850 

 
Table S5.23. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average Shannon-Wiener diversity (H’) per mussel valve and shell degradation index (from 1 to 6,  

as defined in Ma et al., 2023). No significant p-values were detected. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 0.189 0.102 1.847 0.398 

3 0.237 0.114 2.090 0.262 

4 0.328 0.123 2.678 0.069 

5 0.263 0.124 2.125 0.245 

6 0.249 0.150 1.662 0.518 

2 

3 0.048 0.079 0.611 0.988 

4 0.140 0.089 1.570 0.581 

5 0.075 0.091 0.819 0.957 

6 0.061 0.124 0.488 0.996 

3 

4 0.091 0.061 1.492 0.633 

5 0.026 0.062 0.420 0.998 

6 0.012 0.105 0.116 1.000 

4 
5 – 0.065 0.043 – 1.495 0.632 

6 – 0.079 0.095 – 0.835 0.953 

5 6 – 0.014 0.090 – 0.155 1.000 

 
Table 5.24. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average Shannon-Wiener diversity index (H’) per mussel valve and position on the shell (i.e., infested,  

non-infested, or secondary epibiosis). Significant p-values are underlined.   

Position (a) Position (b) Estimate Std Error z-value P (> z) 

II epibiosis 
Infested 0.068 0.058 1.163 0.466 

Non-infested – 0.024 0.059 – 0.398 0.914 

Non-infested Infested – 0.092 0.034 – 2.671 0.019 
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5.3.2.1.6. Simpson’s diversity index (λ) 

Table S5.25. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

Simpson’s diversity index (λ) per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm). 

Significant p-values are underlined.   

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.065 0.057 1.134 0.963 

]50 − 60] 0.144 0.052 2.780 0.104 

]60 − 70] 0.275 0.051 5.364 < 0.01 

]70 − 80] 0.356 0.052 6.899 < 0.01 

]80 − 90] 0.400 0.048 8.252 < 0.01 

]90 − 100] 0.385 0.053 7.272 < 0.01 

]100 − 110] 0.439 0.067 6.574 < 0.01 

]110 − 120] 0.469 0.171 2.738 0.116 

]40 − 50] 

]50 − 60] 0.079 0.048 1.646 0.752 

]60 − 70] 0.210 0.047 4.435 < 0.01 

]70 − 80] 0.291 0.048 6.099 < 0.01 

]80 − 90] 0.335 0.044 7.561 < 0.01 

]90 − 100] 0.320 0.049 6.510 < 0.01 

]100 − 110] 0.374 0.064 5.860 < 0.01 

]110 − 120] 0.404 0.170 2.375 0.267 

]50 − 60] 

]60 − 70] 0.131 0.040 3.254 0.026 

]70 − 80] 0.212 0.041 5.209 < 0.01 

]80 − 90] 0.256 0.037 6.982 < 0.01 

]90 − 100] 0.241 0.042 5.686 < 0.01 

]100 − 110] 0.295 0.059 5.022 < 0.01 

]110 − 120] 0.326 0.168 1.933 0.554 

]60 − 70] 

]70 − 80] 0.081 0.040 2.018 0.494 

]80 − 90] 0.125 0.036 3.470 0.013 

]90 − 100] 0.110 0.042 2.633 0.152 

]100 − 110] 0.164 0.058 2.813 0.096 

]110 − 120] 0.195 0.168 1.156 0.959 

]70 − 80] 

]80 − 90] 0.044 0.037 1.206 0.947 

]90 − 100] 0.029 0.042 0.692 0.999 

]100 − 110] 0.083 0.059 1.419 0.874 

]110 − 120] 0.114 0.168 0.675 0.999 

]80 − 90] 

]90 − 100] – 0.015 0.038 – 0.383 1.000 

]100 − 110] 0.039 0.056 0.702 0.999 

]110 − 120] 0.070 0.167 0.416 1.000 

]90 − 100] 
]100 − 110] 0.054 0.060 0.901 0.991 

]110 − 120] 0.084 0.169 0.500 1.000 

]100 − 110] ]110 − 120] 0.030 0.174 0.175 1.000 
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Table S5.26. Results of the TukeySD post-hoc pairwise comparisons on the relationship the average 

Simpson’s diversity index (λ) per mussel valve and euendolithic infestation levels (from A to E, as defined 

in Kaehler, 1999). Significant p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B –  0.000 0.046 – 0.005 1.000 

C 0.095 0.053 1.801 0.341 

D 0.190 0.053 3.565 0.003 

E 0.128 0.075 1.707 0.397 

B 

C 0.095 0.033 2.864 0.029 

D 0.190 0.034 5.660 < 0.001 

E 0.129 0.063 2.042 0.220 

C 
D 0.095 0.023 4.133 < 0.001 

E 0.033 0.058 0.579 0.975 

D E – 0.061 0.056 – 1.084 0.793 

 

Table S5.27. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average Simpson’s diversity index (λ) per mussel valve and shell degradation index (from 1 to 6, as defined 

in Ma et al., 2023). No significant p-values were detected. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 0.113 0.056 2.006 0.304 

3 0.143 0.062 2.292 0.173 

4 0.185 0.067 2.757 0.055 

5 0.154 0.068 2.268 0.182 

6 0.160 0.082 1.943 0.339 

2 

3 0.030 0.043 0.696 0.979 

4 0.073 0.049 1.495 0.631 

5 0.042 0.050 0.836 0.953 

6 0.047 0.068 0.696 0.979 

3 

4 0.043 0.034 1.274 0.771 

5 0.011 0.034 0.337 0.999 

6 0.017 0.058 0.300 1.000 

4 
5 – 0.031 0.024 – 1.308 0.752 

6 – 0.025 0.052 – 0.491 0.996 

5 6 0.006 0.049 0.117 1.000 
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5.3.2.2. Multivariate analyses on epibiotic communities 

5.3.2.2.1. Abundance of epibiotic communities 

5.3.2.2.1.1. Shell length size 

 

Table S5.28. Detailed results of the ANOVA (Wald-like test) on the many Generalized Linear Model 

(GLM) on the relationship between the abundance of each higher taxonomical group and shell length 

range (from ]30 − 40] to ]110 − 120] in mm). Significant p-values are underlined. 

Higher  

taxonomical group 
Source of variation Wald Pr(>Wald) 

Bryozoa Length range 5.002 0.006 

Cirripedia Length range 7.706 0.001 

Gastropoda Length range 2.521 0.829 

Ochrophyta Length range 4.588 0.029 

Sedentaria Length range 7.503 0.001 

Errantia Length range 3.239 0.492 

Copepoda Length range 0.273 0.953 

Bivalvia Length range 4.363 0.048 

Platyhelminthes Length range 1.869 0.829 

Rhodophyta Length range 8.407 0.001 

Chlorophyta Length range 2.833 0.742 

Amphipoda Length range 3.360 0.423 

Isopoda Length range 1.452 0.829 

Nemertea Length range 0.403 0.953 

Actiniaria Length range 2.160 0.829 

Porifera Length range 1.415 0.829 

Holothuroidea Length range 0.315 0.953 

Asteroidea Length range 0.294 0.953 

Polyplacophora Length range 0.315 0.953 
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Table S5.29. Detailed results of the ANOVA (Wald-like test) on the many Generalized Linear Model 

(GLM) on the relationship between the abundance of each epibiotic species and shell length range  

(from ]30 − 40] to ]110 − 120] in mm). Significant p-values are underlined.  

Epibiotic species Source of variation Wald Pr(>Wald) 

Bryozoa    

Electra verticillata Length range 2.400 0.950 

Bryozoa Length range 3.175 0.598 

Cirripedia    

Balanus amphitrite Length range 0.273 1.000 

Chthamalus dentatus Length range 4.064 0.098 

Notomegabalanus algicola Length range 0.315 1.000 

Octomeris angulosa Length range 2.253 0.955 

Tetraclita serrata Length range 8.947 0.001 

Cirripedia (juvenile) Length range 6.141 0.001 

Cirripedia (traces) Length range 2.718 0.826 

Gastropoda    

Cymbula granatina Length range 0.273 1.000 

Cymbula oculus Length range 0.653 0.999 

Fissurella natalensis Length range 0.314 1.000 

Helcion pectunculus Length range 0.273 1.00 

Helcion pruinosus Length range 0.854 0.999 

Gastropoda (eggs) Length range 0.353 1.000 

Ochrophyta    

Ralfsia verrucosa Length range 4.559 0.031 

Splachnidium rugosum Length range 0.346 1.000 

Sedentaria    

Gunnarea gaimardi Length range 1.463 0.998 

Spirobranchus kraussii Length range 3.739 0.208 

Spirorbis sp. Length range 6.320 0.001 

Orbinidae Length range 1.549 0.998 

Sedentaria Length range 2.053 0.981 

Errantia    

Scoletoma tetraura Length range 2.211 0.967 

Pseudonereis podocirra Length range 1.054 0.999 

Nereididae Length range 1.021 0.999 

Phyllodocidae Length range 0.337 1.000 

Syllidae Length range 1.852 0.986 

Errantia Length range 2.13 0.973 

Copepoda Length range 0.273 1.000 

Bivalvia    

Mytilus galloprovincialis Length range 0.394 1.000 

Perna perna Length range 4.302 0.062 

Platyhelminthes    

Notocomplana erythrotaenia Length range 1.946 0.985 

Platyhelminthes Length range 0.315 1.000 
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Table S5.29 (continued).  

Epibiotic species Source of variation Wald Pr(>Wald) 

Rhodophyta    

Caulacanthus ustulatus Length range 0.564 1.000 

Gelidium pristoides Length range 1.565 0.998 

Hildenbrandia lecannellieri Length range 3.360 0.495 

Corallinales Length range 6.245 0.001 

Rhodophyta Length range 2.889 0.826 

Chlorophyta    

Chlorophyta Length range 0.753 0.999 

Ulva sp. Length range 2.845 0.826 

Amphipoda    

Paramoera capensis Length range 2.691 0.826 

Talorchestia sp. Length range 0.273 1.000 

Amphipoda Length range 2.209 0.967 

Isopoda    

Cirolana sp. Length range 0.363 1.000 

Ischyromene huttoni Length range 1.196 0.998 

Nemertea    

Cerebratulus sp. Length range 0.294 1.000 

Nemertea Length range 1.048 0.999 

Actiniaria    

Bunodactis reynaudi Length range 0.876 0.999 

Actiniaria Length range 1.757 0.986 

Porifera    

Hymeniacidon perlevis Length range 0.306 1.000 

Porifera Length range 1.894 0.985 

Holothuroidea Length range 0.315 1.000 

Asteroidea    

Parvulastra exigua Length range 0.294 1.000 

Polyplacophora    

Acanthochitona garnoti Length range 0.315 1.000 
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Table S5.30. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

abundance in Cirripedia per mussel and shell length range (from ]30 − 40]  to ]110 − 120]  in mm). 

Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.306 0.278 1.101 0.970 

]50 − 60] 0.333 0.258 1.293 0.923 

]60 − 70] 0.115 0.265 0.433 1.000 

]70 − 80] 0.612 0.249 2.458 0.227 

]80 − 90] 0.817 0.236 3.466 0.013 

]90 − 100] 1.142 0.249 4.580 < 0.001 

]100 − 110] 1.316 0.297 4.438 < 0.001 

]110 − 120] 0.122 0.677 1.658 0.747 

]40 − 50] 

]50 − 60] 0.027 0.230 0.116 1.000 

]60 − 70] – 0.192 0.239 – 0.803 0.996 

]70 − 80] 0.305 0.221 1.385 0.890 

]80 − 90] 0.510 0.206 2.482 0.216 

]90 − 100] 0.835 0.221 3.779 0.004 

]100 − 110] 1.010 0.273 3.695 0.006 

]110 − 120] 0.815 0.667 1.223 0.944 

]50 − 60] 

]60 − 70] – 0.218 0.214 – 1.019 0.981 

]70 − 80] 0.279 0.194 1.437 0.868 

]80 − 90] 0.483 0.177 2.737 0.119 

]90 − 100] 0.809 0.194 4.158 < 0.001 

]100 − 110] 0.983 0.252 3.896 0.003 

]110 − 120] 0.788 0.658 1.197 0.950 

]60 − 70] 

]70 − 80] 0.497 0.204 2.440 0.236 

]80 − 90] 0.702 0.187 3.749 0.005 

]90 − 100] 1.027 0.204 5.031 < 0.001 

]100 − 110] 1.201 0.260 4.624 < 0.001 

]110 − 120] 1.007 0.661 1.522 0.826 

]70 − 80] 

]80 − 90] 0.205 0.164 1.251 0.936 

]90 − 100] 0.530 0.183 2.899 0.077 

]100 − 110] 0.704 0.243 2.894 0.078 

]110 − 120] 0.510 0.655 0.778 0.997 

]80 − 90] 

]90 − 100] 0.325 0.164 1.980 0.525 

]100 − 110] 0.500 0.230 2.174 0.390 

]110 − 120] 0.305 0.650 0.469 1.000 

]90 − 100] 
]100 − 110] 0.174 0.244 0.716 0.998 

]110 − 120] – 0.020 0.655 – 0.031 1.000 

]100 − 110] ]110 − 120] – 0.195 0.675 – 0.289 1.000 
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Table S5.31. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

abundance in Tetraclita serrata (Cirripedia) per mussel and shell length range (from ]40 − 50]  to  
]110 − 120] in mm). No significant p-values were detected.   

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]40 − 50] 

]50 − 60] 0.865 0.798 1.084 0.951 

]60 − 70] 1.204 0.766 1.572 0.730 

]70 − 80] 0.956 0.760 1.257 0.896 

]80 − 90] 1.179 0.733 1.608 0.707 

]90 − 100] 1.591 0.734 2.166 0.327 

]100 − 110] 1.903 0.746 2.551 0.146 

]110 − 120] – 7.564 x 10-16 1.135 0.000 1.000 

]50 − 60] 

]60 − 70] 0.339 0.438 0.774 0.993 

]70 − 80] 0.091 0.428 0.212 1.000 

]80 − 90] 0.314 0.377 0.831 0.989 

]90 − 100] 0.726 0.380 1.909 0.497 

]100 − 110] 1.038 0.403 2.579 0.137 

]110 − 120] – 0.865 0.946 – 0.915 0.981 

]60 − 70] 

]70 − 80] – 0.249 0.364 – 0.682 0.997 

]80 − 90] – 0.025 0.303 – 0.083 1.000 

]90 − 100] 0.387 0.307 1.260 0.895 

]100 − 110] 0.699 0.334 2.093 0.373 

]110 − 120] – 1.204 0.919 – 1.310 0.874 

]70 − 80] 

]80 − 90] 0.223 0.289 0.772 0.993 

]90 − 100] 0.635 0.293 2.171 0.325 

]100 − 110] 0.948 0.321 2.951 0.050 

]110 − 120] – 0.956 0.914 – 1.045 0.959 

]80 − 90] 

]90 − 100] 0.412 0.212 1.945 0.472 

]100 − 110] 0.724 0.250 2.901 0.058 

]110 − 120] – 1.179 0.892 – 1.322 0.867 

]90 − 100] 
]100 − 110] 0.313 0.254 1.231 0.906 

]110 − 120] – 1.591 0.893 – 1.782 0.587 

]100 − 110] ]110 − 120] – 1.903 0.903 – 2.109 0.363 
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Table S5.32. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

abundance of juvenile Cirripedia (barnacles) per mussel and shell length range (from ]30 − 40]  to  
]110 − 120] in mm). Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.267 0.278 0.959 0.987 

]50 − 60] 0.183 0.258 0.709 0.998 

]60 − 70] – 0.071 0.288 – 0.248 1.000 

]70 − 80] 0.427 0.255 1.674 0.734 

]80 − 90] 0.618 0.240 2.574 0.174 

]90 − 100] 0.894 0.256 3.492 0.012 

]100 − 110] 0.754 0.317 2.380 0.265 

]110 − 120] 1.087 0.914 1.189 0.951 

]40 − 50] 

]50 − 60] – 0.084 0.231 – 0.364 1.000 

]60 − 70] – 0.338 0.263 – 1.284 0.925 

]70 − 80] 0.160 0.227 0.705 0.998 

]80 − 90] 0.351 0.210 1.670 0.737 

]90 − 100] 0.628 0.228 2.747 0.114 

]100 − 110] 0.487 0.295 1.652 0.748 

]110 − 120] 0.820 0.907 0.904 0.991 

]50 − 60] 

]60 − 70] – 0.254 0.242 – 1.050 0.977 

]70 − 80] 0.244 0.202 1.207 0.947 

]80 − 90] 0.435 0.183 2.379 0.265 

]90 − 100] 0.711 0.203 3.496 0.012 

]100 − 110] 0.571 0.276 2.069 0.458 

]110 − 120] 0.904 0.901 1.003 0.983 

]60 − 70] 

]70 − 80] 0.498 0.239 2.086 0.447 

]80 − 90] 0.689 0.223 3.095 0.043 

]90 − 100] 0.966 0.240 4.025 0.001 

]100 − 110] 0.825 0.304 2.716 0.124 

]110 − 120] 1.158 0.910 1.273 0.928 

]70 − 80] 

]80 − 90] 0.191 0.179 1.067 0.974 

]90 − 100] 0.467 0.200 2.339 0.288 

]100 − 110] 0.326 0.273 1.195 0.950 

]110 − 120] 0.660 0.900 0.733 0.998 

]80 − 90] 

]90 − 100] 0.277 0.180 1.538 0.815 

]100 − 110] 0.136 0.259 0.525 1.000 

]110 − 120] 0.469 0.896 0.254 1.000 

]90 − 100] 
]100 − 110] – 0.141 0.274 – 0.514 1.000 

]110 − 120] 0.192 0.900 0.214 1.000 

]100 − 110] ]110 − 120] 0.333 0.919 0.362 1.000 
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Table S5.33. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

abundance in Sedentaria per mussel and shell length range (from ]30 − 40]  to ]110 − 120]  in mm). 

Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.470 0.838 0.561 1.000 

]50 − 60] 1.396 0.749 1.864 0.596 

]60 − 70] 2.125 0.731 2.905 0.071 

]70 − 80] 2.121 0.731 2.903 0.072 

]80 − 90] 2.308 0.718 3.214 0.029 

]90 − 100] 2.197 0.724 3.034 0.049 

]100 − 110] 2.660 0.755 3.525 0.010 

]110 − 120] 2.303 1.058 2.177 0.376 

]40 − 50] 

]50 − 60] 0.926 0.527 1.759 0.670 

]60 − 70] 1.655 0.501 3.302 0.021 

]70 − 80] 1.651 0.500 3.302 0.022 

]80 − 90] 1.838 0.482 3.816 0.003 

]90 − 100] 1.727 0.490 3.523 0.010 

]100 − 110] 2.190 0.534 4.098 0.001 

]110 − 120] 1.833 0.914 2.066 0.493 

]50 − 60] 

]60 − 70] 0.729 0.333 2.190 0.368 

]70 − 80] 0.824 0.331 2.190 0.368 

]80 − 90] 0.912 0.303 3.014 0.053 

]90 − 100] 0.801 0.316 2.533 0.185 

]100 − 110] 1.264 0.381 3.317 0.020 

]110 − 120] 0.906 0.833 1.088 0.970 

]60 − 70] 

]70 − 80] – 0.005 0.288 – 0.016 1.000 

]80 − 90] 0.183 0.256 0.717 0.998 

]90 − 100] 0.072 0.272 0.266 1.000 

]100 − 110] 0.535 0.345 1.552 0.801 

]110 − 120] 0.178 0.817 0.217 1.000 

]70 − 80] 

]80 − 90] 0.188 0.253 0.743 0.998 

]90 − 100] 0.077 0.269 0.285 1.000 

]100 − 110] 0.540 0.343 1.574 0.789 

]110 − 120] 0.182 0.816 0.223 1.000 

]80 − 90] 

]90 − 100] – 0.111 0.234 – 0.476 1.000 

]100 − 110] 0.352 0.316 1.113 0.966 

]110 − 120] – 0.006 0.806 – 0.007 1.000 

]90 − 100] 
]100 − 110] 0.463 0.329 1.408 0.875 

]110 − 120] 0.105 0.811 0.130 1.000 

]100 − 110] ]110 − 120] – 0.358 0.838 – 0.427 1.000 
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Table S5.34. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

abundance of Spirorbis spp. (Sedentaria) per mussel and shell length range (from ]30 − 40]  to  
]110 − 120] in mm). Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.474 0.917 0.517 1.000 

]50 − 60] 1.390 0.833 1.669 0.732 

]60 − 70] 2.153 0.815 2.640 0.145 

]70 − 80] 2.226 0.818 2.722 0.118 

]80 − 90] 0.284 0.802 2.849 0.085 

]90 − 100] 2.480 0.816 3.039 0.049 

]100 − 110] 2.731 0.840 3.250 0.026 

]110 − 120] 2.155 1.101 1.957 0.530 

]40 − 50] 

]50 − 60] 0.916 0.548 1.672 0.730 

]60 − 70] 1.678 0.521 3.220 0.028 

]70 − 80] 1.751 0.525 3.336 0.020 

]80 − 90] 1.809 0.499 3.624 0.007 

]90 − 100] 2.005 0.522 3.840 0.003 

]100 − 110] 2.256 0.559 4.035 0.001 

]110 − 120] 1.680 0.905 1.857 0.603 

]50 − 60] 

]60 − 70] 0.763 0.351 2.0172 0.382 

]70 − 80] 0.386 0.357 2.343 0.278 

]80 − 90] 0.894 0.318 2.814 0.093 

]90 − 100] 1.090 0.353 3.090 0.042 

]100 − 110] 1.341 0.405 3.307 0.022 

]110 − 120] 0.765 0.819 0.934 0.989 

]60 − 70] 

]70 − 80] 0.073 0.315 0.232 1.000 

]80 − 90] 0.131 0.270 0.486 1.000 

]90 − 100] 0.327 0.310 1.054 0.976 

]100 − 110] 0.578 0.369 1.566 0.795 

]110 − 120] 0.002 0.801 0.002 1.000 

]70 − 80] 

]80 − 90] 0.058 0.277 0.210 1.000 

]90 − 100] 0.254 0.316 0.803 0.996 

]100 − 110] 0.505 0.374 1.350 0.900 

]110 − 120] – 0.071 0.804 – 0.088 1.000 

]80 − 90] 

]90 − 100] 0.196 0.271 0.722 0.998 

]100 − 110] 0.447 0.337 1.326 0.908 

]110 − 120] – 0.129 0.787 – 0.164 1.000 

]90 − 100] 
]100 − 110] 0.251 0.370 0.678 0.999 

]110 − 120] – 0.325 0.802 – 0.405 1.000 

]100 − 110] ]110 − 120] – 0.576 0.827 – 0.697 0.998 
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Table S5.35. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

abundance in Rhodophyta (red algae) per mussel and shell length range (from ]30 − 40] to ]110 − 120] in 

mm). No significant p-values were detected.   

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.182 0.826 0.221 1.000 

]50 − 60] – 0.270 0.687 – 0.393 1.000 

]60 − 70] 0.131 0.638 0.205 1.000 

]70 − 80] 0.658 0.618 1.065 0.972 

]80 − 90] 0.757 0.609 1.243 0.932 

]90 − 100] 0.720 0.614 1.174 0.951 

]100 − 110] 0.215 0.649 0.331 1.00 

]110 − 120] – 0.105 0.963 – 0.109 1.000 

]40 − 50] 

]50 − 60] – 0.452 0.662 – 0.683 0.999 

]60 − 70] – 0.051 0.612 – 0.084 1.000 

]70 − 80] 0.476 0.590 0.806 0.996 

]80 − 90] 0.575 0.581 0.989 0.982 

]90 − 100] 0.538 0.586 0.918 0.989 

]100 − 110] 0.033 0.623 0.053 1.000 

]110 − 120] – 0.288 0.945 – 0.304 1.000 

]50 − 60] 

]60 − 70] 0.401 0.405 0.989 0.983 

]70 − 80] 0.928 0.373 2.490 0.197 

]80 − 90] 1.027 0.358 2.872 0.076 

]90 − 100] 0.990 0.365 2.710 0.116 

]100 − 110] 0.485 0.422 1.149 0.956 

]110 − 120] 0.164 0.827 0.199 1.000 

]60 − 70] 

]70 − 80] 0.527 0.273 1.933 0.536 

]80 − 90] 0.626 0.252 2.487 0.197 

]90 − 100] 0.589 0.263 2.243 0.326 

]100 − 110] 0.084 0.337 0.249 1.000 

]110 − 120] – 0.236 0.787 – 0.300 1.000 

]70 − 80] 

]80 − 90] 0.099 0.195 0.508 1.000 

]90 − 100] 0.062 0.209 0.298 1.000 

]100 − 110] – 0.443 0.297 – 1.492 0.828 

]110 − 120] – 0.764 0.771 – 0.991 0.982 

]80 − 90] 

]90 − 100] – 0.037 0.180 – 0.204 1.000 

]100 − 110] – 0.542 0.278 – 1.951 0.522 

]110 − 120] – 0.862 0.764 – 1.130 0.960 

]90 − 100] 
]100 − 110] – 0.505 0.288 – 1.755 0.663 

]110 − 120] – 0.826 0.767 – 1.076 0.970 

]100 − 110] ]110 − 120] – 0.320 0.796 – 0.403 1.000 
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5.3.2.2.1.2. Euendolithic infestation and shell degradation 

Table S5.36. Detailed results of the ANOVA (Wald-like test) on the many Generalized Linear Model 

(GLM) on the relationship between the abundance of each higher taxonomical group and euendolithic 

infestation levels (from A to E, as defined in Kaehler, 1999) and shell degradation index (from 1 to 6,  

as defined in Ma et al., 2023). Significant p-values are underlined.  

Higher  

taxonomic group 
Source of variation Wald Pr(>Wald) 

Bryozoa 
Infestation 3.108 0.307 

Degradation 3.066 0.199 

Cirripedia 
Infestation 3.843 0.069 

Degradation 4.526 0.028 

Gastropoda 
Infestation 1.839 0.952 

Degradation 1.693 0.871 

Ochrophyta 
Infestation 4.793 0.014 

Degradation 7.204 0.001 

Sedentaria 
Infestation 2.051 0.941 

Degradation 3.539 0.162 

Errantia 
Infestation 1.340 0.952 

Degradation 3.123 0.194 

Copepoda 
Infestation 0.220 0.967 

Degradation 0.214 0.942 

Bivalvia 
Infestation 1.564 0.952 

Degradation 2.784 0.297 

Platyhelminthes 
Infestation 1.486 0.952 

Degradation 1.945 0.791 

Rhodophyta 
Infestation 5.455 0.014 

Degradation 4.952 0.028 

Chlorophyta 
Infestation 2.193 0.905 

Degradation 1.476 0.895 

Amphipoda 
Infestation 1.653 0.952 

Degradation 2.617 0.327 

Isopoda 
Infestation 0.812 0.967 

Degradation 0.517 0.942 

Nemertea 
Infestation 0.511 0.967 

Degradation 0.443 0.942 

Actiniaria 
Infestation 0.802 0.967 

Degradation 1.059 0.895 

Porifera 
Infestation 1.935 0.941 

Degradation 1.597 0.871 

Holothuroidea 
Infestation 0.318 0.967 

Degradation 0.290 0.942 

Asteroidea 
Infestation 0.423 0.967 

Degradation 0.513 0.942 

Polyplacophora 
Infestation 0.220 0.967 

Degradation 0.214 0.942 
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Table S5.37. Detailed results of the ANOVA (Wald-like test) on the many Generalized Linear Model 

(GLM) on the relationship between the abundance of each epibiotic species and euendolithic infestation 

levels (from A to E, as defined in Kaehler, 1999) and shell degradation index (from 1 to 6, as defined in 

Ma et al., 2023). Significant p-values are underlined. 

Epibiotic species Source of variation Wald Pr(>Wald) 

Bryozoa    

Electra verticillata 
Infestation 1.556 1.000 

Degradation 2.464 0.888 

Bryozoa 
Infestation 3.022 0.440 

Degradation 1.907 0.985 

Cirripedia    

Balanus amphitrite 
Infestation 0.220 1.000 

Degradation 0.214 1.000 

Chthamalus dentatus 
Infestation 2.535 0.781 

Degradation 3.273 0.357 

Notomegabalanus algicola 
Infestation 0.220 1.000 

Degradation 0.214 1.000 

Octomeris angulosa 
Infestation 1.323 1.000 

Degradation 0.349 1.000 

Tetraclita serrata 
Infestation 5.871 0.001 

Degradation 2.249 0.961 

Juvenile barnacle 
Infestation 2.596 0.766 

Degradation 4.019 0.042 

Cirripedia (traces) 
Infestation 1.267 1.000 

Degradation 1.578 0.998 

Gastropoda    

Cymbula granatina 
Infestation 0.353 1.000 

Degradation 0.226 1.000 

Cymbula oculus 
Infestation 1.166 1.000 

Degradation 0.583 1.000 

Fissurella natalensis 
Infestation 0.220 1.000 

Degradation 0.317 1.000 

Helcion pectunculus 
Infestation 0.276 1.000 

Degradation 0.267 1.000 

Helcion pruinosus 
Infestation 0.721 1.000 

Degradation 1.384 1.000 

Gastropoda (eggs) 
Infestation 0.532 1.000 

Degradation 0.771 1.000 

Ochrophyta    

Ralfsia verrucosa 
Infestation 4.049 0.027 

Degradation 7.322 0.001 

Splachnidium rugosum 
Infestation 3.501 0.140 

Degradation 0.772 1.000 
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Table S5.37 (continued).  

Epibiotic species Source of variation Wald Pr(>Wald) 

Sedentaria    

Gunnarea gaimardi 
Infestation 0.621 1.000 

Degradation 1.785 0.993 

Spirobranchus kraussii 
Infestation 2.144 0.968 

Degradation 2.164 0.963 

Spirorbis sp. 
Infestation 2.856 0.575 

Degradation 3.051 0.533 

Orbinidae 
Infestation 0.375 1.000 

Degradation 1.444 1.000 

Sedentaria 
Infestation 2.683 0.680 

Degradation 1.581 0.997 

Errantia    

Scoletoma tetraura 
Infestation 1.093 1.000 

Degradation 1.248 1.000 

Pseudonereis podocirra 
Infestation 0.463 1.000 

Degradation 1.259 1.000 

Nereididae 
Infestation 0.249 1.000 

Degradation 0.384 1.000 

Phyllodocidae 
Infestation 0.297 1.000 

Degradation 0.397 1.000 

Syllidae 
Infestation 1.473 1.000 

Degradation 2.746 0.736 

Errantia 
Infestation 1.760 0.999 

Degradation 2.401 0.915 

Copepoda 
Infestation 0.220 1.000 

Degradation 0.214 1.000 

Bivalvia    

Mytilus galloprovincialis 
Infestation 0.353 1.000 

Degradation 0.191 1.000 

Perna perna 
Infestation 1.449 1.000 

Degradation 2.274 0.961 

Platyhelminthes    

Notocomplana erythrotaenia 
Infestation 0.256 1.000 

Degradation 2.116 0.963 

Platyhelminthes 
Infestation 0.318 1.000 

Degradation 0.395 1.000 
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Table S5.37 (continued).  

Epibiotic species Source of variation Wald Pr(>Wald) 

Rhodophyta    

Caulacanthus ustulatus 
Infestation 0.835 1.000 

Degradation 0.346 1.000 

Gelidium pristoides 
Infestation 1.913 0.995 

Degradation 2.829 0.694 

Hildenbrandia lecannellieri 
Infestation 1.689 0.999 

Degradation 6.573 0.001 

Corallinales 
Infestation 4.447 0.009 

Degradation 2.763 0.736 

Rhodophyta 
Infestation 1.836 0.996 

Degradation 0.583 1.000 

Chlorophyta    

Ulva sp. 
Infestation 2.194 0.968 

Degradation 1.432 1.000 

Chlorophyta 
Infestation 0.239 1.000 

Degradation 0.760 1.000 

Amphipoda    

Paramoera capensis 
Infestation 1.096 1.000 

Degradation 2.056 0.963 

Talorchestia sp. 
Infestation 0.220 1.000 

Degradation 0.214 1.000 

Amphipoda 
Infestation 2.612 0.752 

Degradation 0.800 1.000 

Isopoda    

Cirolana sp. 
Infestation 0.490 1.000 

Degradation 0.360 1.000 

Ischyromene huttoni 
Infestation 0.263 1.000 

Degradation 0.295 1.000 

Nemertea    

Cerebratulus sp. 
Infestation 0.239 1.000 

Degradation 0.248 1.000 

Nemertea 
Infestation 0.818 1.000 

Degradation 0.532 1.000 

Actiniaria    

Bunodactis reynaudi 
Infestation 0.697 1.000 

Degradation 0.255 1.000 

Actiniaria 
Infestation 1.350 1.000 

Degradation 0.836 1.000 
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Table S5.37 (continued).  

Epibiotic species Source of variation Wald Pr(>Wald) 

Porifera    

Hymeniacidon perlevis 
Infestation 2.974 0.475 

Degradation 0.265 1.000 

Porifera 
Infestation 0.986 1.000 

Degradation 1.368 1.000 

Holothuroidea 
Infestation 0.318 1.000 

Degradation 0.290 1.000 

Asteroidea    

Parvulastra exigua 
Infestation 0.423 1.000 

Degradation 0.513 1.000 

Polyplacophora    

Acanthochitona garnoti 
Infestation 0.220 1.000 

Degradation 0.214 1.000 

 

 

Table S5.38. Results of the TukeySD post-hoc pairwise comparisons on the relationship the average 

abundance in Ochrophyta per mussel valve and euendolithic infestation levels (from A to E, as defined in 

Kaehler, 1999). Significant p-values are underlined.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B 0.488 0.313 1.562 0.494 

C 0.797 0.371 2.150 0.180 

D 0.972 0.376 2.587 0.064 

E 1.219 0.417 2.926 0.025 

B 

C 0.309 0.226 1.366 0.623 

D 0.484 0.231 2.095 0.202 

E 0.731 0.293 2.495 0.082 

C 
D 0.175 0.154 1.137 0.767 

E 0.423 0.238 1.775 0.361 

D E 0.248 0.224 1.105 0.785 
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Table S5.39. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average abundance in Ochrophyta per mussel valve and shell degradation index (from 1 to 6, as defined in 

Ma et al., 2023). Significant p-values are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 0.179 0.756 0.237 1.000 

3 – 0.174 0.788 – 0.220 1.000 

4 – 0.242 0.801 – 0.302 1.000 

5 – 0.597 0.802 – 0.744 0.970 

6 – 0.724 0.909 – 0.797 0.960 

2 

3 – 0.353 0.238 – 1.484 0.625 

4 – 0.421 0.276 – 1.529 0.594 

5 – 0.776 0.277 – 2.802 0.045 

6 – 0.903 0.510 – 1.772 0.429 

3 

4 – 0.068 0.198 – 0.346 1.000 

5 – 0.423 0.196 – 2.154 0.217 

6 – 0.550 0.469 – 1.173 0.818 

4 
5 – 0.355 0.150 – 2.372 0.135 

6 – 0.482 0.454 – 1.063 0.872 

5 6 – 0.127 0.446 – 0.286 1.000 

 

Table S5.40. Results of the TukeySD post-hoc pairwise comparisons on the relationship the average 

abundance of Ralfsia verrucosa (Ochrophyta) per mussel valve and euendolithic infestation levels  

(from A to E, as defined in Kaehler, 1999). No significant p-values were detected.  

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value P (> z) 

A 

B 0.488 0.313 1.560 0.494 

C 0.809 0.371 2.183 0.168 

D 0.955 0.376 2.541 0.072 

E 1.107 0.431 2.570 0.067 

B 

C 0.321 0.226 1.420 0.587 

D 0.468 0.231 2.2020 0.234 

E 0.620 0.313 1.979 0.252 

C 
D 0.146 0.154 0.947 0.865 

E 0.299 0.263 1.135 0.767 

D E 0.152 0.252 0.604 0.971 
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Table S5.41. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average abundance of Ralfsia verrucosa (Ochrophyta) per mussel valve and shell degradation index  

(from 1 to 6, as defined in Ma et al., 2023). Significant p-values are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 0.179 0.756 0.237 1.000 

3 – 0.168 0.788 – 0.213 1.000 

4 – 0.268 0.801 – 0.335 0.999 

5 – 0.596 0.802 – 0.744 0.970 

6 – 0.635 0.912 – 0.697 0.977 

2 

3 – 0.346 0.238 – 1.459 0.642 

4 – 0.447 0.276 – 1.622 0.530 

5 – 0.775 0.278 – 2.790 0.046 

6 – 0.814 0.516 – 1.579 0.560 

3 

4 – 0.101 0.198 – 0.508 0.995 

5 – 0.429 0.198 – 2.161 0.214 

6 – 0.468 0.476 – 0.983 0.905 

4 
5 – 0.328 0.151 – 2.180 0.206 

6 – 0.367 0.461 – 0.797 0.959 

5 6 – 0.039 0.456 – 0.085 1.000 
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Table S5.42. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

abundance in Rhodophyta and shell degradation index (from 1 to 6, as defined in Ma et al., 2023) 

interacting with euendolithic infestation levels (from A to E, as defined in Kaehler, 1999).  

Significant p-values are underlined. 

Shell degradation 

index 

Infestation levels 

(contrast) 
Estimate Std Error z-value p-value 

1 NA NA NA NA NA 

2 A – B  1.239 0.538 2.304 0.144 

3 

A – B – 0.312 0.560 – 0.558 0.9810 

A – C  – 0.396 0.630 – 0.628 0.971 

A – D  – 0.470 0.641 – 0.734 0.949 

A – E  – 0.470 1.040 – 0.452 0.991 

B – C  – 0.084 0.397 – 0.210 1.000 

B – D  – 0.158 0.414 – 0.381 0.996 

B – E – 0.158 0.918 – 0.172 1.000 

C – D – 0.074 0.505 – 0.147 1.000 

C – E – 0.074 0.962 – 0.077 1.000 

D – E 0.000 0.969 0.000 1.000 

4 

B – C  0.462 0.403 1.146 0.782 

B – D  – 0.208 0.353 – 0.589 0.977 

B – E – 1.912 0.545 – 3.056 0.004 

C – D – 0.670 0.259 – 2.591 0.072 

C – E – 2.374 0.489 – 4.851 < 0.001 

D – E – 1.704 0.449 – 3.794 0.001 

5 

B – C  – 0.693 1.156 – 0.600 0.975 

B – D  – 0.611 1.147 – 0.532 0.984 

B – E – 0.811 1.222 – 0.664 0.964 

C – D 0.083 0.230 0.406 0.994 

C – E – 0.118 0.467 – 0.252 0.999 

D – E – 0.200 0.445 – 0.451 0.992 

6 

C – D – 0.560 1.190 – 0.470 0.990 

C – E 0.000 1.399 0.000 1.000 

D – E 0.560 0.873 0.641 0.968 
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5.3.2.2.2. Percent cover of epibiotic communities 

Table S5.43. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

higher taxonomical groups discriminating among shell length sizes (from ]30 − 40]  to ]110 − 120]  in 

mm). Cut-off for low contribution: 70%. Significant p-values are underlined.   

Higher taxonomical group Average a Average b Cumulative contr. (%) p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟒𝟎 − 𝟓𝟎[     

Cirripedia 0.253 0.366 33.3 0.234 

Ochrophyta 0.380 0.419 51.5 0.906 

Rhodophyta 0.149 0.217 64.7 1.000 

Sedentaria 0.050 0.88 77.9 0.932 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ochrophyta 0.380 1.198 30.1 0.040 

Cirripedia 0.253 0.403 54.0 0.886 

Sedentaria 0.050 0.209 70.1 0.528 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ochrophyta 0.380 1.074 26.8 0.026 

Cirripedia 0.253 0.628 51.0 0.620 

Sedentaria 0.050 0.436 66.8 0.339 

Rhodophyta 0.149 0.377 78.8 0.999 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Rhodophyta 0.149 0.815 24.2 0.403 

Cirripedia 0.253 0.484 47.0 0.926 

Ochrophyta 0.380 0.621 66.1 0.767 

Sedentaria 0.050 0.287 78.6 0.928 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Cirripedia 0.253 0.611 25.9 0.464 

Rhodophyta 0.149 0.974 51.4 0.164 

Ochrophyta 0.380 0.495 67.7 0.921 

Sedentaria 0.050 0.349 79.8 0.924 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Cirripedia 0.253 0.936 30.6 0.042 

Rhodophyta 0.149 0.711 53.7 0.423 

Ochrophyta 0.380 0.502 70.8 0.886 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.253 1.477 42.3 0.001 

Sedentaria 0.050 0.350 58.8 0.355 

Rhodophyta 0.149 0.454 73.2 0.990 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.253 1.180 38.7 0.048 

Rhodophyta 0.149 0.746 64.9 0.296 

Sedentaria 0.050 0.395 82.4 0.274 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ochrophyta 0.419 1.198 30.2 0.007 

Cirripedia 0.366 0.403 57.0 0.586 

Sedentaria 0.088 0.209 75.3 0.159 
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Table S5.43 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ochrophyta 0.419 1.074 27.3 0.014 

Cirripedia 0.366 0.628 53.0 0.381 

Sedentaria 0.088 0.436 70.1 0.115 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Cirripedia 0.366 0.484 25.2 0.729 

Rhodophyta 0.217 0.815 50.0 0.265 

Ochrophyta 0.419 0.621 69.6 0.761 

Sedentaria 0.088 0.287 84.1 0.735 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Cirripedia 0.366 0.611 27.6 0.186 

Rhodophyta 0.217 0.974 540 0.068 

Ochrophyta 0.419 0.495 70.7 0.939 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Cirripedia 0.366 0.936 32.4 0.003 

Rhodophyta 0.217 0.711 56.4 0.299 

Ochrophyta 0.419 0.502 74.0 0.882 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.366 1.477 0.439 0.001 

Sedentaria 0.088 0.350 61.5 0.225 

Rhodophyta 0.217 0.454 76.9 0.997 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.366 1.180 40.1 0.031 

Rhodophyta 0.217 0.746 67.9 0.255 

Sedentaria 0.088 0.395 85.6 0.302 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ochrophyta 1.198 1.074 33.6 0.001 

Cirripedia 0.403 0.628 55.0 0.996 

Sedentaria 0.209 0.436 72.3 0.056 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ochrophyta 0.621 1.198 28.1 0.001 

Rhodophyta 0.815 0.217 49.8 0.757 

Cirripedia 0.484 0.403 70.2 1.000 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ochrophyta 1.198 0.495 25.4 0.003 

Rhodophyta 0.217 0.974 48.4 0.296 

Cirripedia 0.403 0.611 71.4 0.968 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Cirripedia 0.403 0.936 27.6 0.132 

Ochrophyta 1.198 0.502 53.6 0.005 

Rhodophyta 0.217 0.711 74.5 0.855 
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Table S5.43 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.403 1.477 37.2 0.001 

Ochrophyta 1.198 0.259 59.6 0.358 

Sedentaria 0.209 0.350 76.3 0.204 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.403 1.180 34.2 0.088 

Rhodophyta 0.217 0.746 57.8 0.421 

Ochrophyta 1.198 0.000 75.9 0.541 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ochrophyta 1.074 0.621 25.9 0.002 

Cirripedia 0.628 0.484 47.0 0.999 

Rhodophyta 0.377 0.815 67.2 0.915 

Sedentaria 0.436 0.287 82.5 0.367 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ochrophyta 1.074 0.495 23.6 0.022 

Cirripedia 0.628 0.611 46.7 0.980 

Rhodophyta 0.377 0.974 68.1 0.719 

Sedentaria 0.436 0.349 83.2 0.368 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Cirripedia 0.628 0.936 26.9 0.194 

Ochrophyta 1.074 0.502 51.2 0.041 

Rhodophyta 0.377 0.711 70.5 0.971 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.628 1.477 34.9 0.001 

Ochrophyta 1.074 0.259 56.0 0.451 

Sedentaria 0.436 0.350 72.3 0.265 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.628 1.180 32.1 0.207 

Rhodophyta 0.377 0.746 53.8 0.537 

Ochrophyta 1.074 0.000 71.8 0.559 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Rhodophyta 0.815 0.974 29.2 0.001 

Cirripedia 0.484 0.611 51.9 0.999 

Ochrophyta 0.621 0.495 70.0 0.987 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Rhodophyta 0.815 0.711 26.8 0.013 

Cirripedia 0.484 0.936 53.5 0.471 

Ochrophyta 0.621 0.502 0.723 0.924 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.484 1.477 35.1 0.001 

Rhodophyta 0.815 0.454 56.8 0.768 

Sedentaria 0.287 0.350 72.2 0.533 
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Table S5.43 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.484 1.181 33.4 0.172 

Rhodophyta 0.815 0.746 61.7 0.274 

Sedentaria 0.287 0.395 77.7 0.475 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Cirripedia 0.612 0.936 27.9 0.141 

Rhodophyta 0.974 0.711 55.7 0.001 

Ochrophyta 0.495 0.502 72.6 1.000 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.611 1.477 35.7 0.001 

Rhodophyta 0.974 0.453 59.0 0.546 

Sedentaria 0.349 0.350 74.5 0.569 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.611 1.180 33.8 0.203 

Rhodophyta 0.974 0.746 63.2 0.250 

Sedentaria 0.349 0.395 79.5 0.442 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.936 1.477 38.7 0.001 

Rhodophyta 0.711 0.454 60.2 0.905 

Sedentaria 0.392 0.350 77.2 0.384 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.936 1.180 37.0 0.144 

Rhodophyta 0.711 0.746 64.5 0.397 

Sedentaria 0.392 0.395 81.6 0.461 

[𝟏𝟎𝟎 − 𝟏𝟏𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 1.477 1.180 43.5 0.074 

Rhodophyta 0.454 0.746 68.2 0.552 

Sedentaria 0.350 0.395 85.2 0.505 
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Table S5.44. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

higher taxonomical groups discriminating among euendolithic infestation levels (from A to E, as defined 

by Kaehler, 1999). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

A vs B     

Ochrophyta 0.746 1.086 29.6 0.002 

Rhodophyta 0.455 0.649 51.0 0.801 

Cirripedia 0.243 0.413 70.5 1.000 

A vs C     

Cirripedia 0.243 0.692 24.5 0.813 

Ochrophyta 0.746 0.600 46.6 0.307 

Rhodophyta 0.455 0.586 65.4 0.991 

Sedentaria 0.231 0.404 82.1 0.141 

A vs D     

Cirripedia 0.243 0.773 26.0 0.448 

Rhodophyta 0.455 0.696 49.0 0.405 

Ochrophyta 0.746 0.497 69.7 0.555 

Sedentaria 0.231 0.295 83.9 0.728 

A vs E     

Ochrophyta 0.746 1.120 33.7 0.005 

Rhodophyta 0.455 0.725 53.7 0.710 

Cirripedia 0.243 0.602 73.4 0.964 

B vs C     

Ochrophyta 1.086 0.600 25.6 0.001 

Cirripedia 0.413 0.692 48.7 0.987 

Rhodophyta 0.649 0.586 69.9 0.886 

Sedentaria 0.279 0.404 86.4 0.071 

B vs D     

Cirripedia 0.413 0.773 24.7 0.872 

Ochrophyta 1.086 0.497 49.0 0.012 

Rhodophyta 0.649 0.696 73.3 0.068 

B vs E     

Ochrophyta 1.086 1.120 34.5 0.002 

Rhodophyta 0.649 0.725 56.6 0.584 

Cirripedia 0.413 0.602 75.8 0.988 

C vs D     

Cirripedia 0.692 0.773 27.8 0.010 

Rhodophyta 0.586 0.696 50.6 0.622 

Ochrophyta 0.600 0.497 68.7 1.000 

Sedentaria 0.404 0.295 84.7 0.165 

C vs E     

Ochrophyta 0.600 1.120 28.9 0.023 

Cirripedia 0.692 0.602 51.4 0.889 

Rhodophyta 0.586 0.725 71.8 0.761 
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Table S5.44 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

D vs E     

Ochrophyta 0.497 1.120 27.8 0.029 

Cirripedia 0.773 0.602 51.5 0.797 

Rhodophyta 0.696 0.725 74.4 0.469 
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Table S5.45. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

higher taxonomical groups discriminating among shell degradation indexes (from 1 to 6, as defined by  

Ma et al., 2023). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

1 vs 2     

Ochrophyta 0.280 1.861 40.2 0.001 

Cirripedia 0.261 0.184 60.5 0.977 

Sedentaria 0.103 0.292 74.2 0.723 

1 vs 3     

Rhodophyta 0.037 1.055 24.8 0.328 

Ochrophyta 0.280 0.907 48.8 0.264 

Cirripedia 0.261 0.535 71.6 0.879 

1 vs 4     

Cirripedia 0.261 0.672 25.7 0.496 

Rhodophyta 0.037 0.902 49.9 0.308 

Sedentaria 0.103 0.351 66.9 0.212 

Ochrophyta 0.280 0.589 83.6 0.850 

1 vs 5     

Cirripedia 0.261 0.734 31.7 0.070 

Ochrophyta 0.280 0.477 49.2 0.880 

Sedentaria 0.103 0.301 65.4 0.408 

Rhodophyta 0.037 0.4555 80.7 0.997 

1 vs 6     

Cirripedia 0.261 1.022 34.4 0.040 

Rhodophyta 0.037 0.440 52.6 0.880 

Sedentaria 0.103 0.407 69.4 0.398 

Ochrophyta 0.280 0.275 83.1 0946 

2 vs 3     

Ochrophyta 1.861 0.907 37.8 0.001 

Rhodophyta 0.447 1.055 61.2 0.374 

Cirripedia 0.184 0.535 77.3 1.000 

2 vs 4     

Ochrophyta 1.861 0.589 33.1 0.001 

Rhodophyta 0.447 0.902 55.5 0.440 

Cirripedia 0.184 0.672 74.1 1.000 

2 vs 5     

Ochrophyta 1.861 0.477 34.7 0.001 

Cirripedia 0.184 0.734 57.3 0.966 

Rhodophyta 0.447 0.455 73.5 0.999 

2 vs 6     

Ochrophyta 1.861 0.275 31.8 0.004 

Cirripedia 0.184 1.022 57.0 0.481 

Rhodophyta 0.447 0.440 74.3 0.935 
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Table S5.45 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

3 vs 4     

Rhodophyta 1.055 0.902 29.6 0.001 

Ochrophyta 0.907 0.589 51.8 0.237 

Cirripedia 0.535 0.672 73.2 1.000 

3 vs 5     

Rhodophyta 1.055 0.455 25.2 0.022 

Cirripedia 0.535 0.734 50.2 0.743 

Ochrophyta 0.907 0.477 72.7 0.120 

3 vs 6     

Cirripedia 0.535 1.022 27.7 0.239 

Rhodophyta 1.055 0.440 53.4 0.151 

Ochrophyta 0.907 0.275 73.1 0.646 

4 vs 5     

Cirripedia 0.672 0.734 26.8 0.177 

Rhodophyta 0.902 0.455 51.4 0.019 

Ochrophyta 0.589 0.477 68.9 1.000 

Sedentaria 0.351 0.301 84.7 0.217 

4 vs 6     

Cirripedia 0.672 1.022 29.4 0.136 

Rhodophyta 0.902 0.440 54.3 0.251 

Sedentaria 0.351 0.407 70.7 0.340 

5 vs 6     

Cirripedia 0.734 1.022 33.2 0.012 

Rhodophyta 0.455 0.440 53.0 0.888 

Sedentaria 0.301 0.407 69.2 0.377 

Ochrophyta 0.477 0.275 83.8 0.988 

 

Table S5.46. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

higher taxonomical groups discriminating among position of the epibionts on the mussel shell 

(i.e., infested, non-infested). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

Infested vs Non-infested     

Cirripedia 0.600 0.694 25.6 0.004 

Rhodophyta 0.507 0.764 48.2 0.029 

Ochrophyta 0.157 1.111 69.5 0.001 

Sedentaria 0.470 0.180 85.4 0.001 

 



289 
 

Table S5.47. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

species discriminating among shell length sizes (from ]30 − 40] to ]110 − 120] in mm). Cut-off for low 

contribution: 70%. Significant p-values are underlined.   

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟒𝟎 − 𝟓𝟎[     

Cirripedia (juvenile) 0.223 0.195 26.747 0.001 

Ralfsia verrucosa 0.380 0.419 44.255 0.893 

Spirorbis sp. 0.035 0.062 54.588 0.081 

Corallinales 0.121 0.123 63.869 0.920 

Perna perna 0.062 0.043 70.259 0.038 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ralfsia verrucosa 1.198 0.380 29.289 0.021 

Cirripedia (juvenile) 0.143 0.223 47.486 0.001 

Spirorbis sp. 0.089 0.035 57.995 0.013 

Corallinales 0.032 0.121 63.586 1.000 

Electra verticillata 0.089 0.085 68.842 0.270 

Hildenbrandia lecannellieri 0.185 0.000 73.725 0.964 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ralfsia verrucosa 0.380 1.074 25.829 0.032 

Cirripedia (juvenile) 0.223 0.075 38.703 0.005 

Spirorbis sp. 0.035 0.149 47.728 0.032 

Tetraclita serrata 0.000 0.429 55.446 1.000 

Corallinales 0.121 0.147 62.870 0.964 

Perna perna 0.062 0.103 68.708 0.008 

Bryozoa 0.000 0.151 73.811 0.058 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 0.380 0.651 18.228 0.714 

Cirripedia (juvenile) 0.223 0.146 32.837 0.001 

Corallinales 0.121 0.414 47.337 0.104 

Electra verticillata 0.085 0.132 0.541 0.049 

Hildenbrandia lecannellieri 0.000 0.296 60.364 0.912 

Tetraclita serrata 0.000 0.267 66.509 1.000 

Spirorbis sp. 0.035 0.088 0.724 0.746 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.380 0.495 15.239 0.907 

Cirripedia (juvenile) 0.223 0.154 28.639 0.001 

Corallinales 0.121 0.306 40.586 0.303 

Tetraclita serrata 0.000 0.425 51.102 0.967 

Hildenbrandia lecannellieri 0.000 0.515 60.357 0.452 

Electra verticillata 0.085 0.072 66.115 0.104 

Spirorbis sp. 0.035 0.102 71.069 0.905 
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Table S5.47 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Tetraclita serrata 0.000 0.774 18.167 0.097 

Ralfsia verrucosa 0.380 0.502 0.340 0.857 

Cirripedia (juvenile) 0.223 0.152 46.148 0.014 

Corallinales 0.121 0.275 58.225 0.287 

Hildenbrandia lecannellieri 0.000 0.375 66.550 0.632 

Spirorbis sp. 0.035 0.123 73.880 0.252 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.000 1.257 29.548 0.001 

Cirripedia (juvenile) 0.223 0.237 41.988 0.012 

Ralfsia verrucosa 0.380 0.259 52.628 0.993 

Corallinales 0.121 0.275 62.314 0.719 

Spirobranchus kraussii 0.000 0.213 70.373 0.049 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Corallinales 0.121 0.746 23.595 0.026 

Tetraclita serrata 0.000 0.787 39.160 0.393 

Chtamalus dentatus 0.030 0.502 52.940 0.003 

Cirripedia (juvenile) 0.223 0.152 64.866 0.109 

Spirobranchus kraussii 0.00 0.239 76.599 0.079 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ralfsia verrucosa 0.419 1.198 29.206 0.006 

Cirripedia (juvenile) 0.195 0.143 47.746 0.001 

Spirorbis sp. 0.062 0.089 59.993 0.001 

Tetraclita serrata 0.152 0.254 68.013 0.999 

Corallinales 0.123 0.032 74.369 1.000 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ralfsia verrucosa 0.419 1.074 26.244 0.009 

Cirripedia (juvenile) 0.195 0.075 38.525 0.004 

Tetraclita serrata 0.152 0.429 49.023 0.981 

Spirorbis sp. 0.062 0.149 59.042 0.001 

Corallinales 0.123 0.147 67.040 0.968 

Bryozoa 0.009 0.151 72.597 0.015 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 0.419 0.651 18.519 0.733 

Corallinales 0.123 0.414 33.286 0.031 

Cirripedia (juvenile) 0.195 0.146 47.834 0.001 

Tetraclita serrata 0.152 0.267 57.026 0.999 

Spirorbis sp. 0.062 0.088 64.709 0.176 

Hildenbrandia lecannellieri 0.094 0.296 72.267 0.839 
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Table S5.47 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.419 0.495 15.718 0.942 

Tetraclita serrata 0.152 0.425 28.774 0.806 

Cirripedia (juvenile) 0.195 0.154 41.765 0.001 

Corallinales 0.123 0.306 54.107 0.196 

Hildenbrandia lecannellieri 0.094 0.515 64.486 0.288 

Spirorbis sp. 0.062 0.102 70.845 0.552 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Tetraclita serrata 0.152 0.774 20.295 0.013 

Ralfsia verrucosa 0.419 0.502 36.708 0.884 

Corallinales 0.123 0.275 49.229 0.196 

Cirripedia (juvenile) 0.195 0.152 61.186 0.006 

Hildenbrandia lecannellieri 0.094 0.375 70.708 0.484 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.152 1.257 31.067 0.001 

Cirripedia (juvenile) 0.195 0.237 43.698 0.008 

Ralfsia verrucosa 0.419 0.259 54.982 0.999 

Corallinales 0.123 0.275 65.158 0.709 

Spirobranchus kraussii 0.000 0.213 0.732 0.020 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Corallinales 0.123 0.746 23.818 0.023 

Tetraclita serrata 0.152 0.787 42.345 0.296 

Chtamalus dentatus 0.024 0.502 54.902 0.003 

Spirobranchus kraussii 0.000 0.239 67.025 0.058 

Cirripedia (juvenile) 0.195 0.152 77.904 0.180 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ralfsia verrucosa 1.198 1.074 32.177 0.001 

Tetraclita serrata 0.254 0.429 41.906 1.000 

Spirorbis sp. 0.089 0.149 51.097 0.001 

Cirripedia (juvenile) 0.143 0.075 59.797 0.622 

Hildenbrandia lecannellieri 0.185 0.180 65.700 0.993 

Corallinales 0.032 0.147 71.205 1.000 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 0.198 0.651 26.617 0.001 

Corallinales 0.032 0.414 37.938 0.457 

Cirripedia (juvenile) 0.143 0.146 48.371 0.035 

Hildenbrandia lecannellieri 0.185 0.296 57.041 0.722 

Tetraclita serrata 0.254 0.267 65.236 1.000 

Spirorbis sp. 0.089 0.088 72.932 0.083 
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Table S5.47 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 1.198 0.495 23.910 0.004 

Tetraclita serrata 0.254 0.425 35.549 0.992 

Hildenbrandia lecannellieri 0.185 0.515 46.630 0.087 

Cirripedia (juvenile) 0.143 0.154 56.168 0134 

Corallinales 0.032 0.306 65.369 0.950 

Spirorbis sp. 0.089 0.102 71.916 0.462 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 1.198 0.502 24.408 0.006 

Tetraclita serrata 0.254 0.774 42.365 0.036 

Hildenbrandia lecannellieri 0.185 0.375 52.514 0.304 

Corallinales 0.032 0.275 61.804 0.908 

Cirripedia (juvenile) 0.143 0.152 70.695 0.469 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.254 1.257 27.057 0.001 

Ralfsia verrucosa 1.198 0.259 47.635 0.378 

Cirripedia (juvenile) 0.143 0.237 57.092 0.271 

Spirobranchus kraussii 0.102 0.213 65.722 0.003 

Corallinales 0.032 0.275 73.060 0.987 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Corallinales 0.032 0.746 19.414 0.054 

Ralfsia verrucosa 1.198 0.000 35.282 0.563 

Tetraclita serrata 0.254 0.787 51.057 0.385 

Chthamalus dentatus 0.032 0.502 62.854 0.003 

Spirobranchus kraussii 0.102 0.239 74.091 0.084 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 1.074 0.651 24.424 0.001 

Corallinales 0.147 0.414 35.664 0.376 

Tetraclita serrata 0.429 0.267 45.886 1.000 

Spirorbis sp. 0.149 0.088 52.999 0.176 

Cirripedia (juvenile) 0.075 0.146 60.020 0.998 

Hildenbrandia lecannellieri 0.180 0.296 66.888 0.957 

Bryozoa 0.151 0.065 71.855 0.005 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 1.074 0.495 22.086 0.024 

Tetraclita serrata 0.429 0.425 34.954 0.938 

Corallinales 0.147 0.306 44.306 0.948 

Hildenbrandia lecannellieri 0.180 0.515 53.582 0.472 

Cirripedia (juvenile) 0.075 0.154 60.075 1.000 

Spirorbis sp. 0.149 0.102 66.431 0.504 

Bryozoa 0.151 0.071 71.380 0.003 
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Table S5.47 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 1.074 0.502 22.516 0.048 

Tetraclita serrata 0.429 0.774 40.453 0.022 

Corallinales 0.147 0.275 49.769 0.931 

Hildenbrandia lecannellieri 0.180 0.375 0.582 0.719 

Spirorbis sp. 0.149 0.123 65.399 0.132 

Cirripedia (juvenile) 0.075 0.152 71.645 1.000 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.429 1.257 25.401 0.001 

Ralfsia verrucosa 1.074 0.259 44.693 0.497 

Corallinales 0.147 0.275 52.660 0.967 

Cirripedia (juvenile) 0.075 0.237 59.653 0.978 

Spirorbis sp. 0.149 0.109 66.457 0.375 

Spirobranchus kraussii 0.051 0.213 72.781 0.084 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Corallinales 0.147 0.746 17.479 0.110 

Tetraclita serrata 0.429 0.787 34.110 0.366 

Ralfsia verrucosa 1.074 0.000 0.498 0.579 

Chthamalus dentatus 0.033 0.502 60.520 0.015 

Spirobranchus kraussii 0.051 0.239 68.624 0.215 

Spirorbis sp. 0.149 0.254 75.719 0.369 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.651 0.495 16.689 0.980 

Corallinales 0.414 0.306 30.699 0.004 

Tetraclita serrata 0.267 0.425 42.576 0.996 

Hildenbrandia lecannellieri 0.296 0.515 54.294 0.013 

Juvenile barnacle 0.146 0.154 62.448 0.890 

Electra verticillata 0.132 0.072 68.431 0.001 

Spirorbis sp. 0.088 0.102 73.264 0.999 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Tetraclita serrata 0.267 0.774 17.279 0.039 

Ralfsia verrucosa 0.651 0.502 34.451 0.928 

Corallinales 0.414 0.275 0.483 0.010 

Hildenbrandia lecannellieri 0.296 0.375 59.047 0.139 

Cirripedia (juvenile) 0.146 0.152 66.736 0.965 

Spirorbis sp. 0.088 0.123 72.938 0.705 
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Table S5.47 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.267 1.257 25.352 0.001 

Ralfsia verrucosa 0.651 0.259 38.636 0.996 

Corallinales 0.414 0.275 51.108 0.173 

Cirripedia (juvenile) 0.146 0.237 59.412 0.732 

Spirobranchus kraussii 0.072 0.213 66.380 0.035 

Hildenbrandia lecannellieri 0.296 0.088 72.170 0.971 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Corallinales 0.414 0.746 20.929 0.065 

Tetraclita serrata 0.267 0.787 37.016 0.428 

Chthamalus dentatus 0.064 0.502 48.975 0.013 

Ralfsia verrucosa 0.651 0.000 58.453 0.940 

Spirobranchus kraussii 0.072 0.239 67.620 0.146 

Cirripedia (juvenile) 0.146 0.152 74.550 0.694 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Tetraclita serrata 0.425 0.774 18.963 0.002 

Ralfsia verrucosa 0.495 0.502 34.159 0.999 

Hildenbrandia lecannellieri 0.515 0.375 47.087 0.001 

Corallinales 0.306 0.275 59.008 0.159 

Cirripedia (juvenile) 0.154 0.152 66.314 0.999 

Spirobranchus kraussii 0.126 0.167 72.13 0.059 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.425 0.257 26.166 0.001 

Ralfsia verrucosa 0.495 0.259 37.591 1.000 

Corallinales 0.306 0.275 48.343 0.574 

Hildenbrandia lecannellieri 0.515 0.088 56.802 0.689 

Cirripedia (juvenile) 0.154 0.237 64.930 0.818 

Spirobranchus kraussii 0.126 0.213 72.627 0.006 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Corallinales 0.306 0.746 19.056 0.079 

Tetraclita serrata 0.425 0.787 36.899 0.327 

Chthamalus dentatus 0.063 0.502 48.559 0.015 

Spirobranchus kraussii 0.126 0.239 57.830 0.174 

Ralfsia verrucosa 0.495 0.000 65.566 0.993 

Hildenbrandia lecannellieri 0.515 0.000 72.784 0.372 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.775 1.257 29.449 0.001 

Ralfsia verrucosa 0.502 0.259 41.788 1.000 

Corallinales 0.275 0.275 52.710 0.641 

Spirobranchus kraussii 0.167 0.213 61.082 0.003 

Juvenile barnacle 0.152 0.237 69.115 0.905 

Hildenbrandia lecannellieri 0.375 0.088 76.845 0.843 
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Table S5.47 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 0.774 0.787 21.657 0.180 

Corallinales 0.275 0.746 40.487 0.122 

Chtamalus dentatus 0.048 0.502 51.923 0.012 

Spirobranchus kraussii 0.167 0.239 61.373 0.145 

Ralfsia verrucosa 0.502 0.000 69.891 0.980 

Spirorbis sp. 0.123 0.254 76.991 0.377 

[𝟏𝟎𝟎 − 𝟏𝟏𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 1.257 0.787 27.690 0.084 

Corallinales 0.275 0.746 0.466 0.149 

Chthamalus dentatus 0.051 0.502 58.314 0.023 

Spirobranchus kraussii 0.213 0.239 69.213 0.120 

Cirripedia (juvenile) 0.237 0.152 76.967 0.665 
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Table S5.48. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

species discriminating among euendolithic infestation levels (from A to E, as defined in Kaehler, 1999). 

Cut-off for low contribution: 70%. Significant p-values are underlined.  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

A vs B     

Ralfsia verrucosa 0.746 1.086 28.5 0.001 

Cirripedia (juvenile) 0.164 0.104 41.0 0.001 

Corallinales 0.210 0.257 52.1 0.572 

Hildenbrandia lecannellieri 0.140 0.409 61.2 0.619 

Spirorbis sp. 0.058 0.102 69.2 0.071 

Tetraclita serrata 0.049 0.295 75.7 1.000 

A vs C     

Ralfsia verrucosa 0.746 0.599 20.8 0.300 

Cirripedia (juvenile) 0.164 0.178 33.0 0.001 

Tetraclita serrata 0.049 0.462 43.6 1.000 

Hildenbrandia lecannellieri 0.140 0.376 52.2 0.715 

Corallinales 0.210 0.140 60.1 0.994 

Spirorbis sp. 0.058 0.129 66.9 0.357 

Bryozoa 0.063 0.113 71.5 0.026 

A vs D     

Ralfsia verrucosa 0.746 0.510 19.5 0.508 

Tetraclita serrata 0.049 0.580 32.6 0.879 

Corallinales 0.210 0.308 45.0 0.140 

Cirripedia (juvenile) 0.164 0.140 55.9 0.008 

Hildenbrandia lecannellieri 0.140 0.267 63.4 0.889 

Spirorbis sp. 0.058 0.103 69.9 0.553 

Perna perna 0.064 0.053 73.5 0.039 

A vs E     

Ralfsia verrucosa 0.746 1.092 31.5 0.001 

Corallinales 0.210 0.472 43.7 0.278 

Cirripedia (juvenile) 0.164 0.241 55.1 0.052 

Tetraclita serrata 0.049 0.392 63.9 0.977 

Hildenbrandia lecannellieri 0.140 0.175 69.6 0.874 

Spirorbis sp. 0.058 0.51 74.5 0.873 

B vs C     

Ralfsia verrucosa 1.086 0.599 24.0 0.002 

Tetraclita serrata 0.295 0.462 36.2 0.992 

Hildenbrandia lecannellieri 0.409 0.376 47.1 0.083 

Cirripedia (juvenile) 0.104 0.178 56.2 0.336 

Corallinales 0.257 0.140 65.2 0.986 

Spirorbis sp. 0.102 0.129 72.6 0.063 
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Table S5.48 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

B vs D     

Ralfsia verrucosa 1.086 0.510 22.9 0.003 

Tetraclita serrata 0.295 0.580 37.3 0.756 

Corallinales 0.257 0.308 49.8 0.029 

Hildenbrandia lecannellieri 0.409 0.267 59.8 0.273 

Cirripedia (juvenile) 0.104 0.140 67.9 0.938 

Spirorbis sp. 0.102 0.103 74.9 0.141 

B vs E     

Ralfsia verrucosa 1.086 1.092 32.0 0.001 

Corallinales 0.257 0.472 44.8 0.226 

Tetraclita serrata 0.295 0.392 55.4 0.938 

Cirripedia (juvenile) 0.104 0.241 64.2 0.549 

Hildenbrandia lecannellieri 0.409 0.175 72.5 0.634 

C vs D     

Tetraclita serrata 0.462 0.580 16.7 0.006 

Ralfsia verrucosa 0.599 0.510 33.3 1.000 

Corallinales 0.140 0.308 45.3 0.959 

Hildenbrandia lecannellieri 0.376 0.267 53.1 0.290 

Cirripedia (juvenile) 0.178 0.140 61.6 0.893 

Spirorbis sp. 0.129 0.103 68.0 0.711 

Spirobranchus kraussii 0.134 0.097 73.1 0.122 

C vs E     

Ralfsia verrucosa 0.599 1.092 26.2 0.032 

Tetraclita serrata 0.462 0.392 39.1 0.753 

Corallinales 0.140 0.472 49.6 0.545 

Cirripedia (juvenile) 0.178 0.241 58.6 0.377 

Hildenbrandia lecannellieri 0.376 0.175 66.5 0.631 

Spirobranchus kraussii 0.134 0.197 72.4 0.223 

D vs E     

Ralfsia verrucosa 0.510 1.092 25.1 0.050 

Tetraclita serrata 0.580 0.392 39.7 0.507 

Corallinales 0.308 0.472 53.2 0.113 

Cirripedia (juvenile) 0.140 0.241 61.5 0.629 

Hildenbrandia lecannellieri 0.267 0.175 68.5 0.779 

Spirobranchus kraussii 0.097 0.197 73.7 0.373 
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Table S5.49. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

species discriminating among shell degradation indexes (from 1 to 6, as defined in Ma et al., 2023).  

Cut-off for low contribution: 70%. Significant p-values are underlined.  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

1 vs 2     

Ralfsia verrucosa 0.280 1.861 39.3 0.001 

Cirripedia (juvenile) 0.261 0.083 57.1 0.001 

Corallinales 0.037 0.216 65.1 0.904 

Spirorbis sp. 0.048 0.075 72.8 0.306 

1 vs 3     

Ralfsia verrucosa 0.280 0.907 23.4 0.237 

Cirripedia (juvenile) 0.261 0.169 39.9 0.001 

Hildenbrandia lecannellieri 0.000 0.695 52.0 0.222 

Corallinales 0.037 0.307 63.3 0.546 

Spirorbis sp. 0.048 0.117 72.1 0.106 

1 vs 4     

Ralfsia verrucosa 0.280 0.612 16.2 0.837 

Cirripedia (juvenile) 0.261 0.124 30.8 0.001 

Tetraclita serrata 0.000 0.518 42.3 0.903 

Hildenbrandia lecannellieri 0.000 0.533 53.4 0.278 

Corallinales 0.037 0.244 63.1 0.706 

Spirorbis sp. 0.048 0.112 71.0 0.200 

1 vs 5     

Cirripedia (juvenile) 0.261 0.159 16.8 0.001 

Ralfsia verrucosa 0.280 0.476 32.9 0.872 

Tetraclita serrata 0.000 0.518 46.4 0.731 

Corallinales 0.037 0.244 56.1 0.787 

Spirorbis sp. 0.048 0.105 63.6 0.317 

Electra verticillata 0.117 0.077 69.8 0.114 

Perna perna 0.121 0.050 75.6 0.024 

1 vs 6     

Corallinales 0.037 0.440 17.0 0.046 

Tetraclita serrata 0.000 0.824 33.9 0.390 

Cirripedia (juvenile) 0.261 0.168 48.3 0.011 

Ralfsia verrucosa 0.280 0.275 60.9 0.944 

Perna perna 0.121 0.161 69.2 0.005 

Spirorbis sp. 0.048 0.092 75.1 0.665 

2 vs 3     

Ralfsia verrucosa 1.861 0.907 36.4 0.001 

Corallinales 0.216 0.307 47.3 0.587 

Hildenbrandia lecannellieri 0.087 0.695 58.1 0.266 

Cirripedia (juvenile) 0.083 0.169 67.0 0.567 

Spirorbis sp. 0.075 0.117 74.1 0.327 
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Table S5.49 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

2 vs 4     

Ralfsia verrucosa 1.861 0.612 31.7 0.001 

Hildenbrandia lecannellieri 0.087 0.533 41.5 0.396 

Tetraclita serrata 0.053 0.518 51.3 0.998 

Corallinales 0.216 0.244 61.0 0.827 

Cirripedia (juvenile) 0.083 0.124 68.4 0.964 

Spirorbis sp. 0.075 0.112 74.8 0.533 

2 vs 5     

Ralfsia verrucosa 1.861 0.476 32.8 0.001 

Tetraclita serrata 0.053 0.518 43.9 0.994 

Corallinales 0.216 0.244 53.7 0.825 

Cirripedia (juvenile) 0.083 0.159 62.6 0.482 

Spirorbis sp. 0.075 0.105 68.9 0.608 

Hildenbrandia lecannellieri 0.087 0.141 72.7 1.000 

2 vs 6     

Ralfsia verrucosa 1.861 0.275 30.2 0.003 

Corallinales 0.216 0.440 44.5 0.091 

Tetraclita serrata 0.053 0.824 58.2 0.664 

Cirripedia (juvenile) 0.083 0.168 66.2 0.683 

Spirorbis sp. 0.075 0.092 71.5 0.787 

3 vs 4     

Ralfsia verrucosa 0.907 0.612 20.8 0.202 

Hildenbrandia lecannellieri 0.695 0.533 37.2 0.001 

Tetraclita serrata 0.342 0.518 49.6 0.974 

Corallinales 0.307 0.244 60.8 0.415 

Cirripedia (juvenile) 0.169 0.124 68.7 0.960 

Spirorbis sp. 0.117 0.112 75.5 0.331 

3 vs 5     

Ralfsia verrucosa 0.907 0.476 20.9 0.144 

Tetraclita serrata 0.342 0.518 34.5 0.883 

Hildenbrandia lecannellieri 0.695 0.141 46.2 0.011 

Corallinales 0.307 0.244 57.8 0.254 

Cirripedia (juvenile) 0.169 0.159 66.9 0.272 

Spirorbis sp. 0.117 0.105 73.8 0.262 

3 vs 6     

Ralfsia verrucosa 0.907 0.275 18.2 0.660 

Tetraclita serrata 0.342 0.824 34.4 0.317 

Corallinales 0.307 0.440 49.8 0.031 

Hildenbrandia lecannellieri 0.695 0.000 59.2 0.452 

Cirripedia (juvenile) 0.169 0.168 67.6 0.617 

Spirorbis sp. 0.117 0.092 73.6 0.608 
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Table S5.49 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

4 vs 5     

Tetraclita serrata 0.518 0.518 16.6 0.008 

Ralfsia verrucosa 0.612 0.476 32.8 1.000 

Hildenbrandia lecannellieri 0.533 0.141 43.7 0.005 

Corallinales 0.244 0.244 54.3 0.746 

Cirripedia (juvenile) 0.124 0.159 62.4 0.996 

Spirorbis sp. 0.112 0.105 68.8 0.582 

Spirobranchus kraussii 0.140 0.109 74.1 0.042 

4 vs 6     

Tetraclita serrata 0.518 0.824 18.9 0.087 

Corallinales 0.244 0.440 33.2 0.060 

Ralfsia verrucosa 0.612 0.275 46.7 0.973 

Hildenbrandia lecannellieri 0.533 0.000 55.4 0.559 

Cirripedia (juvenile) 0.124 0.168 62.9 0.866 

Spirobranchus kraussii 0.140 0.171 68.7 0.237 

Spirorbis sp. 0.112 0.092 74.4 0.750 

5 vs 6     

Tetraclita serrata 0.518 0.824 20.8 0.024 

Corallinales 0.244 0.440 36.1 0.028 

Ralfsia verrucosa 0.476 0.275 49.3 0.987 

Cirripedia (juvenile) 0.159 0.168 58.0 0.556 

Spirobranchus kraussii 0.109 0.171 63.8 0.248 

Chtamalus dentatus 0.074 0.112 69.5 0.012 

Spirorbis sp. 0.105 0.092 75.1 0.769 

 

 

Table S5.50. Results of the SIMPER analysis on epibiotic percent cover showing the most influential 

species discriminating among position of the epibionts on the mussel shell (i.e., infested, non-infested). 

Cut-off for low contribution: 70%. Significant p-values are underlined.  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

Infested vs Non-infested     

Ralfsia verrucosa 0.166 1.112 19.8 0.001 

Tetraclita serrata 0.449 0.464 34.5 0.387 

Corallinales 0.378 0.135 45.7 0.001 

Hildenbrandia lecannellieri 0.092 0.504 54.9 0.072 

Cirripedia (juvenile) 0.120 0.176 63.7 0.001 

Spirorbis sp. 0.166 0.049 70.6 0.001 
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5.3.2.2.2.1. Shell length size 

Table S5.51. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover of Cirripedia per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm).  

No significant p-values were detected.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] – 4.064 2.081 – 1.953 0.480 

]50 − 60] – 4.448 2.066 – 2.153 0.345 

]60 − 70] – 4.610 2.065 – 2.232 0.296 

]70 − 80] – 4.430 2.066 – 2.144 0.350 

]80 − 90] – 4.543 2.065 – 2.200 0.315 

]90 − 100] – 4.609 2.065 – 2.232 0.297 

]100 − 110] – 4.664 2.065 – 2.259 0.281 

]110 − 120] – 4.561 2.077 – 2.196 0.318 

]40 − 50] 

]50 − 60] – 0.384 0.271 – 1.419 0.842 

]60 − 70] – 0.546 0.260 – 2.100 0.378 

]70 − 80] – 0.366 0.270 – 1.356 0.873 

]80 − 90] – 0.478 0.260 – 1.837 0.566 

]90 − 100] – 0.544 0.259 – 2.099 0.379 

]100 − 110] – 0.600 0.259 – 2.317 0.250 

]110 − 120] – 0.497 0.341 – 1.455 0.823 

]50 − 60] 

]60 − 70] – 0.162 0.090 – 1.798 0.594 

]70 − 80] 0.018 0.115 0.160 1.000 

]80 − 90] – 0.094 0.092 – 1.031 0.972 

]90 − 100] – 0.161 0.089 – 1.811 0.585 

]100 − 110] – 0.216 0.087 – 2.488 0.171 

]110 − 120] – 0.113 0.239 – 0.472 1.000 

]60 − 70] 

]70 − 80] 0.180 0.087 2.069 0.400 

]80 − 90] 0.068 0.053 1.282 0.904 

]90 − 100] 0.001 0.047 0.031 1.000 

]100 − 110] – 0.054 0.044 – 1.229 0.923 

]110 − 120] 0.049 0.227 0.217 1.000 

]70 − 80] 

]80 − 90] – 0.113 0.089 – 1.271 0.909 

]90 − 100] – 0.179 0.086 – 2.087 0.387 

]100 − 110] – 0.234 0.084 – 2.798 0.078 

]110 − 120] – 0.131 0.238 – 0.552 1.000 

]80 − 90] 

]90 − 100] – 0.066 0.050 – 1.316 0.891 

]100 − 110] – 0.121 0.047 – 2.600 0.131 

]110 − 120] – 0.018 0.228 – 0.081 1.000 

]90 − 100] 
]100 − 110] – 0.055 0.041 – 1.358 0.872 

]110 − 120] 0.048 0.226 0.211 1.000 

]100 − 110] ]110 − 120] 0.103 0.226 0.456 1.000 
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Table S5.52. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mea 

percent cover in Cirripedia (juvenile) per mussel and shell length range (from ]30 − 40] to ]110 − 120] in 

mm). Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] – 0.472 2.742 – 0.172 1.000 

]50 − 60] – 0.168 2.556 – 0.066 1.000 

]60 − 70] – 1.776 2.506 – 0.708 0.998 

]70 − 80] – 3.293 2.218 – 1.484 0.819 

]80 − 90] – 4.191 2.148 – 1.951 0.505 

]90 − 100] – 3.629 2.211 – 1.641 0.723 

]100 − 110] – 5.950 2.116 – 2.811 0.085 

]110 − 120] – 4.430 3.390 – 1.307 0.902 

]40 − 50] 

]50 − 60] 0.304 2.261 0.134 1.000 

]60 − 70] – 1.304 2.205 – 0.591 0.999 

]70 − 80] – 2.821 1.871 – 1.508 0.806 

]80 − 90] – 3.719 1.786 – 2.082 0.413 

]90 − 100] – 3.157 1.862 – 1.696 0.687 

]100 − 110] – 5.478 1.748 – 3.133 0.033 

]110 − 120] – 3.958 3.173 – 1.247 0.923 

]50 − 60] 

]60 − 70] – 1.607 1.968 – 0.817 0.994 

]70 − 80] – 3.125 1.585 – 1.971 0.490 

]80 − 90] – 4.022 1.485 – 2.708 0.111 

]90 − 100] – 3.461 1.575 – 2.197 0.339 

]100 − 110] – 5.781 1.439 – 4.018 0.001 

]110 − 120] – 4.261 3.014 – 1.414 0.855 

]60 − 70] 

]70 − 80] – 1.517 1.503 – 1.009 0.978 

]80 − 90] – 2.415 1.397 – 1.728 0.664 

]90 − 100] – 1.854 1.493 – 1.242 0.925 

]100 − 110] – 4.174 1.348 – 3.096 0.038 

]110 − 120] – 2.654 2.972 – 0.893 0.990 

]70 − 80] 

]80 − 90] – 0.898 0.769 – 1.167 0.947 

]90 − 100] – 0.336 0.931 – 0.361 1.000 

]100 − 110] – 2.657 0.676 – 3.930 0.003 

]110 − 120] – 1.137 2.733 – 0.416 1.000 

]80 − 90] 

]90 − 100] 0.561 0.749 0.750 0.997 

]100 − 110] – 1.759 0.387 – 4.546 < 0.001 

]110 − 120] – 0.239 2.676 – 0.089 1.000 

]90 − 100] 
]100 − 110] – 2.321 0.652 – 3.557 0.008 

]110 − 120] – 0.800 2.727 – 0.293 1.000 

]100 − 110] ]110 − 120] 1.520 2.651 0.573 1.000 
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Table S5.53. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in Ochrophyta per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm). 

Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.019 0.019 1.026 0.964 

]50 − 60] 0.015 0.013 1.202 0.917 

]60 − 70] 0.018 0.013 1.411 0.826 

]70 − 80] 0.025 0.014 1.827 0.557 

]80 − 90] 0.046 0.015 3.104 0.033 

]90 − 100] 0.041 0.016 2.505 0.165 

]100 − 110] 0.097 0.047 2.036 0.413 

]110 − 120] NA NA NA NA 

]40 − 50] 

]50 − 60] – 0.004 0.016 – 0.244 1.000 

]60 − 70] – 0.001 0.016 – 0.084 1.000 

]70 − 80] 0.006 0.017 0.384 1.000 

]80 − 90] 0.027 0.017 1.526 0.762 

]90 − 100] 0.022 0.019 1.167 0.929 

]100 − 110] 0.078 0.048 1.605 0.711 

]110 − 120] NA NA NA NA 

]50 − 60] 

]60 − 70] 0.003 0.008 0.303 1.000 

]70 − 80] 0.010 0.010 1.040 0.961 

]80 − 90] 0.030 0.011 2.785 0.082 

]90 − 100] 0.026 0.013 1.972 0.456 

]100 − 110] 0.081 0.046 1.754 0.609 

]110 − 120] NA NA NA NA 

]60 − 70] 

]70 − 80] 0.008 0.010 0.794 0.992 

]80 − 90] 0.028 0.011 2.578 0.138 

]90 − 100] 0.023 0.013 1.791 0.583 

]100 − 110] 0.079 0.046 1.701 0.646 

]110 − 120] NA NA NA NA 

]70 − 80] 

]80 − 90] 0.020 0.012 1.621 0.701 

]90 − 100] 0.016 0.014 1.803 0.951 

]100 − 110] 0.071 0.047 1.521 0.765 

]110 − 120] NA NA NA NA 

]80 − 90] 

]90 − 100] – 0.005 0.015 – 0.301 1.000 

]100 − 110] 0.051 0.047 1.086 0.951 

]110 − 120] NA NA NA NA 

]90 − 100] 
]100 − 110] 0.056 0.048 1.169 0.928 

]110 − 120] NA NA NA NA 

]100 − 110] ]110 − 120] NA NA NA NA 
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Table S5.54. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in Ralfsia verrucosa (Ochrophyta) per mussel and shell length range (from ]30 − 40]  to  
]110 − 120] in mm). Significant p-values are underlined.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] 0.019 0.018 1.042 0.960 

]50 − 60] 0.015 0.012 1.222 0.910 

]60 − 70] 0.018 0.012 1.435 0.814 

]70 − 80] 0.025 0.014 1.853 0.540 

]80 − 90] 0.044 0.014 3.053 0.038 

]90 − 100] 0.041 0.016 2.546 0.149 

]100 − 110] 0.097 0.047 2.069 0.391 

]110 − 120] NA NA NA NA 

]40 − 50] 

]50 − 60] – 0.004 0.015 – 0.248 1.000 

]60 − 70] – 0.001 0.015 – 0.085 1.000 

]70 − 80] 0.006 0.016 0.372 1.000 

]80 − 90] 0.025 0.017 1.455 0.803 

]90 − 100] 0.022 0.019 1.187 0.922 

]100 − 110] 0.078 0.048 1.631 0.694 

]110 − 120] NA NA NA NA 

]50 − 60] 

]60 − 70] 0.003 0.008 0.329 1.000 

]70 − 80] 0.010 0.010 1.045 0.960 

]80 − 90] 0.029 0.011 2.698 0.103 

]90 − 100] 0.026 0.013 2.004 0.434 

]100 − 110] 0.081 0.046 1.783 0.589 

]110 − 120] NA NA NA NA 

]60 − 70] 

]70 − 80] 0.007 0.009 0.789 0.992 

]80 − 90] 0.026 0.011 2.485 0.172 

]90 − 100] 0.023 0.013 1.821 0.562 

]100 − 110] 0.079 0.046 1.729 0.627 

]110 − 120] NA NA NA NA 

]70 − 80] 

]80 − 90] 0.019 0.012 1.570 0.734 

]90 − 100] 0.016 0.014 1.138 0.937 

]100 − 110] 0.072 0.046 1.555 0.743 

]110 − 120] NA NA NA NA 

]80 − 90] 

]90 − 100] – 0.003 0.015 – 0.188 1.000 

]100 − 110] 0.053 0.046 1.143 0.936 

]110 − 120] NA NA NA NA 

]90 − 100] 
]100 − 110] 0.056 0.047 1.188 0.922 

]110 − 120] NA NA NA NA 

]100 − 110] ]110 − 120] NA NA NA NA 
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Table S5.55. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in Rhodophyta per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm). 

No significant p-values were detected.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] – 0.116 0.148 – 0.748 0.995 

]50 − 60] – 0.062 0.147 – 0.424 1.000 

]60 − 70] – 0.103 0.141 – 0.730 0.997 

]70 − 80] – 0.126 0.139 – 0.908 0.987 

]80 − 90] – 0.142 0.139 – 1.022 0.974 

]90 − 100] – 0.077 0.141 – 0.545 1.000 

]100 − 110] – 0.015 0.151 – 0.100 1.000 

]110 − 120] 0.242 0.416 0.581 0.999 

]40 − 50] 

]50 − 60] 0.054 0.070 0.762 0.996 

]60 − 70] 0.013 0.057 0.228 1.000 

]70 − 80] – 0.011 0.053 – 0.200 1.000 

]80 − 90] – 0.026 0.052 – 0.499 1.000 

]90 − 100] 0.039 0.057 0.695 0.998 

]100 − 110] 0.101 0.078 1.288 0.903 

]110 − 120] 0.358 0.396 0.904 0.988 

]50 − 60] 

]60 − 70] – 0.041 0.054 – 0.750 0.997 

]70 − 80] – 0.064 0.050 – 1.291 0.901 

]80 − 90] – 0.080 0.049 – 1.641 0.709 

]90 − 100] – 0.014 0.053 – 0.268 1.000 

]100 − 110] 0.047 0.076 0.621 0.999 

]110 − 120] 0.304 0.396 0.769 0.996 

]60 − 70] 

]70 − 80] – 0.024 0.028 – 0.835 0.993 

]80 − 90] – 0.039 0.026 – 1.495 0.801 

]90 − 100] 0.026 0.034 0.766 0.996 

]100 − 110] 0.088 0.064 1.370 0.867 

]110 − 120] 0.345 0.394 0.876 0.990 

]70 − 80] 

]80 − 90] – 0.015 0.015 – 1.006 0.976 

]90 − 100] 0.050 0.027 1.855 0.555 

]100 − 110] 0.111 0.060 1.844 0.562 

]110 − 120] 0.369 0.393 0.983 0.985 

]80 − 90] 

]90 − 100] 0.065 0.025 2.659 0.115 

]100 − 110] 0.127 0.059 2.134 0.359 

]110 − 120] 0.384 0.393 0.977 0.980 

]90 − 100] 
]100 − 110] 0.061 0.063 0.969 0.981 

]110 − 120] 0.319 0.393 0.810 0.994 

]100 − 110] ]110 − 120] 0.257 0.397 0.648 0.999 
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Table S5.56. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in Corallinales (Rhodophyta) per mussel and shell length range (from ]30 − 40]  to  
]110 − 120] in mm). No significant p-values were detected.  

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] – 0.008 0.155 – 0.055 1.000 

]50 − 60] 1.366 0.824 1.658 0.708 

]60 − 70] 0.218 0.160 1.361 0.878 

]70 − 80] – 0.002 0.117 – 0.018 1.000 

]80 − 90] 0.063 0.120 0.527 1.000 

]90 − 100] 0.300 0.148 2.021 0.449 

]100 − 110] 0.353 0.199 1.774 0.627 

]110 − 120] 0.295 0.384 0.768 0.996 

]40 − 50] 

]50 − 60] 1.374 0.823 1.671 0.700 

]60 − 70] 0.227 0.155 1.459 0.830 

]70 − 80] 0.006 0.110 0.058 1.000 

]80 − 90] 0.072 0.113 0.635 0.999 

]90 − 100] 0.308 0.143 2.158 0.358 

]100 − 110] 0.361 0.195 1.855 0.568 

]110 − 120] 0.304 0.382 0.794 0.995 

]50 − 60] 

]60 − 70] – 1.147 0.824 – 1.393 0.863 

]70 − 80] – 1.368 0.816 – 1.676 0.696 

]80 − 90] – 1.303 0.817 – 1.595 0.749 

]90 − 100] – 1.066 0.821 – 1.298 0.904 

]100 − 110] – 1.013 0.832 – 1.217 0.932 

]110 − 120] – 1.071 0.895 – 1.197 0.938 

]60 − 70] 

]70 − 80] – 0.220 0.118 – 1.866 0.560 

]80 − 90] – 0.155 0.120 – 1.290 0.907 

]90 − 100] 0.081 0.149 0.546 1.000 

]100 − 110] 0.135 0.199 0.675 0.999 

]110 − 120] 0.077 0.385 0.200 1.000 

]70 − 80] 

]80 − 90] 0.065 0.050 1.30 0.903 

]90 − 100] 0.302 0.101 2.991 0.050 

]100 − 110] 0.355 0.167 2.131 0.375 

]110 − 120] 0.297 0.369 0.806 0.995 

]80 − 90] 

]90 − 100] 0.237 0.103 2.286 0.281 

]100 − 110] 0.290 0.168 1.723 0.663 

]110 − 120] 0.232 0.370 0.628 0.999 

]90 − 100] 
]100 − 110] 0.053 0.190 0.281 1.000 

]110 − 120] – 0.004 0.380 – 0.012 1.000 

]100 − 110] ]110 − 120] – 0.058 0.402 – 0.144 1.000 
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Table S5.57. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in Sedentaria per mussel and shell length range (from ]30 − 40] to ]110 − 120] in mm).  

No significant p-values were detected. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] 

]40 − 50] – 1.815 3.849 – 0.472 1.000 

]50 − 60] – 3.539 3.589 – 0.986 0.977 

]60 − 70] – 3.937 3.583 – 1.099 0.956 

]70 − 80] – 3.765 3.584 – 1.050 0.966 

]80 − 90] – 3.879 3.583 – 1.082 0.960 

]90 − 100] – 3.792 3.584 – 1.058 0.965 

]100 − 110] – 3.575 3.590 – 0.996 0.976 

]110 − 120] – 2.932 3.856 – 0.760 0.996 

]40 − 50] 

]50 − 60] – 1.724 1.423 – 1.212 0.924 

]60 − 70] – 2.122 1.407 – 1.507 0.781 

]70 − 80] – 1.950 1.410 – 1.383 0.852 

]80 − 90] – 2.063 1.407 – 1.466 0.806 

]90 − 100] – 1.977 1.409 – 1.403 0.841 

]100 − 110] – 1.760 1.424 – 1.236 0.916 

]110 − 120] – 1.117 2.004 – 0.557 1.000 

]50 − 60] 

]60 − 70] – 0.398 0.218 – 1.823 0.559 

]70 − 80] – 0.226 0.235 – 0.960 0.981 

]80 − 90] – 0.339 0.218 – 1.554 0.752 

]90 − 100] – 0.253 0.228 – 1.111 0.953 

]100 − 110] – 0.036 0.308 – 0.116 1.000 

]110 − 120] 0.607 1.443 0.421 1.000 

]60 − 70] 

]70 − 80] 0.172 0.110 1.557 0.750 

]80 − 90] 0.058 0.068 0.862 0.990 

]90 − 100] 0.144 0.094 1.536 0.763 

]100 − 110] 0.362 0.227 1.592 0.726 

]110 − 120] 1.005 1.428 0.704 0.998 

]70 − 80] 

]80 − 90] – 0.114 0.111 – 1.023 0.971 

]90 − 100] – 0.028 0.129 – 0.214 1.000 

]100 − 110] 0.190 0.244 0.779 0.995 

]110 − 120] 0.833 1.430 0.582 0.999 

]80 − 90] 

]90 − 100] 0.086 0.095 0.909 0.986 

]100 − 110] 0.304 0.228 1.334 0.875 

]110 − 120] 0.946 1.428 0.663 0.998 

]90 − 100] 
]100 − 110] 0.217 0.237 0.919 0.985 

]110 − 120] 0.860 1.429 0.602 0.999 

]100 − 110] ]110 − 120] 0.643 1.444 0.445 1.000 
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Table S5.58. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

percent cover in Spirobranchus kraussii (Sedentaria) per mussel and shell length range (from ]30 − 40] to 
]110 − 120] in mm). No significant p-values were detected. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] Others NA NA NA NA 

]40 − 50] Others NA NA NA NA 

]50 − 60] 

]60 − 70] 0.220 0.144 1.530 0.680 

]70 − 80] 0.323 0.133 2.433 0.150 

]80 − 90] 0.231 0.084 2.744 0.069 

]90 − 100] 0.268 0.096 2.787 0.061 

]100 − 110] 0.407 0.146 2.783 0.062 

]110 − 120] 2.419 1.461 1.656 0.593 

]60 − 70] 

]70 − 80] 0.103 0.178 0.578 0.997 

]80 − 90] 0.011 0.145 0.073 1.000 

]90 − 100] 0.048 0.152 0.313 1.000 

]100 − 110] 0.186 0.188 0.993 0.943 

]110 − 120] 2.199 1.466 1.500 0.699 

]70 − 80] 

]80 − 90] – 0.092 0.134 – 0.689 0.991 

]90 − 100] – 0.055 0.142 – 0.390 1.000 

]100 − 110] 0.084 0.179 0.467 0.999 

]110 − 120] 2.096 1.464 1.431 0.744 

]80 − 90] 

]90 − 100] 0.037 0.097 0.379 1.000 

]100 − 110] 0.176 0.147 1.196 0.871 

]110 − 120] 2.188 1.461 1.498 0.701 

]90 − 100] 
]100 − 110] 0.139 0.154 0.901 0.964 

]110 − 120] 2.151 1.462 1.472 0.718 

]100 − 110] ]110 − 120] 2.012 1.466 1.373 0.779 
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5.3.2.2.2.2. Euendolithic infestation, shell degradation and position 

Table S5.59. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Cirripedia per mussel valve and shell degradation index (from 1 to 6, as defined in 

Ma et al., 2023). Significant p-values are underlined. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 – 4.777 2.963 – 1.612 0.509 

3 – 5.477 2.946 – 1.859 0.347 

4 – 5.360 2.946 – 1.819 0.371 

5 – 5.271 2.946 – 1.789 0.390 

6 – 5.424 2.947 – 1.840 0.358 

2 

3 – 0.700 0.474 – 1.478 0.603 

4 – 0.583 0.477 – 1.222 0.773 

5 – 0.494 0.478 – 1.034 0.873 

6 – 0.647 0.483 – 1.340 0.697 

3 

4 0.117 0.066 1.768 0.404 

5 0.206 0.066 3.111 0.014 

6 0.053 0.098 0.536 0.992 

4 
5 0.089 0.059 1.510 0.580 

6 – 0.065 0.092 – 0.701 0.974 

5 6 – 0.015 0.086 – 1.793 0.388 
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Table S5.60. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Cirripedia (juvenile) per mussel valve and euendolithic infestation levels  

(from A to E, as defined in Kaehler, 1999) for each shell degradation index (from 1 to 6, as defined in  

Ma et al., 2023). Significant p-values are underlined. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2     

A B – 0.038 0.063 – 0.601 0.975 

Shell degradation 3     

A 

B 0.082 0.115 0.717 0.953 

C – 5.412 2.351 – 2.303 0.146 

D 0.113 0.129 0.871 0.907 

E 0.043 0.283 0.153 1.000 

B 

C – 5.494 2.348 – 2.340 0.135 

D 0.031 0.083 0.370 0.996 

E – 0.039 0.265 – 0.147 1.000 

C 
D 5.525 2.349 2.352 0.131 

E 5.456 2.363 2.309 0.144 

D E – 0.069 0.272 – 0.255 0.999 

Shell degradation 4     

A 

B 0.038 0.184 0.207 1.000 

C – 0.108 0.190 – 0.572 0.979 

D – 0.148 0.195 – 0.762 0.941 

E – 1.081 1.205 – 0.898 0.898 

B 

C – 0.147 0.069 – 2.140 0.206 

D – 0.186 0.082 – 2.276 0.155 

E – 1.119 1.192 – 0.939 0.881 

C 
D – 0.040 0.093 – 0.429 0.993 

E – 0.973 1.193 – 0.816 0.926 

D E – 0.933 1.193 – 0.782 0.936 

Shell degradation 5     

A Others NA NA NA NA 

B 

C – 0.171 0.046 – 3.700 0.002 

D – 0.132 0.034 – 3.907 0.001 

E – 1.419 0.907 – 1.564 0.522 

C 
D 0.039 0.043 0.906 0.895 

E – 1.248 0.908 – 1.375 0.644 

D E – 1.286 0.907 – 1.418 0.616 

Shell degradation 6     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D – 0.089 0.129 – 0.684 0.960 

E 0.109 0.084 1.297 0.693 

D E 0.197 0.103 1.920 0.308 
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Table S5.61. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Ochrophyta per mussel valve and position of the epibionts on the mussel shell 

(i.e., infested, non-infested) for each shell degradation index (from 1 to 6, as defined in Ma et al., 2023). 

Significant p-values are underlined. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2     

Infested Non-infested 0.418 0.407 1.027 0.306 

Shell degradation 3     

Infested Non-infested 0.120 0.061 1.957 0.052 

Shell degradation 4     

Infested Non-infested 0.378 0.181 2.092 0.038 

Shell degradation 5     

Infested Non-infested 0.045 0.026 1.760 0.080 

Shell degradation 6     

Infested Non-infested – 0.294 0.312 – 0.944 0.347 

 

Table S5.62. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Ralfsia verrucosa (Ochrophyta) per mussel valve and position of the epibionts on 

the mussel shell (i.e., infested, non-infested) for each euendolithic infestation levels (from A to E,  

as defined in Kaehler, 1999). Significant p-values are underlined. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Infestation level A NA NA NA NA 

Infestation level B     

Infested Non-infested 0.440 0.208 2.116 0.036 

Infestation level C     

Infested Non-infested 0.090 0.075 1.206 0.229 

Infestation level D     

Infested Non-infested 0.039 0.022 1.807 0.072 

Infestation level E     

Infested Non-infested – 0.051 0.058 – 0.880 0.380 
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Table S5.63. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Rhodophyta per mussel valve and shell degradation index (from 1 to 6, as defined 

in Ma et al., 2023). No significant p-values were detected. 

Shell degradation 

index (a) 

Shell degradation 

index (b) 
Estimate Std Error z-value P (> z) 

1 

2 – 3.632 3.815 – 0.952 0.902 

3 – 3.652 3.815 – 0.957 0.900 

4 – 3.631 3.815 – 0.952 0.9902 

5 – 3.585 3.815 – 0.940 0.907 

6 – 3.461 3.818 – 0.906 0.919 

2 

3 – 0.020 0.043 – 0.470 0.995 

4 0.001 0.047 0.027 1.000 

5 0.047 0.051 0.924 0.913 

6 0.172 0.161 1.065 0.852 

3 

4 0.022 0.020 1.073 0.847 

5 0.067 0.028 2.433 0.098 

6 0.192 0.156 1.234 0.756 

4 
5 0.046 0.025 1.794 0.376 

6 0.170 0.155 1.100 0.834 

5 6 0.125 0.155 0.804 0.950 

 

Table S5.64. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Rhodophyta per mussel valve and position of the epibionts on the mussel shell 

(i.e., infested, non-infested). Significant p-values are underlined. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error z-value P (> z) 

Non-infested Infested – 0.129 0.059 – 4.512 6.430 x 10-6 
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Table S5.65. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Hildenbrandia lecannellieri (Rhodophyta) per mussel valve and position of the 

epibionts on the mussel shell (i.e., infested, non-infested) for each shell degradation index (from 1 to 6,  

as defined in Ma et al., 2023). No significant p-values were detected. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2     

Infested Non-infested NA NA NA NA 

Shell degradation 3     

Infested Non-infested 0.192 0.101 1.908 0.060 

Shell degradation 4     

Infested Non-infested 0.042 0.033 1.266 0.209 

Shell degradation 5     

Infested Non-infested – 0.030 0.025 – 1.189 0.238 

Shell degradation 6 NA NA NA NA 

 

Table S5.66. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Corallinales (Rhodophyta) per mussel valve and euendolithic infestation levels 

(from A to E, as defined in Kaehler, 1999). No significant p-values were detected. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error t-value p-value 

A 

B 0.358 0.455 0.786 0.934 

C 0.844 0.545 1.548 0.533 

D 0.893 0.531 1.683 0.447 

E – 0.313 0.653 – 0.479 0.989 

B 

C 0.487 0.351 1.387 0.637 

D 0.536 0.326 1.644 0.472 

E – 0.671 0.508 – 1.320 0.679 

C 
D 0.049 0.225 0.217 1.000 

E – 1.158 0.486 – 2.382 0.125 

D E – 1.206 0.462 – 2.609 0.073 
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Table S5.67. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Corallinales (Rhodophyta) per mussel valve and position of the epibionts on the 

mussel shell (i.e., infested, non-infested) for each shell degradation index (from 1 to 6, as defined in  

Ma et al., 2023). Significant p-values are underlined. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Shell degradation 1     

Infested Non-infested NA NA NA NA 

Shell degradation 2     

Infested Non-infested 1.268 0.625 2.030 0.044 

Shell degradation 3     

Infested Non-infested – 0.710 0.420 – 1.688 0.093 

Shell degradation 4     

Infested Non-infested – 0.648 0.357 – 1.817 0.071 

Shell degradation 5     

Infested Non-infested 0.859 0.275 3.121 0.002 

Shell degradation 6     

Infested Non-infested NA NA NA NA 

 

Table S5.68. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Sedentaria per mussel valve and position of the epibionts on the mussel shell 

(i.e., infested, non-infested) for each shell degradation index (from 1 to 6, as defined in Ma et al., 2023).  

No significant p-values were detected. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Shell degradation 1     

Infested Non-infested NA NA NA NA 

Shell degradation 2     

Infested Non-infested 2.068 1.759 1.176 0.240 

Shell degradation 3     

Infested Non-infested 0.505 0.291 1.737 0.083 

Shell degradation 4     

Infested Non-infested – 0.522 0.414 – 1.262 0.208 

Shell degradation 5     

Infested Non-infested 0.022 0.213 0.103 0.918 

Shell degradation 6     

Infested Non-infested NA NA NA NA 

 

Table S5.69. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Spirobranchus kraussii (Sedentaria) per mussel valve and position of the epibionts 

on the mussel shell (i.e., infested, non-infested). Significant p-values are underlined. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error z-value P (> z) 

Non-infested Infested – 1.509 0.300 – 5.028 4.970 x 10-7 
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5.3.2.2.3. Biomass of epibiotic communities 

Table S5.70. Results of the SIMPER analysis on epibiotic biomass showing the most influential higher 

taxonomical groups discriminating among shell length sizes (from ]30 − 40]  to ]110 − 120]  in mm).  

Cut-off for low contribution: 70%. Significant p-values are underlined.   

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟒𝟎 − 𝟓𝟎[     

Ochrophyta 0.544 0.648 29.9 0.128 

Bivalvia 0.332 0.161 45.7 0.045 

Bryozoa 0.175 0.267 59.5 0.438 

Cirripedia 0.000 0.297 70.9 0.929 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ochrophyta 0.544 1.091 35.6 0.013 

Bivalvia 0.332 0.098 48.9 0.052 

Bryozoa 0.175 0.277 62.0 0.529 

Rhodophyta 0.000 0.259 69.9 0.970 

Amphipoda 0.164 0.057 77.8 0.015 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ochrophyta 0.544 0.815 29.0 0.110 

Bivalvia 0.332 0.286 44.4 0.018 

Bryozoa 0.175 0.336 57.9 0.431 

Cirripedia 0.000 0.407 68.3 0.995 

Amphipoda 0.164 0.061 75.4 0.013 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ochrophyta 0.544 0.660 24.8 0.271 

Bryozoa 0.175 0.433 40.9 0.200 

Rhodophyta 0.000 0.682 55.1 0.678 

Bivalvia 0.332 0.124 66.9 0.061 

Cirripedia 0.000 0.353 76.4 0.995 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ochrophyta 0.544 0.485 21.4 0.461 

Rhodophyta 0.000 0.767 36.3 0.592 

Bryozoa 0.175 0.358 50.1 0.354 

Cirripedia 0.000 0.460 62.3 0.944 

Bivalvia 0.332 0.090 73.7 0.073 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ochrophyta 0.544 0.582 22.8 0.338 

Cirripedia 0.000 0.846 44.2 0.163 

Rhodophyta 0.000 0.578 57.0 0.756 

Bivalvia 0.332 0.115 68.0 0.090 

Bryozoa 0.175 0.142 75.9 0.855 
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Table S5.70 (continued). 

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.000 1.236 30.7 0.002 

Ochrophyta 0.544 0.271 47.8 0.778 

Bivalvia 0.332 0.210 60.6 0.028 

Sedentaria 0.000 0.268 68.9 0.416 

Bryozoa 0.175 0.134 76.6 0.865 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.000 1.281 33.9 0.006 

Sedentaria 0.000 0.683 52.1 0.051 

Ochrophyta 0.544 0.000 66.2 0.764 

Bryozoa 0.175 0.472 77.6 0.532 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ochrophyta 0.648 1.091 36.3 0.002 

Bryozoa 0.267 0.277 50.8 0.420 

Cirripedia 0.297 0.236 64.9 0.961 

Rhodophyta 0.142 0.259 75.5 0.975 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ochrophyta 0.648 0.815 29.9 0.053 

Cirripedia 0.297 0.407 46.4 0.841 

Bryozoa 0.267 0.336 61.1 0.333 

Bivalvia 0.161 0.286 71.2 0.091 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ochrophyta 0.648 0.660 26.4 0.172 

Bryozoa 0.267 0.433 43.7 0.110 

Rhodophyta 0.142 0.682 59.9 0.626 

Cirripedia 0.297 0.353 75.1 0.889 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ochrophyta 0.648 0.485 23.3 0.403 

Cirripedia 0.297 0.460 40.6 0.699 

Rhodophyta 0.142 0.767 57.5 0.502 

Bryozoa 0.267 0.358 72.8 0.220 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ochrophyta 0.648 0.582 25.2 0.257 

Cirripedia 0.297 0.846 49.3 0.062 

Rhodophyta 0.142 0.578 64.5 0.718 

Bryozoa 0.267 0.142 74.5 0.824 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.297 1.236 31.6 0.001 

Ochrophyta 0.648 0.271 51.5 0.708 

Bryozoa 0.267 0.134 61.3 0.824 

Rhodophyta 0.142 0.366 70.1 0.978 
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Table S5.70 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.297 1.281 33.9 0.014 

Sedentaria 0.000 0.683 52.9 0.042 

Ochrophyta 0.648 0.000 70.3 0.713 

Bryozoa 0.267 0.472 84.0 0.449 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ochrophyta 1.091 0.815 34.0 0.001 

Bryozoa 0.277 0.336 48.3 0.448 

Cirripedia 0.236 0.407 61.6 1.000 

Rhodophyta 0.259 0.355 73.5 0.998 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ochrophyta 1.091 0.660 31.9 0.001 

Rhodophyta 0.259 0.682 50.0 0.577 

Bryozoa 0.277 0.433 66.7 0.055 

Cirripedia 0.236 0.353 79.0 1.000 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ochrophyta 1.091 0.485 29.9 0.001 

Rhodophyta 0.259 0.767 48.6 0.401 

Bryozoa 0.277 0.360 63.0 0.200 

Cirripedia 0.236 0.460 77.4 1.000 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ochrophyta 1.091 0.582 30.9 0.001 

Cirripedia 0.236 0.846 53.0 0.066 

Rhodophyta 0.259 0.578 69.6 0.752 

Bryozoa 0.277 0.142 79.1 0.988 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.236 1.236 29.1 0.001 

Ochrophyta 1.091 0.271 56.2 0.012 

Rhodophyta 0.259 0.366 67.2 0.989 

Sedentaria 0.141 0.268 77.3 0.158 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.236 1.281 31.7 0.024 

Ochrophyta 1.091 0.000 58.1 0.237 

Sedentaria 0.141 0.683 76.0 0.055 

Bryozoa 0.277 0.472 88.6 0.471 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ochrophyta 0.815 0.660 26.4 0.031 

Rhodophyta 0.355 0.682 43.1 0.776 

Bryozoa 0.336 0.433 59.3 0.020 

Cirripedia 0.407 0.353 73.7 1.000 
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Table S5.70 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ochrophyta 0.815 0.485 24.0 0.134 

Rhodophyta 0.355 0.767 41.3 0.604 

Cirripedia 0.407 0.460 57.5 0.998 

Bryozoa 0.336 0.358 72.0 0.090 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ochrophyta 0.815 0.582 25.4 0.071 

Cirripedia 0.407 0.846 47.6 0.013 

Rhodophyta 0.355 0.578 63.2 0.902 

Bryozoa 0.336 0.142 73.6 0.982 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.407 1.236 28.6 0.001 

Ochrophyta 0.815 0.271 50.0 0.765 

Rhodophyta 0.355 0.366 60.2 1.000 

Bryozoa 0.337 0.134 70.4 0.954 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.407 1.281 30.9 0.038 

Ochrophyta 0.815 0.000 50.5 0.634 

Sedentaria 0.165 0.683 68.1 0.049 

Bryozoa 0.336 0.472 81.7 0.437 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Rhodophyta 0.682 0.767 22.7 0.003 

Ochrophyta 0.660 0.485 43.9 0.929 

Bryozoa 0.433 0.358 60.7 0.003 

Cirripedia 0.353 0.460 76.3 1.000 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ochrophyta 0.660 0.582 22.6 0.692 

Cirripedia 0.353 0.846 44.0 0.113 

Rhodophyta 0.682 0.578 64.6 0.109 

Bryozoa 0.433 0.142 78.1 0.513 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.353 1.236 27.7 0.001 

Ochrophyta 0.660 0.271 45.3 0.993 

Rhodophyta 0.682 0.366 61.9 0.696 

Bryozoa 0.433 0.134 75.0 0.552 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.353 1.281 30.1 0.042 

Sedentaria 0.179 0.683 47.8 0.053 

Bryozoa 0.433 0.472 64.1 0.324 

Ochrophyta 0.660 0.000 79.6 0.830 
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Table S5.70 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Cirripedia 0.460 0.846 22.8 0.001 

Rhodophyta 0.767 0.578 44.6 0.009 

Ochrophyta 0.485 0.582 64.4 0.998 

Bryozoa 0.358 0.142 76.1 0.943 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.460 0.236 29.1 0.001 

Rhodophyta 0.366 0.767 46.8 0.576 

Ochrophyta 0.271 0.485 61.1 1.000 

Bryozoa 0.134 0.358 72.5 0.899 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.460 1.281 31.8 0.045 

Sedentaria 0.205 0.683 50.6 0.051 

Bryozoa 0.358 0.472 65.8 0.409 

Rhodophyta 0.767 0.000 80.2 0.564 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Cirripedia 0.846 1.236 31.6 0.001 

Ochrophyta 0.582 0.271 49.1 1.000 

Rhodophyta 0.578 0.366 66.1 0.803 

Sedentaria 0.230 0.268 78.0 0.068 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 0.846 1.281 32.8 0.077 

Sedentaria 0.230 0.683 53.1 0.064 

Ochrophyta 0.582 0.000 679 0.907 

Rhodophyta 0.578 0.000 81.2 0.685 

[𝟏𝟎𝟎 − 𝟏𝟏𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Cirripedia 1.236 1.281 38.8 0.061 

Sedentaria 0.268 0.683 61.7 0.045 

Bryozoa 0.134 0.472 74.6 0.607 
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Table S5.71. Results of the SIMPER analysis on epibiotic biomass showing the most influential higher 

taxonomical groups discriminating among euendolithic infestation levels (from A to E, as defined by 

Kaehler, 1999). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

A vs B     

Ochrophyta 0.876 0.883 32.0 0.001 

Rhodophyta 0.494 0.581 50.0 0.535 

Bryozoa 0.251 0.173 60.5 0.919 

Cirripedia 0.078 0.326 70.1 1.000 

A vs C     

Ochrophyta 0.876 0.550 26.5 0.050 

Rhodophyta 0.494 0.570 43.0 0.684 

Bryozoa 0.251 0.447 58.5 0.111 

Cirripedia 0.078 0.519 71.8 1.000 

A vs D     

Ochrophyta 0.876 0.514 25.9 0.060 

Cirripedia 0.078 0.665 42.5 0.909 

Rhodophyta 0.494 0.550 58.7 0.688 

Bryozoa 0.251 0.278 70.8 0.661 

A vs E     

Ochrophyta 0.876 1.278 38.2 0.001 

Rhodophyta 0.494 0.331 53.6 0.786 

Cirripedia 0.078 0.380 64.5 0.994 

Bryozoa 0.251 0.073 73.2 0.928 

B vs C     

Ochrophyta 0.884 0.550 26.7 0.001 

Rhodophyta 0.581 0.570 45.5 0.297 

Cirripedia 0.326 0.519 61.7 0.999 

Bryozoa 0.173 0.447 75.7 0.278 

B vs D     

Ochrophyta 0.884 0.514 26.2 0.005 

Cirripedia 0.326 0.665 45.3 0.657 

Rhodophyta 0.581 0.550 64.1 0.272 

Bryozoa 0.173 0.278 74.4 0.999 

B vs E     

Ochrophyta 0.884 1.278 38.1 0.001 

Rhodophyta 0.581 0.331 56.5 0.600 

Cirripedia 0.326 0.380 71.4 0.983 

C vs D     

Cirripedia 0.519 0.665 21.0 0.013 

Ochrophyta 0.550 0.514 40.9 1.000 

Rhodophyta 0.570 0.550 59.2 0.503 

Bryozoa 0.447 0.278 74.8 0.001 
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Table S5.71 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

C vs E     

Ochrophyta 0.550 1.278 33.6 0.006 

Cirripedia 0.519 0.380 50.5 0.841 

Rhodophyta 0.570 0.331 66.7 0.709 

Bryozoa 0.447 0.073 79.5 0.603 

D vs E     

Ochrophyta 0.514 1.278 33.5 0.003 

Cirripedia 0.665 0.380 53.4 0.466 

Rhodophyta 0.550 0.331 69.6 0.698 

Bryozoa 0.278 0.073 78.2 0.975 
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Table S5.72. Results of the SIMPER analysis on epibiotic biomass showing the most influential higher 

taxonomical groups discriminating among shell degradation indexes (from 1 to 6, as defined by  

Ma et al., 2023). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

1 vs 2     

Ochrophyta 0.559 1.534 42.7 0.003 

Bivalvia 0.600 0.000 59.7 0.037 

Bryozoa 0.225 0.179 71.3 0.657 

1 vs 3     

Ochrophyta 0.559 0.793 26.7 0.192 

Rhodophyta 0.000 1.003 46.4 0.334 

Bivalvia 0.600 0.097 62.9 0.021 

Bryozoa 0.225 0.125 72.4 0.748 

1 vs 4     

Ochrophyta 0.559 0.507 21.4 0.501 

Bivalvia 0.600 0.144 38.2 0.017 

Rhodophyta 0.000 0.807 54.6 0.463 

Cirripedia 0.000 0.524 67.4 0.910 

Bryozoa 0.225 0.524 79.9 0.484 

1 vs 6     

Bivalvia 0.600 0.446 20.3 0.005 

Ochrophyta 0.559 0.370 40.2 0.590 

Cirripedia 0.000 0.765 55.6 0.698 

Sedentaria 0.000 0.291 64.8 0.379 

Errantia 0.188 0.046 72.1 0.033 

2 vs 3     

Ochrophyta 0.793 1.534 39.1 0.001 

Rhodophyta 1.003 0.452 63.5 0.052 

Cirripedia 0.341 0.055 72.5 1.000 

2 vs 4     

Ochrophyta 1.534 0.507 37.0 0.001 

Rhodophyta 0.452 0.807 56.8 0.228 

Cirripedia 0.055 0.524 69.5 1.000 

Bryozoa 0.179 0.316 80.3 0.914 

2 vs 5     

Ochrophyta 1.534 0.538 38.3 0.001 

Cirripedia 0.055 0.653 54.5 0.974 

Bryozoa 0.179 0.383 67.8 0.503 

Rhodophyta 0.452 0.316 79.0 0.999 

2 vs 6     

Ochrophyta 1.534 0.370 35.9 0.001 

Cirripedia 0.765 0.055 50.8 0.905 

Rhodophyta 0.282 0.452 62.1 0.933 

Sedentaria 0.291 0.145 72.0 0.271 
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Table S5.72 (continued). 

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

3 vs 4     

Rhodophyta 1.003 0.807 27.6 0.001 

Ochrophyta 0.793 0.507 51.7 0.301 

Cirripedia 0.341 0.524 67.7 0.999 

Bryozoa 0.125 0.316 77.6 0.999 

3 vs 5     

Ochrophyta 0.793 0.538 25.6 0.070 

Rhodophyta 1.003 0.316 46.3 0.002 

Cirripedia 0.341 0.653 64.8 0.753 

Bryozoa 0.125 0.383 76.9 0.865 

3 vs 6     

Ochrophyta 0.793 0.370 22.3 0.516 

Rhodophyta 1.003 0.282 43.6 0.144 

Cirripedia 0.341 0.765 61.6 0.649 

Sedentaria 0.182 0.291 72.5 0.163 

4 vs 5     

Cirripedia 0.524 0.653 20.9 0.014 

Ochrophyta 0.507 0.538 40.4 1.000 

Rhodophyta 0.807 0.316 59.8 0.066 

Bryozoa 0.316 0.383 74.6 0.010 

4 vs 6     

Cirripedia 0.765 0.524 20.6 0.281 

Rhodophyta 0.282 0.807 39.5 0.347 

Ochrophyta 0.370 0.507 56.1 0.981 

Sedentaria 0.291 0.183 66.8 0.136 

Bivalvia 0.446 0.144 77.4 0.024 

5 vs 6     

Cirripedia 0.765 0.653 23.1 0.046 

Ochrophyta 0.370 0.538 40.7 0.960 

Sedentaria 0.291 0.206 52.5 0.072 

Rhodophyta 0.282 0.316 63.5 0.987 

Bivalvia 0.446 0.150 74.4 0.027 
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Table S5.73. Results of the SIMPER analysis on epibiotic biomass showing the most influential higher 

taxonomical groups discriminating among position of the epibionts on the mussel shell (i.e., infested,  

non-infested, secondary epibiosis). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

Infested vs Non-infested     

Ochrophyta 0.220 1.080 26.0 0.001 

Cirripedia 0.527 0.540 44.6 0.637 

Rhodophyta 0.187 0.833 61.9 0.465 

Bryozoa 0.560 0.074 76.0 0.001 

Infested vs II epibiosis     

Cirripedia 0.527 0.548 19.7 0.196 

Rhodophyta 0.187 0.895 37.3 0.420 

Bryozoa 0.560 0.234 54.6 0.002 

Sedentaria 0.354 0.000 63.8 0.264 

Bivalvia 0.236 0.194 72.1 0.035 

Non-infested vs II epibiosis     

Ochrophyta 1.080 0.089 25.2 0.065 

Rhodophyta 0.833 0.895 50.1 0.001 

Cirripedia 0.540 0.548 69.0 0.541 

Bryozoa 0.074 0.234 76.7 1.000 
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Table S5.74. Results of the SIMPER analysis on epibiotic biomass showing the most influential taxa 

discriminating among shell length sizes (from ]30 − 40]  to ]110 − 120]  in mm). Cut-off for low 

contribution: 70%. Significant p-values are underlined.   

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟒𝟎 − 𝟓𝟎[     

Ralfsia verrucosa 0.544 0.548 0.291 0.117 

Perna perna 0.332 0.161 44.467 0.028 

Tetraclita serrata 0.000 0.297 55.532 0.911 

Electra verticillata 0.175 0.171 65.458 0.268 

Paramoera capensis 0.062 0.168 73.624 0.003 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ralfsia verrucosa 0.544 1.091 35.130 0.015 

Perna perna 0.332 0.098 48.281 0.061 

Electra verticillata 0.175 0.221 59.753 0.165 

Hildenbrandia lecannellieri 0.000 0.259 67.572 0.832 

Tetraclita serrata 0.000 0.235 73.189 1.000 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ralfsia verrucosa 0.544 0.815 28.367 0.123 

Perna perna 0.332 0.286 43.507 0.009 

Tetraclita serrata 0.000 0.380 53.096 0.996 

Electra verticillata 0.175 0.117 60.739 0.415 

Bryozoa 0.000 0.219 67.543 0.450 

Errantia 0.146 0.054 73.437 0.002 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 0.544 0.685 24.634 0.261 

Electra verticillata 0.175 0.274 36.953 0.091 

Perna perna 0.332 0.124 48.651 0.070 

Hildenbrandia lecannellieri 0.000 0.357 58.399 0.704 

Tetraclita serrata 0.000 0.339 67.514 0.997 

Actiniaria 0.119 0.033 72.487 0.028 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.544 0.484 21.143 0.475 

Tetraclita serrata 0.000 0.445 32.859 0.937 

Perna perna 0.332 0.090 44.108 0.066 

Hildenbrandia lecannellieri 0.000 0.478 55.311 0.570 

Electra verticillata 0.175 0.192 65.378 0.165 

Errantia 0.146 0.008 70.031 0.015 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 0.544 0.582 22.588 0.324 

Tetraclita serrata 0.000 0.832 43.503 0.183 

Perna perna 0.332 0.115 54.428 0.067 

Hildenbrandia lecannellieri 0.000 0.398 64.192 0.665 

Electra verticillata 0.175 0.000 69.062 0.618 

Errantia 0.146 0.000 73.464 0.034 
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Table S5.74 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.000 1.231 29.679 0.001 

Ralfsia verrucosa 0.544 0.271 46.376 0.764 

Perna perna 0.332 0.210 58.905 0.039 

Spirobranchus kraussii 0.000 0.244 66.596 0.181 

Electra verticillata 0.175 0.000 71.379 0.640 

[𝟑𝟎 − 𝟒𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Chthamalus dentatus 0.000 0.706 19.163 0.001 

Spirobranchus kraussii 0.000 0.683 37.120 0.020 

Tetraclita serrata 0.000 0.901 0.536 0.501 

Ralfsia verrucosa 0.544 0.000 66.730 0.808 

Perna perna 0.332 0.000 75.414 0.251 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟓𝟎 − 𝟔𝟎[     

Ralfsia verrucosa 0.648 1.091 35.835 0.006 

Tetraclita serrata 0.297 0.235 49.738 0.936 

Hildenbrandia lecannellieri 0.142 0.259 30.201 0.756 

Electra verticillata 0.141 0.221 70.087 0.214 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ralfsia verrucosa 0.648 0.815 29.285 0.053 

Tetraclita serrata 0.297 0.380 45.002 0.810 

Perna perna 0.161 0.286 54.886 0.109 

Bryozoa 0.126 0.219 64.178 0.217 

Hildenbrandia lecannellieri 0.142 0.167 70.811 0.959 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 0.648 0.685 25.988 0.143 

Tetraclita serrata 0.297 0.339 40.665 0.890 

Hildenbrandia lecannellieri 0.142 0.357 52.494 0.604 

Electra verticillata 0.141 0.274 63.753 0.086 

Bryozoa 0.126 0.159 71.048 0.408 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.648 0.484 22.896 0.368 

Tetraclita serrata 0.297 0.445 39.634 0.674 

Hildenbrandia lecannellieri 0.142 0.478 52.941 0.407 

Electra verticillata 0.141 0.192 61.979 0.219 

Bryozoa 0.126 0.166 69.208 0.388 

Perna perna 0.161 0.090 75.048 0.413 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 0.648 0.582 25.005 0.250 

Tetraclita serrata 0.297 0.831 48.676 0.064 

Hildenbrandia lecannellieri 0.142 0.398 60.895 0.550 

Bryozoa 0.126 0.142 67.561 0.501 

Perna perna 0.161 0.115 73.368 0.448 
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Table S5.74 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.297 1.231 30.586 0.001 

Ralfsia verrucosa 0.648 0.271 50.123 0.734 

Perna perna 0.161 0.210 58.270 0.223 

Spirobranchus kraussii 0.000 0.244 66.037 0.224 

Bryozoa 0.126 0.134 72.451 0.525 

[𝟒𝟎 − 𝟓𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 0.297 0.901 19.946 0.330 

Chthamalus dentatus 0.000 0.706 0.390 0.001 

Spirobranchus kraussii 0.000 0.683 56.813 0.031 

Ralfsia verrucosa 0.648 0.000 72.267 0.749 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟔𝟎 − 𝟕𝟎[     

Ralfsia verrucosa 1.091 0.815 33.156 0.001 

Tetraclita serrata 0.235 0.380 45.620 0.999 

Hildenbrandia lecannellieri 0.259 0.167 55.157 0.961 

Perna perna 0.098 0.286 63.359 0.089 

Electra verticillata 0.221 0.117 71.202 0.442 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 1.091 0.685 31.244 0.001 

Hildenbrandia lecannellieri 0.259 0.357 45.143 0.434 

Electra verticillata 0.221 0.274 57.301 0.003 

Tetraclita serrata 0.235 0.339 69.084 1.000 

Bryozoa 0.055 0.159 74.509 0.887 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 1.091 0.484 29.254 0.001 

Hildenbrandia lecannellieri 0.259 0.478 44.393 0.112 

Tetraclita serrata 0.235 0.445 58.205 1.000 

Electra verticillata 0.221 0.192 68.217 0.022 

Spirobranchus kraussii 0.141 0.130 75.170 0.178 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 1.091 0.582 30.416 0.001 

Tetraclita serrata 0.235 0.831 51.899 0.052 

Hildenbrandia lecannellieri 0.259 0.398 65.819 0.352 

Spirobranchus kraussii 0.141 0.158 73.006 0.190 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.235 1.231 28.099 0.001 

Ralfsia verrucosa 1.091 0.271 54.515 0.018 

Spirobranchus kraussii 0.141 0.244 64.014 0.009 

Hildenbrandia lecannellieri 0.259 0.142 72.087 0.970 
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Table S5.74 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟓𝟎 − 𝟔𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Ralfsia verrucosa 1.091 0.000 24.150 0.297 

Chthamalus dentatus 0.000 0.706 41.826 0.001 

Tetraclita serrata 0.235 0.901 59.242 0.442 

Spirobranchus kraussii 0.141 0.683 76.269 0.024 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟕𝟎 − 𝟖𝟎[     

Ralfsia verrucosa 0.815 0.685 25.566 0.012 

Tetraclita serrata 0.380 0.339 38.968 1.000 

Hildenbrandia lecannellieri 0.167 0.357 49.743 0.914 

Electra verticillata 0.117 0.274 58.916 0.040 

Bryozoa 0.219 0.159 67.416 0.089 

Perna perna 0.286 0.124 75.135 0.053 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.815 0.484 23.200 0.153 

Tetraclita serrata 0.380 0.445 38.341 0.997 

Hildenbrandia lecannellieri 0.167 0.478 50.461 0.687 

Bryozoa 0.219 0.166 58.900 0.036 

Perna perna 0.286 0.090 66.200 0.041 

Electra verticillata 0.117 0.192 73.367 0.461 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 0.815 0.582 24.837 0.067 

Tetraclita serrata 0.380 0.831 46.245 0.014 

Hildenbrandia lecannellieri 0.167 0.398 57.374 0.872 

Bryozoa 0.219 0.142 65.433 0.178 

Perna perna 0.286 0.115 72.760 0.087 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.380 1.231 27.399 0.001 

Ralfsia verrucosa 0.815 0.271 48.051 0.761 

Perna perna 0.286 0.210 57.237 0.012 

Bryozoa 0.219 0.134 65.036 0.255 

Spirobranchus kraussii 0.063 0.244 72.663 0.083 

[𝟔𝟎 − 𝟕𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 0.380 0.901 18.314 0.400 

Ralfsia verrucosa 0.815 0.000 35.760 0.675 

Chthamalus dentatus 0.012 0.706 52.522 0.001 

Spirobranchus kraussii 0.063 0.683 68.362 0.028 

Bryozoa 0.219 0.472 79.218 0.197 
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Table S5.74 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟖𝟎 − 𝟗𝟎[     

Ralfsia verrucosa 0.685 0.484 20.435 0.940 

Hildenbrandia lecannellieri 0.357 0.478 36.307 0.013 

Tetraclita serrata 0.339 0.445 50.957 1.000 

Electra verticillata 0.274 0.192 62.034 0.001 

Bryozoa 0.159 0.166 69.048 0.434 

Gelidium pristoides 0.325 0.275 75.628 0.056 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Ralfsia verrucosa 0.685 0.582 22.069 0.640 

Tetraclita serrata 0.339 0.831 24.484 0.099 

Hildenbrandia lecannellieri 0.357 0.398 57.186 0.159 

Electra verticillata 0.274 0.000 64.599 0.465 

Bryozoa 0.159 0.142 71.112 0.652 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.339 1.231 26.285 0.001 

Ralfsia verrucosa 0.685 0.271 43.389 0.989 

Hildenbrandia lecannellieri 0.357 0.142 53.372 0.902 

Spirobranchus kraussii 0.066 0.244 60.932 0.107 

Electra verticillata 0.274 0.000 68.194 0.436 

Gelidium pristoides 0.325 0.224 74.716 0.159 

[𝟕𝟎 − 𝟖𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 0.339 0.901 17.697 0.469 

Chthamalus dentatus 0.000 0.706 34.274 0.001 

Spirobranchus kraussii 0.066 0.683 49.863 0.028 

Ralfsia verrucosa 0.685 0.000 63.411 0.857 

Bryozoa 0.159 0.472 73.089 0.241 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟗𝟎 − 𝟏𝟎𝟎[     

Tetraclita serrata 0.445 0.831 21.905 0.003 

Ralfsia verrucosa 0.484 0.582 41.175 0.991 

Hildenbrandia lecannellieri 0.478 0.398 57.469 0.014 

Bryozoa 0.166 0.142 64.048 0.681 

Spirobranchus kraussii 0.130 0.158 70.623 0.209 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.445 1.231 27.661 0.001 

Ralfsia verrucosa 0.484 0.271 41.357 1.000 

Hildenbrandia lecannellieri 0.478 0.142 53.079 0.743 

Spirobranchus kraussii 0.130 0.244 62.144 0.008 

Bryozoa 0.166 0.134 68.535 0.674 

Perna perna 0.090 0.210 74.605 0.428 
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Table S5.74 (continued).  

Species Average a Average b 
Cumulative 

contribution (%) 
p-value 

[𝟖𝟎 − 𝟗𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 0.445 0.901 19.541 0.333 

Chthamalus dentatus 0.007 0.706 36.741 0.001 

Spirobranchus kraussii 0.130 0.683 53.271 0.035 

Bryozoa 0.166 0.472 63.259 0.237 

Ralfsia verrucosa 0.484 0.000 72.966 0.994 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟎𝟎 − 𝟏𝟏𝟎[     

Tetraclita serrata 0.831 1.231 30.298 0.001 

Ralfsia verrucosa 0.582 0.271 47.240 1.000 

Hildenbrandia lecannellieri 0.398 0.142 58.558 0.886 

Spirobranchus kraussii 0.158 0.244 68.417 0.008 

Perna perna 0.115 0.210 74.866 0.446 

[𝟗𝟎 − 𝟏𝟎𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 0.831 0.901 23.656 0.185 

Chthamalus dentatus 0.000 0.706 41.357 0.001 

Spirobranchus kraussii 0.158 0.683 58.342 0.025 

Ralfsia verrucosa 0.582 0.000 70.739 0.946 

[𝟏𝟎𝟎 − 𝟏𝟏𝟎[ vs [𝟏𝟏𝟎 − 𝟏𝟐𝟎[     

Tetraclita serrata 1.231 0.901 29.657 0.083 

Chthamalus dentatus 0.000 0.706 48.769 0.001 

Spirobranchus kraussii 0.244 0.683 67.206 0.025 

Bryozoa 0.134 0.472 77.772 0.247 
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Table S5.75. Results of the SIMPER analysis on epibiotic biomass showing the most influential taxa 

discriminating among euendolithic infestation levels (from A to E, as defined by Kaehler, 1999).  

Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

A vs B     

Ralfsia verrucosa 0.876 0.884 31.3 0.002 

Hildenbrandia lecannellieri 0.177 0.467 44.6 0.479 

Tetraclita serrata 0.078 0.326 53.9 1.000 

Perna perna 0.225 0.112 62.1 0.135 

Bryozoa 0.186 0.034 67.6 0.793 

Electra verticillata 0.065 0.139 73.0 0.533 

A vs C     

Ralfsia verrucosa 0.876 0.550 25.7 0.056 

Tetraclita serrata 0.078 0.499 38.3 0.998 

Hildenbrandia lecannellieri 0.177 0.368 49.4 0.747 

Bryozoa 0.186 0.252 58.9 0.052 

Perna perna 0.225 0.137 66.9 0.074 

Electra verticillata 0.065 0.195 73.8 0.510 

A vs D     

Ralfsia verrucosa 0.876 0.522 25.2 0.055 

Tetraclita serrata 0.078 0.643 40.8 0.913 

Hildenbrandia lecannellieri 0.177 0.297 51.0 0.879 

Perna perna 0.225 0.154 59.4 0.069 

Bryozoa 0.186 0.140 66.6 0.386 

Gelidium pristoides 0.317 0.248 72.6 0.240 

A vs E     

Ralfsia verrucosa 0.876 1.278 37.7 0.002 

Tetraclita serrata 0.078 0.380 48.5 0.994 

Hildenbrandia lecannellieri 0.177 0.193 57.4 0.886 

Perna perna 0.225 0.123 65.7 0.266 

Gelidium pristoides 0.317 0.138 72.6 0.299 

B vs C     

Ralfsia verrucosa 0.884 0.550 26.1 0.010 

Tetraclita serrata 0.326 0.499 41.6 0.995 

Hildenbrandia lecannellieri 0.467 0.368 56.8 0.063 

Electra verticillata 0.139 0.195 64.6 0.289 

Spirobranchus kraussii 0.155 0.155 71.8 0.052 

B vs D     

Ralfsia verrucosa 0.884 0.522 25.7 0.004 

Tetraclita serrata 0.326 0.643 43.8 0.663 

Hildenbrandia lecannellieri 0.467 0.297 58.4 0.110 

Electra verticillata 0.139 0.138 64.9 0.770 

Spirobranchus kraussii 0.155 0.115 71.3 0.265 
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Table S5.75 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

B vs E     

Ralfsia verrucosa 0.884 1.278 37.4 0.004 

Tetraclita serrata 0.326 0.380 52.1 0.969 

Hildenbrandia lecannellieri 0.467 0.193 66.2 0.496 

Gelidium pristoides 0.088 0.138 70.9 0.543 

C vs D     

Tetraclita serrata 0.499 0.643 19.7 0.017 

Ralfsia verrucosa 0.550 0.522 38.9 1.000 

Hildenbrandia lecannellieri 0.368 0.297 51.8 0.497 

Bryozoa 0.252 0.140 60.4 0.002 

Electra verticillata 0.195 0.138 68.5 0.035 

Spirobranchus kraussii 0.155 0.115 74.9 0.155 

C vs E     

Ralfsia verrucosa 0.550 1.278 33.0 0.005 

Tetraclita serrata 0.499 0.380 49.4 0.821 

Hildenbrandia lecannellieri 0.368 0.193 60.7 0.713 

Bryozoa 0.252 0.073 67.9 0.440 

Electra verticillata 0.195 0.000 73.4 0.747 

D vs E     

Ralfsia verrucosa 0.522 1.278 32.9 0.002 

Tetraclita serrata 0.643 0.380 51.9 0.465 

Hildenbrandia lecannellieri 0.297 0.193 62.4 0.809 

Gelidium pristoides 0.248 0.138 68.4 0.317 

Perna perna 0.154 0.123 73.4 0.609 
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Table S5.76. Results of the SIMPER analysis on epibiotic biomass showing the most influential taxa 

discriminating among shell degradation indexes (from 1 to 6, as defined by Ma et al., 2023).  

Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

1 vs 2     

Ralfsia verrucosa 0.559 1.534 41.9 0.003 

Perna perna 0.600 0.000 58.5 0.026 

Electra verticillata 0.225 0.020 66.4 0.415 

Errantia 0.188 0.073 73.9 0.004 

1 vs 3     

Ralfsia verrucosa 0.559 0.793 26.5 0.202 

Perna perna 0.600 0.097 43.0 0.017 

Hildenbrandia lecannellieri 0.000 0.676 58.3 0.281 

Electra verticillata 0.225 0.071 66.6 0.363 

Tetraclita serrata 0.000 0.339 74.4 0.996 

1 vs 4     

Ralfsia verrucosa 0.559 0.521 21.0 0.508 

Perna perna 0.600 0.144 37.5 0.013 

Hildenbrandia lecannellieri 0.000 0.565 50.6 0.377 

Tetraclita serrata 0.000 0.516 63.0 0.873 

Electra verticillata 0.225 0.164 72.4 0.239 

1 vs 5     

Ralfsia verrucosa 0.559 0.538 22.2 0.427 

Perna perna 0.600 0.150 39.3 0.021 

Tetraclita serrata 0.000 0.624 54.8 0.665 

Electra verticillata 0.225 0.182 65.7 0.125 

Errantia 0.188 0.004 71.8 0.003 

1 vs 6     

Perna perna 0.600 0.446 20.2 0.003 

Ralfsia verrucosa 0.559 0.370 40.0 0.580 

Tetraclita serrata 0.000 0.765 55.2 0.663 

Gelidium pristoides 0.000 0.282 62.1 0.289 

Electra verticillata 0.225 0.000 68.6 0.488 

Errantia 0.188 0.000 74.6 0.016 

2 vs 3     

Ralfsia verrucosa 1.534 0.793 38.1 0.001 

Hildenbrandia lecannellieri 0.118 0.676 55.0 0.182 

Tetraclita serrata 0.055 0.339 63.8 1.000 

Gelidium pristoides 0.273 0.327 71.0 0.194 
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Table S5.76 (continued). 

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

2 vs 4     

Ralfsia verrucosa 1.534 0.521 36.1 0.001 

Hildenbrandia lecannellieri 0.118 0.565 49.9 0.339 

Tetraclita serrata 0.055 0.516 62.1 1.000 

Bryozoa 0.160 0.152 69.1 0.513 

Gelidium pristoides 0.273 0.245 74.6 0.358 

2 vs 5     

Ralfsia verrucosa 1.534 0.538 37.4 0.001 

Tetraclita serrata 0.055 0.624 52.5 0.980 

Bryozoa 0.160 0.201 60.7 0.212 

Electra verticillata 0.020 0.182 66.5 0.829 

Hildenbrandia lecannellieri 0.118 0.157 72.2 1.000 

2 vs 6     

Ralfsia verrucosa 1.534 0.370 35.5 0.001 

Tetraclita serrata 0.055 0.765 50.1 0.874 

Gelidium pristoides 0.273 0.282 58.8 0.098 

Perna perna 0.000 0.446 67.0 0.155 

Gunnarea gaimardi 0.145 0.132 72.5 0.070 

3 vs 4     

Ralfsia verrucosa 0.793 0.521 23.5 0.288 

Hildenbrandia lecannellieri 0.676 0.565 45.0 0.001 

Tetraclita serrata 0.339 0.516 60.6 0.998 

Gelidium pristoides 0.327 0.245 67.1 0.080 

Spirobranchus kraussii 0.092 0.139 72.5 0.696 

3 vs 5     

Ralfsia verrucosa 0.793 0.538 24.0 0.070 

Tetraclita serrata 0.339 0.624 41.5 0.780 

Hildenbrandia lecannellieri 0.676 0.157 57.8 0.010 

Electra verticillata 0.071 0.182 64.4 0.703 

Bryozoa 0.054 0.201 70.2 0.865 

3 vs 6     

Ralfsia verrucosa 0.793 0.370 21.6 0.518 

Tetraclita serrata 0.339 0.765 39.0 0.581 

Hildenbrandia lecannellieri 0.676 0.000 52.5 0.343 

Perna perna 0.097 0.446 61.9 0.047 

Gelidium pristoides 0.327 0.282 71.4 0.043 
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Table S5.76 (continued).  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

4 vs 5     

Tetraclita serrata 0.516 0.624 19.8 0.015 

Ralfsia verrucosa 0.521 0.538 38.8 1.000 

Hildenbrandia lecannellieri 0.565 0.157 53.4 0.013 

Electra verticillata 0.164 0.182 61.4 0.062 

Bryozoa 0.152 0.201 69.1 0.091 

Spirobranchus kraussii 0.139 0.140 75.4 0.134 

4 vs 6     

Tetraclita serrata 0.516 0.765 19.8 0.196 

Ralfsia verrucosa 0.521 0.370 36.0 0.983 

Hildenbrandia lecannellieri 0.565 0.000 47.8 0.569 

Perna perna 0.144 0.446 58.1 0.033 

Gelidium pristoides 0.245 0.282 66.5 0.069 

Spirobranchus kraussii 0.139 0.113 72.6 0.360 

5 vs 6     

Tetraclita serrata 0.624 0.765 22.1 0.050 

Ralfsia verrucosa 0.538 0.370 39.3 0.966 

Perna perna 0.150 0.446 49.9 0.019 

Gelidium pristoides 0.148 0.282 57.7 0.112 

Spirobranchus kraussii 0.140 0.113 64.3 0.262 

Electra verticillata 0.182 0.000 69.4 0.835 

Gunnarea gaimardi 0.057 0.132 74.2 0.096 
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Table S5.77. Results of the SIMPER analysis on epibiotic biomass showing the most influential taxa 

discriminating among position of the epibionts on the mussel shell (i.e., infested, non-infested,  

secondary epibiosis). Cut-off for low contribution: 70%. Significant p-values are underlined.  

Higher taxonomical group Average a Average b 
Cumulative 

contribution (%) 
p-value 

Infested vs Non-infested     

Ralfsia verrucosa 0.229 1.080 25.6 0.001 

Tetraclita serrata 0.520 0.521 43.4 0.531 

Hildenbrandia lecannellieri 0.113 0.563 57.0 0.001 

Electra verticillata 0.274 0.041 64.4 0.003 

Bryozoa 0.286 0.032 71.3 0.259 

Infested vs II epibiosis     

Tetraclita serrata 0.520 0.494 18.3 0.310 

Gelidium pristoides 0.062 0.716 29.2 0.001 

Bryozoa 0.286 0.173 39.3 0.010 

Electra verticillata 0.274 0.061 47.5 0.146 

Perna perna 0.236 0.194 55.6 0.022 

Ralfsia verrucosa 0.229 0.089 62.2 1.000 

Spirobranchus kraussii 0.262 0.000 68.8 0.171 

Hildenbrandia lecannellieri 0.113 0.179 75.3 1.000 

Non-infested vs II epibiosis     

Ralfsia verrucosa 1.080 0.089 24.0 0.065 

Tetraclita serrata 0.521 0.494 41.3 0.605 

Hildenbrandia lecannellieri 0.563 0.179 55.5 0.174 

Gelidium pristoides 0.264 0.716 67.8 0.001 

Ulva sp. 0.051 0.341 74.3 0.001 
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5.3.2.2.3.1. Shell length size 

Table S5.78. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

biomass of Cirripedia per mussel and shell length range (from ]30 − 40]  to ]110 − 120]  in mm).  

No significant p-values were detected. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] Others NA NA NA NA 

]40 − 50] 

]50 − 60] – 0.049 0.078 – 0.632 0.998 

]60 − 70] – 0.072 0.076 – 0.957 0.971 

]70 − 80] – 0.007 0.081 – 0.084 1.000 

]80 − 90] – 0.054 0.076 – 0.709 0.995 

]90 − 100] – 0.069 0.075 – 0.910 0.978 

]100 − 110] – 0.076 0.075 – 1.013 0.961 

]110 − 120] – 0.048 0.087 – 0.553 0.999 

]50 − 60] 

]60 − 70] – 0.023 0.023 – 1.010 0.962 

]70 − 80] 0.043 0.037 1.153 0.923 

]80 − 90] – 0.004 0.023 – 0.186 1.000 

]90 − 100] – 0.019 0.022 – 0.870 0.983 

]100 − 110] – 0.027 0.022 – 1.227 0.897 

]110 − 120] 0.001 0.049 0.026 1.000 

]60 − 70] 

]70 − 80] 0.066 0.031 2.102 0.341 

]80 − 90] 0.019 0.012 1.595 0.692 

]90 − 100] 0.004 0.010 0.375 1.000 

]100 − 110] – 0.004 0.010 – 0.412 1.000 

]110 − 120] 0.024 0.045 0.544 0.999 

]70 − 80] 

]80 − 90] – 0.047 0.031 – 1.495 0.757 

]90 − 100] – 0.062 0.031 – 2.013 0.399 

]100 − 110] – 0.070 0.031 – 2.271 0.246 

]110 − 120] – 0.042 0.053 – 0.775 0.992 

]80 − 90] 

]90 − 100] – 0.015 0.010 – 1-436 0.793 

]100 − 110] – 0.023 0.010 – 2.243 0.261 

]110 − 120] 0.006 0.045 0.124 1.000 

]90 − 100] 
]100 − 110] – 0.008 0.008 – 0.964 0.970 

]110 − 120] 0.021 0.044 0.463 1.000 

]100 − 110] ]110 − 120] 0.028 0.044 0.638 0.997 
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Table S5.79. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the mean 

biomass of Tetraclita serrata (Cirripedia) per mussel and shell length range (from ]30 − 40] to ]110 − 120] 
in mm). No significant p-values were detected. 

Shell length range 

(a) 

Shell length range 

(b) 
Estimate Std Error z-value p-value 

]30 − 40] Others NA NA NA NA 

]40 − 50] 

]50 − 60] – 0.049 0.078 – 0.632 0.998 

]60 − 70] – 0.072 0.076 – 0.951 0.972 

]70 − 80] – 0.010 0.081 – 0.123 1.000 

]80 − 90] – 0.055 0.076 – 0.729 0.994 

]90 − 100] – 0.068 0.075 – 0.907 0.979 

]100 − 110] – 0.076 0.075 – 1.009 0.962 

]110 − 120] – 0.039 0.092 – 0.421 1.000 

]50 − 60] 

]60 − 70] – 0.023 0.023 – 0.986 0.966 

]70 − 80] 0.039 0.037 1.072 0.947 

]80 − 90] – 0.006 0.023 – 0.252 1.000 

]90 − 100] – 0.019 0.022 – 0.861 0.984 

]100 − 110] – 0.027 0.022 – 1.212 0.902 

]110 − 120] 0.011 0.057 0.185 1.000 

]60 − 70] 

]70 − 80] 0.062 0.031 1.993 0.410 

]80 − 90] 0.017 0.012 1.423 0.800 

]90 − 100] 0.003 0.010 0.341 1.000 

]100 − 110] – 0.004 0.010 – 0.421 1.000 

]110 − 120] 0.033 0.054 0.615 0.998 

]70 − 80] 

]80 − 90] – 0.045 0.031 – 1.451 0.783 

]90 − 100] – 0.059 0.031 – 1.913 0.465 

]100 − 110] – 0.066 0.030 – 2.168 0.300 

]110 − 120] – 0.029 0.061 – 0.471 1.000 

]80 − 90] 

]90 − 100] – 0.013 0.010 – 1.284 0.872 

]100 − 110] – 0.021 0.010 – 2.076 0.355 

]110 − 120] 0.016 0.054 0.304 1.000 

]90 − 100] 
]100 − 110] – 0.008 0.008 – 0.939 0.974 

]110 − 120] 0.030 0.054 0.554 0.999 

]100 − 110] ]110 − 120] 0.037 0.054 0.696 0.996 
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5.3.2.2.3.2. Euendolithic infestation, shell degradation and position 

Table S5.80. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average biomass of Cirripedia per mussel valve and euendolithic infestation levels (from A to E, as defined 

in Kaehler, 1999) for each shell degradation index (from 1 to 6, as defined in Ma et al., 2023).  

No significant p-values were detected. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2     

A B 1.742 2.690 0.647 0.967 

Shell degradation 3     

A 

B 0.034 0.085 0.404 0.994 

C 0.005 0.091 0.057 1.000 

D – 0.067 0.151 – 0.446 0.992 

E NA NA NA NA 

B 

C – 0.029 0.037 – 0.793 0.932 

D – 0.101 0.126 – 0.806 0.929 

E NA NA NA NA 

C 
D – 0.072 0.130 – 0.556 0.981 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 4     

A Others NA NA NA NA 

B 

C – 0.043 0.050 – 0.875 0.906 

D 0.019 0.038 0.506 0.987 

E NA NA NA NA 

C 
D 0.063 0.035 1.797 0.379 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 5     

A Others NA NA NA NA 

B 

C 0.274 0.312 0.876 0.905 

D 0.273 0.312 0.876 0.905 

E – 0.105 0.428 – 0.246 0.999 

C 
D – 1.940 x 10-4 0.013 – 0.015 1.000 

E – 0.379 0.293 – 1.294 0.695 

D E – 0.379 0.293 – 1.294 0.695 

Shell degradation 6     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D – 1.780 x 10-4 0.023 – 0.008 1.000 

E 0.008 0.024 0.330 0.997 

D E 0.008 0.023 0.352 0.997 
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Table S5.81. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average biomass of Tetraclita serrata (Cirripedia) per mussel valve and euendolithic infestation levels  

(from A to E, as defined in Kaehler, 1999) for each shell degradation index (from 1 to 6, as defined in  

Ma et al., 2023). No significant p-values were detected. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2     

A B 1.742 2.658 0.655 0.966 

Shell degradation 3     

A 

B 0.035 0.084 0.413 0.994 

C 0.006 0.090 0.062 1.000 

D – 0.105 0.181 – 0.582 0.978 

E NA NA NA NA 

B 

C – 0.029 0.036 – 0.798 0.931 

D – 0.140 0.161 – 0.867 0.909 

E NA NA NA NA 

C 
D – 0.111 0.164 – 0.674 0.962 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 4     

A Others NA NA NA NA 

B 

C – 0.041 0.049 – 0.841 0.917 

D 0.020 0.038 0.522 0.985 

E NA NA NA NA 

C 
D 0.061 0.035 1.767 0.396 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 5     

A Others NA NA NA NA 

B 

C 0.276 0.308 0.895 0.899 

D 0.275 0.308 0.892 0.900 

E – 0.105 0.423 – 0.248 0.999 

C 
D – 0.001 0.013 – 0.084 1.000 

E – 0.381 0.289 – 1.316 0.682 

D E – 0.380 0.289 – 1.313 0.684 

Shell degradation 6     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D 3.460 x 10-4 0.023 0.015 1.000 

E 0.008 0.024 0.356 0.997 

D E 0.008 0.023 0.356 0.997 
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Table S5.82. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average biomass of Rhodophyta per mussel valve and euendolithic infestation levels (from A to E,  

as defined in Kaehler, 1999). Significant p-values are underlined. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value p-value 

A 

B 81.280 59.430 1.368 0.621 

C 257.850 95.720 3.694 0.049 

D 414.510 106.640 3.887 < 0.001 

E 293.490 122.64 2.393 0.105 

B 

C 176.560 84.800 2.082 0.208 

D 333.230 93.810 3.552 0.003 

E 212.210 114.220 1.858 0.315 

C 
D 156.67 94.230 1.663 0.429 

E 35.640 78.840 0.454 0.990 

D E – 121.020 120.340 – 1.006 0.837 

 

 

Table S5.83. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average biomass of Hildenbrandia lecannellieri (Rhodophyta) per mussel valve and euendolithic infestation 

levels (from A to E, as defined in Kaehler, 1999). Significant p-values are underlined. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value p-value 

A 

B 0.032 0.028 1.140 0.785 

C 0.038 0.028 1.356 0.657 

D 0.020 0.028 0.708 0.954 

E – 0.007 0.051 – 0.137 1.000 

B 

C 0.006 0.004 1.458 0.592 

D – 0.012 0.006 – 1.833 0.362 

E – 0.039 0.043 – 0.888 0.901 

C 
D – 0.018 0.005 – 3.373 0.010 

E – 0.045 0.043 – 1.032 0.840 

D E – 0.027 0.043 – 0.620 0.972 
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Table S5.84. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Hildenbrandia lecannellieri (Rhodophyta) per mussel valve and position of the 

epibionts on the mussel shell (i.e., infested, non-infested, secondary epibiosis) for each shell degradation 

index (from 1 to 6, as defined in Ma et al., 2023). No significant p-values were detected. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2 NA NA NA NA 

Shell degradation 3     

II epibiosis Infested NA NA NA NA 

II epibiosis  Non-infested NA NA NA NA 

Infested Non-infested 0.057 0.039 1.459 0.316 

Shell degradation 4     

II epibiosis Infested 0.018 0.027 0.671 0.781 

II epibiosis Non-infested 0.025 0.025 1.005 0.576 

Infested Non-infested 0.007 0.011 0.693 0.768 

Shell degradation 5     

II epibiosis Infested NA NA NA NA 

II epibiosis Non-infested NA NA NA NA 

Infested Non-infested – 0.008 0.008 – 0.994 0.582 

Shell degradation 6 NA NA NA NA 
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Table S5.85. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average biomass of Gelidium pristoides (Rhodophyta) per mussel valve and euendolithic infestation levels 

(from A to E, as defined in Kaehler, 1999) for each shell degradation index (from 1 to 6, as defined in  

Ma et al., 2023). No significant p-values were detected. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error t-value p-value 

Shell degradation 1 NA NA NA NA 

Shell degradation 2 NA NA NA NA 

Shell degradation 3     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D – 1.420 x 10-4 0.001 – 0.096 1.000 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 4     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D 4.530 x 10-4 0.004 0.311 0.998 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 5     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D 0.005 0.002 2.516 0.139 

E NA NA NA NA 

D E NA NA NA NA 

Shell degradation 6     

A Others NA NA NA NA 

B Others NA NA NA NA 

C 
D 0.023 0.078 0.297 0.998 

E NA NA NA NA 

D E NA NA NA NA 
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Table S5.86. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average percent cover of Gelidium pristoides (Rhodophyta) per mussel valve and position of the epibionts on 

the mussel shell (i.e., infested, non-infested, secondary epibiosis) for each euendolithic infestation level 

(from A to E, as defined in Kaehler, 1999). Significant p-values are underlined. 

Position on the 

shell (a) 

Position on the 

shell (b) 
Estimate Std Error t-value p-value 

Infestation level A NA NA NA NA 

Infestation level B NA NA NA NA 

Infestation level C     

II epibiosis Infested – 3.330 x 10-3 0.004 – 0.819 0.698 

II epibiosis  Non-infested 1.480 x 10-4 7.180 x 10-4 0.207 0.977 

Infested Non-infested 3.470 x 10-3 0.004 0.856 0.675 

Infestation level D     

II epibiosis Infested 3.490 x 10-3 0.001 2.965 0.025 

II epibiosis Non-infested 3.400 x 10-3 0.001 2.971 0.024 

Infested Non-infested – 9.680 x 10-5 2.840 x 10-4 – 0.341 0.9381 

Infestation level E NA NA NA NA 

 

 

Table S5.87. Results of the TukeySD post-hoc pairwise comparisons on the relationship between the 

average biomass of Electra verticillata (Bryozoa) per mussel valve and euendolithic infestation levels  

(from A to E, as defined in Kaehler, 1999). No significant p-values were detected. 

Infestation level 

(a) 

Infestation level 

(b) 
Estimate Std Error z-value p-value 

A Others NA NA NA NA 

B 

C – 0.047 0.021 – 2.284 0.115 

D – 0.059 0.024 – 2.507 0.071 

E NA NA NA NA 

C 
D – 0.012 0.022 – 0.530 0.951 

E NA NA NA NA 

D E NA NA NA NA 
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