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ABSTRACT 

Aquatic toxicology has been identified as a valuable tool in the identification and management of 

chemical pollution in aquatic ecosystems. Standardised methodologies for acute aquatic bioassays 

have been adopted from international agencies. As a result of these standard methods, the use of 

laboratory cultured organisms for toxicity testing has been more popular than that of indigenous 

field-caught organisms. Included in these adopted methods are those for the cultured crustacean 

Daphnia pUlex. D.pulex is adapted to living in standing water and the suitability of this species 

to determine toxic effects for South African riverine environments, which are largely flowing, has 

been questioned. Thus this thesis is a case-study ofthe use of D.pulex and indigenous site-specific 

macroinvertebrates as toxicity test organisms for setting acute water quality guidelines to protect 

aquatic ecosystems. The study highlights site-specific problems such as reference sites and 

organism identification. The acute tolerance of selected indigenous invertebrates was compared 

to that of D. pulex, using both a single-substance reference toxicant (zinc) and selected whole 

efiluents. The significance of source population and culture age as a potential source of biological 

variability between D.pulex cultures was also investigated. 

D.pulex cultures have been initiated in South Africa from females collected from a number of 

different local populations; also it is assumed that no genetic change (due to mutation) occurs 

within a D.pulex culture over time. In order to establish if source population and culture age are 

a source of biological variability betweenD.pulex experiments, the acute tolerJuce to zinc of two 
,I 

differentD.pulex populations and three different generations within a population were compared. 

Due to experimental variability results were inconclusive, and differences in tolerance as a result 

of population difference or culture age could not be determined with confidence. 

The acute tolerance of D.pulex to a single reference chemical (zinc) and selected whole efiluents 

was compared to that of selected indigenous invertebrates. Acute 48 h D.pulex zinc tolerance 

(LC50 range: 0.22 - 0.60 mg/l Zn) was found to be more sensitive than acute 96 h tolerances 

shown by mayfly species A.fconurus peringueyi (Heptageniidae) (LC50: 17.42 mg/l Zn), 

Euthrauluselegans (Leptophlebiidae) (LC50: 0.98 mg/IZn), Ba~tidae (LC50: 0.94mg/IZn) and 

shrimp, Caradina nilotica (Atyidae) (LC50: 3.17 mg/l Zn). This result suggests that guidelines 



for zinc set using D.pulex will protect the selected indigenous invertebrates. 

Selected whole eftluents were not acutely toxic to either D.pulex or selected indigenous 

invertebrates. These experiments were used as a case study for method development regarding 

the comparative use of D.pulex and indigenous invertebrates in acute whole eftluent toxicity 

testing. 

Finally, it is recommended that a suite of indigenous organisms (e.g. macroinvertebrates, fish and 

algae), as well as laboratory cultured D.pulex, be used in the initial setting of guidelines and that 

D.pulex be used for routine compliance monitoring. It is futher recommended that a suite of 

available monitoring methods, such as chemical and biomonitoring methodologies, be used in 

conjuction with toxicity testing in water quality management. 
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GLOSSARY OF TERMS 

(Taken from Rand et al. 1995 unless otherwise stated) 

Acclimation: the time period prior to the initiation of a toxicity test in which aquatic organisms 

are maintained in untreated, toxicant-free dilution water. 

Acute: a stimulus severe enough to induce a response rapidly. The length of exposure and nature 

of the effect are specified, for example a 48h lethal response. 

Acute effect value: the concentration at or above which statistically significant acute adverse 

effects are expected to occur (DW AF 1996g). 

Aquatic toxicology: the study ofthe effects of manufactured chemicals and other anthropogenic 

and natural materials and activities (collectively termed toxic agents or substances) on 

aquatic organisms at various levels of organisation, from subcellular through individual 

organisms to communities and ecosystems. 

Assimilative capacity: the capacity of the aquatic environment to assimilate pollutants without 

damage to the ecological communities or processes. 

Bioaccumulation: a process by which chemicals are taken up by aquatic organisms di~ectly from 

water as well as through exposure thiough other routes, such as consumption offood and 

sediment containing the chemicals. 

Bioassays: a biological experiment for estimating the nature, constitution, or potency of a 

chemical, by means of a reaction that follows its application to living matter. 

BioavaHablity: the portion of the total quantity or concentration of a chemical in the environment 

or a portion of it that is potentially available for biological action, such as uptake by an 

aquatic organism. 
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Biological integrity: the ability of an ecosystem to support and maintain a "balanced, integrated, 

adaptive community of organisms having a species composition, diversity and functional 

organisation comparable to that of the natural habitat of the region II (Karr 1993). 

Chronic: a stimulus that continues over a long period of time. The length of exposure and nature 

of the effect are specified, for example a 10d growth inhibition. 

Concentration-response curve: a curve describing the relationship between different exposure 

dosages of the test material and percentage response of the exposed test population. 

Dilution water (diluent): the water used to dilute the test material in an aquatic toxicity test in 

order to prepare either different concentrations of a test chemical or different percentages 

of an eflluent for the various test treatments. 

Ecological Reserve: the quality, quantity and reliability of water needed to protect both basic 

human needs, and the structure and function of ecosystems so as to secure ecologically 

sustainable development and utilisation (DW AF 1997). 

Effluent: a complex waste material that may be discharged into the environment. 

\ 
End-point: the biological response measured. Used in toxicity tests as criteria for effects, for 

,I 

example lethality or growth inhibition. 

Exposure: the contact reaction between a chemical or physical agent and a biological system. 

Hazard AssessmentlEvaluation: identification and assessment of the potential adverse effects 

that could result from manufacture, use and disposal of a material in a specified quantity 

and manner. 

_. ~C50: the concentration of a chemical that is lethal to 50% of the test organisms as a result of 

exposures for the periods specified, for example a 96h LC50 .. 
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Lethal: causing death by direct action of the toxicant. 

Lentic: standing water environment. 

Lotic: flowing water environment. 

Mixing zone: an area where an effluent discharge undergoes initial dilution and mixing in the 

ambient water body. An allocated area where water quality criteria can be exceeded as 

long as acute toxic conditions are prevented. 

Probit: a parametric statistical model used to calculate LC50s and the concentration-response 

relationship between the test material and test organism (Hoekstra 1993b). 

Pollutant: a general term for a chemical or non-chemical (e.g. increased suspended solids) agent 

that is present in the environment and causes adverse effects. 

Reference site: a relatively unimpacted site used to define the best available physical habitat, 

water quality and biological parameters for a river (Eeckhout et al. 1996). 

Reference toxicant: a chemical used in an aquatic toxicity test as a positive control (i. e. 

deliberately causes known adverse effects) in contrast to the negative c6ntrol provided by 
,I 

exposure water without the test chemical. Information collected is used to determine the 

general health and viability of the test organisms and assess consistency in testing 

protocol. 

Recirculating test system: an artificial stream system where the test solution and dilution water 

are recirculated through the system via a pump (Williams et al. 1984). 

Ring test (or round-robin t!st): a conjoint test conducted under strictly standardised and 

uniformly applied conditions to assess the precision and accuracy with which different 

laboratories can determine the toxicity of a chemical or effluent. 
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SASS: South African Scoring System, an invertebrate biotic assessment method used to give an 

indication of water quality (Chutter 1995). 

Screening test: a short-term test used early in a testing program to evaluate the potential of a 

chemical to produce some selected adverse effect (e.g. mortality). 

Static test: an exposure system for aquatic toxicity tests in which the test chambers contain 

concentrations ofthe test material or control water, which is remains static throughout the 

test period. 

Statistically significant effects: effects (responses) in the exposed population that are different 

from those in the controls at a given statistical probability level, typically P~O.05. The 

statistical approach differs with the type of toxicity test conducted. 

Spearman-Karber: a non-parametric statistical method used to calculate LC50 concentrations 

(Hamilton et al. 1977). 

Test species: the organism exposed to the test solution in an aquatic toxicity test. 

Test material: the chemical or effiuent under investigation in an aquatic toxicity test. 
~ 
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Test solution (or test treatment): medium containing the material to which organisms are 

exposed in a toxicity test. Different test solutions contain different concentrations of the 

test material. 

Toxicity Identification Evaluation (TIE): a set of procedures to identify the specific chemicals 

responsible for the toxicity of effiuents. 

Toxicity Reduction Evaluation (TRE): a site-specific study conducted in a stepwise process 

designed to identify the causative agents in a toxic effiuent, isolate the sources of toxicity, 

evaluate the effectiv~n~ss of toxicity _:o~t:ol options, and then confirm the reduction in 

x 



eflluent toxicity. 

Toxicant: an agent or material capable of producing an adverse response (effect) in a biological 

system, seriously injuring structure and/or function or producing death. 

Toxicity: the inherent potential or capacity of an agent or material to cause adverse effects in a 

living organism when the organism is exposed to it. 

Toxicity test: the means by which the toxicity of a chemical or other test material is determined. 

Used to measure the degree of response produced by exposure to a specific levels of 

stimulus (or concentration of a chemical). 

Water quality criterion: an estimate, based on scientific judgements, of the concentration ofa 

chemical or other constituent in water whi~h, if not exceeded, will protect an organism, 

organism community, or a predetermined water use or quality with an adequate degree 

of safety. Criteria also refer to the scientific principles and data that are used to formulate 

guidelines or limits. 

Water quality guideline (or limit): a scientifically based numerical concentration limit or 

narrative statement recommended to support and maintain a designated water use. 
~ 

" Water quality objective: a scientifically based numerical concentration limit or narrative 

statement that has been established to support and protect designated uses of water, often 

at a specified site or sites. Objectives reflect desired conditions in receiving waters, usually 

do not carry the force ofthe law (i.e. are not water quality standards), and often consider 

various receiving waters separately. 

Water quality standard: a standard, numerical criterion or narrative that is based on the limiting 

concentration of a chewical (or degree of intensity of some adverse condition) which is 

permitted in an eflluent or receiving water. A water quality standard is typically dependent 

on the use of the water to be protected. Standards are established for regulatory purposes. 
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Whole effiuent toxicity (WET): the total toxic effect of an eflluent measured directly with 

aquatic organisms in a toxicity test. 
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LIST OF ABBREVIATIONS 

AEV: Acute Effect Ratio. 

APHA: American Public Health Association. 

CSIR: Center for Scientific and Industrial Research. 

DWAF: Department of Water Affairs and Forestry. 

IWQS: Institute for Water Quality Studies. 

IWR: Institute for Water Research, Rhodes University, Grahamstown. 

GPAL: Guideline for the Protection of Aquatic Life. 

PP: Pollution Prevention approach proposed by DW AF to prevent the input of hazardous 

effluents into the aquatic environment. 

RWQO: Receiving Water Quality Objectives approach. 

TWQR: Target Water Quality Range. 

UES: Uniform Eflluent Standard approach. 

USEPA: the United States Environmental Protection Agency. 
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CHAPTERl 

AN INTRODUCTION TO AQUATIC TOXICOLOGY AND SOUTH AFRICAN 

WATER QUALITY MANAGEMENT 

1.1. AQUATIC TOXICOLOGY 

Aquatic toxicology is a multidisciplinary field concerned with the effects of chemical substances 

on the aquatic environment (Rand et al. 1995). It involves the understanding of chemical, physical 

and biological factors which affect environmental concentrations of chemicals found in aquatic 

systems. Aquatic toxicology is therefore the qualitative and quantitative study of adverse or toxic 

effects of chemicals on aquatic organisms (Rand and Petrocelli 1985). It tries to explore the 

deterministic relationship between the exposure of an organism to a substance and the effect of 

the substance to an organism under defined, controlled and reproducible conditions (Brown 

1986). 

1.1.1. A brief history of aquatic toxicology 

Basic toxicological research can be traced back to the 1800s (Buikema et al. 1982). In 1815 the 

first book devoted to the harmful effects of chemicals on organisms was published by M.1.B 

Orfila, and discussed many aspects of toxicology recognised as valid today (Rand et al. 1995). 

Research was initiated on rodents, fish and insects, with major developments in phaJftnacology, 

toxicology and applied entomology occurring from that time onward (Buikema et al. 1982). The 

systematic study of toxic effects in laboratory animals (mostly mammals) began in the 1920s, in 

response to concerns about the unwanted side effects of food addictives, drugs ~d pesticides 

(Rodricks 1992). In the 1940s and 1950s concerns about the effects of wastes and chemicals on 

nonhuman biota became a public issue and the years after World War 2 saw efforts to standardise 

earlier method descriptions and suggestions for test organisms (e.g. cladocerans and fish) (Hunn 

1989). Hart et al. (1945) introduced the single-species fish bioassay and since then fish have been 

used to study the effects ofVarious environmental factors on toxic responses as a way of 

predicting field impacts (Rand et al. 1995). The concept of selecting representative organisms 

from different trophic levels-which would display..the range of response to toxicants evolved in 

1 



-

the 1950s, thus introducing the concept of using a range of organisms in aquatic toxicology 

(Cairns 1956). The 1960s saw the advancement in experimental system design (in both static and 

flow-through systems) and in the measurement of sublethal end-points (growth, development and 

behaviour) on a range of species from micro-organisms to fish. The American Society for Testing 

Materials (ASTM) expanded its coverage of bioassay protocols to include organisms other than 

fish, and in the 1970s journals such as Water Research and Environmental Pollution were started 

(Rand et al. 1995). In response to increased public, scientific and government awareness over 

water pollution, the number of laboratories employing toxicity testing increased in the 1970s 

(Johnstone 1977). Acute fish toxicity was accepted as a valid parameter for both government 

regulations and guidelines for water pollution control (Rand et al. 1995). In the 1980s aquatic 

toxicology was integrated into the hazard assessment process (Cairns and Pratt 1989). It was 

recognised that the science of aquatic toxicology needed to move away from a reliance of single­

species bioassays, even though they have remained attractive to regulators, and toward the use 

of both multispecies approaches and full field ecosystem end-points to verifY laboratory 

predictions (Cairns and Pratt 1989). 

The 1990s have seen continued growth in the field of aquatic toxicology and particularly in the 

United States of America and Europe, environmental protection agencies have restated the value 

of applying aquatic hazard assessment principles and procedures to effluents and their component 

chemicals and properties (Rand et al. 1995). Testing of effluents via "end-of-pipe" and 

"receiving water" approaches has served a number of countries well in their efforts to curb 

aquatic pollution. There is also a better understanding of the applications, advabtages and 

limitations of the various laboratory and field approaches. It is commonly accepted now that 

biology or ecotoxicology (effects identification) and chemical sampling (cause identification) are 

inseparable components of the various hazard assessment approaches being developed and 

employed by environmental protection agencies (Blaise et al. 1988). Biological procedures of 

many kinds, including toxicity tests, are being built into current policies, frameworks, strategies, 

guidelines, regulations and codes of good practice in many countries, and on most continents 

(Rand et al. 1995), because biological tests and toxicological end-points offer rapid, reliable and 

unequivocal, integrated measures of environmental effects or their potential effects (Rand et al. 

1995). The Organisation for Economic Cooperation and Development (OECD) Water 
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Management Policy Group and the Expert Group on Biological Testing of Effluents concluded 

that toxicity testing can be successfully used for measuring toxic effects of effluents on biota of 

receiving waters, and should be used to generate quantitative data in order to provide the 

regulative basis for the control of toxic substances (OEeD 1987). 

1.1.2. Concepts and principles in aquatic toxicology 

A toxicant is an agent that can produce an adverse response in a biological system, e.g. by 

damaging its structure or function, even resulting in death (Rand et at. 1995). Toxicants can be 

introduced deliberately or accidentally into the aquatic ecosystem, impairing water quality and 

making it unfavourable for aquatic life. Toxicity is a relative property reflecting a chemical's 

potential to have a harmful effect on a living organism. It is a function of the concentration and 

composition (or properties) of the chemical to which the organism is exposed (i.e. externally and 

internally) and the duration of exposure (Rand et at. 1995). 

Toxicity can be divided into direct and indirect toxicity. Direct toxicity results from the toxic 

agent acting more or less directly at sites of action in and/or on organisms; indirect toxicity 

occurs as a result of the influences of changes in the chemical, physical and/or biological 

environment (e.g. changes in food quality and quantity or habitat changes). Direct toxicity is 

largely the result of internal biochemical changes, whereas indirect toxicity is more a function 

of changes in general organism viability produced by factors external to the organism. Laboratory 

toxicity studies tend to focus on direct toxic effects, whereas field studies include indfrect effects 

and community changes. The direct toxicological information gained from toxicity tests is used 

to estimate indirect effects or interpret site-specific situations, although experimental 

examination of indirect toxicity is increasing (Rand et al. 1995). 

The fundamental assumptions of toxicology are as integral and applicable for aquatic toxicology 

as they are for human or mammalian toxicology, where they were initially developed (Filov et 

al. 1979). The most basic toxicological principle is the cause-effect relationship, in which it is 

assumed that the effect or response in question is a direct or !ndirect result of exposure of the 

organism to the toxic agent being examined. This principle is followed by the assumption that 
-- .... = 
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a concentration-response or concentration-response relationship exists, where the effect or 

response in question is a result of the toxic agent reaching and interacting with the site of toxic 

action in or on the organism. Thus it is assumed that the amount of toxic agent reaching the site 

of toxic action is some function of the exposure of the organism to the toxic action, and that 

above an effect threshold, the magnitude of effect is proportional to the amount of toxicant 

reaching the site of action. The third fundamental principle in toxicology is that the toxic effect 

can be quantified. That is that the observed effects or responses of toxic action can be measured 

and quantified in a reproducible way that is relevant to the toxic process under examination 

(Rand et al. 1995). 

Causality in toxicology is critical and for quantitative purposes it must be reasonably certain that 

there is a causal relationship between the observed effect or response and the presence of the 

toxic agent. There may be some doubt about the identification of the chemical (which may 

change during the exposure), the actual exposure concentration in the water, and the specificity 

in response, because aquatic organisms may respond similarly to a variety of stresses. Thus, until 

proved, it is only a reasonable working presumption that the effect or response being observed 

is a result of exposure to the known concentration of chemical (Rand et al. 1995). 

No chemical is completely safe and no chemical completely harmful, and one factor that 

determines whether a chemical agent is potentially harmful or safe is the relationship between 

the concentration of the chemical to which the organism is exposed and the dutation of exposure. 
I 

This concentration-response relationship implies that all chemicals are capable of producing an 

adverse effect if in high enough concentrations (Rand et al. 1995). 

1.1.3. Factors influencing toxicity 

The toxicity of a particular substance to an aquatic population is determined by a variety of 

factors. For example, the time during which the organism is exposed to the chemical (i.e. the 

duration of exposure), the concentration of the chemical, frequency of exposure and kind of 

exposure, have a direct influence on the toxicity of the chemic!Jl (Rand et al. 1995). Rates and 

patterns of metabolism and excretion can substantially affect the susceptibility of an organism 
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to a chemical (Rainbow and Dallinger 1991, Pritchard 1993), and this may account for different 

species showing different tolerance limits to the same chemical. Differences in tolerance to a 

chemical have also been attributed to genetic factors (Baird et al. 1989), and populations 

previously exposed to a chemical may become selectively more tolerant than unexposed 

populations (Naylor et al. 1990, Crane 1995). Dietary factors and nutritional status of the 

organism may also influence toxicity (Jooste 1998) by producing changes in body composition, 

physiological and biochemical functions. Age of the organism also appears to playa role in the 

tolerance to a chemical (Jarvis 1989, Hoekstra et al. 1993), with immature organisms tending to 

be more susceptible than adult organisms. This may be due to differences in rates of excretion 

and body size (Jarvis 1989, Jooste 1998). 

External environmental factors may also influence the toxicity of a chemical by altering the form 

of the chemical or the nature of exposure (Pontasch et al. 1989a). Factors associated with the 

bioavailability of the chemical in water include dissolved oxygen, temperature and dissolved 

solids (Buikema et al. 1982, Abel 1989). Other chemicals in the water may have a synergistic or 

antagonistic effect on the toxicity of the chemical (Marking 1985). The toxicity of a chemical can 

be influenced by its composition, and impurities or contaminants maY,be more toxic than the 

chemical itself Physical properties, such as solubility, vapour pressure and pH, may affect the 

persistence, transformation, bioavailability and ultimate fate of the chemical in water (Rand et 

al. 1995). The presence of other toxicants in the water may also influence the toxicity of a 
. \ 

chemtcal (Jooste 1998). 
J 

1.2. TOXICITY TESTING 

Aquatic toxicity tests are procedures in which the responses of aquatic organisms are used to 

detect or measure the presence or effect of one or more substances, wastes, or environmental 

factors, alone or in combination (APHA 1992). During a toxicity test aquatic organisms are 

exposed to a chemical or effluent and the effects quantified in terms of behavioural and 

reproductive changes, physiolo~cal effects or mortality. An objective of a toxicity test therefore 

is to determine the concentration of a test material (e.g. chemical or effluent) that produces a 

harmful effect on a group of test organisms under controlled conditions (Rand and Petrocelli 
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1985). 

1.2.1. Toxicity test criteria 

The criteria established to determine the suitability of a standard test procedure includes the 

acceptance of the method by the scientific community. Toxicity test protocols should be clearly 

defined, standardised and repeatable; data should ideally be useful for risk assessment and have 

some field predictive capability for similar organisms; the test should be economical and easy 

to conduct; and the test protocol design should be as sensitive and realistic as possible to detect 

and measure effects (Rand et al. 1995). Current test methods have been designed to examine the 

responses ofa few individuals within a species (i.e. single-species toxicity test) and less attention 

has been given to the impact of chemicals on species interactions (multi-species toxicity tests) 

and ecosystems. 

~ 

There are three general approaches which have been used to conduct toxicity tests. Tests can be 

conducted in a controlled laboratory with a limited number of variables, in an experimental 

model ecosystem (i.e. simulated indoors or outdoors), or toxicity effects can be studied in a 

natural environment (i.e. in situ). Laboratory toxicity tests are the most straightforward to 

conduct, are easier to standardise and replicate, and thus are the more popular approach 

(Leeuwangh 1978). 

1.2.2. Toxicity test classification 
,I 

Aquatic toxicity tests can be classified according to different factors, including duration or period 

of exposure (acute, sub-chronic or chronic) and purpose (lethality, behavioural changes, etc.) 

(APHA 1992). They can also be classified according to the method used (static or flowing), and 

organisms tested (Rand et al. 1995). 

Acute exposure to a toxicant applies to a single episode (Timbrell 1989), such as an accidental 

spill of a chemical, and acute toxicity tests are designed to determine the short-tefU1 toxicity of 

the toxicant (Rand et al. 1995). Acute end-points are commonly (but not exclusively) mortality, 
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with toxicity expressed as a lethal concentration (LC). The point at which a certain percentage 

of the test organisms are affected and the duration of exposure are included in the end-point (e.g. 

a 96 h LC50 refers to the lethal concentration at which 50% of the population died after 96 h). 

Acute or short-term toxicity tests are often used for the routine monitoring of effluent discharge 

licenses and for exploratory tests, where the effects of a chemical are unknown. These tests are 

typically 96 h or less, depending on the organism's life cycle (Janssen and Persoone 1993). For 

example, acute toxicity tests using mayfly nymphs as the test organism are typically 96 h, 

whereas acute toxicity tests using Daphnia pUlex (a cladoceran) are only 48 h (APHA 1992), 

because of their relatively shorter life span. Acute toxicity tests are useful because they are quick 

and can be used to determine compliance to a set licence and whether a particular treatment has 

resulted in the decreased toxicity of a substance (Rand and Petrocelli 1985). A disadvantage of 

short-term tests is that long term effects of the toxicant are not investigated. A short-term 

exposure may be tolerated without adverse effects, but if the organism is exposed for long 

periods, even at low concentrations, a harmful or chronic effect may be experienced (Jarvis 

1989). 

The repeated exposure to a substance can lead to the accumulation of the substance by the 

exposed organism, resulting in a chronic toxic effect. Chronic toxicity applies to an event which 

can occur many weeks, months or years after exposure to repeated doses of a chemical (Timbrell 

1989). Chronic toxicity tests therefore permit the evaluation of possible long-term effects at 

sublethal concentrations. In some chronic tests, the test population is expbsed for an entire 
I 

reproductive life cycle (Rand et at. 1995), i.e. life cycle tests. Partial life cycle tests involve only 

the sensitive life stages, often the juveniles or only the aquatic stages in the life-cycle (e.g. mayfly 

nymphs). Chronic toxicity end-points are normally expressed as no observed effect 

concentrations (NOECs), the lowest observed effect concentration (LOEC), the effect 

concentration (EC) and the inhibition concentration (IC) based on observations of reduced 

reproduction, growth, and/or survival (Slabbert et at. 1998). 

Other tests include short-term sub-chronic, early life stage and bioaccumulation tests. Short-term 

sub-chronic tests, i.e. 7-9 d, focus on the most sensitive life stages of the test organism. Early life 

stage tests involve the continuous exposure of the early life stages to a chemical for 1-2 months, 
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depending on the species. Bioaccumulation tests include measurements on the rate of chemical 

uptake by the organism through various physiological pathways such as feeding, the gills etc., 

as well as the amount of the chemical stored in the organism's tissues and the rate of excretion 

of the chemical (Rand and Petrocelli 1985). 

1.2.3. Toxicity test organisms 

Test species are often chosen for a wide variety of reasons, including: wide distribution and 

abundance; known sensitivity to the chemical under investigation (Cairns et aI. 1993); indigenous 

or representative of the ecosystem that may receive the toxic impact; ecologically or 

commercially important; amenable to routine maintenance in the laboratory with available culture 

and experimental techniques so as to facilitate both acute and chronic toxicity testing; and 

whether the aquatic species is well known with background information available on its 

physiology, genetics and behaviour, allowing the data from a toxicity test can be more easily 

interpreted (USEPA 1979, APRA 1992, Rand et aI. 1995). The species selected for testing may 

differ from site to site and the selection will often be based on site-specific considerations. The 

objective of the testing will also influence the choice oftest species (Sprague and Fogels 1977). 

There is no standard aquatic test species for all questions and all ecosystems, and the kinds and 

numbers of test species chosen will depend on the complexity of the ecosystem influenced by 

chemical pollution (Rand et aI. 1995). Freshwater toxicity tests have traditionally been performed 

on species representative of algae, fish and invertebrates (APRA 1992). Test speties can be 

collected from wild populations in relatively unpolluted areas, purchased from commercial 

suppliers or cultured in the laboratory (Rand et al. 1995). 

1.2.4. Experimental systems 

Aquatic toxicity tests are also grouped according to the experimental method and addition of test 

solution. In a static toxicity test, the test population is exposed to the toxicant (or eftluent) in 

standing water (Rand et at. 1995). These tests are therefore essentially useful only for those 

organisms living in still waters, for example the crustacean Daphnia (Williams et at. 1984). The 
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test system is often a beaker, or similar test chamber, and the test solution is added at the 

beginning of the test. In a static non-renewal toxicity test there is no replacement of the test 

solution during the test period. These toxicity tests are often acute, as the build-up of metabolic 

wastes can result in adverse effects (APRA 1992). If the test solution is replaced periodically 

through-out the test or the organisms moved to another test chamber, the test is referred to as a 

renewal toxicity test (Rand et al. 1995). 

A recirculation test is similar to most static tests in that the test solution is not replaced during 

the test period, except that the test solution is recirculated in the test chamber. This helps 

maintain high oxygen levels, and the test solution may be pumped through a filter to help 

maintain water quality (Rand et al. 1995). Recirculating toxicity tests are more expensive to 

conduct than a simple static test, but the advantage is that they are suitable for organisms adapted 

to flowing water environments (Williams et al. 1984). In a flow-through test, the dilution 

medium (e.g. water) flows through the test chamber once, with the test solution being added 

intermittently or continuously (Rand et al. 1995). Flow-through toxicity tests are generally very 

expensive and generate large volumes of waste (APRA 1992). They are, however, ideal for long­

term tests, as metabolic waste products are continuously removed from the system and therefore 

unlikely to reach toxic levels (Frutiger 1984, Guckert 1993). 

The test system and experimental design chosen in a toxicity study is often dependent on the 

selected test organism, its specific hydraulic requirements and the objective\ofthe experiment 

(Lowel et al. 1995). A toxicity test initiated to assess an industry's compliance to its' discharge 

licence, for example, will be different to tliat required to assess the effect of a toxicant on 

reproductive output of a test population. The former example is most often an acute toxicity test 

and the latter a chronic toxicity test. In general, three types of tests can be carried ,out to assess 

the toxicity of a single-substance or whole eflluent. A screening test, where the test organisms 

are exposed to a range of concentrations of a single chemical or directly exposed to the eflluent 

(no dilution) or to one dilution of the eflluent. An unreplicated range-finding test (usually a 24 

h test, depending on the test organism being used) is conducted on a wide range of dilutions to 

determine the approximate level of toxicity and the concentration range to be used for definitive 
-

testing. Replicated definitive tests estimate the concentration at which a certain percentage 

9 



(usually 50%) oftest organisms exhibit a predetermined response (Slabbert et al. 1998). 

The test system used in a toxicity test is largely dependent on the selected test organism 

(Williams et al. 1984) and its hydraulic requirements (Statzner et al. 1988). Those species 

adapted to still water can be tested in beakers, for example standard D.pulex experiments are 

conducted in a static environment, whereas artificial streams are designed to suit species adapted 

to living in flowing water. An artificial stream system can be defined as any constructed channel 

that has a controlled flow of water and is used to study a physical, chemical or biological property 

of natural streams (Lamberti and Steinman 1993). If specific hydraulic preferences and 

requirements of the test species are not met, the resultant stress will confound the cause-effect 

test result (Lowell et al. 1995). 

Many artificial stream systems have been designed in the past to suit specific test organisms and 

to meet specific needs (Traaen 1978, Ryer et al. 1979, Shriner and Gregory 1984, Gillett 1989, 

Belanger et al. 1990, Crossland and Mitchell 1992, Guckert 1993, Brooks et al. 1996, Culp et 

al. 1996). The Institute for Water Research (IWR), Rhodes University, in collaboration with the 

Water Research Commission and the Department of Water Affairs and Forestry (DWAF), 

developed three different types of artificial streams, which differ in terms of scale (Palmer et al. 

1994) and are designed to suit the hydraulic requirements of indigenous stream invertebrates. The 

use, advantages and limitations of each test system have been outlined in a Masters thesis by 

Binder (1999) and a full explanation of each system can be found in Palmer et al. (1996) and 

Scherman and Palmer (in press). The system used in this study is described in Chapt~r 2. 

The aim of the three test systems designed at IWR was to enable the use of indigenous 

macroinvertebrates as toxicity test species in South Africa. Historically, the most cQmmonly used 

aquatic toxicity test species were fish (Williams et al. 1984). Fish were seen as economically 

important and due to the bioconcentration of toxins up the trophic levels, it was assumed that fish 

were exposed to greater concentrations of toxins than those organisms at lower trophic levels. 

However, the tolerance to toxins by fish are often greater than the tolerances of other aquatic 
-

organisms and aquatic invertebrates are now also widely used in toxicity studies, with test species 

ranging from planktonic crustaceans such as Daphnia, to benthic macroinvertebrates such as 
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mayflies (Weber 1991, APHA 1992). 

1.2.5. Standardised toxicity test methods 

Internationally, toxicity studies are used extensively in water quality management (e.g. the 

Environmental Protection Agency in the United States (USEP A» (Warren-Hicks and Parkhurst 

1992). Daidoroff et al. (1951) first recognised the need to develop uniform, standardised test 

procedures for fish in order to maximise the comparability of data from toxicity experiments. The 

advantages of standardised test procedures include the easy initiation of new test protocols, 

increased data accuracy and the allowance for test replication (Davies 1977). Standardised 

methods also facilitate data comparison, thus increasing the usefulness of published data. There 

are also legal advantages if the test protocol is accepted by the judicial system, particularly during 

environmental disputes, as more confidence is placed in a standard recognised and accredited 

method (Davies 1977). Numerous standardised toxicity test procedures have been established, 

particularly for fish and invertebrates. For example, the US EPA and American Public Health 

Association (APHA) method manuals include standard methodologies for Pimephales promelas 

(fathead minnow), Oncorhynchus mykiss (rainbow trout), Ceriodaphnia dubia, Daphnia magna 

and D.pulex (Weber 1991, APHA 1992). To provide a constant supply of test organisms, many 

of the standard test species are cultured in the laboratory. Laboratory cultures provide organisms 

for toxicity tests of a known age and background, organisms are conveniently available at the 

time of testing, and information about the organism's general biology and sensitivity to chemicals 

is often readily available. Unfortunately, with the convenience of culturing, standard (est species 

may be used to assess the effects of a toxin on 'a system where that species is not even found, thus 

neglecting the tolerances of indigenous species. 

1.2.6. Toxicity data and environmental regulation 

Rivers have the ability to assimilate a certain amount of waste without damage to the natural 

functioning of the river and its biotic community (Ashton et al. 1995). Thus the ability of aquatic 

systems to assimilate waste should be preserved and managed sustainably, if rivers are to 

continue to provide water for domestic and agricultural use and for the disposal of domestic and 
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industrial waste. The assimilative capacity of a river is influenced by its state of health (Cairns 

and McCormick 1992). A river can be considered healthy when its condition is stable, its 

capacity for self-repair when disturbed is preserved and a minimal external support for 

management is needed to maintain acceptable water quality conditions for the aquatic community 

(KarT et al. 1986, Karr 1993). Ifmanaged correctly, a river therefore has the potential to dispose 

of industrial (and other) waste without damage to the natural functioning of the river and its 

aquatic communities (Cairns and McCormick 1992). 

In order to prevent deterioration in water quality, it is important to assess the potential hazard and 

risk resulting from the discharge of municipal and industrial wastes into water bodies. Aquatic 

toxicity tests can be used to evaluate these potential environmental hazards and risks, including 

the effects of long-term chemical releases under controlled conditions and accidental spills. 

Toxicity testing can be used in the prosecution and defence of chemical-related activities in 

environmental legislation, and can be used to confirm or refute a relationship between observed 

effects and the concentration of a chemical shown to exist or have existed in the aquatic 

environment (Rand et aI. 1995). Toxicity tests are also used in the derivation of numerical water 

and sediment quality guidelines (criteria) for protection of aquatic organisms. 

1.3. WATER QUALITY MANAGEMENT IN SOUTH AFRICA 

Water is one of South Africa's most scarce resources (Schultze 1986) and in 6rder to meet both 
I 

the country's growing human population and industrial needs, available water resources have to 

be managed carefully, in terms of both quantity and quality (DWAF 1997). South Africa faces 

two problems. Firstly, South Africa is a semi-arid country, with uneven rainfall and high annual 

variability (Schultze 1986), and secondly, South Africa's cities were often built in historically 

important areas due to mining potential, and not near available water resources (Ashton et al. 

1995). As a result large inter-basin transfer schemes have been developed and dams built to 

supply water to urban areas, for example the Lesotho Highlands Project. 

South Africa is not only dependent on water for basic human_needs, but also as a means of 

domestic and industrial waste disposal (DWAF 1997). Water quality is closely linked with water 
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quantity, as water acts as a diluent and helps to reduce or minimise the effects of industrial (and 

other) eflluents on the aquatic environment (Hutcheson 1992). If dilution effects are limited by 

low volumes of water in a river, then water quality will deteriorate quicker than if the river was 

full. Many South Africans do not have access to potable water (i.e. that supplied through the 

municipality or an official water board) or formal water supplies and rely on rivers for their basic 

human and domestic needs (DWAF 1997). Water is also extracted from rivers for use in the 

irrigation of crops and the watering oflivestock. Therefore water quality must be of a standard 

to meet the requirements of these basic needs. 

Water quality management was initiated in South Africa in 1919 with the Union Health Act (Act 

No. 36 of 1919). The Chief Health Officer of the Public Health Department was conferred the 

responsibility of controlling pollution in aquatic environments, by ensuring that 'the best known 

or only the most practical methods' for sewage disposal were used (Van der Merwe and Grobler 

1990). The Water Act of 1956 (Act No. 54) broadened water quality management to recognise 

increased industrial inputs (eflluents) into South Africa's rivers and the limited availability of 

water in the country. The Act stated that industrial and domestic eflluent had to be treated and 

then returned to natural water bodies in order to augment freshwater supplies in the country 

(Roux 1994). Although this policy resulted in an increase in water quantity, the quality of 

returned water and its effects on the rivers had to be considered further as water quality was 

deteriorating as a result of eflluent disposal. General and Special Eflluent Standards were 

introduced and applied through the Uniform Eflluent Standards (DES) approach (VanVliet 

1996). The DES approach aimed to control the input of eflluents to the aquatic envir~nment by 

requiring eflluent to comply with set uniform standards. These standards were determined 

primarily at technologically and economically feasible levels for industry and could be negotiated 

and relaxed, while technological, economic and socio-political issues were considered (Van der 

Merwe and Grobler 1990). 

The DES approach helped limit the rate of deterioration in water quality and focused attention 

on pollution issues, resulting in improvements to waste-water treatment techniques and water 

quality management. However, although simple, comprehensive and easy to apply, the approach 

- . did not adequately address the quality of the receiving water environment (i.e. the aquatic system 
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involved in meeting the general effluent standard, there were no incentives for industry to locate 

themselves in the most advantageous environmental location, and no framework existed for the 

control of non-point source pollutants. As a result the UES approach was heavily criticised and 

an approach which focused on the receiving waters (the Receiving Water Quality Objectives 

(RWQO) approach) was offered as an alternative management strategy (Van Vliet 1996). 

DW AF recognised that a protective approach to water quality management was required to 

prevent the continued deterioration in water quality. In 1991, the RWQO approach was proposed 

as an alternative to the UES approach to water quality management (DWAF 1991, Van Vliet 

1996). The RWQO approach involved the establishment of a limit on levels of pollution according 

to water quality requirements of the users of a particular water system (i. e. river or dam) (Roux 

et al. 1993). This was the first approach to water quality management that was protective toward 

the aquatic environment, with the recognition that receiving waters have a capacity to assimilate 

pollution (Van der Merwe and Grobler 1990), and that this capacity should be protected in order 
, 

to continue the sustainable use of aquatic systems. The aquatic environment is known to have a 

certain resilience to the pressures and demands of utilisation, and in order to preserve this 

resilience a certain level of ecological integrity and function must be maintained (MacKay 1998). 

This level is referred to as the Resource Base and guidelines were quantified with the aim of 

protecting and maintaining the Resource Base. Thus the aquatic environment's needs were 

recognised as important (second only to human needs) and which should be maintained above the 

needs of other users of aquatic systems, including industrial, agricultural and tecreational users. 
J 

Based on defined users and their specific needs, the limits for water quality variables for South 

Africa were specified in a series of water quality guideline documents. These documents included 

guidelines for the following: Domestic Water Use (DWAF 1996a); Recreational Water Use 

(DWAF 1996b); Industrial Water Use (DWAF 1996c); Agricultural Water Use: Irrigation 

(DW AF 1996d); Agricultural Water Use: Livestock Watering (DW AF 1996e); Agricultural Water 

Use: Aquaculture (DWAF 1996f); Aquatic Ecosystems (DWAF 1996g). Water quality criteria 

can be defined as the limits which must not be exceeded in order to maintain the chemical, 

physical and biological characteristics which render a certain p<?rtion of water fit forits various 

defined uses (Roux 1992). The water quality guidelines were designed to serve as a primary 
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criteria can be defined as the limits which must not be exceeded in order to maintain the 

chemical, physical and biological characteristics which render a certain portion of water fit for 

its various defined uses (Roux 1992). The water quality guidelines were designed to serve as a 

primary source of information for determining the water quality requirements for the different 

users and for the maintenance of aquatic ecosystem health. Due to the lack of local toxicological 

data on South African aquatic organism tolerances to chemical substances, international 

standards were used in the setting of guidelines for the protection of aquatic ecosystems. These 

included the Canadian (CCREM 1987), American (APHA 1992) and Australian (ANZECC 

1992) water quality criteria. When information becomes available on the tolerance of indigenous 

organism to chemicals, DW AF aims to modify the guidelines, thus making them more 

representative of South African conditions (DW AF 1996g). 

The RWQO approach addresses the issue of setting objectives for water quality within a 

particular aquatic system and managing the aquatic resource, as well as the sources of impact and 

pollution (Van der Merwe and Grobler 1990). the approach is now used together with the 

General and Special Effluent Standards in an attempt to prevent the deterioration in water quality 

in South Africa's rivers. This was formalised in 1998 in the National Water Act (Act No. 36). 

The Policy document (DWAF 1997), which preceded the Water Act, grants all South Africans 

. two rights. The right to water to meet basic human needs (251 per person per day), and the right 

to an environment that is not harmful to their health or well being and that i\) protected for the 

benefit of present and future generations. The water required to fulfill these needs ~as termed 

the Reserve, and defined as the quality, quantity and reliability of water needed to protect both 

basic human needs, and the structure and function of ecosystems so as to secure ecologically 

sustainable development and utilisation (specifically named the Ecological Reserve). The Water 

Law states that the Reserve shall enjoy priority of use by right, and the use of water for all other 

purposes shall be subject to authorisation (principle 10) (DW AF 1997). Thus the sustainable use 

of water is in effect law in South Africa. 

Sustainable utilisation of aquatic resources requires the balanc€? between the acceptable level of 

long term protection of water resources and water users, and society's present requirements for 
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economic growth and development (MacKay 1998). Industry provides many with employment 

and contributes significantly to South Africa's economic growth and development, and it would 

therefore not be in the interest of the nation's prosperity to unnecessarily constrain industrial 

usage of water (DW AF 1997). Thus to ensure the protection of water resources so that utilization 

can be sustained in the long term, policy, including the following regulatory activities, has been 

implemented: 

• resource-directed measures, i.e. defining a desired level of protection for a water 

resource (Resource Quality Objectives), and on that basis, setting clear numerical or 

descriptive goals (Receiving Water Quality Guidelines), 

• source-directed controls, i.e. controlling impacts on the water resource through the use 

of regulatory measures such as registration, licences, directives and prosecution, and 

economic incentives such as levies and fees, in order to ensure that the Resource Quality 

Objectives are met (e.g. effluent discharge permits) (Van Vliet 1996, MacKay 1998). 

1.4. AQUATIC TOXICOLOGY IN SOUTH AFRICA 

The new approach to water quality management in South Africa is based on several principles, 

which include that: 

• the desired quality (objective) ofa water resource be determined by its present and/or 

intended users and this quality should then be listed as a set of water quality objectives 

• it is accepted that the aquatic environment has a capacity to assimilate pollutants 
J 

without detriment to predetermined quality objectives and that this capacity is part of the 

resource and, as such, should be managed judiciously and shared in an equitable manner 

amongst all users for the disposal of their waste 

• for those pollutants which pose the greatest threat to the environment because of their 

toxicity, extent of bioaccumulation or persistence, a precautionary approach aimed at 

minimising or preventing their inputs to the aquatic environment should be adopted (i.e. 

DWAF's Pollution Prevention Approach) (Van der Merwe and Grobler 1990). 

It is assumed in the above principles that water quality objectives (based on the maintenance of 

- ecosystem health and biological integrity) and assimilative capacity can be determined and 
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quantified for a particular water body. These principles also assume a knowledge of which 

toxicants pose a threat to the aquatic environment and the manner in which they pose the threat. 

Aquatic toxicology can provide the knowledge, through toxicity tests, about the potential adverse 

effects of toxicants on the aquatic community. It can therefore play an important role in ensuring 

the sustainable use of aquatic environments through the setting of water quality guidelines and 

by providing information on the tolerances of aquatic organisms. In the past South Africa had to 

rely on international toxicological data bases to set water quality guidelines to protect the aquatic 

environment. DW AF, however, aim to modify guidelines as toxicological data becomes available 

for indigenous South African riverine organisms (DW AF 1996g). The toxicity data required in 

the setting of a guideline in South Africa includes results of acute tests with a least one species 

of freshwater organism in at least eight families, including a cold and warm water fish, 

planktonic crustacean (e.g. Daphnia species), benthic crustaceans, insects (e.g. mayflies) and a 

family other than Arthropoda or Chordata (e.g. Rotifera) (Roux et al. 1996). 

Aquatic toxicology has played an important role in water quality management programmes 

internationally (Richardson and Martin 1994), with a number of standardised methodologies 

being developed. In South Africa toxicological bioassays are not yet a routine component of 

water quality monitoring (DW AF 1998), but have been recognised as a valuable tool in water 

quality management. As aquatic toxicology is still a relatively new field in South Africa, 

standardised methodologies for aquatic bioassays were adopted from international agencies, such 

as the USEP A and the APHA. There is however a danger in adopting internafional standardised 

methodologies without testing whether the methods and organisms are appropriate tor testing 

under South African conditions. These methods are however being investigated in numerous 

toxicity studies around South Africa (e.g. DW AF 1999). 

A species which is widely used internationally, with standardised culture and test methodologies, 

is the freshwater crustacean Daphnia pulex. D.pulex lives in the water column and is found 

largely in standing water (lentic) systems, such as dams and lakes (pennak 1978). However in 

South Africa most of the aquatic systems are rivers, with rivers having been identified as the 

most important aquatic ecosystem in the country (DW AF 1997). Thus the relevance of D.pulex 

-. as a test organism for setting water quality guidelines to protect the aquatic environment in South 
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Africa is questionable, as it can be argued that a lentic species can not represent those organisms 

adapted to flowing (lotic) water. D.pulex is also a very common species, and has been described 

as cosmopolitan (Weber 1991). If they are cosmopolitan, is it not because they are tolerant to a 

wide range of ambient conditions, and may therefore not be ideal as a toxicity test species setting 

guidelines designed to protect other aquatic organisms? 

Water quality criteria set to protect the aquatic environment are aimed at safeguarding freshwater 

ecosystems in South Africa from the adverse effects of pollution. This is best achieved by using 

South African species in the determination of environmental water quality criteria. It can be 

argued therefore that indigenous species and toxicological methodologies adapted for local 

conditions should be used instead of methodologies adopted from countries with very different 

aquatic environments. 

Ten years ago, the lack of data on the water quality tolerances of South Africa's indigenous 
, 

riverine organisms was identified (Palmer et al. 1996) and the need for environmental research 

on the water quality requirements of indigenous riverine organisms was highlighted at a Kruger 

Park Rivers Research Programme (KNPRRP) workshop (Moore 1990). The IWR in 

Grahamstown became extensively involved in investigating of the use of indigenous 

macro invertebrates in toxicity testing, with the aim of assisting in the development of water 

quality guidelines set to protect the aquatic environment from the adverse effects of pollution. 

Three different artificial streams, designed to suit the hydraulic requirementk of riffle dwelling 

organisms, were designed with the aim of using the artificial streams in toxicity testiJg (palmer 

et al. 1996, Scherman and Palmer in press). Riffle-dwelling macroinvertebrates were chosen as 

potential test organisms, as little is known of South African aquatic macroinvertebrates, and 

riffles are the main habitat sampled in bioassessment studies (Chutter 1995). 

The use of indigenous macroinvertebrates as test species and the use of the IWR artificial streams 

in toxicity testing was initiated using single-substance toxicants (e. g. salts and metals) (Scherman 

and Palmer in press). This work contributed both to the increase of toxicological knowledge of 

South Africa's indigenous macroinvertebrates and toward devel~ping a method protocol for the 
-

use of indigenous macroinvertebrates in aquatic toxicity testing (DW AF 1999). The need for site-
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specific whole effluent toxicity testing became apparent, along with the need to compare the use 

of indigenous macroinvertebrates to that of standardised laboratory test species (e.g. D.pulex). 

IWR is involved in a number of projects which are investigating the use of setting whole effluent 

licences (discharge permits) and in the comparison of test species. This study forms part ofan 

investigation entitled "The use of Daphnia and indigenous invertebrates in whole effluent 

toxicity testing in the Vaal River catchment". This project is jointly funded by the Water 

Research Commission and Rand Water and is a collaboration with IWR and Rand Water. 

1.5. AIMS OF TIDS STUDY 

The aims of this study are summarized below and also later discussed in more detail: 

• To investigate the use of a standardised laboratory organism, Daphnia pulex, as a test 

organism for setting water quality guidelines to protect aquatic ecosystems from the 

adverse effects of pollution in South Africa. 

• To investigate the tolerances of different D.pulex cultures, set up from different 

populations, to a single-substance toxicant. 

• To assess the use of indigenous site-specific macroinvertebrates in toxicity testing by 

comparing the sensitivities of selected indigenous macro invertebrates to those of D. 

pulex, using both a single-substance toxicant and selected whole effluents. 

• To assess the practicality of whole effluent toxicity testing in South Africa in general. 

I 
The primary aim of this thesis is to investigate and discuss the use of D.pulex and indigenous 

macro invertebrates as toxicity test organisms' in South Africa. D.pulex are used extensively in 

other countries as standard aquatic toxicology test species, as they have proved to be among the 

more sensitive species and quality guidelines set according to their tolerances appear to 

adequately protect other aquatic species (Wall and Hanmer 1987, Roux 1994).They were also 

found to produce the most useful toxicological information per unit effort (Eagleson et al. 1986). 

D.pulex is however adapted to still waters, and as most of South Africa's aquatic environments 

are flowing, the suitability of this species to represent South African aquatic organisms is 

questioned. Therefore the susceptibility to a single-substance (reference) toxicant (zine-sulphate) 

- and selected whole effluents is compared between D.pulex and selected indigenous site-specific 
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macroinvertebrates. Zinc sulphate was chosen as the single substance toxicant as research on an 

indigenous mayfly, Adenophlebia auriculata, and zinc sulphate had recently been carried out at 

IWR (Everitt et al. in press). A fairly comprehensive international toxicity database is also 

available for zinc (e.g. the USEPA ECOTOX database). The use of indigenous 

macro invertebrates in aquatic toxicology is still relatively new in South Africa, with 

methodologies still being developed and information limited. The practicality of using field­

caught site-specific macroinvertebrates in aquatic toxicology tests, versus the use of a 

standardised, laboratory cultured organism such as D.pulex, is therefore discussed. 

Laboratory cultured organisms have long been favoured in aquatic toxicity testing (APRA 1992, 

Rand et al. 1995), as they are convenient, with individuals of known age and background being 

available year round (Adema 1978, Leeuwangh 1978). Many D.pulex cultures have been 

established in laboratories in South Africa and are used in the routine monitoring of potable water 

quality (e.g. Rand Water Hydrobiology laboratories). However, these cultures have been set up 

independently between laboratories from females caught from different populations. If D.pulex 

are to be used as a standardised test species in aquatic toxicology, the effect of cultures 

originating from different populations needs to be quantified. This study compares tolerances 

between cultures of D.pulex set up from different populations, to determine if there are any 

significant implications when using different populations of a species in toxicity testing. 
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CHAPTER 2 

MATERIALS AND METHODS 

This study aims to compare the use of Daphnia pulex and site-specific macroinvertebrates in 

aquatic toxicology. To achieve this aim, the methodologies used were suited to each test organism 

and therefore vary in a number of aspects. As D.pulex are short lived and live in the water column, 

they are best suited to a static environment (Williams et al. 1984) and standard 48 h acute toxicity 

tests were conducted in glass beakers. The site-specific indigenous invertebrates were collected 

from flowing water environments and to accommodate their specific hydraulic requirements, a 

flowing test environment had to be provided (Frutiger 1984, Home and Bennison 1986, Lowell 

et at. 1995). Acute toxicity tests were therefore conducted in recirculating artificial streams (see 

Section 2.2.1.). The selected invertebrates also have a longer life cycle thanD.pulex and therefore 

require a longer exposure period for acute toxic effects. Acute 48 h static test methodology was 

therefore followed for D.pulex and acute 96 h flowing water test systems required for the testing 

of selected site-specific indigenous macroinvertebrates. Zinc sulphate (Chapter 4) and selected 

whole eflluents (Chapter 5) were used as toxicants in these experiments. 

2.1. Daphnia pulex CULTURING AND TEST METHODOLOGY 

Standard daphnid culturing and test methodologies, described in the United States Environmental 

Protection Agency (Weber 1991), were followed and are described briefly below. l 

2.1.1. Culturing 

Two D.pulex cultures were sub-cultured from existing mature IWQS (Institute for Water Quality 

Studies) and CSIR (Center for Scientific and Industrial Research) cultures, and two new cultures 

were initiated from a single female from Roodeplaat Dam, Pretoria, and the Sewage Works, 

Grahamstown for experiments in Chapters 3 and 4. These cultures were kept at the Institute for 

Water Research (IWR) in Graliamstown. Rand Water D.pulex cultures (sub-cultured from the 

-. eSIR culture) were used for experiments in Chapter 5. Standardised culturing methodologies are 
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essential for ensuring a healthy reliable source of neonates and for the standardisation' of test 

organism quality (Persoone and Janssen 1993). A number of variables are known to influence 

D.pulex growth and reproduction, and are therefore of particular importance when trying to 

culture healthy neonates for toxicological tests. These variables, which include culture medium, 

diet and temperature, are discussed with regard to culturing and testing techniques. 

Culture medium 

A synthetic water, which meets the specific needs of D.pulex, is used for daphnid culturing and 

as the diluent in toxicity experiments (Adema 1978, Elendt 1990). The use of a standardised 

culture medium in toxicity tests enhances the reproducibility and comparability of the tests 

(Persoone and Janssen 1993). River water is not used for either culturing or as the diluent in 

toxicity tests due to practical difficulties, such as the accessibility of water of the same 

composition all year round, availability of the selected water, and suitability of the water in terms 

of quality, e.g. chlorine levels (Elendt 1990). It is important to ensure that the culture medium 

meets the specific requirements of the daphnids to be cultured. For example, Elendt and Bias 

(l990) found when comparing mediums, one medium caused low reproductive rates, reduced 

growth, production of high numbers of undeveloped parthenogenetic eggs and high mortality of 

neonate and adult Daphnia. This was later found to be due to trace element deficiencies, such as 

selenium. 

A medium, made up from stock solutions of CaS04.2H20, KCI, MgS04.7H20 and'NaHC03 

dissolved in deionised water, was found to be suitable for the successful culturing of D.pulex 

(IWQS 1997). The culture medium can be prepared as follows: 

i. Add 18.41 deionised water to a clean aspirator bottle 

ii. Add 1.2 g CaS04.2H20 to 1 1 deionised water and dissolve 

iii. Add 2.4 g MgS04.7H20, 1.8 g NaHC03 and 0.08 g KCI to 500 ml deionised water 

and dissolve 

iv. Add above two stock solutions to aspirator bottle and aerate for at least 24 h before 

use. 
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Cultures must be maintained so as to prevent the build up of waste products and the depletion of 

oxygen, and were therefore cleaned by transferring the daphnids into 21 offresh culture medium 

weekly. 

Diet 

Maternal nutrition plays an important role in both the resistance of the neonates to toxic stress 

and their ability to withstand starvation (Enserink et al. 1993, Persoone and Janssen 1993). Both 

the quantity (Baird et al. 1989) and the quality (Belanger et al. 1989) of food are important, and 

female D.magna have been shown to produce many small neonates under favourable conditions, 

while only a few heavy, stress-resistant neonates are born when food is sparse (Cowgill et al. 

1985, Enserink et al. 1990). High food concentrations may not always result in increased 

productivity, for example Cowgill et al. (1985) obtained the largest mean brood size from a mixed 

algal diet, whilst the smallest mean brood size was produced by a synthetic diet. 

D. pulex have been successfully cultured on a diet of artificial food, made by blending trout 

pellets, dried yeast and dried alfalfa in deionised water, and cultured algae (Weber 1991). The 

artificial food used in this study was prepared as follows: 

i. Add 6.3 g crushed trout pellets, 2.6 g dried yeast and 0.6 g dried alfalfa into 500 ml 

deionised water 

ii. Blend together for approximately 10 minutes 

iii. Leave mixture in fridge overnight allowing it to settle 

iv. Pour off top 300 ml into containers and freeze, discard bottom 200 ml 

v. Thaw food when required. 

Approximately 4 ml of artificial food was given to each 2 I culture daily. 

Temperature 

! 

Temperature affects the length of time taken to reach maturity, the time between broods, the 

number of eggs, life span and the proportion of males produced in the culture (Lewis and Homing 

-. 1991). D.pulex are sensitive to sudden and large temperature changes and it is therefore important 
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that the temperature in the culture room remains constant (Weber 1991). Ringelberg (1973) 

reported that a temperature of20 ° C was an acceptable temperature for survival and reproduction 

of Daphnia cultures, whereas Goss and Bunting (1983) concluded that a regime between 15 - 20 ° 

C was optimal. Most authors agree that temperatures should not exceed 20°C (Adema 1978, 

Lewis and Horning 1991) as reproductive output and survival decrease as temperatures increase 

from 20 to 35°C (Craven et al. 1983). 

Temperature has also been shown to influence the sensitivity of daphnids to several chemicals 

such as heavy metals (Scherban 1977, Braginskiy and Scherban 1979) and herbicides (Cairns et 

al. 1978, Stephenson and Watts 1984). Lewis and Horning (1991) recommended a test 

temperature of 20°C, as test results were found to be more reliable and control mortalities lower 

at this temperature. Temperature in the culture room at IWR is kept between 18° and 22°C, with 

a day-night cycle set at 17 h light and 7 h dark (APRA 1992) to simulate natural conditions. 

2.1.2. Test methodology 

Standard acute 48 h D.pulex test methodology (Weber 1991) was followed for all D.pulex 

experiments in this study. Females with embryos were caught the day before the test using a 

pipette and allowed to hatch overnight in fresh medium in 150 ml beakers. Twenty neonates were 

then divided between 4x30 ml beakers filled with 25 ml of test solution (i.e. 5 neonates per 

beaker), with mortalities recorded after 0.5, 1, 2, 4, 8,24 and 48 h. 

Zinc sulphate experiments (Chapter 3) were used to determine whether source population or 

culture age influence D.pulex tolerance. Two established (mature) cultures (collected from the 

CSIR and IWQS) and two new (immature) cultures (each initiated from a female from Roodeplaat 

Dam and Grahamstown Sewage Works) were used. The CSIR culture was started with a female 

caught from Daspoort Reclamation Works, Pretoria in 1985 and the IWQS cultures started with 

a female from Roodeplaat Dam, Pretoria, 1990. These cultures were of mixed generations. The 

immature cultures were started with a gravid female from Roodeplaat Dam (pretoria) and Sewage 

Works (Grahamstown) populations, and successive generations were kept separate from one 

-. another in order to investigate generation-tolerance relationships. The experimental protocol 
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described above was followed, with all four cultures being run simultaneously when possible, 

using the same zinc sulphate stock solution to reduce experimental error. The concentration range 

of zinc sulphate (prepared in culture medium) was selected to cover 0 and 100% mortalities, with 

as many concentrations being run as possible. The range was calculated to follow a geometric 

progression (APRA 1992). Experiments were conducted at IWQS, Pretoria and at IWR, 

Grahamstown under controlled conditions. 

Chapter 3 test results were also used in the comparison between site-specific invertebrates and 

D.pulex tolerance to zinc (Chapter 4). Ideally site-specific invertebrate and D.pulex experiments 

should have been run simultaneously for comparative purposes. Unfortunately D.pulex cultures 

were not in a suitable condition for reliable experiments when site-specific experiments were 

conducted at Rand Water. 

In Chapter 5 (i.e. the whole effluent testing), the site-specific invertebrate and D.pulex 
, 

experiments were run simultaneously in order to ensure that effluent composition was the same 

for both test methodologies. Ifneonates were unavailable for testing on the elected day, the site­

specific invertebrate test was begun, effluent samples were kept at 4°C until the following day, and 

the D.pulex experiment was initiated. By keeping the effluent samples at 4°C, any chemical 

reactions within the effluent and between effluent and container were minimised, and it was 

unlikely that the composition of the effluent changed significantly (Creed et al. 1995). Effluent 

dilution ranges (prepared in culture medium) were chosen to include 0 and 160% effluent, with 
I 

the number of dilutions being run primarily determined by the number of Channel systems (used 

for the indigenous invertebrate experiments) available in the laboratory. Experiments were 

conducted at Rand Water using their established cultures, which were originally obtained from 

the CSIR, Pretoria. 

2.2. INDIGENOUS SITE-SPECIFIC MACROINVERTEBRATE TEST METHODOLOGY 

All site-specific experiments were conducted at Rand Water, Vereeniging (Figure 2.1). 

Vereeniging is part of the Vaal Triangle, made up Vereeniging, _V anderbjilpark and Sasolburg. 

- . This area is largely industrial and borders one of South Africa's largest rivers, the Vaal River. The 
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Vaal River catchment provides water to an extensive area of northern South Africa (i. e. the Free 

State and Gauteng) and is used for domestic, agricultural and recreational uses, as well as a source 

of waste disposal for local industries. 

All indigenous invertebrates used in this study were collected from two reference sites in this area. 

Namely the Taaibosspruit, a tributary of the Vaal River, and Engelbrechtdrift weir, a site on the 

Vaal River (refer to Section 2.2.2.) (Figure 2.1). The industrial whole effluents selected for use 

in Chapter 5 were collected from two industries in this area. Industry A is located in 

Vanderbj ilp ark, and Industry B in Sasolburg. Industry A and B both discharge effluent, via 

effluent canals, into the Rietspruit and Taaibosspruit, respectively (refer to Section 2.3 .2.) (Figure 

2.1). 

,I 
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Figure 2.1: Map of the Vaal Triangle, showing the reference and whole effluent sampling 

sites 
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2.2.1. Experimental systems 

The Channel systems have been widely used by the IWR in other toxicity studies, e.g. to 

determine the effects of chlorinated sewage effluent on macro invertebrate communities (W'illiams 

1996), and the effects of salinity (Scherman and Palmer in press) and heavy metals on selected 

Ephemeroptera (Everitt et al. in press, Scherman and Palmer in press). The Channel systems were 

found to be the more useful test system when compared with other stream designs (Binder 1999), 

such as the large Artificial Streams and the Raceways (Palmer et al. 1996). 

The Channel systems (Figure 2.2) were made from 1m lengths of polyvinyl chloride (PVC) 

guttering, with a screen of fine netting at one end (to prevent animals from being flushed 

through the system), through which the water flowed into a 201 bucket, and was recirculated 

via a submersible aquarium pump (IDRA IP68 or Shott Centrifugal Pump 12.10, both of 

which have adjustable flow rates from 400-1300llp and 200-14001lh respectively). PVC is a 

relatively inert plastic and is considered a suitable material as it does not release toxins into the 

system (Palmer et al. 1996). Evaporation from the system was minimised by adding a "U-bend" 

and "down-pipe" to the front of the Channels and placing a lid on each bucket. A perspex screen 

was placed over the back ofthe Channel to prevent splash from the inlet pipe. A strip of mosquito 

netting was provided as a substrate for the animals. All systems were cleaned thoroughly before 

and after use with extran, then acid-washed using 4% HCI and rinsed with deionised water. 
1 

J 
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Figure 2.2: The artificial stream system, the Channel, designed to 
meet the hydraulic needs of rifile-dwelling invertebrates. A = the 
inlet, B = mosquito gauze, which acts as a substrate, C = channel 
divider with netting, to prevent test organism escape, D = U -bend, 
E = down-pipe leading to 20 I bucket with lid, designed to prevent 
splashing and minimise evaporative water loss, F = plastic tubing, 
taking water from the pump back to the inlet. 

I 

29 



2.2.2. Reference sites 

A reference site, from which indigenous test organisms are collected, should be unimpacted by 

pollutants (Eekhout et al. 1996). Reference sites are usually above industrial discharge and non­

point source pollutant sources; organisms are therefore previously unexposed to pollutants. 

A number of reference sites were chosen during this study as natural and man-induced flow 

changes resulted in some sites being unreliable in providing suitable test species. All sites were 

chosen because they are above the local SasolN ereeniging industrial areas and were the best 

available site in the area at the time of collection. The sites include the Taaibosspruit, Emfuleni 

Park and Engelbrechtdrift weir (Figure 2.1). 

The Taaibosspruit flows into the Vaal Barrage and was chosen as a reference site based on a 

previous Rand Water study (Muller pers comm.) and biological water quality assessment using 

SASS4 (South African Scoring System). This site later became unsuitable as water was extracted 

by upstream users. 

The Vaal Barrage is downstream of industrial inputs. Although Emfuleni Park falls on the banks 

of the Vaal Barrage, the site was only used once when flooding for several days was experienced, 

and an alternative reference site was needed as the other sites were unsuitable due to flooding. 

I 
Engelbrechtdrift weir was chosen as a reference site based on a SASS4 evaluation of water 

quality. SASS4 requires the sampling of invertebrates in a number of in-stream riverine habitats 

according to a set protocol using standardised equipment. The invertebrates are identified to 

family level and scored (1-15) according to their tolerance to water quality conditions, e.g. a 

family known to be tolerant would score 1, whereas a family known to be sensitive would score 

15 (Table 2.1). These scores are summed to give a sample score. The sample score is divided by 

the number oftaxa to give the average score per taxon (ASPT). The SASS4 results are compared 

to a reference site and becau~e SASS results are influenced by habitat availability, the same 

habitats at each site should be compared when estimating wat~r quality. 
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SASS4 scores at Engelbrechtdrift weir indicated that this site was in a better condition than a 

downstream, eftluent-impacted site in Parys and was therefore suitable as a reference site. ASPT 

and SASS4 scores suggested that water quality was natural (Table 2.2) according to the 

categories as in Table 2.3 (Chutter 1995), with both tolerant and sensitive species being found, 

although more sensitive species occurred than at the site in Parys. For example, at 

Engelbrechtdrift weir, 17% of the taxa found were within the most sensitive of the tolerance 

classes (score ofbetween 12-15), compared to only 6% found at the Parys site. One family known 

to be very sensitive to pollution, the Prosopistomatidae (Ephemeroptera), which scores 15 was 

found at Engelbrechtdrift weir but not at Parys; also more than two species of Baetidae were 

found at Engelbrechtdrift weir, whereas only two species were found at Parys, resulting in a lower 

score at Parys. The Parys site showed a greater percentage of taxa scoring within the lower 

tolerance classes (below a tolerance score of8) when compared with Engelbrechtdrift weir, 94% 

compared with 77% respectively. Habitat influences the types of species found in an area and it 

is therefore important to take the condition of the habitat into consideration when using a biotic 

index to determine water quality (Dys et al. 1996). At each site a general habitat assessment was 

carried out, using the Habitat Assessment Matrix (HAM) (Uys et al. 1996). A high HAM score 

at both sites suggests that the habitat condition is excellent (Table 2.2)J further suggesting that 

the low SASS4 and ASPT scores at the Parys site were due to the pollution experienced at that 

site. 

I 
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~ ... 

SASS4 
River............ Date.......... Time .............................. . 
Sampling point ......................................................... . 
Temp ·C....... pH...... Cond.(mSm·') ...................... . 

Biotopes sampled: 
SIC ............... (Typeltime .......................................... ) 
Marg veg ... Dom Sp .............................................. .. 
Aq veg ... Spp .......................................................... .. 
sooc ..... Sand ...... Mud ...... GraveL ................. .. 
Other ....................................................................... .. 

PROCEDURE PROTOCOLS: 
t. Ifstones in current (SIC) all kickable, 

sample for 2 min. otherwise for maximum of 5 
min. 

2. Gravel - 112 min. 
3. Mar/Aq veg, back & forward sweep 2m. 
4. Stones out of current (SOOC) kick 

+/. 1m2
• 

S. SandlMud stir with feel & sweep nel over 
disturbed area for 112 min. 

6. Any other biotopes - 1/2 min. 
7. Complete top of form. 
8. Tip net contents into tray. Remove leaves, 

twigs and trash. 
9. Check taxa present on above list FOR THE 

LESSER of IS roin. or S min. since the last 
taxon was found. 

to. Estimate abundances on scale: 
A· 1 to 10 B- 10 to 100 
C· 100 to 1000 D> 1000 

11. BEFORE LEAVING CHECK THAT THIS 
FORM HAS BEEN FULLY COMPLETED! 

A* -score allocated to taxon 

TalUlll A' 

~orir.ra 5 
Coelenlcrata 

Hydra 5p. 1 
TuJbeliaria 

Planartans 5 
ArmeJida 

OJillocha ... 1 

Hirudinea 
Leeches 3 

CMIIe •• 
Amphipod. IS 
Crab! 3 
Shrimps 8 

Hydnearina 
Hydraelu!ellae 8 

Plccopte~ 

NOlOnemouride. 12 
Perlidae 12 

Epbemeroplelll 
Polyml1l11cyidae 10 
Bphemeridae U 
Baerida. Isp. 4 

2 spp. or 6 • 

>2 spp. 12 
Ollgoneuridae IS 
Hep/gCnilda. 10 
LeplOpbJ.blldae 13 
BphemeJellidu IS 
'fric0lYthida. 9 
Prusopistomatidae IS 
Caeoid •• 6 

Odoilala 
Cblorolestidae 8 
Lestidae 8 
ProtIlneuridae 8 
Plal)'Cnemlda. 10 

CoenaRriidae 4 
C.IoptcIY,ldae 10 
Chlorocypbidae 10 
ZY8op11OllIjuvS. 6 
ClolI)phidae 6 
Aeabi.ida. 8 

Cotduliidae 8 
Llbcllulid •• 4 

Hemiptera 
Nolonectid .. • 3 
PJ.idae" 4 
Naueorida." 7 
Nepida.· 3 
Beloslolllllidae* 3 
Comid .. - 3 
Oenidae' S 
VellIdae* 5 

M.galoplclll 
COlYdalidu 8 

Trichoplclll 
Hydropsychidu I sp. 4 

2 spp or 6 
>2 spp' 12 

Pbilopotamidae 10 
PolyeellttOpodidae 12 
Psycbomyiidae 8 
Ilcnomidae 8 
Hydroptillda. 6 
Other moyable case 
larva.: 

Case type, family 
I I 8 
2 I IS 
3 I 20 
4 2 30 , 2 40 
>5 3 SO 

Lepldoptelll 
Nympbulid.e 15 

Coleoptel1l 
Dytiscid.e (adoIllJ*) S 
1!Imidae!l>I)Iopidu 8 
GyrInldae (ldolllJ*) S 
Haliplidae (adullllioj 5 
Helodlda. 12 
Hydtaeoidae (adults*) 8 
HylllOjIbilldae (adulllJ*) , 
LImnlchiiIle 8 
Psi:phellidu 10 

, 

Dijllcra 
BI~pbarocerld •• 
Ttpulldae - Psychodidae 
CUlldldae* 
DWela.-
Simuliidae 
Cbironomldae 
CeralopOgonlda. 
Tabanidae 
Syrpbidae' 
Athericldae 
EmplUdidae 
Ilphydridae 
M~dae 

Oastropoda 
LYDIlIaeidae-
MelaDiidle" 
Planolbid •• -
Pbysldae-
AncyJldae 
Hydrobilda.· 

P.lecypod. 
Sj,t..erilda. 
Unl\Ioid •• 

Sample. seo .. 

lifo. of families 

Scorcltaxon ASP'I' 

Air breadter$ rllll. 

Air breathers SCOte 

Other f.,ruliet plesen!: 

15 
5 
1 
I 
13 
5 
2 
S 
5 
J 
J3 
6 
3 
J 

3 
3 
3 
3 
6 
3 

3 
6 

, , 

I 
! 
~ 

I 

! 

I 

'I 

• I 

N 
C"'I 



Table 2.2: SASS4 and HAM scores for both Engelbrechtdrift weir (reference site) and Parys (a 

downstream, effluent impacted site). The families found were grouped into four tolerance classes 

to provide an indication of the relative percentage of tolerant organisms at the two sites. (E. weir 

= Engelbrechtdrift weir; MY = marginal vegetation; SOC = stones-out-of current; SIC = stones­

in-current; TOT = the total sample score at the site, calculated by adding the families found at 

each sampled habitat to give the SASS4 score for the site in total). 

I Habitat sampled Tolerance classes I Habitat 
(SASS4 sample score (% of tot. families found) 

ASPT) 

I Site I MV I SOC ~I TOT ~~~112-15 I:---w-at-er-q-U-a-lity---

Water quality 
approaching natural I E.weir rf~rfl i.1~ FFr-~ 

I Parys I ~.~ 11~ 15~~7 I :'~9 t=~~~:---so-m-:-:t-:~-q-':u-ra-!-on-in--

Table 2.3: Guideline values for estimating water quality condition using SASS4 and ASPT 

scores (Chutter 1995). 

SASS4 ASPT WATER CONDITION 

> 100 I >6 Water quality natural, habitat diversity high. 

< 100 

I 
>6 Water quality natural, habitat diversity 

reduced. I 

> 100 <6 . Borderline case between water quality natural 
and some deterioration in water quality, 

interpretation should be based on the extent 
the which SASS4 exceed 100 and ASPT is 

less than 6. 

50-100 I <6 Some deterioration in water quality. 

< 50 ASPT variable Major deterioration in water quality. 
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2.2.3. Test organisms 

Few South African aquatic macroinvertebrates are well researched, and little is known oftheir life 

histories, biological requirements, environmental importance and tolerance limits to toxicants. As 

a result many of the guidelines set by the DW AF to protect aquatic ecosystems are based on 

international databases and there is a need in South Africa to develop a toxicity database for 

indigenous aquatic organisms. The site-specific indigenous test species chosen for this study were 

selected on the basis of: their abundance and their suitability to the conditions of the test system. 

Standard methods (APRA 1992) require a minimum number of twenty individuals of each species 

at a toxicant concentration, thus the field population must be able to support the collection of 

many individuals at a time. Hydraulic conditions in the test system are known to influence test 

organism behaviour and mortality (Lowell et al. 1995), and as the Channel system is designed to 

meeting the needs of invertebrates living in flowing water (Palmer et al. 1994), only riflle dwelling 

organisms were sampled. Thus those species which lived in a flowing water environment and 

proved easy to collect, quick to identify and abundant were chosen as test organisms. 

A freshwater shrimp, Caradina nilotica (Atyidae), and the mayfly family Baetidae, were first 

selected as potential test organisms as they had been used in previous toxicity studies (Palmer and 

Scherman in press, and Binder 1999 respectively). Due to the eventual abstraction of water at the 

Taaibosspruit reference site (atthe beginning ofl998, the second year ofthis study), these species 

were no longer available and potential test species were collected from Engelbrechtdrift weir 

reference site instead. C.nilotica and Baetidae were collected along with the maytt'y species, 

Afronurus peringueyi (Heptageniidae), Euthraulus elegans (Leptophlebiidae), and a waterbug 

species (in the family Corixidae). These three other potential test organisms were again chosen 

for their abundance and ease of collection. All the species collected are lotic species, with 

C.nilotica and the Corixidae found near the banks of the river, and the mayfly species in the riflles. 

While C.nilotica were found near the reeds and the Corixidae were often in the fine sediments in 

the shallows, both species seemed to prefer the slower flowing waters. Baetidae were often found 

in both fast and slow flowing riflles, with A.peringueyi preferring the slower flowing riflles, and 

E. elegans being more abundant in the faster flowing riflles. 
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Most test organisms were easily identified to species level in the field, except for the Corixidae 

and Baetidae. These were however easily recognisable at family level. The Corixidae appeared 

to consist of one species, which remain unidentified, but the Baetidae were known to be a 

complex of species. This is a disadvantage in toxicology as different species of one family may 

exhibit different sensitivities to the same chemical (Medlyn 1980, Naylor et al. 1990, Hickey and 

Vickers 1992, Hoekstra et al. 1993, Schdoma 1994, Rand et al. 1995, Kammenga and Riksen 

1996, McKinney and Wade 1996), subsequently the concentration-response relationship for the 

family may not be monotonic. All baetids were identified to species level and percentage 

frequency Tables prepared (Chapters 4 and 5). 

Table 2.4 lists where test organisms were collected for each experiment. Test organisms were 

collected by either picking individuals off the rocks with soft paintbrushes (mayfly species) or 

sweeping with a net (shrimps and Corixidae). Organisms were then placed in river water in a 

cooler box with an ice brick and aerated, in order to prevent an increase in temperature and ensure 

high oxygen levels on the drive back to the laboratory, where they were sorted. Organisms of 

different ages (within the same species) have been reported to exhibit different tolerance to the 

same chemical, so to ensure that test organisms are of similar age only those within a size range 

of 50% of one another were placed into the channels (APHA 1992). Only uninjured individuals 

were placed in Channels as the cause of death of injured organisms may not necessarily be due to 

the toxicant. 

I 
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Table 2.4: A summary detailing from where indigenous macroinvertebrates were collected for 

single-substance and whole effluent experiments. 

I Experiment I Test Organism I Reference Site 

Single substance r- Baetidae Engelbrechtdrift weir 
reference toxicant A.peringueyi 
(Zinc) (Chapter 4) C.nilotica 

r- Baetidae Engelbrechtdrift weir 
A.peringueyi 
E.elegans 

r- Baetidae Engelbrechtdrift weir 
C.nilotica 
Corixidae 

I Baetidae Engelbrechtdrift weir 
C.nilotica 
Corixidae 

Whole emuent I Effluent Al I C.nilotica I Emfuleni Park 
(Chapter 5) I Effluent A2 I Baetidae I Taaibosspruit 

I Effluent A3 I Baetidae I Taaibosspruit 

I EffiuentB C.nilotica I Engelbr"';htdrift weir 
Corixidae 

2.2.4. Toxicity test methodology 

I 
I 
I 
I 

I 

Experiments were conducted in a laboratory where the temperature and light regime could be 

controlled. Air temperature was set in order to maintain a Channel water temperature of 20°C. 

It was found that iftemperatures increased much above 20°C, the mayfly species were more prone 

to emerge into sub imagoes and adults, and because only those individuals which were exposed 

(as nymphs) for the full 96 h (unless they died) were counted, emergence resulted in low end 

numbers for these species (i.e. below 20). Temperature was recorded in each channel daily. The 

light regime was chosen to reflect that experienced naturally in the field (APRA 1992), and was 

set at a 17 h day, 7 h night cycle. 

Up to three test species were placed in a Channel at one time, with at least twenty healthy 
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individuals for each being added at random (APHA 1992). To avoid overcrowding no more than 

25 of each species were added. The animals were acclimated for at least 48 h in the dilution water 

before the start of the experiment. Ifmore than 5% of the test organisms died during acclimation, 

the test was terminated (APHA 1992). Where possible the same test species were used for all 

experiments, but this was dependent on availability of the organism. Acclimation water was 

completely replaced with 20 I test solution at the beginning of the experiment. Concentrations 

were positioned at random to avoid any positional effects which may occur in the laboratory 

(APHA 1992). Mortality was recorded twice daily and the dead specimens preserved in 70% 

alcohol for later identification at the Albany Museum, Grahamstown (which houses the national 

freshwater invertebrate collection). 

At the end of each indigenous invertebrate experiment, a full chemical profile was not undertaken 

due to cost constraints, however pH, nutrients (ammonia, nitrite, nitrate and total phosphate), 

water hardness (as calcium carbonate), sulphate and zinc concentrations for each treatment were 

determined by Rand Water. In a non-renewal system, nutrient concentrations can increase to toxic 

levels due to increased metabolites over the test period, which may result in the stress and death 

of test organisms (APHA 1992). It is therefore important to establi~h whether mortality is 

related to increased nutrient levels, physical factors (e.g. temperature) or to the test chemical. 

Standard methods therefore specify that temperature, electrical conductivity and pH be 

measured in each experimental system (Channel) daily, as these factors are known to influence 
1 

the toxicity of metals (APHA 1992). These were measured during the zinc experiments using 
I 

a Conductivity meter (WTW LF 320), pH meter (WTW pH 320) and thermometer. 

Conductivity and pH were not recorded daily during effluent experiments as they are a 

characteristic of the effluent. 

The range of nutrient concentrations determined for each experiment was compared to chemical 

data obtained from Rand Water for Engelbrechtdrift weir. Water samples were analysed by Rand 

Water monthly and data from 1992 to 1998 was summarised as the maximum, minimum and 

median values experienced ov~ this period. Nutrient concentrations recorded in the experiment 

_. ~ere also compared to the TWQR in the Guidelines for the Protection of Aquatic Ecosystems. 

These comparisons were made to gIve an indication of previous exposure and whether 
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concentrations recorded during the experiment were to be considered high. 

Waste was discarded into Wastetech containers for disposal by Rand Water. 

2.3. GENERAL METHODOLOGY 

2.3.1. End-point selection 

The ultimate aim of determining the toxicity of a chemical or effiuent is to be able to provide 

quantitative and meaningful information to managers and regulatory agencies. All experiments in 

this study were acute, with lethality as the measured end-point. Cairns (1992) argues that lethality 

is not an acceptable final threshold as an aim of toxicology is to protect aquatic organisms from 

harm. However, the use of acute toxicity tests, with lethality as an end-point, do provide a fast 

assessment of an unknown chemical mixture/stressor. Acute tests, although crude, provide 

important information as to the effects of a stressor and form a vital part of any toxic evaluation 

(Rand and Petrocelli 1985). Lethality is also clearly defined and easy to measure. If the test 

animal, when gently prodded, does not respond the animal is regarded as dead. 

2.3.2. Effluent collection and toxicant preparation 

Effiuents were collected at two industries, Industry A in Vereeniging and Indu~ B in Sasolburg 

(Figure 2.1). Industry A discharges an effiuent composed primarily of heavy metals into the 

Rietspruit via an effluent canal. This effluent was used in three separate experiments, with effluent 

samples being referred to as AI, A2 and A3. Industry B' s effiuent is known to be highly variable 

and known to contain polyvinyl chloride (PVC), cyanide and fertilizer. One experiment was 

conducted using this effluent. Effluent samples were collected in 20 l plastic buckets as close to 

the industrial outlet as possible. Effiuent was used immediately in experiments in order to reduce 

variability in the effluents' composition over time. Collecting buckets were thoroughly cleaned 

and acid rinsed before use to avoid contamination of samples. Preservatives were not added 

(Slabbert et al. 1996). A sample of each effluent was used for ch.emical analysis to determine the 
-. -

effluent composition. It was accepted that the chemical analysis could not be definitive, as all 

--- --.... = 
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constituents (e.g. organics) could not be tested for due to cost constraints, and some constituents 

may have been below current method detection limits (Roux et at. 1993, Heber et at. 1996). The 

chemical analysis does however provide an indication of eflluent composition and variability. 

Zinc sulphate was chosen as a reference toxicant (see Section 1.4) and appropriate amounts were 

measured for each treatment and dissolved in fresh dilution medium (Section 2.2.3). Samples 

taken at the end of each experiment using indigenous invertebrates were sent for chemical 

analysis, to determine the actual concentration of zinc the test organisms were exposed to during 

the experiment. Toxicity data was calculated and expressed in terms of the actual zinc 

concentration, as opposed to weighed zinc sulphate concentration. 

2.2.3. Dilution medium 

In toxicity testing a standard synthetic medium (e.g. dechlorinated tap water) or the receiving 

water, from which the organisms are collected, are recommended as dilution media (APHA 1992). 

It is argued that receiving water (defined in this study as the water from which test organisms 

originate or water into which discharge of toxicants occur) is preferable to use as the dilution 

water when determining the sensitivity of indigenous site-specific organisms to a toxicant or when 

evaluating the toxicity of a whole eflluent (Buikema et al. 1982, Guckert 1993). Chemical and 

physico-chemical characteristics of the receiving water may change the toxicity ofthe toxicant or 

whole eflluent, e.g. pH may result in the ionization of chemicals within an 1eflluent, and any 

binding to suspended solids may result in decreased toxicity (Gerhardt 1993, Grothe et ~l. 1996). 

Therefore, by using the receiving water as the dilution medium, the interactions and resultant 

toxicity between the chemical components of the water and the toxicant are determined during 

the toxicity tests. The environmental realism of the experiment is therefore increased, because 

these interactions are incorporated into the end-point and the relative toxicity of the toxicant is 

determined (Buikema et al. 1982, Guckert 1993). This is opposed to the inherent toxicity of the 

effluent which is established by using a standard dilution water, prepared from distilled or 

deionised water and known chemicals (Slabbert et al. 1998), such as in the D.pulex method where 

the culture medium is used as dilution media. 
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As it is not always possible to use the receiving water as the dilution medium due to practical 

constraints (e.g. the transport of large volumes of water to the laboratory may be impractical), 

dechlorinated tap water has been a suggested alternative (APHA 1992). Both the receiving water 

(i.e. Vaal Dam water) and tap water were used to compare the differences dilution water may 

have on the toxicity of a single substance toxicant (i.e. zinc) (Chapter 4). The tap water was 

bubbled for at least 48 h to ensure dechlorination. 

Only Vaal Dam water was used in the indigenous site-specific macro invertebrate whole effluent 

experiments (i.e. the relative toxicity was determined), whereas the culture medium was used as 

the diluent in the D.pulex whole effluent experiments (i.e. inherent toxicity) (Chapter 5). Vaal 

Dam water was not used as the diluent in the D.pulex experiments, as the standardised diluent for 

these tests is the culture medium, and the aim of the study is to compare the sensitivities of 

different test organisms using standard methodologies. 

2.4. EXPERIMENTAL DESIGN OF THE ACUTE TOXICITY EXPERIMENTS 

Toxicity tests generally ask two questions: does a chemical produce an adverse effect on a test 

population and if so, how much of an adverse effect is produced? Experiments are designed to 

yield as much information as possible to answer these questions (Ellersieck and La Point 1995). 

The most important issues in toxicity test design are the number oftreatment~ (concentration or 

dilution) which should be run and the number of individuals in each treatment (W~ber 1991, 

Hoekstra 1993a). The repeatability and precision of toxicity tests is a function of the number of 

test organisms used at each toxicant concentration (Weber 1991). Jensen (1972) discussed the 

relationship between sample size (test organism number) and the standard error of the test, and 

considered 20 fish per treatment as optimum for Probit Analysis (a toxicological statistical model). 

APHA (1992) also recommends that 20 individuals be the minimum number of test organisms in 

each treatment. Therefore in each treatment at least 20 individuals of each selected test organism 

was used in this study. A tocixity test is acceptable only if control mortality is 10% or below 

(APHA 1992), thus only data sets where control mortality was below 10% were included in the 

analyses. 
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The two more commonly used experimental designs in aquatic toxicology are the analysis of 

variance (ANOV A) and linear regression designs, with the major difference being the use of 

replicates. Both test designs have their advantages and disadvantages. The ANOV A approach, 

where each treatment is replicated, is robust and can account for the variability in a population's 

response to a chemical (Stephan and Rogers 1985); i.e. if response around the concentration­

response curve is not monotonic, the ANOV A design can incorporate this variability as the 

method compares the means of the different concentration replicates. The disadvantage of the 

ANOV A design however is that each concentration must have at least two or more true replicates 

(APHA 1992), and this may become an issue if test organism availability or space is limited (as 

it was in this study) or if true replicates are difficult to achieve. Also an ANOVA can only give 

comparisons between the replicates, thus giving an indication of significant differences between 

the responses within the different concentrations, but not the relationship between all the 

concentrations in the experiments. The advantage of the linear regression design is that no 

replicates are required and each concentration (or treatment) is treated independently (Stephan 

and Rogers 1985, Weber 1991). 

The optimal experimental design depends on the question being addressed and on the required 

precision of the toxicity estimate (APHA 1992). Hoekstra (1993 a) however recommends that a 

large set of concentrations be given preference over a large number of replicates per 

concentration, as more data is obtained on the concentration-response curve. Experiments in this 

study were designed to take advantage of the linear regression approach (Stephan and Rogers 

1985), as opposed to the more traditional ANOVA approach (APHA 1992). The linear/regression 

was advantageous in this study for the following reasons: 

• D.pulex neonates were often only available in limited numbers (Chapters 3 and 5). 

• Laboratory space in which to run the Channel systems was limited (Chapters 4 and 5) 

• Precise ZnSO 4 replicates were difficult to maintain throughout the experiments (Chapter 

4). 

It was decided that being able to run a wide range of dilutions had greater value than few 

replicated dilutions as the strength of the statistical estimate of the LC50 increases with an 
-

increased number of concentrations (i. e. the linear regression becomes more rigorous with 

increased dilutions and both Probit and Spearman-Karber statistical models (used in this study) 
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estimate LC50s based on a linear regression). 

2.5. STATISTICAL ANALYSIS 

LC50 values (concentration at which 50% of the test population dies) (Hoekstra 1993b) were 

calculated for each test organism using both Probit and Trimmed Spearman-Karber methods 

(Gelber et al. 1985). Probit is the most widely used parametric statistical method in aquatic 

toxicology (Hoekstra 1993) and uses the Probit transformation of mortality data in combination 

with a standard curve-fitting technique to determine the LC50 (APHA 1992). The Probit model 

requires 0 and 100% mortality data, because, being a parametric method, it can be utilized only 

when at least 2 "partial kills" are present in the data set (APHA 1992). The model yields a 

symmetric concentration-response curve and Chi-Square heterogeneity value. If the data fits an 

asymmetric concentration-response curve, a high Chi-Square value results, suggesting that the 

model is not appropriate for the data and the LCSO calculated will not be valid. 

The non-parametric Trimmed Spearman-Karber method is a widely accepted alternative to the 

Probit method for analysing mortality data (Hamilton et al. 1977). The method does not require 

data to be symmetric and does not depend on th~ presence of partial kills. Generally, lack offit 

to a predicted model is due to outliers in one or both the tails of the response distribution 

(Sanathanan et al. 1987). The Trimmed Spearman-Karber method "trims" the tails of the 

concentration-response curve thus restricting the distribution to the more central, approximately 

linear, portion of the concentration response (Ellersieck and La Point 1995). A percentage trim 

which is considered to be unacceptable coulO not be found in the literature, thus in this study a 

percentage trim greater than 20% was considered to be high, as 20% on both sides of the 

concentration-response curve had to be trimmed off to calculate the LCSO (Hamilton et al. 1977) 

(i.e. only 60% of the data was used to calculated the LCSO). The disadvantage of Trimmed 

Spearman-Karber is that data must cover the range of 0 to 100% mortality in order to estimate 

the LCSO. If the true concentration-response curve is asymmetric however, Spearman-Karber 

estimates the mean tolerance (APHA 1992). Hamilton et al. (1977) argue that the Trimmed 

Spearman-Karber method is the better method than Probit because this method always produced 
-
useful results and based on their experience, the model is considered more accurate and robust. 
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In this study, if the data did not fit a model's assumptions, data were analysed using the alternate 

model. If control mortality exceeds 10%, the test is considered invalid (APHA 1992), thus no data 

set was used if control mortality exceeded 10% (i.e. recorded mortality of 11 % and above). 

To determine whether there were any significant differences between two LC50s the following 

formula was used (APHA 1992): 

11.2 =antilog J (logfI? +(l0gt;)2 

where f= the factor for 95% confidence limits of the LC50, i.e. calculated by dividing the upper 

confidence limit by the LC50. If the ratio (greater LC50)/(lower LC50) exceeds the value for f1.2 

the LC50s are considered to be significantly different. 

IfLC50s between experiments were shown not to be significantly different for a particular test 

organism, the data were pooled and one LC50 calculated; if shown to be significantly different, 

a LC50 range is discussed. 

I 
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CHAPTER 3 

DIFFERENCES IN ZINC TOLERANCE BETWEEN Daphnia pulex CULTURES 

STARTED FROM SEPARATE POPULATIONS 

3.1. INTRoDUCTION 

The Family Daphniidae (Order Cladocera), including Daphnia and Ceriodaphnia species, is used 

extensively in aquatic toxicity testing and include a number of important standardised test species 

(Nikunen 1985, Fargasova 1994). Daphnid bioassays are among the more cost effective toxicity tests 

to conduct and are argued to provide the most useful toxicity information per unit effort compared 

to other freshwater test organisms, such as fish (Eagleson et al. 1986). Daphnids are also relatively 

easy and economical to culture in the laboratory (Leeuwangh 1978, Koivisto 1995). As a result, the 

Daphnia magna, D.pulex and Ceriodaphnia dubia standardised culturing and test methodologies are 

endorsed by internationally recognized organizations such as the United States Environmental 

Protection Agency (USEP A). They are also used in numerous toxicological studies, and in the setting 

of substance-specific guidelines and whole effluent licences designed to protect the aquatic 

environment (persoone and Janssen 1993). 

Daphnids have been described as ubiquitous in temperate fresh waters (Berner 1986), and are 

abundant in lakes, ponds and quiescent sections of streams and rivers (peAnak 1978). They are 

therefore relatively easy to collect from the field and many laboratories have started their own 

daphnid cultures from nearby lentic populations. In South Africa, D. pulex are among the most widely 

used freshwater invertebrate test species in routine and experimental toxicity testing at laboratories 

such as the Department of Water Affairs and Forestry (DW AF) Institute for Water Quality Studies 

(IWQS) and the Center for Scientific and Industrial Research (CSIR), with both laboratories having 

initiated their own cultures from local populations. 

In South Africa, laboratories have initiated D.pulex cultures from females from different field 
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populations, e.g. the CSIR and IWQS cultures. It can be assumed that genetically these two wild 

populations are different, as both are isolated from one another spatially, and have experienced 

different field conditions. Although international standard culturing and testing techniques have been 

followed by both laboratories for over eight years, slight variations in the culture methodology 

between the two laboratories were identified (e.g. different feeding regime) (IWQS 1997). The 

differences in culture methodology and the influence of possible genetic differences on tolerance to 

toxicants between these two culture is unknown. This chapter therefore investigates the potential 

impact of these differences. Zinc sulphate was used as a reference toxicant in acute 48 h toxicity tests. 

Once a Daphnia culture has been established in a laboratory it can be kept indefinitely and no studies 

were found which indicated whether the time spent under culturing conditions in the laboratory 

influence the tolerance of the Daphnia to toxicants. It is assumed in laboratories that the genetic 

structure of the culture remains the same through time and that no genetic mutation, which may 

change the susceptibility to a chemical, occurs (Weider 1993). This study therefore also briefly 

investigated the assumption that susceptibility of a culture remains constant over time. The acute 48 

h tolerance to zinc of a culture, which has been in the laboratory for eight years, was compared to that 

of cultures which had been in the laboratory for less than a year (both cultures were established from 

females collected from the same area). The different generations within a culture were also compared 

to determine if "culture age" (time spent under laboratory conditions) influenced tolerance to zinc. 

3.2. MATERIALS AND METHODS 
I 

Acute 48 hD.pulex experiments using two mature cultures (originally initiated from different females) 

were undertaken to determine whether D.pulex cultures set up from different field populations 

showed similar sensitivity to a single-substance toxicant. Mature and immature cultures (see Section 

2.1) were compared independently from one another because the influence of time exposed to 

laboratory culturing on tolerance is unknown (i. e. it is not known if culturing in the laboratory affects 

the toxicological response to a chemical; cultures may become "adapted/acclimatized" to laboratory 

conditions. Therefore CSIR culture was not compared to Sewage Works (SW), Grahamstown or 
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Roodeplaat Dam (RD), Pretoria, but only compared with IWQS culture. 

A number of experiments (Table 3.1) were designed to determine whether genetic differences 

between cultures influence the susceptibility of D.pulex to zinc sulphate. Experiments 1-3 were 

conducted at IWQS (Pretoria, where culture care was the responsibility ofIWQS) and Experiments 

4-6 were conducted at the Institute for Water Research (IWR) (Grahamstown) using the two mature 

cultures (i.e. IWQS and CSIR cultures). Both cultures were kept in the same culture room at both 

laboratories and therefore experienced the same conditions. This increased the confidence that any 

differences in tolerance could be attributed to genetic differences between the two cultures. There 

were however slight variations in the culture methodologies between IWQS and IWR laboratories, 

with IWRpreferring to follow methodologies of the Weber (1991). At IWQS, the cultures were fed 

5ml artificial food three times a week and not on weekends, whereas at IWR the cultures were fed 

4ml artificial food per day and sometimes on weekends. At both laboratories, the cultures were 

subjected to the respective feeding regimes for weeks before the experiments and therefore this slight 

change in feeding regime is unlikely to have influenced results. Air temperature was maintained 

around 20°C in both laboratories. The experimental protocols and statistical analysis described in 

Chapter 2 were followed to determine significant differences in zinc tolerance between the cultures. 

Three experiments were carried out to investigate the tolerance of a culture to a specific chemical 

changed with increased time spent cultured in the laboratory (referred to here as "culture age"). 

IWQS mature cultures were compared with RD immature cultures, as both we;e set up using a female 

collected from Roodeplaat Dam. To further compare culture age (time spent c~ltured in the 

laboratory) and its potential influence on tolerance to a specific chemical, each generation for both 

RD and SW cultures was kept separate from one another, and experiments on the earlier and later 

generations were compared (see Chapter 2). 

Experiments 4-6, designed to investigate genetic differences between cultures, simultaneously 

investigated the potential influence of culture age on the tolerance to zinc sulphate, with both mature 

and immature cultures being run at the same time. The 48 h LC50s calculated for the mature IWQS 
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and immature RD cultures were compared; similarly the 48 h LC50s calculated for the different 

generations within the two immature cultures were compared (i.e. SW and RD). The experimental 

protocols and statistical analysis, described in Chapter 2, were followed to calculate significant 

differences in zinc tolerance between the cultures. 

The number of concentrations run in each experiment was subject to neonate availability. The 

minimum number of concentrations considered acceptable in a regression design experiment is five 

with one control (Cooney 1995). In Experiments 1 and 3, five concentrations and one control were 

run; in Experiment 2, an additional concentration was run because neonates were available. In 

Experiment 4, 5 and 6, nine, seven and seven concentrations were run respectively. The zinc sulphate 

concentration range was chosen to ensure zero and a hundred percent mortality and determined using 

a geometric series, with each successive concentration being 0.5 of the previous concentration 

(USEPA 1989). A 0.5 dilution was chosen for its ease of calculation and set up. Initially the 

concentration range was based on the literature, with a reported 48 h LC50 of between 0.115 and 

0.124 mg/lfor zinc sulphate (Sheedy et al. 1991). Thus the concentrations in Experiments 1-3 were 

0.01,0.03,0.06,0.12 and 0.25 mg/I ZnS04, with an extra concentration (0.003 mg/I ZnS04) being 

run in Experiment 2 due to the available neonates. A similar range was chosen for an experiment at 

IWR, but 12 concentrations were run (0.5 geometric range between 0.007-0.25 mg/I ZnS04), no 

mortality however was recorded during this experiment, thus the upper concentration was increased 

arbitrarily to 5.0 mg/I ZnS04 to ensure 100% mortality in Experiments 4-6. Thus the concentrations 

in Experiments 4-6 included a 0.5 geometric range from 0.009 - 5.0 mg/I Zn~04' One ZnS04 stock 

solution was used for Experiments 1-3 and different stock solutions were made up fdr Experiments 

4-6. Due to the large apparent variability betWeen the concentration ranges ofZnS04 which resulted 

in acute 48 h mortality, the Zn concentration of each ZnS04 stock solution was determined on an 

Atomic Absorption Spectrophotometer at Rhodes (detection window between 0 mg/I and 1.5 mg/I) 

and Zn was used in the LC50 determinations. Unfortunately, standard D.pulex test methodology does 

not require chemical analysis to determine toxicant concentration, and because of this, chemical 

analysis was not preformed on the stock solution used in Experiments 1-3 (i.e. those carried out at 

IWQS). Rather, the amount ofZn added was calculated and used in the LC50 determinations. Table 
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3.1 summarizes where each experiment was conducted, its purpose and which concentrations were 

included. 

Table 3.1: This table summarises where the experiment was conducted, cultures used, purpose of 

the experiment and zinc concentration used in each acute 48 h experiment for both the mature IWQS 

and CSIRD.pulex cultures. Zinc sulphate concentrations were selected according to a 0.5 geometric 

progression to ensure zero and 100% mortality. 

Experiment Place of Cultures Purpose of experiment Toxicant Concentration 
number conduct used (mg/1Zn) 

1 IWQS CSIR genetic population 0.000, 0.003, 0.007, 0.014, 
IWQS differences 0.027, 0.057 

2 IWQS CSIR genetic population 0.000, 0.0007, 0.003, 0.007, 
IWQS differences 0.014, 0.027, 0.057 

3 IWQS CSIR genetic population 0.000, 0.003, 0.007, 0.014, 
IWQS differences 0.027, 0.057 

4 IWR CSIR genetic population 0.000, 0.007, 0.013, 0.027, 
IWQS differences 0.054,0.108,0.215,0.430, 

RD & 0.860, 1.72 
SW culture age differences 

5 IWR CSIR genetic population 0.000, 0.015, 0.029, 0.058, 
IWQS differences 0.120,0.230,0.470,0.930 

RD & 
SW culture age differences 

) 

6 IWR CSIR genetic population 0.000,0.022,0.043,0.086, 
IWQS differences 0.173, 0.345, 6.690, 1.380 

RD . & 
SW culture age differences 

Both Probit and Trimmed Spearman-Karber methods were followed to calculate LC50s for each 

culture in each experiment. The data was better suited to the Trimmed Spearman-Karber method 

however, because there was not always a monotonic relationship between mortality and increased 

concentration. A percentage trim which is considered to be unacceptable could not be found in the 

literature, thus in this study a percentage trim greater than 20% (Trimmed Spearman-Karber method) 
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was considered to be high, as 20% on both sides of the concentration-response curve had to be 

trimmed off to calculate the LC50 (i.e. only 60% of the data was used to calculated the LC50). 

Statistically significant differences between LC50s were determined using the APHA formula (APHA 

1992) given in Chapter 2. Differences were determined between experiments (i.e. within one culture) 

and between cultures. 

The co-efficient of variation (CV), used to determine test precision between toxicity experiments, was 

calculated for a culture, and each experiment within a culture compared to the mean LC50. The CV 

is typically used when comparing variability in samples from populations with different means, and 

is the ratio between the standard deviation to the mean (expressed as a percentage by multiplying by 

100) (Fowler and Cohen 1993) (e.g. a mean LC50 and CV for CSIR experiments 1-6 was calculated). 

Rue et al. (1988) reviewed intra- and inter-laboratory variability in acute toxicity tests for a variety 

ofeflluents. The average intra-laboratory CV for LC50 values was 15.8%. Eflluents, due to their 

chemical composition, are more variable than a single-substance toxicant, thus the variability around 

an LC50 for a reference toxicant should not the greater than that recorded for eflluents. Therefore, 

in this study a CV greater than 15% is considered to be unacceptable. 

3.3. RESULTS 

In each experiment the D.pulex neonates responded to the zinc sulphate, and the classic 

concentration-response curves were obtained for each culture. As zinc codcentration increased, 

mortality increased (Figures 3.1-3.13, Sections 3.3.2 and 3.3.3). I 

3.3.1. Variability in LC50 results between experiments 

Within the CSIR and IWQS cultures, experimental variability was high (i.e. greater than 15%), with 

each culture showing a CV above 130% (Tables 3.2-3.3). In an attempt to characterize the variability 

within a culture, the mean LC50 for each culture was calculated (despite high CV s) and experimental 

LC50s for each experiment compared to it. The same pattern of variability can be seen in all 
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cultures, where LC50 values in Experiments 5 and 6 are greater than those of Experiments 1-3. 

The CVaround the calculated 48 h LC50s for the CSIR culture was 139%, with the mean LC50 

calculated at 354.44 J.lg/l Zn. Experiment 4 showed the highest LC50 value, 89% greater than the 

mean and was calculated at 1280.00 J.lg/l Zn. In the first three experiments, LC50s fell ~etween 12.10 

J.lg/IZn and 32.16 J.lg/IZn, with subsequent experiments having LC50s of320 J.lg/IZn and 470 J.lg/l 

Zn respectively. Experiments 5 and 6 showed LC50 values which were the most comparable to the 

calculated mean. The LC50 for Experiment 5 was calculated as being 10% less than the mean and 

Experiment 6 showed an LC50 25% greater than the mean. 

Table 3.2: The 48 h LC50 values (Trimmed Spearman-Karber) calculated for each CSIR experiment, 

along with the confidence limits and percentage trim. Due to the high variability between LC50s for 

each experiment, a mean LC50 value (354.44 J.lg/ I Zn) was calculated for the culture and the variation 

between experiments expressed as a percentage smaller or greater than the mean. The CV around the 

mean 48 h LC50 was calculated to be 139%. 

Experiment csm culture: 48 h LC50 (J.lg/I Zn) % greater/less than the mean 
(% trim) 48 h LC50 (354.44 J.lg/I Zn) 

1 12.1JlO.64-13.7~) (0.0%) smaller by 96.6% 

2 7.15 i6.19-8.25)Jl2.50%) smaller by98.0% 

3 37.39 (29.27-47.78) (30%) smaller by 89.4% 

4 1280.00 (1210.00-1350.00) (20.00%) greater by 72.3~ 

5 320.00 (290.00-350.00) (0.00%) smaller by 9.7% 

6 470.00 {440.00-510.00) (0.00%) greater by 24.6% 

Similar variability around the end-point (LC50) was experienced in the IWQS culture. The CV 

around the calculated mean 48 h LC50 was calculated at 132% (Table 3.3). Experiments 1 and 2 

showed the lowest LC50 values (18.51 J.lg/l Zn and 10.13 J.lg/l Zn respectively), with Experiment 4 

again having an LC50 calculated as being significantly greater than previous and subsequent 

experiments. The mean LC5O-for this culture was calculated at 324.40 J.lg/l Zn; Experiment 1-3 
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LC50s were between 94% and 97% less than the mean, with Experiment 4 being 70% greater than 

the mean. Experiment 5 showed an LC50 32% smaller than the mean and Experiment 6 had an LC50 

which was 46% greater than the mean. 

Table 3.3: The 48 h LC50 values (Trimmed Spearman-Karber) calculated for each IWQS 

experiment, along with the confidence limits and percentage trim. Due to the high variability between 

LC50s for each experiment, a mean LC50 value (324.40 f.i,g/l Zn) was calculated for the culture and 

the variation between experiments expressed as a percentage smaller or greater than the mean. The 

CV around the mean 48 h LC50 for this culture was calculated to be 132%. 

Experiment IWQS culture: 48 h LC50 (f.i,g/l Zn) % greater/less than the mean 

(% trim) 48 h LC50 (324.40 f.i,g/l Zn) 

1 18.51 (16.79-20.42) (0.00%) smaller by 94.3% 

2 10.13 (8.31-12.34) (12.5%) smaller by 96.9% 

3 27.78 (24.28-31.78) (20.00%) smaller by 91.4% 

4 1070.00 (940.00-1230.00) (20.00%) greater by 69.7% 

5 220.00 (200.00-250.00) (0.00%) smaller by 32.2% 

6 600.00 (570.00-640.00) (0.00%) greater by 45.9% 

The immature cultures, RD and SW, also showed significant variability between r!C50 values in 

Experiments 4-6, with the CV around 48 h LC50s calculated at 130% and 134% respectively. For 

example the RD culture in Experiment 4 showed an LC50 of 1370.00 f.i,g/l Zn, which then dropped 

to LC50s of 350 f.i,g/l Zn and 460.00 f.i,g/l Zn in Experiments 5 and 6 respectively (Table 3.4). 

Similarly in the SW culture, Experiment 4 showed an LC50 of 1500 f.i,g/l Zn, compared to 

Experiments 5 and 6 where the LC50s dropped to 450 f.i,g/l Zn and 470 f.i,g/l Zn respectively (Table 

3.5). Both mature and immature cultures were run simultaneously in Experiments 4-6, with all four 

cultures showing the greatest LC50 in Experiment 4, with the LC50s in the subsequent two 
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experiments being significantly less (Tables 3.1-3.4). 

Table 3.4: The 48 h LCSO values (Trimmed Spearman-Karber) calculated for each RD experiment, 

along with the confidence limits and percentage trim. Due to the high variability between LCSO for 

each experiment, a mean LCSO value (726.67 J-lg/I Zn) was calculated for the culture and the 

variation between experiments expressed as a percentage smaller or greater than the mean. The CV 

around the mean 48 h LC50 was calculated to be 130%. 

Experiment RD culture: 48 h LC50 (J-lgll Zn) (% % greater/less than the mean 
trim) 48 h LC501726.67 J-lgll Zn) 

4 1370.00 (I 160.00-1610.00) (40.00%) greater by 47.0% 

5 3S0.00 (320.00-390.00) (0.00%) smaller by SI. 8% 

6 460.00 (430.00-490.00) (0.00%) smaller by 36.7% 

Table 3.5: The 48 h LC50 values (Trimmed Spearman-Karber) calculated for each SWexperiment, 

along with the confidence limits and percentage trim. Due to the high variability between LC50s for 

each experiment, a mean LC50 value (806.67 J-lg/ I Zn) was calculated for the culture and the variation 

between experiments expressed as a percentage smaller or greater than the mean. The CV around the 

mean 48 h LCSO was calculated to be 134%. 

Experiment SW culture: 48 h LC50 (J-lgll Zn) % greater/les~ than the mean 
(% trim) 48 h LC50J806.67 J-lgll Zn) , 

4 1500.00 (1340.00-1670.00) (40.00%) greater by 46.2% . 
5 4S0.00 (410.00-490.00) (S.OO%) smaller by 44.2% 

6 470.00 (440.00-510.00) (0.00%) smaller by 41.7% 
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3.3.2. The influence of different genetic populations on the tolerance of D.pulex neonates to 

zinc 

Due to the significant variability occurring between the LC50s for each experiment within one 

culture, comparisons made between the cultures is limited to each separate experiment. Therefore a 

comparison is made between IWQS and CSIR Experiment 1, and treated independently from a 

comparison made between IWQS and CSIR Experiment 2, etc. 

Both IWQS and CSIR cultures were initiated about eight years ago from a single female collected 

from geographically isolated populations and are assumed to be genetically different. When both the 

24 h and 48 h LC50 values were compared in each experiment, the two populations were statistically 

different using the APHA formula (Table 3.6 and 3.7). For example, the CSIR cultures in Experiment 

1 showed a 48 h LC50 value of 12.10 J.lg/l Zn compared to 18.51 J.lg/l Zn calculated for the IWQS 

culture (Table 3.7). 

I 
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Table 3.6: The 24 h LC50 values (Trimmed Spearman-Karber), with confidence limits and 

percentage trim for CSIR and IWQS D.pulex experiments. Where low mortality was recorded in the 

upper concentrations, an LC50 could not be calculated because the percentage trim required was too 

great. In Experiment 2, 95% confidence intervals were not calculated for the CSIR culture because 

they were unreliable due to the 50% trim. 

Experiment CSm. culture: 24 h LC50 IWQS culture: 24 h LC50 
(J..lgll Zn) (% trim) (J..lg/l Zn) (% trim) 

1 28.76 (24.98-33.11) (21.00%) 32.16 (27.51-37.58) (22.00%) 

2 39.41 (not reliable) (50.00%) Trim too great 

3 Trim too great Trim too great 

4 Trim too great Trim too great 

5 450.00 (410.00-500.00) (5.00%) 580.00 (520.00-640.00) (15.00%) 

6 980.00 (830.00-1140.00) (35.00%) 1200.00 (960.00-1510.00) (45.00%) 

Table 3.7: The 48 h LC50s (Trimmed Spearman-Karber), with confidence limits and percentage trim 

for each CSIR and IWQS D.pulex experiment. The high percentage trim in Experiments 3 and 4 is 

due to a non-monotonic increase in mortality with an increase in zinc concentration (Figures 3.3 and 

3.4). 

\ 
Experiment CSm. culture: 48 h LC50 IWQS culture: 48 h LC50 

(J..lflll Zn) (% trim)_ (J..lg/l Zn) (% tnm) 

1 12.10 (10.64-13.76)'(0.00%) 18.51 (16.79-20.42) (0.00%) 

2 7.15 (6.19-8.25) (12.50%) 10.13 (8.31-12.34) (12.00%) 

3 37.39 (29.27-47.78) (30.00%) 27.78 (24.28-31.78) (20.00%) 

4 1280.00 (1210.00-1350.00) (20.00%) 1070.00 (940.00-1230.00) (20.00%) 

5 320.00 (290.00-350.00) (0.00%) 220.00 (200.00-250.00) (0.00%) 

6 470.00 (440.00-510.00) (0.00%) 600.00 (570.00-640.00) (0.00%) 
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The fact that the LC50 values for CSIR and IWQS populations were significantly different in each 

experiment suggests that these two populations are different with respect to their susceptibilities to 

zinc. When comparing the response of both cultures after 24 h, the CSIR appeared to be more 

sensitive, showing a higher percentage mortality at each concentration (Figures 3.1-3.6). However, 

only in Experiments 1, 2 and 6 did the CSIR show a greater sensitivity to the zinc than the IWQS 

culture after 48 h. In Experiments 3-5, the IWQS cultures showed a greater sensitivity to the zinc 

than the CSIR culture. Neither culture was therefore consistently more tolerant than the other, and 

the results may have been confounded by the factors contributing to experimental variability. 

I 
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Figure 3.1: The graph plots both the 24 h and 48 h cumulative percentage mortalities against 

increasing zinc concentration for both the CSIR. and IWQS cultures recorded in Experiment 1. 
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Figure 3.2: The graph plots both the 24 h and 48 h cumulative percentage mortalities against 

increasing zinc concentration for both the CSIR. and IWQS cultures recorded in Experiment 2. 

Twenty four hour LC50 values are not reliable due to low percentage mortality and hence the high 

percentage trim. 56 
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Figure 3.3: The graph plots the 24 h and 48 h cumulative percentage mortalities for both the 

CSIR and IWQS cultures recorded in Experiment 3. Twenty four hour LC50 values were not 

calculated because 50% mortality was not reached. 

100 
~ .. CSIR24h 
-+- CSIR 48 h (LC50: 1280 ug// Zn) 
-<> .. IWQS 24 h 

80 -<>- IWQS 48 h (LC50: 1070 ug// Zn) 

60 

40 

20 --..---
o 100 200 300 400 500 600 700 800 900 1000 1100 1200 1300 1400 1500 1~00 1700 1800 

Zn (ug/l) 

Figure 3.4: The graph plots the 24 h and 48 h cumulative percentage mortalities against 

increasing zinc concentration for both the CSIR and IWQS cultures recorded in Experiment 4. 

Twenty four hour LC50 values were not calculated because 50% mortality was not reached. 
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Figure 3.5: The graph plots the 24 h and 48 h cumulative percentage mortalities against 

increasing zinc concentration for both CSIR and IWQS cultures recorded in Experiment 5. 
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Figure 3.6: The graph plots the 24 h and 48 h cumulative percentage mortalities against 

increasing zinc concentration for both the CSIR and IWQS cultures in Experiment 6_ 
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3.3.3. The influence of culture age/generation on zinc tolerance 

A new D.pulex culture was set up at the beginning of 1998 using a female from Roodeplaat Dam 

(RD), i.e. the same population from which the IWQS culture originated. Thus comparisons could be 

made between a mature culture (IWQS) which has been kept in the laboratory for over eight years 

and an immature culture (RD), which has been kept in the laboratory for less than a year. 

As in the results in the above section (Section 3.3.2), because of the variability experienced between 

LC50 values within one culture, the comparisons made between cultures are limited to the same 

experiment. That is, IWQS Experiment 1 is compared only to RD Experiment 1, similarly IWQS 

Experiment 2 is compared only to RD Experiment 2, etc. 

In each experiment, the 24 hand 48 h LC50s calculated for the IWQS culture were significantly 

different from those calculated for the RD culture (Tables 3.8 and 3.9). For example, the 48 h LC50 

calculated for the IWQS culture in Experiment 5 was 37% less than that of the RD culture (220 J-lg/l 

Zn compared to 350 J-lg/l Zn respectively) (Table 3.9). 

I 
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Table 3.8: The 24 h LC50 values (Trimmed Spearman-Karber), with confidence limits and 

percentage trim for each IWQS and RD D.pulex experiment. The high percentage trim associated 

with IWQS Experiment 6 was due to only 3 partial mortalities being recorded on the regression line 

(Figure 3.9). Where low mortality was recorded in the upper concentrations, an LC50 could not be 

calculated because the percentage trim required was too great. The IWQS 24 h LC50 value calculated 

in Experiment 6 is almost twice that of the LC50 calculated for RD and is therefore significantly 

different from the RD culture (although the confidence in the data is low due to percentage trim). 

Experiment IWQS culture: 24 h LC50 RD culture: 24 h LC50 

4 Trim too reat 

5 580.00 Trim too eat 

6 1200.00 570.00-690.00 

Table 3.9: The 48 h LC50 values (Trimmed~ Spearman-Karber), with confidence limits and 

percentage trim for IWQS and RD D.pulex experiments 4-6. The high percentage trim in RD 

Experiment 4 is due to a non-monotonic increase in mortality (Figure 3.7). IWQS culture LC50 

values for each experiment are significantly different from those calculated for the RD culture. 

Experiment IWQS culture: 48 h LC50 RD culture: 48 h LC50 
(J.lg// Zn) (% trim) (J.lg// Zn) (% trim) 

1 

4 1070.00 (940.00-1230.00) (20.00%) 1370.00 (l160.00-1610.0Q) (40.00%) 

5 220.00 (200.00-250.00) (0.00%) 350.00 (320.00-390.00) (0.00%) 

6 600.00 (570.00-640.00) (0.00%) 460.00 (430.00-490.00) (0.00%) 

Although all three experiments show that the two cultures were significantly different in terms of their 

response to zinc, no one culture was consistently more tolerant than the other. In Experiments 4 and 

5, the IWQS culture showed a greater sensitivity to zinc than the RD culture, but this was reversed 

in Experiment 6, where RD showed the greater sensitivity to zinc (Figures 3.7-3.9). The trend for 

60 



increased sensitivity by one culture was therefore not consistent, and more experiments need to be 

carried out before a conclusion can be made as to whether or not age of a culture influences the 

response to a chemical. 
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Figure 3.7: The graph plots the cumulative percentage mortalities against increasing zinc 

concentration for both the RD and IWQS cultures in Experiment 4. 'Ewenty four hour LC50 

values were not calculated because 50% mortality was not reached. I 
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increasing zinc concentration for both the RD and IWQS cultures in Experiment 5, A 24 h LC50 

was not calculated for the RD culture because the required trim was too great due to the non­

monotonic relationship between mortality and zinc concentration, 
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Figure 3.9: The graph plots both the 24 h and 48 h cumulative percentage mortalities against 

increasing zinc concentration recorded in Experiment 6, 
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In the two immature cultures set up at the beginning of 1998 (RD and SW cultures), each generation 

of D.pulex was kept separate, allowing for a comparison to be made between the generations ofRD 

and SW populations. In the SW culture, the 48 h LC50 calculated for the thirteenth generation was 

significantly greater than that calculated for the sixteenth and seventeenth generations. The sixteenth 

and seventeenth generation 24 h and 48 h LC50s showed no significant differences from one another 

(Tables 3.10 and 3.11, Figures 3.10 and 3.11). This trend was not repeated in the RD culture, where 

all three generations were significantly different in their response to zinc (Tables 3.12 and 3.13, 

Figures 3.12 and 3.13). 

The LC50 calculated for the thirteenth generation (Experiment 4) in both SW and RD cultures was 

significantly greater than that calculated for the subsequent generations, however the seventeenth 

generation (Experiment 6) in both cultures show a greater tolerance than the sixteenth (Experiment 

7) (Table 3.11). Thus there is no consistency in earlier (or later) generations being more tolerant to 

zinc in either SW or RD cultures (over the generations tested). Due to the confounding factors which 

resulted in high experimental variability and low experiment number, no conclusions can be made as 

to whether or not the amount of time spent cultured in the laboratory influences neonate tolerance 

to zinc. 

Table 3.10: The 24 h LC50s (Trimmed Spearman-Karber), with confidence limits and percentage 

trim for each SW generation tested. Fifty percent mortality was not reached in the thirteenth 

generation, thus a 24 h LC50 could not be calculated (Figure 3.10). 
I 

Experiment Generation SW culture: 24 h LC50 
(J.lg// Zn) (% trim) 

4 F13 Trim too great 

5 FI6 680.00 (630.00-730.00) (25.00%) 

6 F17 630.00 (560.00-710.00) (20.00%) 
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Table 3.11: The 48 h LC50 values (Trimmed Spearman-Karber), with confidence limits and 

percentage trim for each SW generation tested. The high percentage trim was recorded in Experiment 

4 due to the non-monotonic increase in mortality with increasing zinc concentration (Figure 3.11). 

Experiment Generation SW culture: 48 h LC50 
(j.lvJI Zn) (% trim) 

4 F13 1500.00 (1340.00-1670.00) (40.00%) 

5 F16 450.00 (410.00-490.00) (5.00%) 

6 F17 470.00 (440.00-510.00) (0.00%) 

Table 3.12: The 24 h LC50s (Trimmed Spearman-Karber), with confidence limits and percentage 

trim for each RD generation tested. Fifty percent mortality was not reached in the thirteenth 

generation, therefore a 24 h LC50 could not be calculated. Due to the non-monotonic increase in 

mortality, the percentage trim required to calculate an LC50 for the sixteenth generation was too 

great (Figure 3. 12). 

Experiment Generation RD culture: 24 h LC50 
(j.lvJI Zn) (% trim) 

4 F13 Trim too great 

5 F16 Trim too great 

6 F17 620.00 (570.00-690.00) (5.00%) 

I 
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Table 3.13: The 48 h LC50 values (Trimmed Spearman-Karber), with confidence limits and 

percentage trim for each RD generation tested. The high percentage trim recorded in Experiment 4 

was due to the non-monotonic increase in mortality with increasing zinc concentration (Figure 3.13). 

Experiment Generation RD culture: 48 h LC50 
(J.lf!!l Zn) (% trim) 

4 F13 1370.00 (1160.00-1610.00) (40.00%) 

5 F16 350.00 (320/00-390.00) (0.00%) 

6 F17 ' 460.00 (430.00-490.00) (0.00%) 

I 
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Figure 3.10: The graph plots the 24 h cumulative percentage mortalities for each SW generation 

tested against increasing zinc concentration. A 24 h LC50 was not calculated for the thirteenth 

generation because 50% mortality was not reached. 
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tested against increasing zinc concentration. 
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Figure 3.12: The graph plots the 24 h cumulative percentage mortalities for each RD generation 

tested_ Twenty four hour LC50 values were not calculated for generations thirteen and sixteen 

because the percentage trim required was too great. 
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3.4. DISCUSSION 

3.4.1. End-point variability between experiments and implications for aquatic toxicology 

One of the essential properties of a standardised laboratory method, such as the D.pulex bioassay, 

is that test results should be repeatable (Canton and Adema 1978, Baird et al. 1989), i.e. consistent 

results should be obtained when the same test is repeated through time by the same or different 

analysts. Despite standardised methodology, inter-and intra-laboratory variation exists around the 

measured end-points. Acceptable levels of variability around a measured end point are often set and 

agreed upon within a laboratory (intra-laboratory) and between laboratories (inter-laboratory) 

comparing data (Rue et al. 1988). These levels of variability often vary according to the toxicant and 

end-point chosen. For example, a round robin study involving a 21-day life-cycle test using sodium 

bromide showed that, of the 37 laboratories taking part, only 22 returned results which satisfied the 

validity criteria specified in the protocol (Baird et al. 1989). The acceptable variability for a whole 

effluent inter-laboratory toxicity study tends to be greater than that set for a single-substance toxicity 

study because of the inherent variability associated with whole effluent (refer to discussion in Chapter 

6). The percentage of variation between acute toxicity experiments on one species for a single toxicant 

has been recorded as being as low as 9% and as high as 120% (Weber 1991). As acceptable levels 

of variation tend to be set independently for each toxicant, end-point, and test species, it was decided 

in this study that a level of variability above 15% was high, based on the study by Rue et al. (1988) 

where it was shown that the average CV in effluent studies was 15.8%. 

I 

The variability around the measured end-point (48 h LC50) in experiments in this study was high 

(130% to 139%) and the same pattern of variability was noted between different cultures. For 

example, Experiment 4 consistently showed greater LC50 values than the other experiments in all 

four cultures. It can be argued that Experiments 3 and 4 should not be included in any analysis 

because the percentage trim required was above 20% and thus considered to be too high in this study. 

However, even when disregarding these two experiments, the LC50 values (for both IWQS and CSIR 

cultures) increase significantly between those experiments conducted at IWQS (i.e. Experiments 1 
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and 2) and those conducted at IWR (i.e. Experiments 5 and 6). This would suggest a consistent error 

in the experiments and which may be due to an error in the make up of Zn solutions or an extreme 

variability around D.pulex acute Zn tolerance. Chemical analysis was not carried out on the stock 

solutions used in Experiments 1-3 and it can therefore be argued that it is possible an error was made 

when making up the ZnSO 4 solution. Despite the uncertainty of the Zn concentration in Experiments 

1 and 2, these two experiments were found to be significantly different from one another in both 

cultures. Similarly, Experiments 5 and 6 were found to be significantly different from one another in 

both cultures. Thus it can still be argued that variability existed around the measured end-point in the 

D.pulex cultures and should be confirmed with further toxicity testing. 

A number of variables have been identified in the literature which may have contributed to variability 

between experiments. These variables can be categorized into physical (e.g. temperature effects and 

differences in culture technique) and biological variables (e.g. the influence of diet and maternal 

nutrition, and genetic population) (Falconer 1981"Spraque 1985, Clarke and LaZerte 1987, Baird 

et al. 1989, Cooney 1995), and are discussed in relation to this study. 

Ambient temperature is known to have a pronounced effect on the tolerance of a species to a 

chemical. The sensitivity of D.pulex to heavy metals (Cairns et al. 1975, Shcherban 1977, Braginskiy 

and Scherban 1979), herbicides (Cairns et al. 1978, Stephenson and Watts 1984) and several other 

chemicals (Lewis and Horning 1991) has been shown to be temperature sensiti~. Lewis and Horning 

(1991) illustrated that a six degree difference in temperature significantly affected the inortality rate 

of D.pulex to two organic toxicants. Similarly these authors showed that D.pulex cadmium sensitivity 

was also shown to increase 7-fold with a six degree temperature change. Temperature was kept 

constant around 20°C in both laboratories, but problems were experienced with the temperature 

control in the constant environment room at IWR, with temperatures fluctuating between 17°C and 

24°C overnight. These problems were noted after Experiment 4 had been run and therefore may have 

contributed to the experimental error in this experiment. Temperatures were kept constant at 20°C 

over Experiments 1-3,5 and 6. 
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A second variable known to influence tolerance to a toxicant is diet and feeding regime (Stephenson 

and Watts 1984). Maternal reserves have also been reported to play an important role in juvenile 

daphnid growth (Tessier et al. 1983). The sensitivity of D.magna neonates has been shown to be 

largely dependent on maternal nutrition (Enserink et aI1990), and Cowgill (1987) suggested that 

the first daphnid brood be omitted in toxicity testing because they often consist of underweight 

neonates. Small neonates of well-fed mothers were found to be three times more sensitive to 

cadmium than large neonates from badly-fed mothers (Enserink et aI1990). The diet was the same 

for both IWQS and IWR laboratories, with only slight variations in the feeding regime (see Section 

3.2). The different feeding regime may therefore have influenced maternal reserves and thus neonate 

sensitivity. However, size differences in neonates were not noted when cultures were moved from 

IWQS to IWR, nor were they noted during the culturing at either laboratory. 

The findings in this chapter stress the importance of adhering to standardised methods, and those 

variables known to influence tolerance (such as temperature and diet) should be monitored 

continuously. Variability between experiments has important implications when setting a numerical 

guideline representing the tolerance limit for a species, and in determining compliance to whole 

e:tlluent and water quality guidelines aimed to protect aquatic ecosystems-(Parkhurst et al. 1992). The 

greater the variability, the less confidence is placed in the results (Warren-Hicks and Parkhurst 1992, 

Parkhurst 1995, Thursby et al. 1997). A guideline based on an experimental method in which there 

is high variability around the end-point is easily questioned. For example, \When considering the 

variability of most whole eftluents, a water quality manager must have confidence in the reliability of 

the test results to enforce a discharge licence. If a licence requirement is exceeded, it must be clear 

that it is the result of an unacceptably high concentration of the pollutant and not due to method 

variability (Dhaliwal et al. 1995). 
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3.4.2. The implication of genetic-related tolerance differences between D.pulex cultures 

No two river systems are exactly alike, each is influenced by a unique set offactors which impact on 

local populations, changing and shaping the local biotic communities. Physiological processes are 

adapted and modified during exposure to various natural environmental disturbances (Schmidt­

Nielsen 1983) and different populations of the same species are influenced by different environmental 

factors. Thus, when integrated, the responses selected during evolutionary history provide each 

population with extensive physiological repertoires appropriate to their habitats (Depledge 1982). 

It is thought that communities retain information about events in their history (the Community 

Conditioning Hypothesis) (Matthews et al. 1996), and the same may be said of populations. 

Populations are continually adapting in order to survive and due to the heterogenous nature of river 

systems, local populations do become isolated (Duan et al. 1997), resulting in different genetic 

populations in different localities. Populations which are separated geographically have shown 

differences in tolerance to the same chemicals. For example, Crane (1995) found differences in zinc 

tolerance between different populations of Gammarus pulex. Naylor et al. (1990) examined the 

differences in tolerance between upstream and downstream populations of Asellus aquiticus and G. 

pulex exposed to zinc pollution and acidic conditions, and found that the downstream populations 

for both species were more tolerant than the respective unexposed upstream populations. The authors 

concluded that this difference in tolerance was due to acclimatisation to the iocal conditions . 
.I 

Differences in genotypes are therefore known to reflect differences in toxicological response, thus 

cultures established from individuals caught at different locations may well show different sensitivities 

to the same chemical (e.g. Baird et al. 1989). The culturing of D.pulex involves asexual reproduction 

(pennack 1978) and because a D.pulex culture is started from one female and there is no 

recombination of genes due to sexual reproduction, all individuals are presumed to be genetically 

homogenous (i.e. identical to the original female). Therefore asexual genotypes are transmitted intact 

(barring no significant mutational input) from generation to generation (Weider 1993). If no mutation 
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occurs, and tolerance to a chemical is genetically based, the expressed sensitivity to the chemical will 

not be disrupted by culturing (Baird et al. 1989). Therefore, if there were differences between 

populations in toxicological response to chemicals, this adaptation, if a genetic response, would be 

expressed in the respective cultures despite standard laboratory rearing. 

In this study, because problems with experimental variability were experienced, it can not.be stated 

with any confidence that the differences in tolerance between the cultures was due to genetic 

differences. Inter -populational differences to toxic stress have however been shown to occur in other 

species (Lauglin and French 1989, Munzinger and Moncelli 1991), and are thought to be either due 

to genetic factors (Baird et al. 1989) or due to differences in diet, disease, temperature and other 

factors (Clark and LaZerte 1987). Therefore, if cultures are to be comparable with one another, they 

should originate from the same population. This is particularly important if a species, such as D.pulex, 

is to be used in the setting of numerical water quality guidelines, such as discharge licences. Standard 

methods do not currently include specifications of Culture origin, but by ensuring the same genotype 

between laboratories, the potential for experimental variability is reduced. 

3.4.3. The influence of culture age/generation on tolerance to zinc 

Laboratory D.pulex cultures tend to be kept for many years and no studies w~re found to indicate if 

the time spent under laboratory conditions influences the tolerance of individuals. It iJ assumed that 

the D.pulex cultures remain genetically hOl)logenous (Weider 1993), i. e. no mutation or genetic 

recombination is expected to occur. However in adverse conditions, such as low temperatures or high 

densities, where there is a subsequent accumulation of excretory products and/or a decrease in 

available food, males tend to be produced (Cooney 1995). An indication of adverse conditions in a 

culture is the production of ephippia, a black egg case which protects the sexual egg (embryo), and 

which is cast off in the next molt. The males may contribute to the genetic makeup of neonates, thus 

altering the genetic structure of the culture (Cooney 1995). Therefore with every clutch there is a 

potential for a genetic mutation-to occur, and over time, the genetic structure of a culture may change 
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(Baird et al. 1989). In this study no conclusion could be made to whether or not the susceptibility to 

zinc changed with culture age (time spent under laboratory conditions) or generation. Too few 

experiments were run and it can be argued that results between the IWQS and RD cultures (mature 

and immature cultures collected from the same locality) were confounded by populational differences. 

Although both cultures stem from the same dam, the genetic structure of the population may have 

changed in the eight years that separate their collection. It is recommended that the assumption of 

genetic structure homogeneity over time (and hence sensitivity to chemicals) is further investigated. 
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CHAPTER 4 

SINGLE-SUBSTANCE ACUTE TOXICITY TESTING: A COMPARISON 

BETWEEN SELECTED INDIGENOUS MACROINVERTEBRA TES AND Daphnia 

pulex 

4.1. INTRoDUCTION 

Numerous toxicity studies have shown that different aquatic species respond differently to the 

same chemical (Cairns et al. 1975, Sloof 1983, Ewell et at. 1986, Hickey and Martin 1995, 

Toussaint et al. 1995, McKinney and Wade 1996, Roseth et al. 1996). A primary reason for the 

United States Environmental Protection Agency (USEP A) restricting routine toxicity testing to 

a number of standardised test organisms was the variability in response to a chemical by different 

species (USEP A 1986). The standardised toxicity test organisms chosen include fish, invertebrates 

and algae. All the USEP A toxicity studies are therefore conducted using the same species, 

allowing for comparison of data between laboratories and the generation of a database for each 

standardised test species to a wide variety oftoxicants. Laboratory reared~ organisms are preferred 

over field-caught species in toxicity testing by the USEP A (Weber 1991) because field caught 

animals may have been biased for more resistant members of the population due to previous 

exposure to chemicals. For example, Bodar et at. (1990) showed that if exposed to low levels of 
\ 

cadmium, D.magna neonates became more resistant to both the acute and chronic effects of 
I 

cadmium than those neonates previously unexposed. Laboratory cultured organisms are also 

argued to exhibit less genetic variability than field populations, as a result of reduced genetic input 

to a laboratory reared culture (Leeuwangh 1978). The advantage of reduced genetic variability 

within a test population is that variability in response around a predetermined end;.point should 

be reduced. Laboratory cultures allow for better quality assurance and control in toxicity studies, 

and the age, life-history and existing conditions of the cultures are documented (APHA 1992). 

Those species which appeared_to be sensitive to most toxicants were chosen to be cultured and 

t:sed in routine toxicity tests in the United States (USEP A 1986). These species were chosen on 

the basis that there was sufficient data on their sensitivities to numerous toxicants to assume that 
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water quality guidelines set using these species would adequately protect other aquatic species 

(Cairns 1956). An example of one such species is D.pulex. In South Africa, it is still necessary to 

investigate whether water quality guidelines set using standard laboratory reared organisms will 

be protective of indigenous organisms. A database of indigenous species tolerance to chemical 

substances (toxicants) is required before appropriate test species can be selected to adequately 

protect other aquatic species (Palmer and Sherman in press). DWAF are committed to both 

protecting and ensuring the sustainable use of South Africa's aquatic environments and aim to use 

the best methods available to them to achieve this goal (Conley 1990, DWAF 1997). To set 

appropriate water quality guidelines for the protection of the aquatic ecosystem, South African 

aquatic species' tolerances to toxicants must therefore be investigated. 

The aim of this chapter is to compare the tolerance of selected indigenous site-specific 

macroinvertebrate species to that of cultured D.pulex using the reference toxicant, zinc sulphate. 

Single-substance toxicity tests are ideal for this, comparison, as experimental factors can be 

controlled (e.g. known toxicant concentration). The toxicity of a single-substance can be 

measured and the concentration-response relationships of different test organisms determined and 

compared. D.pulex is found in the water column and is therefore best suited to a static 

experimental environment, whereas the selected indigenous invertebrates were better suited to the 

flowing experimental environment. This therefore resulted in a comparison between a static and 

flowing test method. Also, because the length of the life-cycle influences the length of the acute 
\ 

test (Janssen and Persoone 1993) and because standard test methods were followed, the LC50 

comparisons are made at different time inte.rvals, i. e. 48 h for D.pulex and 96 h for indigenous 

invertebrates. 

4.2. MATERIALS AND METHODS 

The methods described in Chapter 2, for both indigenous site-specific macroinvertebrate and 

D.pulex acute toxicity tests, were followed. Four acute 96 h experiments on selected indigenous 

MACROINVERTEBRA TES-as test species were conducted at Rand Water in the artificial stream 

systems, the Channels (Figure 2.2). The susceptibility (defined for the indigenous mvertebrates 

as the 96 h LC50) to zinc of tEe selected in~~rt~~rates was compared to that of D.pulex (48 h 
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LCSO) determined in experiments initiated during separate field trips to the Institute for Water 

Quality Studies (lWQS) in Pretoria and the Institute for Water Research (IWR) in Grahamstown 

(see Chapter 3). The D.pulex and indigenous invertebrate experiments could not be run 

simultaneously as D.pulex neonates from Rand Water cultures were not available in sufficient 

numbers at the time of conducting indigenous invertebrate experiments. 

Details ofthe indigenous site-specific macroinvertebrate and D.pulex experiments in this chapter 

are summarised in Tables 4.1 and 4.2, respectively. Zinc was added in the form of zinc sulphate, 

the concentrations of which were determined using a geometric progression which would ensure 

zero and one hundred percent mortality, a requirement of both Probit and Spearman-Karber 

statistical models (APHA 1992). A 0.5 dilution range was chosen for the zinc sulphate because 

of the ease of making up the dilutions and the number of treatments run depended primarily on 

the number of Channel systems which could be set up. Zinc concentrations were determined for 

each treatment at the end of each experiment by, Rand Water analytical laboratories and the 

measured zinc concentration used to calculate LCSO values. Chemical analysis is not a 

requirement in standardised D.pulex methodology, therefore zinc was not initially measured (i.e. 

inD.pulexExperiments 1-3) (see Section3.2). Dueto high variability experiencedinD.pulextest 

results, however, the zinc concentration in stock solutions made for D.pulex Experiments 4-6 (i.e. 

those conducted at IWR) were determined on the Atomic Absorption Spectrophotometer at 

Rhodes University. Only the results fromD.pulex Experiments 5 and 6 are used in the comparison 
1 

with the indigenous organisms in this Chapter (see Chapter 3). 
I 

Both Probit and Spearman-Karber statistical models were used to calculate LCSO values, with the 

model chosen depending on the data (i.e. if Probit model assumptions were not met, the 

Spearman-Karber model was used to calculate an LCSO). A percentage trim greater than 20% was 

considered to be high. The APHA formula for determining significant differences between LCSOs 

was used to calculated significant differences between the LCSOs determined for each species 

(Chapter 2). 

B_oth dechlorinated tap water and the receiving water (Vaal Dam water) were used as dilution 

media in the indigenous invertebrate experiments. The culture medium as used for dilution 
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medium in D.pulex experiments (see Section 2.2.3). 

Table 4.1: A summary table listing the test organisms, dilution medium and zinc concentrations 

used for each acute 96 h experiment with selected indigenous site-specific 

MACROINVERTEBRATES. All invertebrates were collected from Engelbrechtdrift weir 

(reference site on the Vaal River) and experiments conducted at Rand Water. 

Experiment I Test Organisms Dilution Concentration (mg/l Zn) 
Medium 

I Baetidae iaal Dam water 0.10,0.11,0.12,0.32,0.59, 
Heptageniidae (Afronurus peringueyi) 2.10,6.60, 13.00,20.00 

Caradina nilotica 

2 Baetidae Vaal Dam water 0.10,0.33,0.34,0.55,0.67, 
Heptageniidae (Afronurus peringueyi) 0.92, 1.00, 1.14, 1.60, 1.80, 
Leptophlebiidae (Euthraulus elegans) 2.00,2.60,3.10, 13.00, 

16.00, 79.00, 79.01 

I 
, 

Baetidae Dechlorinated 0.57,0.70,0.72, 1.00,2.07, 
Corixidae tap water 3.86, 9.50, 9.67,42.00 

Caradina nilotica 

L 
Baetidae Dechlorinated 0.39,0.67,0.71,0.74,0.75, 
Corixidae tap water 0.88, 0.95, 0.99, 1.10, 1.50, 

Caradina niiotica 1.70, 1.71, 1.80, 1.81,6.90, 
8.90, 11.00, 69.00 

Table 4.2: The table summarises the zinc concentration used in the acute 48 h expe/iment for 

both the IWQS and CSIR D.pulex cultures. LC50 values were calculated using the zinc 

concentrations presented in the table. 

I Experiment Place of Conduct 

5 IWR 

6 IWR 

Concentration (mgll Zn) 

0.000,0.015,0.029,0.058,0.120,0.230,0.470, 
0.930 

0.000, 0.022, 0.043, 0.086, 0.173, 0.345, 0.690, 
1.380 
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Results of chemical analysis of water samples taken at the end of the indigenous invertebrate 

experiments were compared to chemical data for Engelbrechtdrift weir to give an indication 

whether concentrations of selected water quality variables recorded during the experiments were 

to be considered high (see Section 2.2.4). 

4.3. RESULTS 

Each indigenous invertebrate experiment is discussed, and where the same species was used in all 

experiments, significant differences between the LC50s determined. If no significant difference 

was calculated, the results from experiments were pooled. These LC50s were then compared to 

the D.pulex LC50s calculated for IWQS and CSIR cultures. 

4.3.1. Experiment 1 

Temperature is known to influence the toxicity of a chemical to a test organism (Weber 1991) and 

should therefore remain stable during an experiment. The temperature within each channel was 

stable, not varying more than 3°C over the test period (96 h). The average water temperature was 

between 18.8°C and 20.3°C in each channel, with a minimum ofI8.0°C and maximumof22.0°C 

recorded. Nutrient concentrations remained below the median value calculated for the reference 

site (Engelbrechtdrift weir) and well within the guidelines set for the protection of aquatic life 
\ 

(Table 4.3). Nutrients were therefore unlikely to have resulted in mortality during the experiment. 
I 

The sulphate concentration range recorded during the experiment was greater than the reference 

site median, but less than the maximum experienced in the field. The target water quality range 

(TWQR) for sulphate is set at 1400.00 mg/I and the highest sulphate concentration in a treatment 

was recorded at 180 mg//; as compared to 510 mg/I, the maximum recorded value at 

Engelbrechtdrift weir. It is therefore unlikely that the sulphate levels resulted in stress or mortality 

of the test organisms. 
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Table 4.3: Summary of the physical and chemical ranges measured in the Channel systems during 

Experiment 1. The Target Water Quality Range (TWQR) eDW AF 1996g) and Guideline for the 

Protection of Aquatic Life (GP AL) (Xempster et a11980) are provided to give an indication of 

acceptable concentrations for each variable (guidelines for nitrite and nitrate have not been 

specified by DWAF). Chemical data, collected by Rand Water (1992-1998) from the reference 

site (Engelbrechtdrift weir), is summarised as the median, minimum and maximum recorded 

values. Ifvalues fall below the detection limits for the analysis method used, a "<" is used. 

Water Quality TWQRl; Reference Reference Site: Experiment 
variable GPAV Site: Min-Max 1 (mgll) 

Median (mgll) (mgll) 

Temperature Cc) I Should not vary by more than 2°C over 24h 1 I 18.S-20.0°C 

Ammonia I <0.01mg1/1; 0.08 I 0.02-1.60 <0.05 
0.02-124.00mg//2 

Nitrite I - 0.05 I 0.02-0.25 <0.03 

Nitrate I - ~ 0.38 I 0.05-7.40 0.03-0.41 

Total Phosphate I Should not change by more than 15% 1 0.05 I 0.05-10.00 <0.03 

Sulphate I 1400.00mg/f2 17.00 I 5.00-510.00 21.00-180.00 

Zinc <0.002mg/[1; 0.05 0.05-0.33 <0.10-13.00 
0.03-0.lOmgf[2 

A number ofbaetid species occur at the reference site and because of the difl\iculty in speciating 

organisms in the field, this family was used as a species complex in the experiment (fable 4.4). 

Each baetid was collected after the experiJ?ient and identified to species level by the Albany 

Museum, Grahamstown. Baetis harrisoni made up 75% of the species within this complex, with 

Cheleocloeon excisum making up the next highest proportion (22.5%). 
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Table 4.4: The percentage proportions of species of the Baetidae complex used in Experiment 

l. 

Species Experiment 1 

Baetis harrisoni 75 

Baetis glaucus l.0 

Baetis quintis l.0 

Cheleocloeon e.xcisum 22.5 

Unknown 0.5 

Control mortality for the Baetidae, Afronurus peringueyi and Caradina nilotica remained at zero 

over the test period, suggesting that the immediate needs (e.g. hydraulic environment) of the test 

organisms were met by the experimental conditions. The Baetidae, A.peringueyi and C.nilotica 

mortalities showed a positive correlation with zinc, with percentage mortality increasing with 

increased zinc concentration (Figure 4.1). The Baetidae were the more susceptible of the selected 

indigenous invertebrates to the zinc; with A.peringeuyi showing the greatest tolerance and 

C. nilotica a tolerance which fell between the other two test species. For example, baetid mortality 

occurred in the lower concentrations (0.10-0.32 mg/I Zn) after 96 h, whereas no 96 h mortality 

was recorded for A.peringueyi or C.nilotica in these treatments (Table 4. 5). T~e baetids were also 

more quickly affected by the zinc than the other two species, with 82.8% mortality oFcurring at 

20.00 mg/I Zn after 24 h, compared to 7.4% ~d 75.0% 24 h mortality recorded for A.peringueyi 

and C.nilotica respectively. A 96 h Spearman-Karber LC50 was calculated at 0.99 (O.67-l.46) 

mg/I Zn (7.14% trim) for the Baetidae, which was significantly more sensitive than the other two 

test species (Table 4.6). A Spearman-Karber LC50 was calculated at 3.17 (2.39-4.20) mg/I Zn 

(0% trim) for C.nilotica. The heptageniid mayfly, A.peringueyi, showed a significantly greater 

tolerance to zinc than the other test organisms. Only 8l.4% mortality was recorded in the 

20.0mg/1 Zn treatment after 96 h, compared to the 100% 96 h mortality recorded for the other 

two test organisms (Table 4.51. A.peringueyi showed a 96 h Spearman-Karber LC50 calculated 

-. at 8.8 (6.37-12.17) mg/I Zn (18.52% trim) (Table 4.6). 
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Table 4.5: The daily cumulative percentage mortalities are summarised for each indigenous test 

species in Experiment 1. The rate of mortality within each concentration can be read by reading 

down a column, and a comparison between concentrations recorded at one time can be made by 

reading along a row. 

II Zn concentration (mgll) I 
i------~oursIControl ~~~~~Fo~~~ 

Baetidae ~~~~~~~~136.00 ~~ 
~~~~~~~125.9O I 84.00 177.70 1 100.00 I 
Fz~~~~Fo~125.90 192.00 ~II00.00 I 

I-A-.p-..... -.n-g-u-ey-:-~! 2UO ~ 50.00 ~IIOO.OO 1100
.
00 

1
100

.
00 

1 
~n _ \ 24 \ 0.00 I 0.00 0.00 I 0.00 \ 0.00 0.00 \ 0.00 0.00 8.30 7.40 

~~~~~~~~I 8.30 ~151.80 I 
Fz~~~~~~~129.1O 1 50.00 ~ 

i----E~~~~~~~~~~ 
C.nilotica \ 24 I 0.00 \ 0.00 \ 0.00 \ 4.00 \ 0.00 \ 4.00 \16.00 112.50 \ 26.90 \ 75.00 I 

~~~~~~~128.00 175.00 ~1100.00 I 
Fz~~~~~~128.00 1 79.00 ~~ 

'--___ ,~I 0.00 ~~~~~128.00 1 91.70 1 76.90 1100.00 1 

Table 4.6: The 96 h Spearman-Karber LC50s, with confidence limits and percentage tiim for each 

indigenous test species used in Experiment 1: The 96 h LC50s are significantly different from one 

another (as indicated by different letters). 

1 Baetidae 1 A.peringueyi 1 C.nilotica 1 

LC50 (mgll Zn) 1 0.99 (0.67 - 1.46) 1 8.80 (6.37 - 12.17) 13.17 (2.39 - 4.20) 1 

% Trim 1 7.14% 1 18.52% I 0.00% 1 

Significant Difference I a I b I c 1 
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Figure 4.1: The 96 h cumulative percentage mortalities for each indigenous macroinvertebrate 

test organism used in Experiment 1. 

4.3.2. Experiment 2 

Temperatures in the channels were again stable, fluctuating by a degree over the 96 h test period. 

The maximum temperature recorded was 21. O°C and the minimum 18.4°C. Electrical conductivity 

and pH were constant within a treatment over the test period, but showed an increasing and 

decreasing trend respectively with increasing zinc concentration. This relatio¥hip may be due to 

increased sulphate concentrations in the higher zinc treatments (Dallas and Day 1993). Nutrient 

concentrations again remained low, with all tJie experimental concentrations less than the median 

values recorded at the reference site (Engelbrechtdrift weir) (Table 4.7). The maximum sulphate 

concentration recorded in a treatment was 225 mg/I, which is just over half the maximum value 

recorded at the reference site (510 mg! l) and significantly lower than the TWQR, which is set at 

1400 mg/I (DW AF 1996g). It was therefore assumed that observed mortality was due to the 

added zinc and sulphate and nutrients did not stress the animals in any significant way. 
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Table 4.7: Summary of the physical and chemical ranges measured in the Channel systems during 

Experiment 2. The Target Water Quality Range (TWQR)eDW AF 1996g) and Guideline for the 

Protection of Aquatic Life (GPAL) (2J<.empster et a11980) are provided to give an indication of 

acceptable concentrations for each variable (guidelines for nitrite and nitrate have not been 

specified). Chemical data, collected by Rand Water from 1992-1998 at the reference site 

(Engelbrechtdrift weir), is summarised as the median, minimum and maximum recorded values, 

to give an indication of the concentrations at which the test organisms were exposed when in the 

field. Ifvalues fall below the detection limits for the analysis method used, a "<" is used. 

Water Quality TWQRI; Reference Reference Site: Experiment 2 
variable GPAV Site: Min-Max (mgIl) 

Median (mgll) 
(mgll) 

Temperature Cc) I Should not vary by more than 2°C over 24h 1 I I 18.4-21.0°C 

pH I Should not vary more u,n 0.5 pH units over 24h 7.96 I 7.3-8.8 7.2-8.4 

Ammonia I <7ug1J I
; 0.08 I 0.02-1.60 <0.05-0.69 

0.02-124mg/J2 

Nitrite I 0.05 I 0.02-0.25 <0.03 

Nitrate I 0.38 I 0.05-7.40 0.18-0.31 

Total Phosphate I Should not change by more than 15%1 0.05 I 0.05-10.00 <0.10 

Sulphate I 1400mg/F 17.00 I 5.00-510.00 32-255 

Zinc <2ug/J I
; 0.05 \ 0.05-0.33 <0.10-79 

0.03-0. l11U!1F 
I 

The baetids in this experiment were again made up of a complex of species (Table 4.8). Each 

baetid was collected after the experiment and identified to species level at the Albany Museum, 

Grahamstown. Baetis harrisoni made up the largest percentage ofthe complex (47.4%), although 

the percentage was far lower than in Experiment 1, where they made up 75% of the individuals 

used (Table 4.4). A greater percentage of C.excisum and B.glaucus were used in Experiment 2, 

32.1% and 15.8% respectively, compared with 22.5% and l.0% in Experiment l. 
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Table 4.8: The percentage proportions of species of the Baetidae complex used in Experiment 

2. 

Species Experiment 2 

Baetis harrisoni 47.4 

Baetis glaucus 15.8 

Baetis quintis 3.7 

Baetis monticola 0.5 

Cheleocloeon excisum 32.1 

Unknown 0.5 

Control mortality for each test organism was below 10% (Figure 4.2). Each invertebrate species 

showed a concentration-response relationship between increasing percentage mortality and 

increasing zinc concentration. The Baetidae and E.elegans showed similar 96 h percentage 

mortalities, and their 96 h LC50s were not significantly different from one another (Table 4.9). 

A.peringueyi was again significantly more tolerant than the other indigenous invertebrates, with 

an LC50 calculated at 11.67 (6.59-20.50) mg/I Zn. This is compared to the 96 h LC50s 

calculated for the Baetidae andE.elegans at l.02 (0.86-l.12) mg/I Zn and 0.98 (0.84-l.14) mg/I 

Zn, respectively. The concentration-response relationship for all three invertebrates was not 

monotonic (Figure 4.2). The non-monotonic relationship between concentration exposure and 96 

h cumulative mortality is especially obvious when reading Table 4.10. Similarly E. elegans showed 

89.5% mortality at 2.6 mg/I Zn after 96 h, but 94.4% and 100% 96 h mortalities were recorded 

at 2.00 mg/I Zn and 3.1 mg/I Zn, respectively. This did not however appear to influence the 

calculation of the E.elegans and baetid LC50s , as the percentage trim was 0.0% and 6.67% 

respectively (Table 4.9). 
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Table 4.9: The calculated 96 h Spearman-Karber LC50s, with confidence limits and percentage 

trim for each indigenous test organism in Experiment 2. Significant differences between the series 

are indicated by different letters, no significant difference is indicated by the same letter. The 

Baetidae and E.elegans LC50s were not significantly different from one another, but both were 

significantly different to A.peringueyi, which showed the greatest tolerance to zinc. 

Baetidae 

96 h LC50 (mg/l Zn) 1.02 (0.86-1.12) 

% Trim 6.67% 

Significant Difference a 

100 

90 

~ 80 

a 70 :::g 
#. 60 
" .~ .. 50 

1 40 
u 
.c: 

'" 30 

'" 
20 

10 

0 

A.peringueyi E.elegans I 
11.67 (6.59 - 20.50) I 0.98 (0.84 - 1.14) I 

15.79% 

b 

I 0.00% I 
I a I 

___ Baelidae (LC50: 1.02 rngIl Zn) 
-0- A.peringueyi (LC50: 11.62 rngIl Zn) 
-...- E.elegans (LC50: 0.98 mgll Zn) 
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Figure 4.2: The 96 h cumulative percentage mortalities recorded for each indigenous 

macroinvertebrate test organism used in Experiment 2. 
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Table 4.10: Tne daily cumulative percentage mortalities are summarised for each indigenous test invertebrate in Experiment 2.The rate of mortality 

within each concentration can be read by reading down a column, and a comparison between concentrations recorded at one time can be made by 

reading along a row. 

r Zn concentration (mgt/) 1 

I IHours 1 Control 10.33 ~~I 0.67 1 0.92 ~~~FoI2.00 12.60 ~113·00 116.00 179.00 179.00 1 

, Baetidae ~~Io.oo ~I 0.00 18.30 10.00 117.60129.40111.80138.90130.00 IS8.00 164.70 164.70 170.00 190.00 1100.001 

~~Io.oo 114.20 10.00 12S.OO 10.00 13S.20 IS2.90 147.10 Iso.oo 160.00 184.30 I 76.S0 182.30 18S.OO 190.00 1100.001 

~~'10.0012l.3010.0012S.00~147.00164.70IS3.00IS5.60170.00194.80IS8.30~190.00~1100.001 

~ ~~fwF~I~Foo~.wFmFmFwFooF·I~~-ooFoo~·1~1 
l4..peringcteyil 24 1 0.00 0.00 0.00 0.00 0.00'10.00 0.00 0.00 0.00 0.00 0.00 S.90 1l.20 IS.80 IS.80 2l.00 6.70 

~~10.0010.0010.0010.0010.0010.00Is.0010.00~112.SQIl7.80133.40~13l.60136.80140.001 
~~10.0010.0010.00~10.0010.00Is.0010.00~118.80147.001SO. 10 126.30 136.90147.30 153.301 

~~~~~~~~~~~~e~~~~~~ 
E.elegans I 24 1 0.00 ·r~·~~-~~-I 0.00 r;·~~-120.00 130.00 115.8~163.20 133.30 157.90 166.70 155.00 190.00175.00 179.00 I 

~~10.0010.0011O.60IS.00140.0014S.00170.00157.90179.00177.70189.5019S.30 170.00 195.00190.00 189.501 

~~10.0010.00115.9011O.00IS0.00ISS.00190.00184.20184.30188.80189.S01100.00190.0019S.001100.001100.001 
1..-___ ~[:Q;~]0.00 10.00 121.20 110.00 Iss.oo 16?00 190.00 184.20 194.70 194.40 189.s0 1100.00 19s.00 19s.00 1100.00 1100.001 

"" 
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4.3.3. Experiments 3 and 4 

Acclimation mortalities for the Baetidae, E.elegans, Corixidae and C.nilotica greatly exceeded 

5% in both Experiments 3 and 4 (Table 4.11). APHA standard methods (1992) state that if more 

than 5% of the test organisms die during the 48h acclimation period, the test should be 

terminated. The Vaal Dam was experiencing algal blooms at the time (pers. obs.) and as a result 

potable water was heavily chlorinated. However, tap water (used as dilution medium) was 

bubbled for between 2 and 4 days before experiments were initiated and chloride levels were 

recorded as being within the TQWR chlorine levels. The high acclimation mortalities indicated 

that the test organisms were stressed by the dechlorinated tap water and that this water was 

unacceptable as a dilution medium. 

Table 4.11: Acclimation mortalities experienced in dechlorinated tap water during Experiments 

3 and 4. 

I Baetidae I E.elegans I Corixidae Cnilotica 

Experiment 3 I 22.3% I - I 79.4% . 12% 

Experiment 4 I 75.3% I 8.7% I - -

4.3.4. The comparison between site-specific invertebrate and Daphnia fu1ex tolerance to 

acute zinc concentrations 
J 

It is important to note that a comparison between different species and two different 

methodologies is being made. In this Chapter, the D.pulex methodology followed is the standard 

48 h acute toxicity test using a synthetic water (culture medium) as dilution medium. Experiments 

therefore determined the inherent toxicity of zinc to D.pulex. The indigenous invertebrate 

methodology determined the relative toxicity of zinc, using the receiving water as dilution 

medium, over 96 h. These factors should therefore be remembered whilst comparing the D.pulex 

and indigenous invertebrate tolerance data. 

The Baetidae LC50s calcula!e~ for Experime~ts~ 1= and 2 were found to be similar (according to 

the APHA formula) and similarly A.peringueyi Experiments 1 and 2. The results were therefore 
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pooled and one LCSO for each test organism used in the comparison with D.pulex. 

The D.pulex were significantly more sensitive to ZInc than the indigenous site-specific 

macroinvertebrate species (Figure 4.3, Table 4.12), with the 48 h daphnid LCSOs being 

significantly less than the 96 h LCSOs calculated for the indigenous invertebrates. The fact that 

the D.pulex were consistently more sensitive to zinc after 48 h than the indigenous invertebrates 

after 96 h suggests that an environmental water quality guideline set according to D.pulex 

sensitivity would protect the selected indigenous invertebrates from the Vaal River system against 

zinc pollution. 

A.peringueyi was the most tolerant to zinc of all the test species tested. The results from 

Experiments 1 and 2 were pooled as LCSOs were not significantly different. The resultant 

mortality curve was not monotonic, thus resulting in large confidence intervals for this test species 

(ranging from 10.67-28.43 mg/I Zn). The results however suggest that A.peringueyi is not an 

ideal test species to use in the setting of guidelines aimed to protect aquatic ecosystems, as they 

were significantly more tolerant than the other three indigenous invertebrates tested. E. elegans 

may, however, be the more suitable indigenous macroinvertebrate to use for setting environmental 

guidelines to protect indigenous aquatic invertebrates against zinc pollution. 

I 
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Table 4.12: C8Iculated Spearman-Karber LC50s (mg/l Zn) and the confidence limits for each test organism from Experiments 1 and 2 are presented. 

The LC50s calculated for the Baetidae (Experiments 1 and 2) and E.elegans were not significantly different from one another (denoted by an *). All 

other LC50s calculated were significantly different from one another. 

Baetidae A.peringueyi E.elegans C.nilotica D.pulex (CSIR) D.pulex (IWQS)-l 
0.940 (0.860-1.020)* 17.420 (10.670-28.430) 0.980 (0.840 - 1.140)* 3.170 (2.390 - 4.200) 0.320 (0.290-0.350) 0.220 (0.200-0.250) i 

Pooled (Experiment 1 & 2) Pooled (Experiment 1 & 2) Experiment 2 Experiment 1 Experiment 5 Experiment 5 

) r 

I I I 
0.470 (0.440-0.510) 0.600 (0.570-0.640) I 

Experiment 6 Experiment 6 

,j 
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Figure 4.3: The graph summarises all the LC50 values (with 95% confidence limits) calculated for the indigenous site-specific organisms (96 h LC50s) 

and D.pulex (48 h LC50s) (both CSIR and IWQS). All th,e LC50s were significantly different from one another, except for those calculated for the 

Baetidae and E.elegans (denoted with an *) (see Table 4.12). 
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4.4. DISCUSSION 

Cairns (1980) argues that if one wishes to know the effects ofa chemical on living organisms, the 

effects must be determined by a direct measurement made upon the organisms themselves. 

Therefore, when determining guidelines aimed at protecting the aquatic ecosystem from pollution, 

a measurement of the aquatic ecosystem's tolerance to the chemical must be determined. For this 

reason numerous studies have used aquatic insects in toxicity tests (Phillips 1978, Anderson et al. 

1980, Hare and Campbell 1992, Brooks et al. 1995, Gerhardt and De Bisthoven 1995, Monda 

et al. 1995, Pinel-Alloul et al. 1996, Sibley et al. 1997), and when reviewed by Maltby and 

Calow (1989), toxicological data showed that invertebrates were more commonly used in aquatic 

toxicity tests than fish, which were traditionally the most common toxicity test species. 

Ephemeroptera (mayflies), often used as toxicity test organisms (Van Hassel and Gaulke 1986, 

Diamond et al. 1992, Quinn and Hickey 1993, Hickey and Martin 1995), and freshwater shrimp 

species are considered ecologically important components of the invertebrate community (Hart 

1980), and are therefore often used in toxicity testing (Correa 1987, Hatakeyama and Sugaya 

1989). Three different mayflies, A.peringueyi (Heptageniidae), E. elegans (Leptophlebiidae) and 

Baetidae, and the shrimp C.nilotica were selected for use as test organisms in this Chapter. They 

were chosen as potential test organisms because of their abundance at the reference site and their 

suitability to the test environment in the recirculating Channels. 

1 

Ofthe indigenous invertebrates selected in this study, the baetids and E.elegans appeared to be 
I 

the most sensitive to zinc. The fact that E. elegans appeared to be one of the more sensitive of the 

indigenous invertebrates used in this study, contrasts with other studies which suggested that the 

Leptophlebiidae are fairly tolerant to chemicals (Gerhardt 1994). A study comparing the 

leptophlebiid, Leptophlebia marignata, and the baetid, Baetis rhodani, foUnd that the 

leptophlebiid was more tolerant with respect to cadmium and lead than the baetid (Gerhardt 

1992). In this study, the tolerance to zinc was not significantly different between the baetids and 

E.elegans. It is difficult to generalise about the sensitivity ofa family, as species within a family 

may show different tolerances-and the same species may be tolerant to one chemical but sensitive 

-. to another (Toussaint et al. 1995, McKinney and Wade 1996, Roseth et al. 1996). For example, 
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Hatakeyama and Sugaya (1989) noted that the shrimp, Paratya compressa improvisa, appeared 

more sensitive to herbicide toxins, but was more tolerant to heavy metal toxins when compared 

with D.magna. Thus a species should not be dismissed as a potential toxicity test species because 

others within the same family are shown to be tolerant to certain chemicals. 

A.peringueyi was the most tolerant of the indigenous invertebrates tested to zinc, in terms of 96 

h LC50s, and therefore should not be used to set a protective guideline for zinc pollution. 

Similarly, C.nilotica, because of its apparent tolerance to zinc, would not be a good species with 

which to set a protective ecosystem guideline. Also, when compared with two other freshwater 

shrimp species in the literature, Artemia salina (Govindarajan et al. 1993) and Mysidopsis bahia 

(Lussier et al.1985), C.nilotica is more tolerant to zinc and therefore not a good indicator of zinc 

toxicity. 

Test repeatability and reliability are important considerations in the choice of test species (Rand 

et a!. 1995) and although the baetids appeared consistent in their response to zinc, they are not 

an ideal family for future toxicity testing. Baetid populations may be made up of a complex of 

species which are difficult to separate in the field. In toxicity testing, confounding factors such as 

the mixing of an unknown portion of different species within test concentrations, should be 

avoided. The baetids also tended to emerge during experiments in this study, which resulted in 

low test numbers. Pontasch and Cairns (1989) experienced a similar problem, finding that nearly 

80% ofBaetis sp. emerged from control streams during their study. Althouglibaetids have been 

extensively used as test species in the past (Williams eta!' 1985, Kiffueyand Clements t994), this 

study recommends that unless a single species population can be identified with confidence and 

emergence rate controlled, baetids should be avoided as a toxicity test organism. 

Aquatic toxicology is still a relatively new field in South Africa (DW AF 1998). Although there 

has been an international trend toward using standardised cultured organisms in the setting of 

water quality guidelines (DW AF 1996g), the decision as to whether or not standardised organisms 

are representative of those in the field is still to be made for South African conditions (Scherman 

and Palmer in press). An aim olthis study was therefore to compare the sensitivity of the widely 

used and standardised D.pulex acute toxicity test methodology with that of acute indigenous 
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invertebrate toxicity testing, using zinc as the reference toxicant. 

The D.pulex were found to be more sensitive to zinc than the indigenous invertebrates in this 

study and had lower LC50 concentrations. Although limited, this study shows that D.pulex could 

be used in the setting of a guideline designed to protect the aquatic ecosystem against zinc 

pollution, and the selected indigenous invertebrates used in this study would be protected. 

However it is important to note that the inherent toxicity of zinc to D.pulex was measured, 

whereas the relative toxicity of zinc to the selected indigenous invertebrates was determined. Also 

D.pulex may not be representative of the Vaal River system. Therefore, although the indigenous 

invertebrates tested in this study would be protected if a guideline was set using the standard 

D.pulex test methodology, the guideline may be too stringent and not truly reflective of 

indigenous invertebrate tolerance. The baetids and E. elegans were the most similar of the 

indigenous invertebrates to D.pulex in terms of acute sensitivity to zinc, suggesting that these two 

indigenous invertebrates could also potentially be used to set protective guidelines for the aquatic 

ecosystem against zinc pollution. 

A secondary aim of this chapter was to compare the use of different dilution waters in the 

indigenous macroinvertebrate test methodology. Four experiments, two ~th Vaal Dam water and 

two with dechlorinated tap water as dilution media, were run. The results indicated that 

dechlorinated tap water was unsuitable as a dilution medium. Most of the test organisms died 

during the acclimation period, indicating that this water was highly toxic to the test organisms. 

At the time of testing the Vaal Dam was experiencing algal blooms and Rand Water, As a result, 

was chlorinating the water heavily. Although the water was bubbled for between two and four 

days, high chlorine levels may have caused recorded mortalities. The significance of this finding 

is that test organism sensitivity to the dilution water should be investigated prior tq the initiation 

of toxicity testing. 
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CHAPTERS 

A CASE STUDY: WHOLE EFFLUENT TOXICITY TESTING 

S.1.INTRODUCTION 

Aquatic toxicology aims to determine at what dosage and under what conditions an organism is 

influenced adversely by a toxicant, and makes the use of laboratory toxicity tests to investigate 

concentration-response relationships. In the field, aquatic organisms are exposed to numerous 

chemicals and rarely to a single chemical or toxicant, and the exposure to a chemical mixture may 

be sequential (e.g. pulses of different chemicals) or simultaneous (e.g. whole efiluent) in time. 

Exposure to a mixture of substances may result in a biological response which is quantitatively 

or qualitatively different from that expected from the action of each substance on its own (Rand 

et al. 1995), and the toxic response may be magnified or reduced. For example, an additive effect 

occurs when the combined effect oftwo chemicals is equal to the sum of the individual chemicals 

applied alone. When the combined effect of two chemicals is much greater than the sum of the 

effects of individual chemicals applied alone, a synergistic effect has occurred. Antagonism occurs 

when the two chemicals interfere with each others' toxic action, and potentiation occurs when one 

chemical has a toxic effect only when applied with the other chemical (Rand et al. 1995). The 

toxic relationship between a substance and exposed population is therefore complex and further 

complicated when a mixture of chemicals (e.g. whole efiluent) is discharged intb the environment, 

as these chemicals interact with one another, the surrounding water and with other discharged 

chemicals in the receiving water system (Filella et at. 1995). 

Whole efiluent toxicity (WET) testing evaluates the toxicity of efiluents to aquatic t~st organisms. 

The toxicity tests incorporate chemical interactions between the substances within the efiluent 

mixture and their effects on the organism as a whole. The USEP A's 1984 national policy 

document, the Policy for the Development of Water Quality Based Permit Limitations for Toxic 

Pollutants, recommends that WET tests be used in toxic management programmes (in Warren­

Hicks and Parkhurst 1992). As a result of this recommendation, the USEPA has increasingly 

promoted the use of WET testing (Warren-Hicks and Parkhurst 1992). In South Africa, the 
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Department of Water Affairs and Forestry (DWAF) have also identified the need to assess the 

effects of hazardous effluent on the aquatic environment and have identified WET testing as a tool 

to evaluate the suitability of hazardous effluents for discharge into receiving waters (Slabbert et 

al. 1998). 

With the passing of the new Water Act (Act No. 36, 1998) in South Africa, and the recognition 

of the importance of toxicity testing, there is a need to establish WET test methodology suited to 

local conditions. This includes determining which test organisms may be used in WET, either 

standard laboratory test organisms, indigenous site-specific organisms, or both. A number ofWET 

studies have been initiated by the Institute for Water Research (IWR) (Grahamstown), funded by 

the Water Research Commission, and have primarily used indigenous site-specific invertebrates 

as test species. These studies include a doctoral thesis by Davies-Coleman (pers. comm.), which 

is investigating the use of the freshwater limpet, Bumupia stenochorias, as an indicator in WET; 

and a masters thesis by Zokufa, which aims to develop WET methods using flowing indigenous 

macroinvertebrates as test organisms (Zokufa 1998). 

In this study, Chapter 4 investigated and compared the tolerance and use of selected indigenous 

invertebrates and D.pulex, to a single-substance reference toxicant. The recirculating artificial 

streams (Channels) used in that chapter (Chapter 4) had yet to be tested using a whole effluent. 

This Chapter is a first attempt at using the Channel systems and site-specific indigenous 

invertebrates in acute WET testing. The study involved two six week field trips to the study area, 

Vereeniging, thus the logistics and practicality of site-specific testing was also investigated. The 

aim of this Chapter was not specifically to' determine the toxicity of the selected industrial 

effluents to D.pulex and selected indigenous invertebrates, but rather a case study to highlight any 

difficulties in using site-specific invertebrates in WET. 

5.2. MATERIALS AND MEmoDs 

The experimental methodology used for toxicity testing with indigenous invertebrates andD.pulex 

experiments is described in Chapters 2 and 4. Acute 96 h whole effluent experiments using 

-. indigenous invertebrates as test species were run simultaneously with acute 48 h D.pulex 
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experiments using the same effiuents. WET experiments were conducted at the Rand Water 

Hydrobiology laboratories. Indigenous invertebrates were collected from two different reference 

sites in the Vaal River catchment (see Chapter 2 for details) and experiments were run in the 

artificial stream systems, the Channels (Figure 2.2). Rand Water D.pulex cultures were used and 

standardised 48 h acute experiments were set up using the same effiuent samples as those used 

to setup the indigenous invertebrate experiments. Culture media used was dilution media for 

D.pulex experiments (as stipulated in standard methodology), and Vaal Dam water (receiving 

water) for indigenous invertebrate experiments. 

A number of industrial effiuents, from industries in the industrial areas of Vereeniging and 

Sasolburg, were selected for WET tests. Forty eight hour acute D.pulex screening tests were 

conducted to determine which of the industries produced the more acutely toxic effiuent. 

Industries were chosen primarily because they discharge their effiuent either directly, or indirectly 

via an effiuent canal, into the Vaal Barrage. The selected industries were close to Rand Water 

laboratories. Two industries, Industry A and B, were chosen for WET testing based on the results 

from the acute D.pulex screening tests. Industry A discharges a variable effiuent (Table 5.7) into 

the Rietspruit via an effiuent canal. The effiuent is known to consist primarily of heavy metals, 

and three experiments were conducted using this effiuent. The first experiment (Experiment AI) 

was conducted approximately 10 and 12 weeks prior to the second (Experiment A2) and third 

(Experiment AJ) experiments respectively. Industry B discharges a highly variable effiuent, 

consisting mainly of PVC and nutrients, into the Taaibosspruit via an etnuent canal. One 

experiment was carried out using this effiuent. 

No modification was made to either D.pulex or site-specific indigenous invertebrate 

methodologies described in Chapter 2. Only data sets where control mortalities were below 10%, 

and therefore acceptable according to standard methods (APRA 1992), were used in analysis. 

Effiuent dilutions were chosen to include a control and 100% effiuent. Numbers of dilutions were 

determined primarily by the number of Channel systems which could be set up in the laboratory. 

The range of dilutions in Experiments A 1-3 were chosen on a 0.5 dilution range, with the addition 

of a 75% treatment (i.e. eight treatments were run). The range in Experiment B was chosen on 

a 0.7 dilution range because two more Channel systems could be set up in this experiment (i.e. 
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ten treatments). See Tables 5.1 and 5.2 for a summary of each experiment. 

Table 5.1: A summary listing the indigenous test organism, the reference site from which they 

were collected and the effluent dilutions used for each acute 96 h WET experiment. 

Experiment Test organism Reference site Effluent Dilution (%) 

Al C.nilotica Emfuleni Park 0.00, 3.12, 6.25, 12.50, 
25.00, 50.00, 75.00, 

100.00 

A2 Baetidae Taaibosspruit 0.00, 3.12, 6.25, 12.50, 
25.00,50.00, 75.00, 

100.00 

A3 Baetidae Taaibosspruit 0.00, 3.12, 6.25, 12.50, 
25.00,50.00, 75.00, 

100.00 

B C.nilotica Engelbrechtdrift weir 0.00, 6.00, 8.500, 12.00, 
Corixidae 

~, 

17.00, 24.00, 34.50, 
49.00, 70.00, 100.00 

Table 5.2: A summary listing the effluent dilutions for each acute 48 h D.pulex experiment. 

Experiment Effluent Dilution (%) 

Al 0.00, 12.50,25.00, 50.00, 75.00, 100.00 

A2 0.00,3.12,6.25, 12.50,25.00, 50.00, 75.00, 100.00 
.I 

A3 0.00,3.12,6.25, 12.50,25.00,50.00, 75.00, 100.00 
. 

B 0.00,6.00,8.500, 12.00, 17.00,24.00,34.50,49.00, 70.00, 100.00 

In a non-renewal system, nutrient concentrations can increase to toxic levels (APHA 1992) and 

should therefore be determined in each treatment at the end of an experiment. Standard 48 h acute 

D.pulex experiments do not require this precaution (see Chapter 4). Due to cost constraints, and 

because the chemical composition of the effluent was unknown and variable, it was assumed that 

the nutrient concentrations were a characteristic of the effluent itself and concentrations were not 

measured (it was therefore also assumed that the organisms did ~ot significantly increase nutrient 

concentrations through the duration of the experiment). This assumption was also based on 
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previous experience (Chapter 4) where the nutrient concentrations remained within acceptable 

levels over the experimental period. 

An eftluent sample was sent for chemical analysis at the start of each Industry A experiment in 

order to provide information on the eftluent' s composition, and to determine the variability in the 

measured chemical variables between experiments. It was accepted that the chemical analysis 

could not be definitive, because not all chemicals can be tested for (Roux et al. 1993, Heber et 

al. 1996). For example, some chemicals within the eftluent may have been below detection limits 

and the analysis for organic compounds is very expensive (Hunt et al. 1992). A chemical sample 

was sent for analysis for Industry B, but results are not yet available. 

To provide an assessment of the chemical conditions experienced by the selected indigenous site­

specific organisms in the field, chemical data from Engelbrechtdrift weir was obtained from Rand 

Water. Data for this reference site was collected monthly from 1992 to 1998, and summarised as 
, 

the median, maximum and minimum recorded concentrations for each presented chemical variable. 

Eftluent concentrations were compared to those calculated for the reference site, the Target 

Water Quality Range (TWQR), the Guideline for the Protection of Aquatic Life (GPAL) and 

Acute Effect Value (AEV) to give an indication whether the values recorded in each eftluent 

sample were to be considered high. 

5.3. RESULTS 

5.3.1. Industry A 

Al eftluent appeared to be the most toxic of the three eftluents tested. After 48 h exposure, 

D.pulex responded with the only monotonic concentration-response curve recorded; no 

concentration-mortality relationship was recorded for the other two Industry A samples (Tables 

5.3,5.5 and 5.6 and Figures 5.1-5.3). TheD.pulexmortalityinExperiments A2 andA3 appeared 

to be unrelated to increasing eftluent dilution, and neonates did not show a concentration response 

to either eftluent samples (Figures 5.2 and 5.3). 
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D.pulex was more sensitive to Effluent Al than Cnilotica. A 48 h D.pulex LC50 was calculated 

at 39.1 (32.5-47.0)% Al Effluent, whereas no 96 h Cnilotica LC50 could be calculated, as only 

22.5% mortality was reached at the end of the experiment. In the 100% effluent treatments, 

93.3% 24 hD.pulex mortality was recorded, compared to only 10.2% by the Cnilotica after 24 

h. 

Although only 22.5% Cnilotica mortality was recorded in the 100% Al effluent dilution after 96 

h, Cnilotica mortality increased over the experimental period (96 h) in the two higher dilutions 

(75% and 100% effluent treatments) (Table 5.3). C.nilotica mortality increased from 5.9% after 

24 h to 11.8% at 96 h in the 75% effluent treatment, similarly 24 to 96 h mortality increased from 

10.2% to 22.5% respectively in the 100% effluent treatment. Cnilotica was therefore affected 

by the Al effluent and it can be speculated that mortality may have increased with increased 

exposure time. 

Table 5.3: The cumulative percentage mortalities recorded for Cnilotica (96 h mortality) and 

D.pulex (48 h mortality) in response to Industry A 1 effluent. D.pulex 48 h LC50 was calculated 

at 39.1% (32.5% - 47.0%). Due toD.pulex neonate shortage, treatments 3.12 and 6.25% could 

not be run. The rate of mortality within each treatment can be read by reading down a column, 

and a comparison between treatments recorded at one time can be made by reading along a row. 

At Effluent .I 

Hours 100% 75% 500/0 25% 12.5% 6.25% 3.12% Control 

C.nilotica 24 10.2 5.9 0.0 0.0 0.0 0.0 0.0 0.0 

48 14.3 9.8 2.0 0.0 0.0 2.0 0.0 0.0 

72 18.4 11.8 2.0 0.0 0.0 2.0 0.0 0.0 

96 22.5 11.8 2.0 0.0 0.0 2.0 0.0 0.0 

D.pulex 24 93.3 46.7 33.3 6.7 0.0 - - 0.0 

48 100.0 86.7 73.3 13.3 0.0 - - 0.0 
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Figure 5.1: The 96 h C. nilotica and 48 h D.pulex percentage mortalities recorded in response to 

Eflluent AI. The Spearman-Karber LC50 was at 39.1% (32.5%-47.0%) Al Eflluent. No LC50 

was calculated for C. nilotica. 

The Baetidae are a complex of species, with each species being identified after use in Experiments 

A2 and A3 by the Albany Museum, Grahamstown. The relative proportions of each species within 

the test complexes are listed in Table 5.4. The two most common species in both Experiments A2 

and A3 were Baetis glaucus and Cheleocloeon excisum, with B. quintus \naking up a high 

percentage (24%) of the complex in Experiment A2. The response of each specie's within a 

treatment was not determined because of the tow number per species within a treatment. Baetidae 

were therefore treated as a family for data analysis and equal tolerance assumed within the family 

complex. 

100 



Table 5.4: Relative percentage proportions of each species within the Baetidae complex used in 

experiments with Eflluents A2 and A3. 

Species EffiuentA2 EffiuentA3 

Baetis glaucus 38.5 45.0 

Baetis quintus 24.0 1.7 

Baetis harrisoni 3.1 3.3 

Cheleocloeon excisum 32.3 46.7 

Unknown 2.1 3.3 

Neither the Baetidae nor D.pulex showed a concentration-response relationship to the A2 and A3 

eflluents (Tables 5.5. and 5.6, Figures 5.2 and 5.3). D.pulex also did not appear to be acutely 

effected by Eflluents A2 and A3, and mortality appeared at random. For example, mortality in the 

50% A2 eflluent treatment was double that recorded in the 100% A2 eflluent treatment (Figure 

5.3). Recorded baetid mortalities also appeared random. For example, in A2 eflluent the Baetidae 

showed mortality in the 6.25%, 12.5%, 25% and 75% eflluent treatments, but no mortality 

occurred in the 50% or 100% effluent treatments (Table 5.5). High baetid emergence rates 

occurred during the experiments, resulting in low test numbers and may have contributed to the 

resultant non-monotonic response shown by the baetids in both Experiments AQ and A3. It is also 

likely however, that Eflluents A2 and A3 were not acutely toxic to the baetids (Tabl~ 5.5. and 

5.6). Due to the lack of an acute toxic effect, natural variability in response to the effluents 

became evident. 

101 



Table 5.5: The cumulative percentage mortalities recorded at the end of each experiment for 

Baetidae (96 h) and D.pulex (48 h) in response to Industry A2 eftluent. The rate of mortality 

within each treatment can be read by reading down a column, and a comparison between 

treatments recorded at one time can be made by reading along a row. 

EmuentA2 

Hours 100% 75% 50% 25% 12.5% 6.25% 3.12% Control 

Baetidae 24 0.0 0.0 0.0 6.7 10.0 5.9 6.3 0.0 

48 0.0 0.0 0.0 13.3 10.0 5.9 6.3 0.0 

72 0.0 2l.4 0.0 26.7 20.0 17.6 6.3 0.0 

96 0.0 2l.4 0.0 26.7 20.0 23.5 6.3 0.0 

D.pulex 24 5.0 10.0 15.0 0.0 4.8 0.0 0.0 0.0 

48 5.0 10.0 15.0 0.0 9.5 0.0 0.0 0.0 

Table 5.6: The cumulative percentage mortalities recorded at the end of each experiment for 

Baetidae (96 h) and D.pulex (48 h) in response to Industry A3 effluent. The rate of mortality 

within each treatment can be read by reading down a column, and il comparison between 

treatments recorded at one time can be made by reading along a row. 

EmuentA3 
1 

Hours 100% 75% 50% 25% 12.5% 6.25% 3.12% Control 

Baetidae 24 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 . 
48 6.7 4.2 0.0 0.0 0.0 0.0 0.0 0.0 

72 6.7 4.2 0.0 0.0 0.0 0.0 0.0 0.0 

96 6.7 4.2 0.0 0.0 0.0 0.0 26.3 0.0 

D.pulex 24 0.0 5.0 10.0 0.0 5.0 10.5 0.0 0.0 

48 10.0 5.0 20.0 5.0 5.0 15.8 0.0 5.0 
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Figure 5.2: The 96 h Baetidae and 48 h D.pulex percentage mortalities recorded in response to 

Effluent A2. LC50s could not be calculated. 
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Figure 5.3: The 96 h Baetidae percentage mortality and 48 h D.pulex percentage mortality 

recorded in response to Effluent A3. No LC50s could be calculated. 
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Most chemical variables in Eflluent Al were greater than those measured in Eflluents A2 and A3 

(Table 5.7). For example, electrical conductivity (Ee) in Al was almost double that of A2 and 

A3, and ammonia was recorded as being approximately 3 times greater in Al than that measured 

in A2 and A3. When comparing the concentrations measured in the three eflluent samples to those 

measured in the field (see Table 5.7 for list of variables), most variables exceeded their respective 

median values as recorded at Engelbrechtdrift weir. Of the variables, only pH and aluminium did 

not exceed the maximum recorded value at the reference site in all three eflluent samples. 

Ammonia, manganese, zinc and fluoride concentrations exceeded either the Acute Effect Value 

(AEV) (DWAF 1996g), Guideline for the Protection of Aquatic Life (GPAL) (Kempster et at. 

1980) values or both in all three eflluent samples (Figures 5.4-5.7). These constituents may 

therefore have contributed to the toxic effects of the eflluents. This is however pure speculation, 

as the synergistic and antagonistic effects between chemicals within the eflluent are unknown. 

! 
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Table 5.7: Summary of the physical and chemical variables measured for each eflluent and 

compared to the average and maximum values recorded at Engelbrechtdrift weir and the Acute 

Effect Value (AEV) and the Target Water Quality Range (TWQR) and Guideline for the 

Protection of Aquatic Life (GP AL). Those values in bold exceed the AEV, those with a * exceed 

the TWQR or GP AL and those values which are italicized exceed the reference site median. 

eDW AF 1996g, 2Kempster et al. 1980). 

Quality TWQR1
; AEVI Reference Reference Effluent Effluent Effluent 

variable GPAV Site Site At A2 A3 
(mgll) median min-max 

PHYSICAL AND CHEMICAL CHARACTERISTICS 

Conductivity 18.00 8.80-50.00 400.00 212.00 220.00 
at 25°C 
(mS/m) 

Hardness as 60.00 31.00-180.00 920.00 
CaC03 

Total Should not change 135.00 58.00-570.00 1490.00 
Dissolved by more than 15'W --,.. 

Solids 

pH Should not vary by 7.90 7.30-8.80 8.00 8.80 8.60 
more than 0.5 pH 
units over 24 hi -

Alkalinity as >20.00 130.00 81.00 91.00 
CaC03 

NUTRIENTS 

Ammonia <0.011; O.P 0.08 0.02-1.60 25.00* 9.50* 8.10* 
0.02-124.002 ~ 

Nitrite 0.05 0.02-0.25 0.74 1.45.1 0.34 

Nitrate . 0.38 0.05-7.40 6.40 3.95 8.06 

Ortho <0.03 <0.05 <0.05 
Phosphate 

Total Should not change 0.05 0.05-10.00 <0.30 0 . .10 0.14 
Phos~hate by more than 15W 

MACRO-ELEMENTS 

Calcium 1000.002 13.50 6.90-45.00 250.00 189.00 228.00 

Magnesium 1500.002 6.40 3.10-28.00 71.00 29.80 32.00 

Sodium 500.002 11.00 2.20-55.00 340.00 200.00 160.00 

Potassium 50.002 3.90 1.60-8.60 100.00* 36.00 35.00 

Cadmium <O.OJ! <0.011 0.03 0.03-0.03 <0.05 <0.01 <0.01 
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Quality TWQRl; AEVI Reference Reference Emuent Emuent Emuent 
variable GPAV Site Site Al A2 A3 
(mg/I) median min-max 

Chromium <0.01 1; 0.201 0.03 0.03-0.07 <0.05 0.02 <0.01 
0.01-0.102 

Cobalt 1.002 0.05 0.05-0.05 <0.10 0.02 <0.01 

Copper <0.01\ <0.01 1 0.05 0.05-0.39 <0.10 <0.02 <0.01 
0.01-0.202 

Manganese 0.181; 1.301 0.15 0.05-0.15 2.00* 0.42* ·0.38* 
0.10-1.002 

Lead <0.01 1; <O.OIl 0.15 0.05-0.16 <0.10* <0.13* <0.09* 
0.02-0.102 

Zinc <0.01 1; <0.041 0.05 0.05-0.33 0.24* 0.24* 0.09* 
0.03-0.102 

Nickel 0.03-0.052 0.05 0.05-0.10 <0.10* <0.05 0.03 

Aluminium <0.01 1 0.151 0.05 27.00 <0.10 0.08 0.06 
0.10-1.502 

Boron 1.50-5.002 0.05 0.05-0.23 0.49 0.18 0.19 

Vanadium 0.5()2 O.O~ 0.05-0.24 <0.01 <0.01 <0.01 

Molybdenum 0.102 0.25 0.03-0.14 <0.01 0.04 0.05 

Active silica 11.00 0.00-19.00 12.00 11.00 9.80 
as Si02 

Iron Should not vary by 1.10 0.03 <0.05 2.15 1.35 
more than 10%1 

0.20-1.002 

Arsenic <0.011 0.131 0.50 0.50-1.00 0.01 <0.01 
0.01-1.002 

Mercury <0.011 <0.01 1 0.50 0.50-0.50 ~ <0.01 <0.01 
O.OF • 

Selenium <0.01 1 0.031 0.50 0.50-0.50 <0.01 0.01 
0.Q1 2 . 

Cyanide <0.011 O.1Ji 0.02 0.02-0.11 <0.05 <0.05 
0.01-5.002 

Bromide 0.102 0.39 0.25-3.50 <0.20 <0.20 

Sulphide <0.10 <0.10 

Total Silica 50.002 18.00 0.50-98.00 13.00 11.00 9.00 

Sulphate 1400.002 17.00 5.00-150.00 414.00 420.00 

Chloride 50.00-400.002 5.00 5.00-25.00 200.00 358.00 406.00 

Fluoride <0.751 2.541 0.19 0.10-0.37 3.90* 2.81* 2.45* 
1.52 

- . -
Sulnhur 4.20 0.50-67.00 151.10 140.00 
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-------·-·-·---·-·---GPAL(124.00mgll) 

_________________ AI (25.00mgll) 
_________________ A2 (9.5 mg/l) 

A3 (8.10mg/l) 
- ________________ AEV (O.lmg/l) 

-----.-.-.---.-·-·---GPAL(0.02mgll) I 
Figure 5.4: A graphic representation showing the ammonia concentrations recorded in Effluents 

AI, A2 and A3 in relation to the Acute Effect Value (AEV) (DWAF 1996g) and Guideline for 

the Protection of Aquatic Life (GPAL) (Kempster et al. 1980). (The y-axis plots the 

concentration of zinc and is to scale (note the break in the axis), but for ease of reading, the actual 

concentrations are plotted in the legend). All three effluents exceeded the AEV value for 

ammonia, but fell within the GP AL range. 

----------------AI (2.00mgll) 

----------------AEV (1.30mgll) I 

---. - ----. -. - ------ - - OPAL (l.OOmg/l) 

================A2 (0.42mgll) 
A3 (0.38mg/l) 

-------.---' - .------- GPAL (0. 1 Omg/l) 

Figure 5.5: A graphic representation showing the manganese concentrations recorded in Effluents 

AI, A2 and A3 in relation to the Acute Effect Value (AEV) (DWAF 1996g) and Guideline for 

the Protection of Aquatic Life (GPAL) (Kempster et al. 1980). (The y-axis plots the 

concentration of manganese and is to scale, but for ease of reading, the actual concentrations are 

plotted in the legend). Only Effluent Al exceeded the AEV value, the other two effluents (A2 and 

A3) fell within the GP AL and'below the AEY:"· ~ ~ 
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_____________________ GPAL (D.IOmg/l) 
----------------A3 (O.09mg/l) 

- ------ - - ------ --- - -- GPAL & AEV(O.03mgll) 

Figure 5.6: A graphic representation showing the zinc concentrations recorded in Eflluents AI, 

A2 and A3 in relation to the Acute Effect Value (AEV) (DW AF 1996g) and Guideline for the 

Protection of Aquatic Life (GP AL) (Kempster et al. 1980). (The y-axis plots zinc concentration 

and is to scale, but for ease of reading, the actual concentrations are plotted in the legend). 

Eflluents Al and A2 exceed both the GP AL and AEV values. Eflluent A3 exceeds the AEV, but 

falls within the GP AL range. 

Al (3.90mg/l) 

" l 
~ .. 
0 

A2 (2.8 Imgll) .e 
~ AEV (2.54mgll) 

A3 (2.45mg/l) 

- ------ ----- - ----' - - - GAPL (1.5mgll) 

Figure 5.7: A graphic representation showing the fluoride concentrations recorded in Eflluents 

AI, A2 and A3 in relation to the Acute Effect Value (AEV) (DWAF 1996g) and Guideline for 

the Protection of Aquatic Life (GPAL) (Kempster et al. 1980). (The y-axis plots the 
-

- . concentration of fluoride and is to scale, but for ease of reading, the actual concentrations are 

plotted in the legend). Eflluents Al and A2 exceed hQth the AEV and GP AL. Eflluent A3 exceeds 

the GPAL. 
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5.3.2. Industry B 

This effluent did not result in any significant C.nilotica, Corixidae or D.pulex mortality (Table 5.8, 

Figure 5.8). The Corixidae appeared to respond at random, suggesting that mortality displayed 

natural variability and was unrelated to the effluent. For example, 50% Corixidae mortality was 

recorded in the 6% effluent dilution, whereas only 10% corixid mortality was recorded in the 

100% effluent treatment at 96 h. Ten percent mortality occurred in the D.pulex control (culture 

medium) after 24h and mortality in the effluent dilutions appeared again to be random (Figure 

5.8). Fifteen percent D.pulex mortality occurred in the 24% effluent dilution, whereas no daphnid 

mortality was recorded in the 34.5% and 49% effluent dilutions, with only 5% D.pulex mortality 

occurring in the 70% and 100% effluent dilutions. Effluent B therefore was not acutely toxic to 

D.pulex or to the two selected indigenous invertebrates. 

Table 5.8: The cumulative percentage mortalities recorded at the end of each experiment for 

C.nilotica (96 h), Corixidae (96 h) and D.pulex (48 h) in response to the increasing percentage 

of Industry B effluent. The rate of mortality within each treatment can be read by reading down 

a column, and a comparison between treatments recorded at one time c_an be made by reading 

along a row. 

Effluent B 

Hours 100% 70% 49% 34.5% 24% 17% 12% 8.5% 6% Control 
, 

C.nilotiea 24 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 
. 

48 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

72 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

96 0.0 0.0 2.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Corixidae 24 0.0 20.0 10.0 0.0 0.0 0.0 20.0 0.0 0.0 0.0 

48 0.0 20.0 20.0 0.0 0.0 0.0 20.0 0.0 10.0 11.1 

72 0.0 30.0 20.0 20.0 0.0 10.0 20.0 0.0 10.0 11.1 

96 10.0 401) 40.0 40.0 20.0 40.0 40.0 30.0 50.0 11.1 

_ . D!lJulex 24 5.0 0.0 0.0 0.0 0.0 0.0- 0.0 0.0 0.0 10.0 

48 5.0 5.0 0.0 0.0 15.0 5.0 0.0 0.0 0.0 10.0 
- -
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Figure 5.8: The 96 h C.nilotica, Corixidae and 48 h D.pulex percentage mortalities in response 

to Eflluent B. LC50s could not be calculated. 
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5.4. DISCUSSION 

None of the eflluents investigated in this Chapter (excepting Eflluent AI) resulted in an acute 

toxic response over the measured period (i.e. 96 h and 48 h mortality in the selected indigenous 

invertebrates and D.pulex experiments, respectively). During the test period, random mortality 

was recorded in both the selected indigenous invertebrates and D.pulex test populations, and did 

not appear related to effluent dilution. The effects of the exposure varied from severe in some 

individuals to none in others, within the same test population. These differences in response to a 

toxicant within a population may be due to natural biological variation and reflect the genetic 

make-up of the population and condition of the individuals within the population (Rand et al. 

1995). This natural variability is expected in a field-collected population, but is expected to be 

reduced in a homogenous population, such as the laboratory cultured D.pulex (Woods et al. 

1989). However, substantial differences do exist among individuals within a cultured population 

(e.g. D.pulex) due to differences in the condition of individuals (Rand et al. 1995). 

Natural variability in test population response will be dampened if the eflluent produces a 

measurable effect on the test population (Grothe et al. 1996). In other words, if the eflluent is not 

toxic over the test period, natural variability becomes more marked in the test situation. For 

example, Eflluent Al was toxic to the D.pulex test population, and consequently less variability 

was evident in test population response compared to the other experiments, where the eflluents 

tested were not acutely toxic. 
! 

These experiments highlight a limitation of fhis study. When determining the toxicity of an 

effiuent, chronic or long-term toxicity tests should be carried out, as the eflluent may not be 

acutely toxic. Chronic toxicity testing was, however, beyond the scope of this project and it is 

recommended by this study that chronic whole effiuent methodology be investigated (using both 

D.pulex and indigenous invertebrates). 

Although chemical samples for each effiuent were sent for analysis and a chemical profile 

examined, little information was gained in terms of the eflluent' ~ potential toxicity. Chemical 

-- profiles cannot predict the interactions between eflluent components,. nor the effect of these 
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interactions on the toxicity ofthe effluent (Cairns and Neiderlehner 1990). Chemical speciation 

models can be used to predict what ionic forms ( or species) of an inorganic chemical will take 

when present in a water body (MacKay et al. 1995) and are important in the understanding of 

metal toxicity (Filella et al. 1995). Speciation models are however reliant on extensive chemical 

knowledge of the receiving water and toxicant. Full chemical profiles of a whole effluent are 

expensive and often not comprehensive (e.g. organic chemicals are difficult to detect), thus 

chemical speciation is not always possible or practical. A chemical profile is however important 

if an effluent is to be monitored over time or if the effluent is to be broken down in an attempt to 

identifY the toxic component (i.e. In Toxicity Identification Evaluation (TIE) and Toxicity 

Reduction Evaluation (TRE) processes) (Burkhard and Ankley 1989, Doi and Grothe 1989, 

Chapman 1995). 

In South Africa, single-substance and WET testing are new tools in the evaluation and 

management of toxicants (Van Vliet 1996). The IWR initiated the use of indigenous 
" 

macroinvertebrates as test species, and consequently the use of the Channels as test systems, in 

response to the highlighted need for research into the tolerance of South Africa's indigenous 

aquatic organisms to toxicants (Moore 1990, Palmer et al. 1996). Methodology for the use of 

indigenous invertebrates was developed for the evaluation of single-substance toxicants, such as 

metals, and this study was the first to investigate the site-specific application of this method for 

the toxicity of whole effluents. The usefulness of site-specific indigenous invertebrates as test 

species in WET testing could not however be properly evaluated due to the efflu~nts not resulting 
l 

in an acute toxic effect. The advantages and limitations of the methodology are discussed in 

Chapter 6. An aim of this Chapter was to use WET to further highlight any difficulties in using 

site-specific indigenous invertebrates as toxicity test species, and these, together with those noted 

in Chapter 4, are discussed in Chapter 6. 
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CHAPTER 6 

THE PREDICTIVE VALUE OF TOXICITY TESTS AND CONSIDERATIONS FOR 

THE SETTING OF WATER QUALITY GUIDELINES FOR THE PROTECTION OF 

AQUATIC ECOSYSTEMS 

In South Africa water resources are limited (Schulze 1986), and it is recognised that there is a 

limit to the degree of utilisation by man that is sustainable by aquatic systems (Ashton et al. 1995, 

DWAF 1997). The resilience of aquatic ecosystems to disturbance, such as that caused by 

pollution, depends on maintaining a certain level of ecological integrity and function, and it is this 

level which is termed the Resource Base (MacKay 1998). Without protecting the Resource Base, 

the long term sustainable use of water resources by man, for domestic, agricultural and other uses, 

will not be possible. The South African Bill of Rights gives all South Africans the right to an 

environment that is protected for the benefit of present and future generations (DW AF 1997). To 

ensure that this right is achieved, the needs of the environment, which will ensure the maintenance 

of the Resource Base, must be determined, quantified and enforced. 

The first step toward the quantification of the needs of the aquatic environment was the 

publication of the South African Water Quality Guidelines for the Aquatic Ecosystem by the 

Department ofW ater Affairs and Forestry (DW AF 1996g). The information contained within these 
\ 

guidelines provides a starting point for management decisions, but these guidelines are by no , 
means complete and those water quality constituents included were selected according to the 

availability of cause-effect toxicity data and! or local knowledge. Where local data was unavailable, 

international databases were used and safety factors included (DWAF 1996g). Due to limited 

information on the water quality requirements of South Africa's aquatic environments, there is 

a need for South Africa to develop a database quantifying the toxic effects of substances on the 

aquatic system (Moore 1990). Toxicity tests are an invaluable tool in the determination of toxic 

effects to aquatic organisms (Richardson and Martin 1994) and can therefore be used as a tool 

in the assessment of toxic effects of chemicals on South Africa's aquatic environments. The use 

of aquatic toxicology is relatively new in South Africa (DW AF 1998) and the choice of 

appropriate test species (field-caught vs laboratory-cultured) is still under investigation. This 
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study investigated the use of a cultured organism, Daphnia pulex, and selected indigenous 

invertebrates for use in aquatic toxicity testing. The findings and limitations of each method are 

discussed in the context of the predictive value of toxicity tests to determine in-stream toxic 

effects, and in the use of toxicity test results in setting water quality guidelines for the aquatic 

environment. 

6.1. CHOICE OF TEST SPECIES 

A number of criteria for the choice oftest species have been set by the USEP A (1979) and APHA 

(1992), however the choice of test species is largely dependent on the question being addressed 

(Sprague and Fogels 1977). The primary advantage of using field caught indigenous organisms 

in aquatic toxicology is that they are representative of local conditions. Consideration of their 

tolerance is therefore important in the setting of site-specific water quality guidelines. The 

advantage of laboratory cultured organisms is their convenience (Leeuwangh 1978). In South 

Africa, aquatic toxicology is relatively new and because standardised methodology exists for 

laboratory cultured species (USEPA 1979, APHA 1992), the use of these organisms is more 

extensive than that of field caught indigenous organisms. As a res~1t, the sensitivities of 

indigenous invertebrates is not yet well documented in South Africa (Moore 1990). The suitability 

of these cultured organisms (e.g. D.pulex) for estimating in-stream toxic effectsis however still 

under investigation. Thus an aim of this study was to investigate the advantages and limitations 

of using D.pulex and indigenous site-specific invertebrates in toxicity testing. These and 

- . 

I 
recommendations concerning the use of D.pulex and indigenous site-specific invertebrates in 

aquatic toxicity testing in South Africa are discussed below. 

6.1.1. Factors to consider in the choice of indigenous invertebrate test organisms 

A primary consideration in the choice of test species for any aquatic toxicity test is the suitability 

of the species to the test system. The experimental system must meet the species' hydraulic 

requirements (Statzner et al. 1988, Lowel et al. 1995). For example, if the experimental system 

is static, only species which live in still waters can be used as test organisms. The IWR have 

developed artificial streams suitable for toxicity testing using riffle-dwelling organisms (palmer 
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et al. 1994}. These systems, the Channels, were used in this study thus allowing the choice of 

species adapted to dwelling in flowing environments. As flowing water environments have been 

characterised as one of the more dominant aquatic environments in South Africa (DWAF 1997) 

this was seen as an advantage. 

When selecting appropriate test species their known sensitivity to chemicals should be considered 

(Cairns et al. 1993, Rand et al. 1995). With the assumption being that if sensitive species are 

chosen, the more tolerant species will be protected (Cairns 1956). As very little is known of the 

tolerance limits and life histories of most of South Africa's aquatic invertebrates, indigenous 

invertebrates used in this study were selected for their availability, abundance and suitability to 

the test system. This is not ideal, as the species in abundance may be those which are more 

tolerant. A population with high numbers is however required as standard methods require more 

than 20 individuals at each concentration (APHA 1992). The constant collection of a rare species 

or a population slow at recovery will quickly deplete the supply of test species. This is an 

important consideration in areas such as the Vaal Triangle, where industry is numerous and 

reference sites are sparse. 

The stability of a chosen reference site for collection of selected test organisms may be a limiting 

factor (or disadvantage) in the regular use of indigenous invertebrates in aquatic toxicology. 

Eekhout et al. (1996) defined a reference site as a relatively unimpacted site that can contribute 

toward a database used to define the best available physical habitat, water quality and biological 
I 

parameters for a river. In other words the site should be representative of the desired state for the 

receiving water in question. In an industrial area such as the Vaal Triangle, it can be difficult to 

find an unimpacted site which is still representative of the receiving water. Distance between the 

reference site and laboratory is also an important consideration, as test animals need to be 

transported back to the laboratory relatively quickly in order to minimise stress. It may therefore 

be necessary to settle for the best available site, which may not necessarily reflect the "most 

natural" conditions. Reliability of the reference site became an important consideration in this 

study. One site was subjected to changes in flow for example, and changes in community 

composition resulted in test species being unavailable for testing. IJ may become necessary to have 

a number of reference sites from which the same or different test species are available. However, 
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it is not recommended that a test species is collected from more than one site for an experiment, 

because differences in tolerance are known to exist between different populations of the same 

species (Naylor et al. 1990, Cairns et al. 1993, Crane 1995). The use of numerous populations 

may also increase the potential for experimental variability. Thus the choice of the reference site 

is important and its reliability may be a factor to consider in the choice of test species. 

Reference site, species abundance and availability, and suitability to experimental systems were 

all important considerations in this study with regards to the use of indigenous invertebrate species 

as test organisms, and it is recommended that these be thoroughly investigated before using 

indigenous invertebrates in aquatic toxicity tests. Although the above factors may make the use 

of indigenous invertebrates impractical, their use is vital in the setting of water quality guidelines 

as they are the organisms the guidelines are designed to protect (Buikema et al. 1982). 

6.1.2. Factors to consider when using cultured D.pulex as a test organism 

The advantages oflaboratory cultured organisms include their availability for testing year round, 

their documented background biology, known previous exposure to chemicals, and standardised 

test methodologies (Leeuwangh 1978, Koivisto 1995). An advantage is also that, because 

methodologies are standardised, experimental variability should be reduced (Rand et al. 1995). 

In this study however, variability between experiments was high. Chapter 3 highlighted the 
~ 

importance of controlling and monitoring abiotic factors, such as temperature, which may 
I 

influence toxicity results. Also, it is recommended that the assumption that D.pulex cultures 

remain genetically homogenous over time (Weider 1993) be investigated, as experiments in this 

study could not conclude that culture age did not playa role in experimental variability. Based on 

other studies (Buikema 1983, Woods et al. 1989), it can be concluded that genetic differences 

between cultures will result in differences in tolerance to the same chemical. It is therefore 

recommended that cultures originate from one female. 

A disadvantage of laboratory ~ultured populations is that they may not accurately reflect the 

susceptibility of indigenous organism populations. It is therefore important to compare the 

susceptibility of laboratory species to that of indigenous invertebrates. In the comparisons made 
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between D.pulex and the selected indigenous invertebrates (Chapter 4), D.pulex was more 

sensitive than the selected indigenous invertebrates to the reference toxicant zinc. These results 

suggested that guidelines set for zinc according to the tolerance of D.pulex would protect the 

indigenous invertebrates selected in this study. However, it is important to note that inherent 

toxicity was determined for D.pulex, whereas relative toxicity was determined for the selected 

indigenous invertebrates. Also the indigenous invertebrates selected were not chosen according 

to their sensitivities, but for their abundance and may therefore be among the more tolerant of the 

indigenous aquatic community. 

The frequency oftoxicity testing and sampling have obvious consequences if toxic evaluations of 

a whole eflluent are to be conducted, and therefore has important implications on test design and 

in the choice of test species. D.pulex acute and chronic experiments are quicker to conduct and 

are therefore more attractive as a potential test species for whole effluent characterisation and 

compliance monitoring (Leeuwangh 1978, Janssen and Persoone 1993). This is advantageous 

when determining compliance to a whole eflluent discharge licence for example, because if 

conditions stipulated in the licence are not being met, corrective action by the regulatory agent 

can be enforced quickly. The potential for environmental damage to occ,-!r is greater when waiting 

for the results from a 96 h acute toxicity test (e.g. mayfly acute toxicity test), vs a 48 h Daphnia 

test. 

~ 
6.1.3. The choice of test species for the setting of water quality guidelines 

. 
It is recognised that cost and man power are important considerations in aquatic toxicology and 

not all aquatic species can be tested for their tolerance to all toxicants. It is therefore stressed that 

the test species and experimental design be chosen according to the aims and questions being 

asked. When setting a guideline aimed at protecting the aquatic ecosystem, it is recognised that 

a suite of indigenous test organisms from different trophic levels should be used (Cairns et al. 

1993, Chapman 1996, DWAF 1996g), as different species are known to exhibit different 

susceptibilities to the same ch~mical (Cairns et al. 1975, Sloof 1983, Ewell et al. 1986, Hickey 

and Martin 1995, Toussaint et al. 1995, McKinney and W_ade 1996, Roseth et al. 1996). 

Therefore, the setting of a guideline using one species may not protect all other species, and could 
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be either over or under protective. By establishing a single-substance guideline or whole effluent 

discharge licence based on the tolerance of a suite of indigenous species, the guideline aimed at 

protecting the aquatic ecosystem will be more realistic (Buikema et al. 1982). The use of 

indigenous invertebrates in the monitoring of compliance may however prove to be impractical 

due to the limitations mentioned above, whereas the use of D.pulex in compliance monitoring is 

more practical. 

6.2. TOXICITY TESTS 

It is assumed that aquatic laboratory toxicity tests (both single substance and whole effluent) are 

predictive of effects in receiving waters (Denton and Norberg-King 1996, Dom 1996). That is, 

it is assumed that laboratory test results (using both site-specific field-caught and standard 

laboratory test species) are reflective of the toxic impacts experienced in the field, and that an end­

point determined in the laboratory can be extrapolated to the field. The USEP A, in an attempt to 

determine if WET tests were predictive of in-stream effects, analysed data from approximately 

60 industrial and municipal water treatment plant discharges at eight sites across the USA 0N all 

and Hanmer 1987). It was concluded that toxicity tests conducted on a minimum of three to five 

test species from a range of taxonomic groups, do predict whether or not effluents will adversely 

effect a receiving water. The toxicity tests included standard laboratory species, such as the 

fathead minnow, Pimephales promelas, Ceriodaphnia dubia and the plant species, Selenastrum 
\ 

capricornutum. These predicted effects were confirmed by in-stream biosurvey data suggesting 
I 

that laboratory toxicity test end-points can be extrapolated to the field (Wall and Hanmer 1987) . 
. 

The USEP A's 1984 national policy document, the Policy for the Development of Water Quality 

Based Permit Limitations for Toxic Pollutants, recommended that toxicity tests be used in toxic 

management programmes. As a result of this recommendation, the USEP A has increasingly 

promoted the use of single substance toxicity and WET testing (Warren-Hicks and Parkhurst 

1992). 

The fundamental assumption b~hind the use of single species toxicity tests is that by searching for 

and testing the "most sensitive species" and setting standards to protect this species, all other 

species and activities at higher levels of biological organisation will also be protected (Cairns 
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1986). The growing appreciation of the complexity of ecosystems has, however, resulted in the 

questioning of the "most sensitive species approach" and on the exclusive reliance on single­

species toxicity tests to determine guidelines for the protection of aquatic communities from 

industrial (and other) sources of pollution (Pontasch et at. 1989a, Roux 1994). Some of the 

disadvantages and criticisms against single-~pecies toxicity tests are listed below, the relevance 

and the findings of this study, and the application of toxicology in South Africa is discussed. 

6.2.1. Sources of experimental variability 

Experimental variability due to test organism 

The greatest criticism of single species toxicity tests is the fact that test results with one toxicant 

can be highly variable within a species (Cairns 1983). Variability in both physical and biological 

parameters are kept to a minimum in laboratory toxicity tests. Genetically homogenous laboratory 

cultured organisms, such as D.pulex, are therefore popular test species in aquatic toxicology, 

because it is assumed that biological variability will be reduced due to genetic homogeneity 

between individuals (pontasch et al. 1989a). These cultures however lack the adaptive capability 

of natural heterogenous populations (Hickey and Vickers 1992), thus the realism/validity of end­

points using these cultures can be questioned. It has therefore been argued that indigenous field 

caught organisms should be used as test species instead of cultured laboratory species, because 

they are representative ofthe affected aquatic system. However, indigenous po~ulations obviously 
) 

show greater variability in tolerance around a measured end-point than a genetically homogenous 

population (Woods et al. 1989). In the past, the primary reason behind the choice of a test species 

was its ease and robustness to culturing conditions, rather than its suitability as an indicator of the 

effected ecosystem, its sensitivity to pollutants or ability to indicate subtle ecological effects (Gray 

1989). Laboratory cultures are able to provide test species at the time of the test, the organisms 

are of a known age and background, and because the life-history and existing culture conditions 

are well documented, there is better control and quality assurance. As the responses of the 

cultured organisms are expect~d to be more consistent between tests (Leeuwangh 1978, Janssen 

and Persoone 1993, Koivisto 1995), laboratory cultures are Q10re extensively used in aquatic 

toxicology than field caught indigenous invertebrates. 
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This study and others (Rue et al. 1988, Baird et al. 1989) have shown that unexplained variation 

can occur using laboratory cultured organisms, even though a methodology has been standardised 

(Chapter 2). The variability in cultured populations, such as D.pulex, may be due to genetic 

differences, culture technique (e.g. diet) or physical factors (e.g. temperature) (Weber 1991). In 

this study it was highlighted that if factors, such as temperature, are not kept constant, the 

result/impact on toxicity test end-points can be significant. For example, in Experiment 4 (Chapter 

3), LC50s for all four D.pulex cultures were significantly greater than subsequent experiments and 

a suspected reason for this was the temperature fluctuations experienced during the experiment. 

Other studies have also highlighted the significant influence of temperature on tolerance to 

chemicals (Cairns et al. 1975, Shcherban 1977, Cairns et al. 1978, Braginskiy and Shcherban 

1979, Stephenson and Watts 1984, Lewis and Homing 1991). Strict control over abiotic factors 

must be exercised if their contribution to experimental variability is to be reduced. This therefore 

requires appropriate laboratory facilities and continual monitoring. 

It is assumed that because D.pulex cultures are genetically homogenous, variability around the 

measured end-point (e.g. LC50) should be minimal (Woods et al. 1989). However, it is unlikely 

that cultures remain homogenous over time. If a culture is stressed in any way, through the build 

up of metabolic waste for example, males are produced, thus creating the potential for sexual 

recombination and genetic changes within the culture. Mutations may also result in a genetic 

change (Baird et al. 1989). Thus, over time, variability around an end-point may be attributed to 
1 

genetic changes within a culture. This study was unable to investigate this hypothesis due to 
J 

confounding factors experienced during the experiments, however it is suspected that genetic 

changes over time playa role in the variability experienced between experiments within a culture. 

It has been shown in other studies that the difference between two cultures in their tolerance to 

a chemical was due to the collection of D.pulex from different localities (i.e. cultures were 

initiated with females collected from different populations) (Buikema 1983 , Woods et al. 1989). 

For example, one of the major factors identified as contributing to the measured differences in 

LC50s between D.pulex cultures to the same chemical was genetic variability between cultures, 

with a number oflaboratories_having obtained cultures directly from different wild populations 

(Baird et al. 1989). In other words, cultures were set up from a female caught in a nearby location 

and not subcultured from a pre-existing culture. It can be assumed that these cultures were 
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different from one another genetically, with the implication that the difference in genetic make-up 

between the cultures may cause different expressed susceptibilities to the same toxicant. 

Laboratories in South Africa have initiated D.pulex cultures with females from different 

populations. Experiments in this study were confounded by other factors (e.g. temperature) 

(Chapter 3), and it can therefore not be stated with confidence that the noted differences in zinc 

tolerance between cultures was due to population differences or culture age differences. However, 

the differences in genetics between these cultures may have contributed to the differences 

measured in the LC50s and if these cultures are used in interlaboratory studies their genetic 

differences may contribute to inter-laboratory variability. A recommendation would therefore be 

that cultures are subcultured from the same female. 

Regular testing with a reference toxicant is recommended in order to establish if a laboratory 

culture undergoes significant changes in tolerance due to possible genetic changes within the 

culture over time. A database can also be generated to determine baseline tolerance to the 

reference chemical, thus providing a measure of variability over time. The influence of age (Blaise 

et al. 1988, Hoekstra et al. 1993), nutritional status and pre-exposure to the chemical (Naylor et 

al. 1990, Crane 1995), factors known to influence the tolerance to a chemical, can be controlled 

in laboratory reared test organisms. For example, D.pulex neonates, less than a day old, are 

hatched specifically the day before the experiment, and they are not fed before the test is initiated 

(APHA 1992). 

I 
The variability associated with field caught organisms however can be more difficult to control. 

It is for example, not practically possible to age indigenous invertebrates without detailed life 

history data. However, in an attempt to control for age, individuals of a similar size are chosen 

for the experiment (APHA 1992) (Chapter 2). Also during acclimation, it is hoped that the test 

organisms will reach the same nutritional status, as they are not fed before or during the acute 

experiment (APHA 1992). 

Another factor known to si~cant1y influence experimental variability is genetic differences 

between field populations (Naylor et al. 1990, Crane 1995). It is therefore recommended that a 

field-caught test population be collected from one reference site only, as this may help reduce a 
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potential source of organism variability. The choice of the reference site is therefore important, 

as it must be able to provide enough test organisms for testing. In this study, variability between 

experiments (i.e. LC50 variability over time) was not tested for as the indigenous invertebrate 

species chosen largely depended on their availability at the time of testing. As a result the same 

species were not used in all experiments (Chapters 4 and 5). This illustrates a practical 

disadvantage of using field collected organisms. 

Field populations are also subject to natut:al conditions and may therefore not be available when 

experiments need to be conducted. Different species are also known to exhibit different tolerances 

to the same chemical (Cairns eta!' 1975, S100f1983, Ewelletal. 1986, Hickey and Martin 1995, 

Toussaint et a!. 1995, McKinney and Wade 1996, Roseth et a!. 1996). It is therefore important 

to ensure the test population is one species and not a complex of species, as it is difficult to 

speciate a population such as the baetids at the onset of the experiment. The differences in species 

tolerance within a species complex may contribute to variability between experiments (Chapters 

4 and 5). It is also difficult to speciate a species ~ complex at the onset of the experiment. A 

recommendation is that all individuals are identified to species level to confirm a single-species 

population. 

It has been argued that the variability around measured end-points (e.g. LC50 values) between 

experiments should not be viewed as a limitation (Depledge 1990). A measure of individual 

variation in tolerance to a chemical within a test population is often missing or suppressed in 

toxicity studies and it has been argued that consideration of this biological variability Ishould be 

incorporated into the determination of a populations' tolerance to a chemical or toxicant (Hallam 

et a!. 1990). Guidelines for protecting ecosystems may be more realistic with the incorporation 

of biological variability, experienced at the population and ecosystem scales. However, it is also 

argued that variability around LC50 values (or other toxicity test end-point) reduces the 

confidence in the test method (Warren-Hicks and Parkhurst 1992). The question of what level of 

variability around a measured end-point is due to individual variability (i.e. biological variability) 

and what may be a reflection of experimental error (e.g. due to the method used), remains 
-

undefined, i. e. biological significance is difficult to define and toxicologists rely on statistics (Giesy 

and Alfred 1985, Thursby et al. 1997). In this study for example, the within variability (i.e. the 
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variability (around LC50s) between experiments within one population) was greater than the 

variability measured between populations (i.e. the variability between cultures) (Chapter 3). The 

CSIRD.pulex culture in Experiment 5, for example, showed an LC50 of 0.32 mg/I Zn which, 

according to the APHA formula (Chapter 2), was significantly different to that measured for the 

IWQS culture (0.22 mg/I Zn), similar results were obtained in Experiment 6. The difference 

between the two LC50 values equalled 0.10 mg/I Zn in Experiment 5 and 0.13 mg/I Zn in 

Experiment 6. This difference is less than that recorded between Experiments 5 and 6 within one 

culture (i. e. a difference of 0 .15 mg/ I Zn was recorded between Experiments 5 and 6 for the CSIR 

culture, similarly a difference of 0.38 mg/I Zn was recorded between experiments in the IWQS 

culture) (Experiment 6: CSIR LC50 = 0.47 mg/I Zn; IWQS = 0.60 mg/I Zn). In other words, the 

experimental variability within a culture, which was assumed to be genetically homogenous, was 

greater than that recorded between two different populations assumed to be genetically different. 

Can the difference between the CSIR and IWQS cultures therefore be considered biologically 

significant, although calculated as being statistically different, when the difference within one 

population was greater than that calculated between populations? Skalski (1981) has argued that 

the differences measured among two or more biological populations, although statistically 

different, may not be biologically significant. There is therefore a nee~ for further research to 

determine the differences between biological and statistical differences and what level of variability 

between end-points can be considered biologically significant. 

Experimental variability due to the toxicant 
I 

A further source of variability between experiments (other than those attributed to the test 

organism) may be associated with the toxicant. Errors may occur in the making up of single­

substance toxicant stock solutions and it is therefore important to be able to quantify the exact 

amount oftoxicant test organisms are exposed to. The variability between experiments in Chapter 

3 illustrates this point clearly. Chemical analysis was not carried out on the stock solutions made 

up for the first three experiments because standard D.pulex methodology did not require chemical 

analysis. After a high magnitucie of variation between D.pulex Experiments 1-3 and Experiment 

4, chemical analysis on the new stock solution was carried out to determine the exact 

concentration of zinc. Therefore it became impossible to compare the first three experiments with 
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subsequent experiments. If exact exposure concentrations are known, differences in stock 

solutions become accounted for and can potentially be eliminated as a source of variability 

between experiments. Contaminants may also influence stock solutions of a single-substance 

toxicant (Rand et al. 1995). It is suggested therefore that chemical profiles on all stock solutions 

are carried out, to confirm exposure concentration and to identify contaminants. 

Acceptable levels of variability between single-substance toxicity experiments need to be 

determined and the use of an uncertainty estimate, such as the application of safety factors, are 

included in single-substance guidelines to help compensate for the inherent variability experienced 

between tests (Dorn 1996, DW AF 1996g). 

Minimising the variability between end-points over time in WET tests is more difficult than in 

single-substance toxicity tests because of the continuously changing nature of the effluent (Rand 

et al. 1995). Effluents are made up of numerous chemicals and are thus complex in composition. 

They can also be highly variable over time, making toxic evaluations difficult (Warren-Hicks and 

Parkhurst 1992, Dorn 1996). No established criteria exist stipulating the acceptable levels of 

variability in a WET test (Parkhurst and Mount 1991) because of t~e inherent variability in 

effluent composition experienced over time. Average intra-laboratory coefficients of variation for 

acute WET tests have been recorded as 17%, with as much as 135% variability being recorded 

between experiments (Parkhurst and Mount 1991). Such high variability between experiments can 
\ 

be expected if the composition of the eftluent is highly variable, thus understanding the eftluent's 
I 

variability may be more important than evaluating one toxic result as a significant toxic event 

(Lave and Gruenspecht 1991, Roux 1994, Grothe et al. 1996). It may therefore be important to 

incorporate a series of WET tests over time before setting a discharge licence. The presumption 

of predicting receiving water effects based on one or two WET laboratory tests is inappropriate 

unless a significant pattern of toxicity can be established (Dorn 1996). 

The sampling and testing regime are therefore important in establishing the toxic potential of an 

eftluent. A number of differenl sampling methods have been proposed by which to characterise 

_. e!Huent variability (Slabbert et al. 1996), although it is recognised that the frequency of sampling 

is largely dependent on the eftluent in question (Heber et al. 1996). Slabbert et al. (1996) suggest 
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a sampling protocol which involves the monthly testing of an eflluent over 12 months in order to 

characterise the eflluent's variability and toxic effects. Highly variable eflluents may have to be 

sampled daily (maybe even hourly) in order to be confident that the most toxic plug is sampled 

and tested. Some eflluents are sampled on the spot (grab samples), i.e. the samples are 

characteristic of the eflluent only at the time of sampling; whereas composite sampling involves 

the collection of equal volumes of eflluent over a set period and the mixing of these samples into 

one eflluent, thus attempting to characterize the eflluent over the period sampled (Grothe et al. 

1996). In this study, spot eflluent samples were taken because the aim of WET tests in this study 

was not to characterise the selected eflluent's toxicities, but to highlight potential difficulties in 

WET testing using indigenous invertebrates and D.pulex. It is however recommended by this 

study that both spot and composite samples of an eflluent are evaluated, to accurately characterize 

the eflluent's toxicity potential. This study also recommends the use of chronic testing when 

establishing the toxic potential of an eflluent, as experiments in Chapter 5 illustrated that not all 

whole eflluent is acutely toxic. 

6.2.2. Toxicity test design 

There are two basic approaches to toxicity test design, the unreplicated regression design and the 

replicated ANOV A design. The regression design is argued to allow more treatments to be tested, 

thus including more "partial kills" on a concentration-response curve and allowing for more 

rigorous end-point (e.g. LC50) determination (Gerhardt pers comm.). The ANaVA design 

requires at least three replicates (APRA 1992), thus if space or test popUlation numbers afe a 

constraint (as they were in this study), fewer treatments can be run. Replicates do however 

provide some characterisation of test population variability within a treatment (Stephan and 

Rogers 1985). 

Preference was given to the regression design in this study. Both D.pulex neonate availability 

(Chapters 3 and 5) and space in which to run the experimental systems for the indigenous 

invertebrates (Chapters 4 and 5) were limiting factors. It was decided that running more 

(unreplicated) treatments was preferable to running only a fe~ replicated treatments. 

Urifortunately, the sacrifice of an unreplicated design is that there is no measure of variability 
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is envisaged by DW AF that an integrated management strategy be implemented, which takes 

advantage of a number of methodologies to determine and monitor water quality in our rivers 

(Conley 1990). Biological assessment methods (e.g. SASS), for example, can be used to assess 

the integrity of the affected aquatic community and monitor the changes taking place within a 

community in response to a released toxicant. They therefore compensate for some ofthe inability 

of toxicity tests (both single-substance and whole effluent) and chemical specific programmes to 

predict actual receiving water impacts (Heber et al. 1996). It is also important, once having 

determined the impact of a chemicaVtoxin on the environment, to try and reduce its effect, 

particularly in South Africa where waste water is required by law to be returned to the stream of 

origin (Act 54, 1956). Numerous methods, such as Toxicity Identification Evaluations (TIE), help 

identify the toxic components of an effluent (Burkhard and Ankley 1989, Chapman 1995), 

enabling the industry/polluter to reduce the toxicity of their effluent (i.e. Toxicity Reduction 

Evaluation (TRE» (Doi and Grothe 1989, Goodfellow et al. 1989, Schimmel et al. 1989, 

Chapman 1995). 

6.4. CONCLUSIONS AND RECOMMENDATIONS 

It is recommended by this study that the setting of discharge licences and environmental water 

quality guidelines should therefore be based on a suite of indigenous invertebrate and standard 

laboratory culture experiments. The use of indigenous invertebrates as test species in the setting 

of a guideline or discharge licence is important as they are the organisms tIiese guidelines are 
I 

designed to protect. These species are integral components of a complex system, and because the 

predictive value of cultured populations is still debatable, an end-point determined using site­

specific invertebrates will be more reflective of the actual receiving water impacts. D.pulex are 

however more suitable for regular toxicity testing than indigenous invertebrates and it is therefore 

recommended that they be used in compliance monitoring. Ifthese laboratory populations are to 

be used in monitoring however, their tolerance must be compared to that of indigenous 

populations to determine if they are more or less sensitive than the indigenous invertebrates to the 

toxicant studied. 

Acceptable levels of biological variability around a measured end-point need to be defined, and 
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further research into the differences between biological and statistical differences needs to be 

initiated. However, factors known to result in experimental variability must be strictly controlled 

if experimental variability is to be kept to a minimum. These factors include temperature and 

population differences. Chemical analysis of test solutions at the end of the toxicity test is also 

recommended in order to determine exact exposure concentrations (for both Dpulex and 

indigenous invertebrate methodologies). The potential for genetic changes, due to mutation, 

within a D.pulex culture also warrants further investigation. Regular testing oflaboratory cultures 

with a reference toxicant may help determine changes in tolerance within a culture over time. 

Toxicity tests to determine guidelines and discharge licences should incorporate indigenous 

population variability (Slabbert et al. 1996) and thus be conducted on a wide range of test species 

(Chapman 1996) to increase the protective value of the guideline. It is therefore recommended 

that a suite of organisms be used, which are representative of a number of trophic levels and 

aquatic habitats (Cairns et al. 1993). 

I 
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4.4. DISCUSSION 

Cairns (1980) argues that if one wishes to know the effects of a chemical on living organisms, the 

effects must be determined by a direct measurement made upon the organisms themselves. 

Therefore, when determining guidelines aimed at protecting the aquatic ecosystem from pollution, 

a measurement of the aquatic ecosystem's tolerance to the chemical must be determined. For this 

reason numerous studies have used aquatic insects in toxicity tests (Phillips 1978, Anderson.et al. 

1980, Hare and Campbell 1992, Brooks et al. 1995, Gerhardt and De Bisthoven 1995, Monda 

et al. 1995, Pinel-Alloul et al. 1996, Sibley et al. 1997), and when reviewed by Maltby and 

Calow (1989), toxicological data showed that invertebrates were more commonly used in aquatic 

toxicity tests than fish, which were traditionally the most common toxicity test species. 

Ephemeroptera (mayflies), often used as toxicity test organisms (Van Hassel and Gaulke 1986, 

Diamond et al. 1992, Quinn and Hickey 1993, Hickey and Martin 1995), and freshwater shrimp 

species are considered ecologically important components of the invertebrate community (Hart 

1980), and are therefore often used in toxicity testing (Correa 1987, Hatakeyama and Sugaya 

1989). Three different mayflies, A.peringueyi (Heptageniidae), E elegans (Leptophlebiidae) and 

Baetidae, and the shrimp C.nilotica were selected for use as test organisms in this Chapter. They 

were chosen as potential test organisms because of their abundance at the reference site and their 

suitability to the test environment in the recirculating Channels. 

Of the indigenous invertebrates selected in this study, the baetids and E elegans appiared to be 

the most sensitive to zinc. The fact that E elegans appeared to be one of the more sensitive of the 

indigenous invertebrates used in this study, contrasts with other studies which suggested that the 

Leptophlebiidae are fairly tolerant to chemicals (Gerhardt 1994). A study comparing the 

leptophlebiid, Leptophlebia marignata, and the baetid, Baetis rhodani, found that the 

leptophlebiid was more tolerant with respect to cadmium and lead than the baetid (Gerhardt 

1992). In this study, the tolerance to zinc was not significantly different between the baetids and 

Eelegans. It is difficult to generalise about the sensitivity ofa family, as species within a family 

may show different tolerances and the same species may be tolerant to one chemical but sensitive 

to another (Toussaint et al. 1995, McKinney and Wade 1996, Roseth et al. 1996). For example, 
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Hatakeyama and Sugaya (1989) noted that the shrimp, Paratya compressa improvisa, appeared 

more sensitive to herbicide toxins, but was more tolerant to heavy metal toxins when compared 

withD.magna. Thus a species should not be dismissed as a potential toxicity test species because 

others within the same family are shown to be tolerant to certain chemicals. 

A.peringueyi was the most tolerant of the indigenous invertebrates tested to zinc, in terms of96 

h LC50s, and therefore should not be used to set a protective guideline for zinc pollution. 

Similarly, C.nilotica, because of its apparent tolerance to zinc, would not be a good species with 

which to set a protective ecosystem guideline. Also, when compared with two other freshwater 

shrimp species in the literature, Artemia salina (Govindarajan et al. 1993) and Mysidopsis bahia 

(Lussier et al.1985), C.nilotica is more tolerant to zinc and therefore not a good indicator of zinc 

toxicity. 

Test repeatability and reliability are important considerations in the choice of test species (Rand 

et al. 1995) and although the baetids appeared consistent in their response to zinc, they are not 

an ideal family for future toxicity testing. Baetid populations may be made up of a complex of 

species which are difficult to separate in the field. In toxicity testing, confounding factors such as 

the mixing of an unknown portion of different species within test concentrations, should be 

avoided. The baetids also tended to emerge during experiments in this study, which resulted in 

low test numbers. Pontasch and Cairns (1989) experienced a similar problem, finding that nearly 

80% of Baetis sp. emerged from control streams during their study. Although\baetids have been 

extensively used as test species in the past (Williams et al. 1985, Kiflhey and Clements 1994), this 

study recommends that unless a single species population can be identified with confidence and 

emergence rate controlled, baetids should be avoided as a toxicity test organism. 

Aquatic toxicology is still a relatively new field in South Africa (DW AF 1998). Although there 

has been an international trend toward using standardised cultured organisms in the setting of 

water quality guidelines (DW AF 1996g), the decision as to whether or not standardised organisms 

are representative of those in the field is still to be made for South African conditions (Scherman 

and Palmer in press). An aim of this study was therefore to compare the sensitivity of the widely 

-. used and standardised D.pulex acute toxicity test methodology with that of acute indigenous 
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invertebrate toxicity testing, using zinc as the reference toxicant. 

The D.pulex were found to be more sensitive to zinc than the indigenous invertebrates in this 

study and had lower LC50 concentrations. Although limited, this study shows that D.pulex could 

be used in the setting of a guideline designed to protect the aquatic ecosystem against zinc 

pollution, and the selected indigenous invertebrates used in this study would be protected. 

However it is important to note that the inherent toxicity of zinc to D.pulex was meaSured, 

whereas the relative toxicity of zinc to the selected indigenous invertebrates was determined. Also 

D.pulex may not be representative of the Vaal River system. Therefore, although the indigenous 

invertebrates tested in this study would be protected if a guideline was set using the standard 

D.pulex test methodology, the guideline may be too stringent and not truly reflective of 

indigenous invertebrate tolerance. The baetids and E.elegans were the most similar of the 

indigenous invertebrates to D.pulex in terms of acute sensitivity to zinc, suggesting that these two 

indigenous invertebrates could also potentially be used to set protective guidelines for the aquatic 

ecosystem against zinc pollution. 

A secondary aim of this chapter was to compare the use of differen~ dilution waters in the 

indigenous macroinvertebrate test methodology. Four experiments, two with Vaal Dam water and 

two with dechlorinated tap water as dilution media, were run. The results indicated that 

dechlorinated tap water was unsuitable as a dilution medium. Most of the test organisms died 

during the acclimation period, indicating that this water was highly toxic to the test organisms. 
) 

At the time oftesting the Vaal Dam was experiencing algal blooms and Rand Water, as a result, 

was chlorinating the water heavily. Although the water was bubbled for between two and four 

days, high chlorine levels may have caused recorded mortalities. The significance of this finding 

is that test organism sensitivity to the dilution water should be investigated prior to'the initiation 

of toxicity testing. 
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CHAPTERS 

A CASE STUDY: WHOLE EFFLUENT TOXICITY TESTING 

S.l.INTRODUCTION 

Aquatic toxicology aims to determine at what dosage and under what conditions an organism is 

influenced adversely by a toxicant, and makes the use of laboratory toxicity tests to investigate 

concentration-response relationships. In the field, aquatic organisms are exposed to numerous 

chemicals and rarely to a single chemical or toxicant, and the exposure to a chemical mixture may 

be sequential (e.g. pulses of different chemicals) or simultaneous (e.g. whole eflluent) in time. 

Exposure to a mixture of substances may result in a biological response which is quantitatively 

or qualitatively different from that expected from the action of each substance on its own (Rand 

et al. 1995), and the toxic response may be magnifi~d or reduced. For example, an additive effect 

occurs when the combined effect of two chemicals is equal to the sum of the individual chemicals 

applied alone. When the combined effect of two chemicals is much greater than the sum of the 

effects of individual chemicals applied alone, a synergistic effect has occurred. Antagonism occurs 

when the two chemicals interfere with each others' toxic action, and potentiation occurs when one 

chemical has a toxic effect only when applied with the other chemical (Rand et al. 1995). The 

toxic relationship between a substance and exposed population is therefore complex and further 
~ 

complicated when a mixture of chemicals (e. g. whole eflluent) is discharged into the environment, 
l 

as these chemicals interact with one another, the surrounding water and with other discharged 

chemicals in the receiving water system (Filella et al. 1995). 

Whole eflluent toxicity (WET) testing evaluates the toxicity of eflluents to aquatic test organisms. 

The toxicity tests incorporate chemical interactions between the substances within the eflluent 

mixture and their effects on the organism as a whole. The USEP A's 1984 national policy 

document, the Policy for the Development of Water Quality Based Permit Limitations for Toxic 

Pollutants, recommends that WET tests be used in toxic management programmes (in Warren-

_. J!icks and Parkhurst 1992). As a result of this recommendation, the USEPA has increasingly 

promoted the use of WET testing (Warren-Hicks and Parkhurst 1992). In South Africa, the 
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Department of Water Affairs and Forestry (DWAF) have also identified the need to assess the 

effects of hazardous effluent on the aquatic environment and have identified WET testing as a tool 

to evaluate the suitability of hazardous effluents for discharge into receiving waters (Slabbert et 

al. 1998). 

With the passing of the new Water Act (Act No. 36, 1998) in South Africa, and the recognition 

of the importance of toxicity testing, there is a need to establish WET test methodology suited to 

local conditions. This includes determining which test organisms may be used in WET, either 

standard laboratory test organisms, indigenous site-specific organisms, or both. A number ofWET 

studies have been initiated by the Institute for Water Research (IWR) (Grahamstown), funded by 

the Water Research Commission, and have primarily used indigenous site-specific invertebrates 

as test species. These studies include a doctoral thesis by Davies-Coleman (pers. comm.), which 

is investigating the use of the freshwater limpet, Bumupia stenochorias, as an indicator in WET; 

and a masters thesis by Zokufa, which aims to dev~elop WET methods using flowing indigenous 

macroinvertebrates as test organisms (Zokufa 1998). 

In this study, Chapter 4 investigated and compared the tolerance and use of selected indigenous 

invertebrates and D.pulex, to a single-substance reference toxicant. The recirculating artificial 

streams (Channels) used in that chapter (Chapter 4) had yet to be tested using a whole effluent. 

This Chapter is a first attempt at using the Channel systems and site-specific indigenous 

invertebrates in acute WET testing. The study involved two six week field trips to the study area, 
.I 

Vereeniging, thus the logistics and practicality of site-specific testing was also investigated. The 

aim of this Chapter was not specifically to determine the toxicity of the selected industrial 

effluents to D.pulex and selected indigenous invertebrates, but rather a case study to highlight any 

difficulties in using site-specific invertebrates in WET. 

5.2. MATERIALS AND METHODS 

The experimental methodology.used for toxicity testing with indigenous invertebrates andD.pulex 

_. experiments is described in Chapters 2 and 4. Acute 96 h whole effluent experiments using 

indigenous invertebrates as t~st species we~e ,n:n simultaneously with acute 48 h D.pulex 
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experiments using the same effluents. WET experiments were conducted at the Rand Water 

Hydrobiology laboratories. Indigenous invertebrates were collected from two different reference 

sites in the Vaal River catchment (see Chapter 2 for details) and experiments were run in the 

artificial stream systems, the Channels (Figure 2.2). Rand Water D.pulex cultures were used and 

standardised 48 h acute experiments were set up using the same effluent samples as those used 

to setup the indigenous invertebrate experiments. Culture media used was dilution media for 

D.pulex experiments (as stipulated in standard methodology), and Vaal Dam water (receiving 

water) for indigenous invertebrate experiments. 

A number of industrial effluents, from industries in the industrial areas of Vereeniging and 

Sasolburg, were selected for WET tests. Forty eight hour acute D.pulex screening tests were 

conducted to determine which of the industries produced the more acutely toxic effluent. 

Industries were chosen primarily because they discharge their effluent either directly, or indirectly 

via an effluent canal, into the Vaal Barrage. The ,selected industries were close to Rand Water 

laboratories. Two industries, Industry A and B, were chosen for WET testing based on the results 

from the acute D.pulex screening tests. Industry A discharges a variable effluent (Table 5.7) into 

the Rietspruit via an effluent canal. The effluent is known to consist primarily of heavy metals, 

and three experiments were conducted using this effluent. The first experiment (Experiment AI) 

was conducted approximately 10 and 12 weeks prior to the second (Experim~nt A2) and third 

(Experiment A3) experiments respectively. Industry B discharges a highly variable effluent, 
~ 

consisting mainly of PVC and nutrients, into the Taaibosspruit via an effluent canal. One 
l 

experiment was carried out using this effluent. 

No modification was made to either D.pulex or site-specific indigenous invertebrate 

methodologies described in Chapter 2. Only data sets where control mortalities were below 10%, 

and therefore acceptable according to standard methods (APHA 1992), were used in analysis. 

Effluent dilutions were chosen to include a control and 100% effluent. Numbers of dilutions were 

determined primarily by the number of Channel systems which could be set up in the laboratory. 

The range of dilutions in Experiments Al-3 were chosen on a 0.5 dilution range, with the addition 

9f a 75% treatment (i.e. eight treatments were run). The range in Experiment B was chosen on 

a 0.7 dilution range because two more Channel systems could be set up in this experiment (i.e. 
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ten treatments). See Tables S.l and S.2 for a summary of each experiment. 

Table 5.1: A summary listing the indigenous test organism, the reference site from which they 

were collected and the effluent dilutions used for each acute 96 h WET experiment. 

Experiment Test organism Reference site Effluent Dilution (%) 

Al C.nilotica Emfuleni Park 0.00,3.12, 6.2S, 12.S0, 
2S.00, 50.00, 7S.00, 

100.00 

A2 Baetidae Taaibosspruit 0.00,3.12, 6.2S, 12.S0, 
2S.00, SO.OO, 7S.00, 

100.00 

A3 Baetidae Taaibosspruit 0.00,3.12, 6.2S, 12.S0, 
2S.00, SO.OO, 7S.00, 

100.00 

B C.nilotica Engelbrechtdrift weir 0.00, 6.00, 8.S00, 12.00, 
Corixidae 17.00,24.00, 34.S0, 

49.00, 70.00, 100.00 

Table 5.2: A summary listing the effluent dilutions for each acute 48 h,D.pulex experiment. 

Experiment Effluent Dilution (%) 

Al 0.00, 12.S0, 25.00, SO.OO, 75.00, 100.00 
~ 

A2 0.00,3.12, 6.2S, 12.S0, 2S.00, SO.OO, 7S.00, 100.00 I 

A3 0.00,3.12, 6.2S, 12.S0, 2S.00, 50.00, 7S.00, 100.00 

B 0.00,6.00, 8.S00, 12.00, 17.00,24.00, 34.S0, 49.00, 70.00, 100.00 

In a non-renewal system, nutrient concentrations can increase to toxic levels (APHA 1992) and 

should therefore be determined in each treatment at the end of an experiment. Standard 48 h acute 

D.pulex experiments do not require this precaution (see Chapter 4). Due to cost constraints, and 

because the chemical composition of the effluent was unknown and variable, it was assumed that 

the nutrient concentrations were a characteristic of the effluent itself and concentrations were not 

-. measured (it was therefore also assumed that the organisms did not significantly increase nutrient 

concentrations through thedqration of the _~X£e~ent). This assumption was also based on 
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previous experience (Chapter 4) where the nutrient concentrations remained within acceptable 

levels over the experimental period. 

An eftluent sample was sent for chemical analysis at the start of each Industry A experiment in 

order to provide information on the eftluent's composition, and to determine the variability in the 

measured chemical variables between experiments. It was accepted that the chemical analysis 

could not be definitive, because not all chemicals can be tested for (Roux et al. 1993, Heber et 

al. 1996). For example, some chemicals within the eftluent may have been below detection limits 

and the analysis for organic compounds is very expensive (Hunt et al. 1992). A chemical sample 

was sent for analysis for Industry B, but results are not yet available. 

To provide an assessment ofthe chemical conditions experienced by the selected indigenous site­

specific organisms in the field, chemical data from Engelbrechtdrift weir was obtained from Rand 

Water. Data for this reference site was collected monthly from 1992 to 1998, and summarised as 

the median, maximum and minimum recorded concentrations for each presented chemical variable. 

Eftluent concentrations were compared to those calculated for the reference site, the Target 

Water Quality Range (TWQR), the Guideline for the Protection of Aquatic Life (GPAL) and 

Acute Effect Value (AEV) to give an indication whether the values recorded in each eftluent 

sample were to be considered high. 

5.3. RESULTS 

I 

5.3.1. Industry A 

Al eftluent appeared to be the most toxic of the three eftluents tested. After 4~ h exposure, 

D.pulex responded with the only monotonic concentration-response curve recorded; no 

concentration-mortality relationship was recorded for the other two Industry A samples (Tables 

5.3,5.5 and 5.6 and Figures 5.1-5.3). TheD.pulexmortalityinExperimentsA2 and A3 appeared 

to be unrelated to increasing eftluent dilution, and neonates did not show a concentration response 

to either eftluent samples (Figures 5.2 and 5.3). 
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D.pulex was more sensitive to Eflluent Al than Cnilotica. A 48 h D.pulex LC50 was calculated 

at 39.1 (32.5-47.0)% Al Eflluent, whereas no 96 h Cnilotica LC50 could be calculated, as only 

22.5% mortality was reached at the end of the experiment. In the 100% eflluent treatments, 

93.3% 24 hD.pulex mortality was recorded, compared to only 10.2% by the Cnilotica after 24 

h. 

Although only 22.5% C nilotica mortality was recorded in the 100% Al eflluent dilution after 96 

h, Cnilotica mortality increased over the experimental period (96 h) in the two higher dilutions 

(75% and 100% eflluent treatments) (Table 5.3). Cnilotica mortality increased from 5.9% after 

24 h to 11.8% at 96 h in the 75% eflluent treatment, similarly 24 to 96 h mortality increased from 

10.2% to 22.5% respectively in the 100% eflluent treatment. Cnilotica was therefore affected 

by the Al eflluent and it can be speculated that mortality may have increased with increased 

exposure time. 

Table 5.3: The cumulative percentage mortalities recorded for Cnilotica (96 h mortality) and 

D.pulex (48 h mortality) in response to Industry Al eflluent. D.pulex 48 h LC50 was calculated 

at 39.1% (32.5% - 47.0%). Due to D.pulex neonate shortage, treatments 3.12 and 6.25% could 

not be run. The rate of mortality within each treatment can be read by reading down a column, 

and a comparison between treatments recorded at one time can be made by reading along a row. 

At Effluent .I 

Hours 100% 75% 50% 25% 12.5% 6.25% 3.12% Control 

Cnilotica 24 10.2 5.9 0.0 0.0 0.0 0.0 0.0 0.0 

48 14.3 9.8 2.0 0.0 0.0 2.0 0.0, 0.0 

72 18.4 11.8 2.0 0.0 0.0 2.0 0.0 0.0 

96 22.5 11.8 2.0 0.0 0.0 2.0 0.0 0.0 

D.pulex 24 93.3 46.7 33.3 6.7 0.0 - - 0.0 

48 100.0 _ 86.7 73.3 13.3 0.0 - - 0.0 
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Figure 5.1: The 96 h C.nilotica and 48 hD.pulex percentage mortalities recorded in response to 

Effluent AI. The Spearman-Karber LCSO was at 39.1 % (32.S%-47.0%) Al Effluent. No LCSO 

was calculated for C.nilotica. 

-
The Baetidae are a complex of species, with each species being identified after use in Experiments 

A2 and A3 by the Albany Museum, Grahamstown. The relative proportions of each species within 

the test complexes are listed in Table S.4. The two most common species in both Experiments A2 

and A3 were Baetis glaucus and Cheleocloeon excisum, with B.quintus inaking up a high 

percentage (24%) of the complex in Experiment A2. The response of each speci~ within a 

treatment was not determined because of the low number per species within a treatment. Baetidae 

were therefore treated as a family for data analysis and equal tolerance assumed within the family 

complex. 
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Table 5.4: Relative percentage proportions of each species within the Baetidae complex used in 

experiments with Eflluents A2 and A3. 

Species EffiuentA2 EffiuentA3 

Baetis glaucus 38.5 45.0 

Baetis quintus 24.0 1.7 

Baetis harrisoni 3.1 3.3 

Cheleocloeon excisum 32.3 46.7 

Unknown 2.1 3.3 

Neither the Baetidae nor D.pulex showed a concentration-response relationship to the A2 and A3 

eflluents (Tables 5.5. and 5.6, Figures 5.2 and 5.3). D.pulex also did not appear to be acutely 

effected by Eflluents A2 and A3, and mortality appeared at random. For example, mortality in the 

50% A2 effiuent treatment was double that recorded in the 100% A2 eflluent treatment (Figure 

5.3). Recorded baetid mortalities also appeared random. For example, in A2 eflluent the Baetidae 

showed mortality in the 6.25%, 12.5%, 25% and 75% eflluent treatments, but no mortality 

occurred in the 50% or 100% effiuent treatments (Table 5.5). High baetid emergence rates 

occurred during the experiments, resulting in low test numbers and may have contributed to the 
~ 

resultant non-monotonic response shown by the baetids in both Experiments A2 and A3. It is also 
! 

likely however, that Eflluents A2 and A3 were not acutely toxic to the baetids (Tables 5.5. and 
. 

5.6). Due to the lack of an acute toxic effect, natural variability in response to the effiuents 

became evident. 
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Table 5.5: The cumulative percentage mortalities recorded at the end of each experiment for 

Baetidae (96 h) and D.pulex (48 h) in response to Industry A2 effluent. The rate of mortality 

within each treatment can be read by reading down a column, and a comparison between 

treatments recorded at one time can be made by reading along a row. 

EffiuentA2 

Hours 100% 75% 50% 25% 12.5% 6.25% 3.12% Control 

Baetidae 24 0.0 0.0 0.0 6.7 10.0 5.9 6.3 0.0 

48 0.0 0.0 0.0 13.3 10.0 5.9 6.3 0.0 

72 0.0 21.4 0.0 26.7 20.0 17.6 6.3 0.0 

96 0.0 21.4 0.0 26.7 20.0 23.5 6.3 0.0 

D.pulex 24 5.0 10.0 15.0 0.0 4.8 0.0 0.0 0.0 

48 5.0 10.0 15.0 0.0 9.5 0.0 0.0 0.0 

Table 5.6: The cumulative percentage mortalities recorded at the end of each experiment for 

Baetidae (96 h) and D.pulex (48 h) in response to Industry A3 efiluent. The rate of mortality 

within each treatment can be read by reading down a column, and _a comparison between 

treatments recorded at one time can be made by reading along a row. 

EffiuentA3 
1 

Hours 100% 75% 50% 25% 12.5% 6.25% 3.12% Control 

Baetidae 24 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 . 
48 6.7 4.2 0.0 0.0 0.0 0.0 0.0 0.0 

72 6.7 4.2 0.0 0.0 0.0 0.0 0.0 0.0 

96 6.7 4.2 0.0 0.0 0.0 0.0 26.3 0.0 

D.pulex 24 0.0 5.0 10.0 0.0 5.0 10.5 0.0 0.0 

48 10.0 5.0 20.0 5.0 5.0 15.8 0.0 5.0 
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Figure 5.2: The 96 h Baetidae and 48 h D.pulex percentage mortalities recorded in response to 

Effluent A2. LC50s could not be calculated. 
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Figure 5.3: The 96 h Baetidae percentage mortality and 48 h D.pulex percentage mortality 

recorded in response to Effluent A3. No LC50s could be calculated. 
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Most chemical variables in Etlluent Al were greater than those measured in Etlluents A2 and A3 

(Table 5.7). For example, electrical conductivity (EC) in Al was almost double that of A2 and 

A3, and ammonia was recorded as being approximately 3 times greater in Al than that measured 

in A2 and A3. When comparing the concentrations measured in the three eftluent samples to those 

measured in the field (see Table 5.7 for list of variables), most variables exceeded their respective 

median values as recorded at Engelbrechtdrift weir. Of the variables, only pH and aluminium did 

not exceed the maximum recorded value at the reference site in all three eftluent samples. 

Ammonia, manganese, zinc and fluoride concentrations exceeded either the Acute Effect Value 

(AEV) (DWAF I996g), Guideline for the Protection of Aquatic Life (GPAL) (Kempster et al. 

1980) values or both in all three eftluent samples (Figures 5.4-5.7). These constituents may 

therefore have contributed to the toxic effects of the eftluents. This is however pure speculation, 

as the synergistic and antagonistic effects between chemicals within the eftluent are unknown. 

I 
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Table 5.7: Summary of the physical and chemical variables measured for each effluent and 

compared to the average and maximum values recorded at Engelbrechtdrift weir and the Acute 

Effect Value (AEV) and the Target Water Quality Range (TWQR) and Guideline for the 

Protection of Aquatic Life (GP AL). Those values in bold exceed the AEV, those with a * exceed 

the TWQR or GP AL and those values which are italicized exceed the reference site median. 

enw AF 1996g, 2Kempster et al. 1980). 

Quality TWQR1
; AEVI Reference Reference Emuent Emuent Emuent 

variable GPAV Site Site At A2 A3 
(mgll) median min-max 

PHYSICAL AND CHEMICAL CHARACTERISTICS 

Conductivity 18.00 8.80-50.00 400.00 212.00 220.00 
at 25°C 
ImS/m~ 

Hardness as 60.00 31.00-180.00 920.00 
CaCOJ 

Total Should not change 135.QO 58.00-570.00 1490.00 
Dissolved by more than 15W 
Solids 

pH Should not vary by 7.90 7.30-8.80 8.00 8.80 8.60 
more than 0.5 pH 
units over 24 hi -

Alkalinity as >20.00 130.00 81.00 91.00 
CaCOJ 

NUTRIENTS 

Ammonia <0.01\ 0.1' 0.08 0.02-1.60 25.00* , 9.50* 8.10* 
0.02-124.002 

Nitrite 0.05 0.02-0.25 0.74 1.45.1 0.34 

Nitrate . 0.38 0.05-7.40 6.40 3.95 8.06 

Ortho <0.03 <0.05 <0.05 
Phosphate 

Total Should not change 0.05 0.05-10.00 <0.30 0.10 0.14 
Phosphate by more than 15%1 

MACRO-ELEMENTS 

Calcium 1000.002 13.50 6.90-45.00 250.00 189.00 228.00 

MaltDesium 1500.002 6.40 3.10-28.00 71.00 29.80 32.00 

Sodium 500.002 11.00 2.20-55.00 340.00 200.00 160.00 

Potassium 50.002 3.90 1.60-8.90 100.00* 36.0B 35.00 
-

Cadmium <0.011 <0.011 0.03 0.03-0.03 <0.05 <0.01 <0.01 
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Quality TWQRl; AEVI Reference Reference Effluent Effluent Effluent 
variable GPAV Site Site At A2 A3 
(mg/l) median min-max 

Chromium <0.011; 0.201 0.03 0.03-0.07 <0.05 0.02 <0.01 
0.01-0.102 

Cobalt 1.002 0.05 0.05-0.05 <0.10 0.02 <0.01 

Copper <0.011; <O.OJ! 0.05 0.05-0.39 <0.10 <0.02 <0.01 
0.01-0.202 

Manganese 0.181; 1.301 0.15 0.05-0.15 2.00* 0.42* 0.38* 
0.10-1.002 

Lead <0.011; <O.OJ! 0.15 0.05-0.16 <0.10* <0.13* <0.09* 
0.02-0.102 

Zinc <0.011; <0.041 0.05 0.05-0.33 0.24* 0.24* 0.09* 
0.03-0.102 

Nickel 0.03-0.052 0.05 0.05-0.10 <0.10* <0.05 0.03 

Aluminium <0.011 0.151 0.05 27.00 <0.10 0.08 0.06 
0.10-1.502 

Boron 1.50-5.002 0.05 0.05-0.23 0.49 0.18 0.19 

Vanadium 0.502 0.05 0.05-0.24 <0.01 <0.01 <0.01 

Molybdenum 0.102 0.25 0.03-0.14 <0.01 0.04 0.05 

Active silica 11.00 0.00-19.00 12.00 11.00 9.80 
as SiO~ 

Iron Should not vary by 1.10 0.03 <0.05 2.15 1.35 
more than 10%1 

0.20-1.002 

Arsenic <0.011 0.131 0.50 0.50-1.00 0.01 <0.01 
0.01-1.002 

Mercury <0.011 <O.OJ! 0.50 0.50-0.50 <0.01, <0.01 
0.01 2 

Selenium <0.011 0.031 . 0.50 0.50-0.50 <0.01 0.01 
O.OP 

Cyanide <0.011 0.111 0.02 0.02-0.11 <0.05 <0.05 
0.01-5.002 

Bromide 0.102 0.39 0.25-3.50 <0.20 <0.20 

Sulpbide <0.10 <0.10 

Total Silica 50.002 18.00 0.50-98.00 13.00 11.00 9.00 

Sulphate 1400.002 17.00 5.00-150.00 414.00 420.00 

Chloride 50.00-400.002 5.00 5.00-25.00 200.00 358.00 406.00 

Fluoride <0.751 2.541 0.19 0.10-0.37 3.90* 2.81-* 2.45* -- - l.52 

Sulphur 4.20 0.50-67.00 151.10 140.00 - - ~ 
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---------------------GPAL(124.00mgll) 

_________________ Al (25.00mgll) 
_________________ A2 (9.5 mgll) 

A3 (8.l0mgll) _________________ AEV (O.lmg/l) 

-------.-------------GPAL(O.02mgll) J J 

Figure 5.4: A graphic representation showing the ammonia concentrations recorded in Eflluents 

AI, A2 and A3 in relation to the Acute Effect Value (AEV) (DWAF 1996g) and Guideline for 

the Protection of Aquatic Life (GPAL) (Kempster et al. 1980). (The y-axis plots the 

concentration of zinc and is to scale (note the break in the axis), but for ease of reading, the actual 

concentrations are plotted in the legend). All three eflluents exceeded the AEV value for 

ammonia, but fell within the GP AL range. 

----------------Al (2.00mgll) 

----------------AEV (1.30mgll) 

---- - ----- - -~ ------ - - GPAL (1.00mg/l) 

================A2 (0.42mgll) 
A3 (O.38mg/l) 

---------------------GPAL(O.lOmg/l) 

Figure 5.5: A graphic representation showing the manganese concentrations recorded in Eflluents 

AI, A2 and A3 in relation to the Acute Effect Value (AEV) (DWAF 1996g) and Guideline for 

the Protection of Aquatic Life (GPAL) (Kempster et al. 1980). (The y-axis plots the 

_ . cQncentration of manganese and is to scale, but for ease of reading, the actual concentrations are 

plotted in the legend). Only Eflluent Al exceeded the AEV value, the other two eflluents (A2 and 
. - -

A3) fell within the GP AL and below the AEV. 
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----------------AI & A2 (O.24mg/l) 

_____________________ GPAL (O.IOmg/l) 
----------------A3 (O.09mg/l) 

- ------- - -- --- - --- - -- GPAL & AEV(O.03mgll) 

Figure 5.6: A graphic representation showing the zinc concentrations recorded in Efiluents AI, 

A2 and A3 in relation to the Acute Effect Value (AEV) (DW AF 1996g) and Guideline for the 

Protection of Aquatic Life (GPAL) (Kempster et al. 1980). (The y-axis plots zinc concentration 

and is to scale, but for ease of reading, the actual concentrations are plotted in the legend). 

Effluents Al and A2 exceed both the GP AL and AEV values. Effluent A3 exceeds the AEV, but 

falls within the GP AL range. 

Al (3.90mg/l) 
l 

'" :s .... 
0 

A2 (2.81mgll) ..2 

"'" AEV (2.54mgll) 
A3 (2.45mg/l) 

-------·---------·---GAPL(1.5mgll) 

Figure 5.7: A graphic representation showing the fluoride concentrations recorded in Efiluents 

AI, A2 and A3 in relation to the Acute Effect Value (AEV) (DW AF 1996g) and Guideline for 

the Protection of Aquatic Life (GP AL) (Kempster et al. 1980). (The y-axis. plots the 

concentration of fluoride and is to scale, but for ease of reading, the actual concentrations are 

plotted in the legend). Effluents Al and A2 exceed both the AEV and GP AL. Efiluent A3 exceeds 

the GPAL. 
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5.3.2. Industry B 

This effluent did not result in any significant C. nilotica, Corixidae or D.pulex mortality (Table 5.8, 

Figure 5.8). The Corixidae appeared to respond at random, suggesting that mortality displayed 

natural variability and was unrelated to the effluent. For example, 50% Corixidae mortality was 

recorded in the 6% effluent dilution, whereas only 10% corixid mortality was recorded in the 

100% effluent treatment at 96 h. Ten percent mortality occurred in the D.pulex control (culture 

medium) after 24h and mortality in the effluent dilutions appeared again to be random (Figure 

5.8). Fifteen percent D.pulex mortality occurred in the 24% effluent dilution, whereas no daphnid 

mortality was recorded in the 34.5% and 49% effluent dilutions, with only 5% D.pulex mortality 

occurring in the 70% and 100% effluent dilutions. Effluent B therefore was not acutely toxic to 

D.pulex or to the two selected indigenous invertebrates. 

Table 5.8: The cumulative percentage mortalities,recorded at the end of each experiment for 

C.nilotica (96 h), Corixidae (96 h) and D.pulex (48 h) in response to the increasing percentage 

of Industry B effluent. The rate of mortality within each treatment can be read by reading down 

a column, and a comparison between treatments recorded at one time can be made by reading 

along a row. 

EffluentB 

Hours 100% 70% 49% 34.5% 24% 17% 12% 8.5% 6% -t" Control 

Cnilotica 24 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 . 
48 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

72 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

96 0.0 0.0 2.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Corixidae 24 0.0 20.0 10.0 0.0 0.0 0.0 20.0 0.0 0.0 0.0 

48 0.0 20.0 20.0 0.0 0.0 0.0 20.0 0.0 10.0 11.1 

72 0.0 30.0 20.0 20.0 0.0 10.0 20.0 0.0 10.0 11.1 

96 10.0 4{f.0 40.0 40.0 20.0 40.0 40.0 30.0 50.0 11.1 
-

D.pulex 24 5.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 10.0 

48 5.0 "5;B 0.0 9.0 ~ 15.0 5.0 0.0 0.0 0.0 10.0 
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Figure 5.8: The 96 h C.nilotica, Corixidae and 48 hD.pulex percentage mortalities in response 

to Effluent B. LC50s could not be calculated. 
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5.4. DISCUSSION 

None of the eftluents investigated in this Chapter (excepting Eftluent AI) resulted in an acute 

toxic response over the measured period (i.e. 96 h and 48 h mortality in the selected indigenous 

invertebrates and D.pulex experiments, respectively). During the test period, random mortality 

was recorded in both the selected indigenous invertebrates and D.pulex test populations, and did 

not appear related to eftluent dilution. The effects of the exposure varied from severe in some 

individuals to none in others, within the same test population. These differences in response to a 

toxicant within a population may be due to natural biological variation and reflect the genetic 

make-up of the population and condition of the individuals within the population (Rand et al. 

1995). This natural variability is expected in a field-collected population, but is expected to be 

reduced in a homogenous population, such as the laboratory cultured D.pulex (Woods et al. 

1989). However, substantial differences do exist among individuals within a cultured population 

(e.g. D.pulex) due to differences in the condition Qfindividuals (Rand et al. 1995). 

Natural variability in test population response will be dampened if the eftluent produces a 

measurable effect on the test population (Grothe et al. 1996). In other wards, if the eftluent is not 

toxic over the test period, natural variability becomes more marked in the test situation. For 

example, Eftluent A 1 was toxic to the D.pulex test population, and consequently less variability 

was evident in test population response compared to the other experiments, where the eftluents 
~ 

tested were not acutely toxic. 
! 

These experiments highlight a limitation of this study. When determining the toxicity of an 

eftluent, chronic or long-term toxicity tests should be carried out, as the eftluent may not be 

acutely toxic. Chronic toxicity testing was, however, beyond the scope of this project and it is 

recommended by this study that chronic whole eftluent methodology be investigated (using both 

D.pulex and indigenous invertebrates). 

Although chemical samples for each eftluent were sent for analysis and a chemical profile 

_. examined, little information was gained in terms of the eftluent's potential toxicity. Chemical 

profiles cannot predict the interactions between effluent components, nor the effect of these 
- -.;a.. - ... ""3'- "S:" 
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interactions on the toxicity of the effluent (Cairns and Neiderlehner 1990). Chemical speciation 

models can be used to predict what ionic forms (or species) of an inorganic chemical will take 

when present in a water body (MacKay et al. 1995) and are important in the understanding of 

metal toxicity (Filella et al. 1995). Speciation models are however reliant on extensive chemical 

knowledge of the receiving water and toxicant. Full chemical profiles of a whole effluent are 

expensive and often not comprehensive (e.g. organic chemicals are difficult to detect), thus 

chemical speciation is not always possible or practical. A chemical profile is however important 

if an effluent is to be monitored over time or if the effluent is to be broken down in an attempt to 

identifY the toxic component (i.e. In Toxicity Identification Evaluation (TIE) and Toxicity 

Reduction Evaluation (TRE) processes) (Burkhard and Ankley 1989, Doi and Grothe 1989, 

Chapman 1995). 

In South Africa, single-substance and WET testing are new tools in the evaluation and 

management of toxicants (Van Vliet 1996). The IWR initiated the use of indigenous 
" 

macroinvertebrates as test species, and consequently the use of the Channels as test systems, in 

response to the highlighted need for research into the tolerance of South Africa's indigenous 

aquatic organisms to toxicants (Moore 1990, Palmer et al. 1996). Methodology for the use of 

indigenous invertebrates was developed for the evaluation of single-substance toxicants, such as 

metals, and this study was the first to investigate the site-specific application of this method for 

the toxicity of whole effluents. The usefulness of site-specific indigenous invertebrates as test 

species in WET testing could not however be properly evaluated due to the effl~ents not resulting 

in an acute toxic effect. The advantages and limitations of the methodology are di~cussed in 

Chapter 6. An aim of this Chapter was to use WET to further highlight any difficulties in using 

site-specific indigenous invertebrates as toxicity test species, and these, together with those noted 

in Chapter 4, are discussed in Chapter 6. 
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CHAPTER 6 

THE PREDICTIVE VALUE OF TOXICITY TESTS AND CONSIDERATIONS FOR 

THE SETTING OF WATER QUALITY GUIDELINES FOR THE PROTECTION OF 

AQUATIC ECOSYSTEMS 

In South Africa water resources are limited (Schulze 1986), and it is recognised that there is a 

limit to the degree of utilisation by man that is sustainable by aquatic systems (Ashton et al. 1995, 

DW AF 1997). The resilience of aquatic ecosystems to disturbance, such as that caused by 

pollution, depends on maintaining a certain level of ecological integrity and function, and it is this 

level which is termed the Resource Base (MacKay 1998). Without protecting the Resource Base, 

the long term sustainable use of water resources by man, for domestic, agricultural and other uses, 

will not be possible. The South African Bill of Rights gives all South Africans the right to an 

environment that is protected for the benefit of present and future generations (DW AF 1997). To 

ensure that this right is achieved, the needs of the environment, which will ensure the maintenance 

of the Resource Base, must be determined, quantified and enforced. 

The first step toward the quantification of the needs of the aquatic environment was the 

publication of the South African Water Quality Guidelines for the Aquatic Ecosystem by the 

Department ofW ater Affairs and Forestry (DW AF 1996g). The information contained within these 

guidelines provides a starting point for management decisions, but these guidelines"are by no 

means complete and those water quality c0l!stituents included were selected according to the 

availability of cause-effect toxicity data and! or local knowledge. Where local data was unavailable, 

international databases were used and safety factors included (DWAF 1996g). Due to limited 

information on the water quality requirements of South Africa's aquatic environments, there is 

a need for South Africa to develop a database quantifying the toxic effects of substances on the 

aquatic system (Moore 1990). Toxicity tests are an invaluable tool in the determination oftoxic 

effects to aquatic organisms (Richardson and Martin 1994) and can therefore be used as a tool 

in the assessment of toxic effests of chemicals on South Africa's aquatic environments. The use 

- of aquatic toxicology is relatively new in South Africa (DW AF 1998) and the choice of 

appropriate test species (field-s.aught vs labo!~t~~-cultured) is still under investigation. This 
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study investigated the use of a cultured organism, Daphnia pulex, and selected indigenous 

invertebrates for use in aquatic toxicity testing. The findings and limitations of each method are 

discussed in the context of the predictive value of toxicity tests to determine in-stream toxic 

effects, and in the use of toxicity test results in setting water quality guidelines for the aquatic 

environment. 

6.1. CHOICE OF TEST SPECIES 

A number of criteria for the choice oftest species have been set by the USEP A (1979) and APHA 

(1992), however the choice oftest species is largely dependent on the question being addressed 

(Sprague and Fogels 1977). The primary advantage of using field caught indigenous organisms 

in aquatic toxicology is that they are representative of local conditions. Consideration of their 

tolerance is therefore important in the setting of site-specific water quality guidelines. The 

advantage of laboratory cultured organisms is their convenience (Leeuwangh 1978). In South 

Africa, aquatic toxicology is relatively new and b~ecause standardised methodology exists for 

laboratory cultured species (USEPA 1979, APHA 1992), the use of these organisms is more 

extensive than that of field caught indigenous organisms. As a result, the sensitivities of 

indigenous invertebrates is not yet well documented in South Africa (Moore 1990). The suitability 

of these cultured organisms (e.g. D.pulex) for estimating in-stream toxic effects is however still 

under investigation. Thus an aim of this study was to investigate the advantages and limitations 

of using D.pulex and indigenous site-specific invertebrates in toxicity teSting. These and 

recommendations concerning the use of D.pulex and indigenous site-specific invertebrates in 

aquatic toxicity testing in South Africa are discussed below. 

6.1.1. Factors to consider in the choice of indigenous invertebrate test organi~ms 

A primary consideration in the choice of test species for any aquatic toxicity test is the suitability 

of the species to the test system. The experimental system must meet the species' hydraulic 

requirements (Statzner et al. 1988, Lowel et al. 1995). For example, if the experimental system 

is static, only species which lwe in still waters can be used as test organisms. The IWR have 

developed artificial streams suitable for toxicity testing using riflle-dwelling organisms (palmer 
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et al. 1994). These systems, the Channels, were used in this study thus allowing the choice of 

species adapted to dwelling in flowing environments. As flowing water environments have been 

characterised as one of the more dominant aquatic environments in South Africa (DW AF 1997) 

this was seen as an advantage. 

When selecting appropriate test species their known sensitivity to chemicals should be considered 

(Cairns et al. 1993, Rand et al. 1995). With the assumption being that if sensitive species are 

chosen, the more tolerant species will be protected (Cairns 1956). As very little is known of the 

tolerance limits and life histories of most of South Africa's aquatic invertebrates, indigenous 

invertebrates used in this study were selected for their availability, abundance and suitability to 

the test system. This is not ideal, as the species in abundance may be those which are more 

tolerant. A population with high numbers is however required as standard methods require more 

than 20 individuals at each concentration (APHA 1992). The constant collection of a rare species 

or a population slow at recovery will quickly deplete the supply of test species. This is an 

important consideration in areas such as the Vaal Triangle, where industry is numerous and 

reference sites are sparse. 

The stability of a chosen reference site for collection of selected test organisms may be a limiting 

factor (or disadvantage) in the regular use of indigenous invertebrates in aquatic toxicology. 

Eekhout et al. (1996) defined a reference site as a relatively unimpacted site that can contribute 

toward a database used to define the best available physical habitat, water quiility and biological 
I 

parameters for a river. In other words the site should be representative of the desired state for the 

receiving water in question. In an industrial area such as the Vaal Triangle, it can be difficult to 

find an unimpacted site which is still representative of the receiving water. Distance between the 

reference site and laboratory is also an important consideration, as test animal's need to be 

transported back to the laboratory relatively quickly in order to minimise stress. It may therefore 

be necessary to settle for the best available site, which may not necessarily reflect the "most 

natural" conditions. Reliability of the reference site became an important consideration in this 

study. One site was subjected to changes in flow for example, and changes in community 

composition resulted in test species being unavailable for testing. Jt may become necessary to have 

a number of reference sites from which the same or different test species are available. However, 
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it is not recommended that a test species is collected from more than one site for an experiment, 

because differences in tolerance are known to exist between different populations of the same 

species (Naylor et al. 1990, Cairns et al. 1993, Crane 1995). The use of numerous populations 

may also increase the potential for experimental variability. Thus the choice of the reference site 

is important and its reliability may be a factor to consider in the choice of test species. 

Reference site, species abundance and availability, and suitability to experimental systems were 

all important considerations in this study with regards to the use of indigenous invertebrate species 

as test organisms, and it is recommended that these be thoroughly investigated before using 

indigenous invertebrates in aquatic toxicity tests. Although the above factors may make the use 

of indigenous invertebrates impractical, their use is vital in the setting of water quality guidelines 

as they are the organisms the guidelines are designed to protect (Buikema et al. 1982). 

6.1.2. Factors to consider when using cultured p.pulex as a test organism 

The advantages oflaboratory cultured organisms include their availability for testing year round, 

their documented background biology, known previous exposure to chemicals, and standardised 

test methodologies (Leeuwangh 1978, Koivisto 1995). An advantage is also that, because 

methodologies are standardised, experimental variability should be reduced (Rand et al. 1995). 

In this study however, variability between experiments was high. Chapter 3 highlighted the 
1 

importance of controlling and monitoring abiotic factors, such as temperature, which may 
I 

influence toxicity results. Also, it is reco~ended that the assumption that D.pulex cultures 

remain genetically homogenous over time (Weider 1993) be investigated, as experiments in this 

study could not conclude that culture age did not playa role in experimental variability. Based on 

other studies (Buikema 1983, Woods et al. 1989), it can be concluded that genetIc differences 

between cultures will result in differences in tolerance to the same chemical. It is therefore 

recommended that cultures originate from one female. 

A disadvantage of laboratory .cultured populations is that they may not accurately reflect the 

_. susceptibility of indigenous organism populations. It is therefore important to compare the 

susceptibility of laboratory species to that ofi~~~e.?ous invertebrates. In the comparisons made 
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between D.pulex and the selected indigenous invertebrates (Chapter 4), D.pulex was more 

sensitive than the selected indigenous invertebrates to the reference toxicant zinc. These results 

suggested that guidelines set for zinc according to the tolerance of D.pulex would protect the 

indigenous invertebrates selected in this study. However, it is important to note that inherent 

toxicity was determined for D.pulex, whereas relative toxicity was determined for the selected 

indigenous invertebrates. Also the indigenous invertebrates selected were not chosen according 

to their sensitivities, but for their abundance and may therefore be among the more tolerantofthe 

indigenous aquatic community. 

The frequency oftoxicity testing and sampling have obvious consequences if toxic evaluations of 

a whole eflluent are to be conducted, and therefore has important implications on test design and 

in the choice of test species. D.pulex acute and chronic experiments are quicker to conduct and 

are therefore more attractive as a potential test species for whole effluent characterisation and 

compliance monitoring (Leeuwangh 1978 , Janssen and Persoone 1993). This is advantageous 

when determining compliance to a whole effluent discharge licence for example, because if 

conditions stipulated in the licence are not being met, corrective action by the regulatory agent 

can be enforced quickly. The potential for environmental damage to occur is greater when waiting 

for the results from a 96 h acute toxicity test (e.g. mayfly acute toxicity test), vs a 48 h Daphnia 

test. 

6.1.3. The choice of test species for the setting of water quality guideline~ 

It is recognised that cost and man power are important considerations in aquatic toxicology and 

not all aquatic species can be tested for their tolerance to all toxicants. It is therefore stressed that 

the test species and experimental design be chosen according to the aims and questions being 

asked. When setting a guideline aimed at protecting the aquatic ecosystem, it is recognised that 

a suite of indigenous test organisms from different trophic levels should be used (Cairns et al. 

1993, Chapman 1996, DWAF 1996g), as different species are known to exhibit different 

susceptibilities to the same chemical (Cairns et al. 1975, Sloof 1983, Ewell et al. 1986, Hickey 

and Martin 1995, Toussaint et al. 1995, McKinney and Wade 1996, Roseth et al. 1996). 

- . Tlierefore, the setting of a guideline using one species may not protect all other species, and could 
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be either over or under protective. By establishing a single-substance guideline or whole effluent 

discharge licence based on the tolerance of a suite of indigenous species, the guideline aimed at 

protecting the aquatic ecosystem will be more realistic (Buikema et al. 1982). The use of 

indigenous invertebrates in the monitoring of compliance may however prove to be impractical 

due to the limitations mentioned above, whereas the use of D.pulex in compliance monitoring is 

more practical. 

6.2. TOXICITY TESTS 

It is assumed that aquatic laboratory toxicity tests (both single substance and whole effluent) are 

predictive of effects in receiving waters (Denton and N orb erg-King 1996, Dom 1996). That is, 

it is assumed that laboratory test results (using both site-specific field-caught and standard 

laboratory test species) are reflective ofthe toxic impacts experienced in the field, and that an end­

point determined in the laboratory can be extrapol'!-ted to the field. The USEP A, in an attempt to 

determine if WET tests were predictive of in-stream effects, analysed data from approximately 

60 industrial and municipal water treatment plant discharges at eight sites across the USA (Wall 

and Hanmer 1987). It was concluded that toxicity tests conducted on a roinimum of three to five 

test species from a range of taxonomic groups, do predict whether or not effluents will adversely 

effect a receiving water. The toxicity tests included standard laboratory species, such as the 

fathead minnow, Pimephales promelas, Ceriodaphnia dubia and the plant species, Selenastrum 
~ 

capricornutum. These predicted effects were confirmed by in-stream biosurvey data suggesting 
I 

that laboratory toxicity test end-points can be extrapolated to the field (Wall and Hanmer 1987). 

The USEP A's 1984 national policy document, the Policy for the Development of Water Quality 

Based Permit Limitations for Toxic Pollutants, recommended that toxicity tests be used in toxic 

management programmes. As a result of this recommendation, the USEP A has increasingly 

promoted the use of single substance toxicity and WET testing (Warren-Hicks and Parkhurst 

1992). 

The fundamental assumption b~hind the use of single species toxicity tests is that by searching for 

_. a.!ld testing the "most sensitive species" and setting standards to protect this species, all other 

species and activities at higher levels of biological organisation will also be protected (Cairns 
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1986). The growing appreciation of the complexity of ecosystems has, however, resulted in the 

questioning of the "most sensitive species approach" and on the exclusive reliance on single­

species toxicity tests to determine guidelines for the protection of aquatic. communities from 

industrial (and other) sources of pollution (Pontasch et al. 1989a, Roux 1994). Some of the 

disadvantages and criticisms against single-~pecies toxicity tests are listed below, the relevance 

and the findings of this study, and the application of toxicology in South Africa is discussed. 

6.2.1. Sources of experimental variability 

Experimental variability due to test organism 

The greatest criticism of single species toxicity tests is the fact that test results with one toxicant 

can be highly variable within a species (Cairns 1983). Variability in both physical and biological 

parameters are kept to a minimum in laboratory toxicity tests. Genetically homogenous laboratory 

cultured organisms, such as D.pulex, are therefore popular test species in aquatic toxicology, 

because it is assumed that biological variability will be reduced due to genetic homogeneity 

between individuals (pontasch et at. 1989a). These cultures however lack the adaptive capability 

of natural heterogenous populations (Hickey and Vickers 1992), thus the realiSm/validity of end­

points using these cultures can be questioned. It has therefore been argued that indigenous field 

caught organisms should be used as test species instead of cultured laboratory species, because 

they are representative of the affected aquatic system. However, indigenous po~ulations obviously 

show greater variability in tolerance around a measured end-point than a genetically hoinogenous 

population (Woods et at. 1989). In the past, the primary reason behind the choice of a test species 

was its ease and robustness to culturing conditions, rather than its suitability as an indicator of the 

effected ecosystem, its sensitivity to pollutants or ability to indicate subtle ecological effects (Gray 

1989). Laboratory cultures are able to provide test species at the time of the test, the organisms 

are of a known age and background, and because the life-history and existing culture conditions 

are well documented, there is better control and quality assurance. As the responses of the 

cultured organisms are expected to be more consistent between tests (Leeuwangh 1978, Janssen 

and Persoone 1993, Koivisto 1995), laboratory cultures are ll!ore extensively used in aquatic 

toxicology than field caught indigenous invertebrates. 
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This study and others (Rue et al. 1988, Baird et al. 1989) have shown that unexplained variation 

can occur using laboratory cultured organisms, even though a methodology has been standardised 

(Chapter 2). The variability in cultured populations, such as D.pulex, may be due to genetic 

differences, culture technique (e.g. diet) or physical factors (e.g. temperature) (Weber 1991). In 

this study it was highlighted that if factors, such as temperature, are not kept constant, the 

result/impact on toxicity test end-points can be significant. For example, in Experiment 4 (Chapter 

3), LC50s for all four Dpulex cultures were significantly greater than subsequent experiments and 

a suspected reason for this was the temperature fluctuations experienced during the experiment. 

Other studies have also highlighted the significant influence of temperature on tolerance to 

chemicals (Cairns et a!. 1975, Shcherban 1977, Cairns et al. 1978, Braginskiyand Shcherban 

1979, Stephenson and Watts 1984, Lewis and Horning 1991). Strict control over abiotic factors 

must be exercised if their contribution to experimental variability is to be reduced. This therefore 

requires appropriate laboratory facilities and continual monitoring. 

It is assumed that because D.pulex cultures are genetically homogenous, variability around the 

measured end-point (e.g. LC50) should be minimal (Woods et al. 1989). However, it is unlikely 

that cultures remain homogenous over time. If a culture is stressed in any way, through the build 

up of metabolic waste for example, males are produced, thus creating the potential for sexual 

recombination and genetic changes within the culture. Mutations may also result in a genetic 

change (Baird eta!' 1989). Thus, over time, variability around an end-point may be attributed to 

genetic changes within a culture. This study was unable to investigate this 1hypothesis due to 

confounding factors experienced during the experiments, however it is suspected tilat genetic 

changes over time playa role in the variability experienced between experiments within a culture. 

It has been shown in other studies that the difference between two cultures in their tolerance to 

a chemical was due to the collection of D.pulex from different localities (i.e. cultures were 

initiated with females collected from different populations) (Buikema 1983, Woods et aI. 1989). 

For example, one of the major factors identified as contributing to the measured differences in 

LC50s between D.pulex cultures to the same chemical was genetic variability between cultures, 

with a number of laboratories having obtained cultures directly from different wild populations 

(Baird et a!. 1989). In other words, cultures were set up from a female caught in a nearby location 

-. and not subcultured from a pre-existing culture. It can be assumed that these cultures were 
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different from one another genetically, with the implication that the difference in genetic make-up 

between the cultures may cause different expressed susceptibilities to the same toxicant. 

Laboratories in South Africa have initiated D.pulex cultures with females from different 

populations. Experiments in this study were confounded by other factors ( e.g. temperature) 

(Chapter 3), and it can therefore not be stated with confidence that the noted differences in zinc 

tolerance between cultures was due to population differences or culture age differences. However, 

the differences in genetics between these cultures may have contributed to the differences 

measured in the LC50s and if these cultures are used in interlaboratory studies their genetic 

differences may contribute to inter-laboratory variability. A recommendation would therefore be 

that cultures are subcultured from the same female. 

Regular testing with a reference toxicant is recommended in order to establish if a laboratory 

culture undergoes significant changes in tolerance due to possible genetic changes within the 

culture over time. A database can also be geneTated to determine baseline tolerance to the 

reference chemical, thus providing a measure of variability over time. The influence of age (Blaise 

et al. 1988, Hoekstra et al. 1993), nutritional status and pre-exposure to the chemical (Naylor et 

al. 1990, Crane 1995), factors known to influence the tolerance to a ch~mical, can be controlled 

in laboratory reared test organisms. For example, D.pulex neonates, less than a day old, are 

hatched specifically the day before the experiment, and they are not fed before the test is initiated 

(APHA 1992). 

I 

The variability associated with field caught organisms however can be more difficult to control. 

It is for example, not practically possible to age indigenous invertebrates without detailed life 

history data. However, in an attempt to control for age, individuals of a similar size are chosen 

for the experiment (APHA 1992) (Chapter 2). Also during acclimation, it is hoped that the test 

organisms will reach the same nutritional status, as they are not fed before or during the acute 

experiment (APHA 1992). 

Another factor known to si~nificant1y influence experimental variability is genetic differences 

_. ~etween field populations (Naylor et al. 1990, Crane 1995). It-is therefore recommended that a 

field-caught test population be collected from one reference site only; as this may help reduce a 
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potential source of organism variability. The choice of the reference site is therefore important, 

as it must be able to provide enough test organisms for testing. In this study, variability between 

experiments (i.e. LC50 variability over time) was not tested for as the indigenous invertebrate 

species chosen largely depended on their availability at the time of testing. As a result the same 

species were not used in all experiments (Chapters 4 and 5). This illustrates a practical 

disadvantage of using field collected organisms. 

Field populations are also subject to natural conditions and may therefore not be available when 

experiments need to be conducted. Different species are also known to exhibit different tolerances 

to the same chemical (Cairns et al. 1975, Sloof 1983, Ewell et al. 1986, Hickey and Martin 1995, 

Toussaint et al. 1995, McKinney and Wade 1996, Roseth et al. 1996). It is therefore important 

to ensure the test population is one species and not a complex of species, as it is difficult to 

speciate a population such as the baetids at the onset ofthe experiment. The differences in species 

tolerance within a species complex may contribute to variability between experiments (Chapters 

4 and 5). It is also difficult to speciate a species complex at the onset of the experiment. A 

recommendation is that all individuals are identified to species level to confirm a single-species 

population. 

It has been argued that the variability around measured end-points (e.g. LC50 values) between 

experiments should not be viewed as a limitation (Depledge 1990). A measure of individual 

variation in tolerance to a chemical within a test population is often missing or suppressed in 

toxicity studies and it has been argued that consideration ofthis biological variability 'should be 

incorporated into the determination of a popuiations' tolerance to a chemical or toxicant (Hallam 

et al. 1990). Guidelines for protecting ecosystems may be more realistic with the incorporation 

of biological variability, experienced at the population and ecosystem scales. However, it is also 

argued that variability around LC50 values (or other toxicity test end-point) reduces the 

confidence in the test method (Warren-Hicks and Parkhurst 1992). The question of what level of 

variability around a measured end-point is due to individual variability (i.e. biological variability) 

and what may be a reflection of experimental error (e.g. due to the method used), remains 

undefined, i. e. biological significance is difficult to define and toxi<;:ologists rely on statistics (Giesy 

and Alfred 1985, Thursby et al. 1997). In this study for example, the within variability (i.e. the 
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variability (around LCSOs) between experiments within one population) was greater than the 

variability measured between populations (i.e. the variability between cultures) (Chapter 3). The 

CSIRD.pulex culture in Experiment S, for example, showed an LCSO of 032 mg/I Zn which, 

according to the APHA formula (Chapter 2), was significantly different to that measured for the 

IWQS culture (0.22 mg/I Zn), similar results were obtained in Experiment 6. The difference 

between the two LCSO values equalled 0.10 mg/I Zn in Experiment S and 0.13 mg/l Zn in 

Experiment 6. This difference is less than that recorded between Experiments S and 6 within one 

culture (i. e. a difference of 0 .IS mg/ I Zn was recorded between Experiments S and 6 for the CSIR 

culture, similarly a difference of 0.38 mg/I Zn was recorded between experiments in the IWQS 

culture) (Experiment 6: CSIR LCSO = 0.47 mg/I Zn; IWQS = 0.60 mg/I Zn). In other words, the 

experimental variability within a culture, which was assumed to be genetically homogenous, was 

greater than that recorded between two different populations assumed to be genetically different. 

Can the difference between the CSIR and IWQS cultures therefore be considered biologically 

significant, although calculated as being statistica!ly different, when the difference within one 

population was greater than that calculated between populations? Skalski (1981) has argued that 

the differences measured among two or more biological populations, although statistically 

different, may not be biologically significant. There is therefore a nee<1 for further research to 

determine the differences between biological and statistical differences and what level of variability 

between end-points can be considered biologically significant. 

Experimental variability due to the toxicant 

A further source of variability between experiments (other than those attributed to the test 

organism) may be associated with the toxicant. Errors may occur in the making up of single­

substance toxicant stock solutions and it is therefore important to be able to quantity the exact 

amount oftoxicant test organisms are exposed to. The variability between experiments in Chapter 

3 illustrates this point clearly. Chemical analysis was not carried out on the stock solutions made 

up for the first three experiments because standard D.pulex methodology did not require chemical 

analysis. After a high magnitud~ of variation between D.pulex Experiments 1-3 and Experiment 

42 chemical analysis on the new stock solution was carried out to determine·· the exact 

concentration of zinc. Therefore it became impossible to compare the first three experiments with 
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subsequent experiments. If exact exposure concentrations are known, differences in stock 

solutions become accounted for and can potentially be eliminated as a source of variability 

between experiments. Contaminants may also influence stock solutions of a single-substance 

toxicant (Rand et al. 1995). It is suggested therefore that chemical profiles on all stock solutions 

are carried out, to confirm exposure concentration and to identifY contaminants. 

Acceptable levels of variability between single-substance toxicity experiments need to be 

determined and the use of an uncertainty estimate, such as the application of safety factors, are 

included in single-substance guidelines to help compensate for the inherent variability experienced 

between tests (Dom 1996, DWAF 1996g). 

Minimising the variability between end-points over time in WET tests is more difficult than in 

single-substance toxicity tests because of the continuously changing nature of the effluent (Rand 

et al.1995). Effluents are made up of numerous chemicals and are thus complex in composition. 
, 

They can also be highly variable over time, making toxic evaluations difficult (Warren-Hicks and 

Parkhurst 1992, Dom 1996). No established criteria exist stipulating the acceptable levels of 

variability in a WET test (parkhurst and Mount 1991) because of the inherent variability in 

effluent composition experienced over time. Average intra-laboratory coefficients of variation for 

acute WET tests have been recorded as 17%, with as much as 135% variability being recorded 

between experiments (parkhurst and Mount 1991). Such high variability between experiments can 

be expected if the composition of the effluent is highly variable, thus understanding the effluent's 
I 

variability may be more important than evaluating one toxic result as a significant toxic event 

(Lave and Gruenspecht 1991, Roux 1994, Grothe et al. 1996). It may therefore be important to 

incorporate a series of WET tests over time before setting a discharge licence. The presumption 

of predicting receiving water effects based on one or two WET laboratory tests is inappropriate 

unless a significant pattern of toxicity can be established (Dom 1996). 

The sampling and testing regime are therefore important in establishing the toxic potential of an 

effluent. A number of different sampling methods have been proposed by which to characterise 

effluent variability (Slabbert et al. 1996), although it is recognise4 that the frequency of sampling 

- . is largely dependent on the effluent in question (Heber et al. 1996). Slabbert et al. (1996) suggest 
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a sampling protocol which involves the monthly testing of an effluent over 12 months in order to 

characterise the effluent's variability and toxic effects. Highly variable effluents may have to be 

sampled daily (maybe even hourly) in order to be confident that the most toxic plug is sampled 

and tested. Some effluents are sampled on the spot (grab samples), i.e. the samples are 

characteristic of the effluent only at the time of sampling; whereas composite sampling involves 

the collection of equal volumes of effluent over a set period and the mixing of these samples into 

one effluent, thus attempting to characterize the effluent over the period sampled (Grothe et al. 

1996). In this study, spot effluent samples were taken because the aim of WET tests in this study 

was not to characterise the selected effluent's toxicities, but to highlight potential difficulties in 

WET testing using indigenous invertebrates and D.pulex. It is however recommended by this 

study that both spot and composite samples of an effluent are evaluated, to accurately characterize 

the effluent's toxicity potential. This study also recommends the use of chronic testing when 

establishing the toxic potential of an effluent, as experiments in Chapter 5 illustrated that not all 

whole effluent is acutely toxic. 

6.2.2. Toxicity test design 

There are two basic approaches to toxicity test design, the unreplicated regression design and the 

replicated ANOV A design. The regression design is argued to allow more treatments to be tested, 

thus including more "partial kills" on a concentration-response curve and allowing for more 
\ 

rigorous end-point (e.g. LC50) determination (Gerhardt pers comm.). The ANOVA design 
J 

requires at least three replicates (APRA 1992), thus if space or test population numbers are a 

constraint (as they were in this study), fewer treatments can be run. Replicates do however 

provide some characterisation of test population variability within a treatment (Stephan and 

Rogers 1985). 

Preference was given to the regression design in this study. Both D.pulex neonate availability 

(Chapters 3 and 5) and space in which to run the experimental systems for the indigenous 

invertebrates (Chapters 4 and 5) were limiting factors. It was decided that running more 

(unreplicated) treatments was preferable to running only a few replicated tr-eatments. 
-

Unfortunately, the sacrifice of an unreplicated design is that there is no measure of variability 
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within a treatment. When treatments are replicated, more confidence can be placed in the test 

results (Hoekstra 1993 a). 

The nature of the question being asked should dictate which statistical design should be used 

(Hoekstra 1993b). Ifit is important to be able to characterise variability within a test population, 

then replicates are essential. If it is more important to determine the toxicity of a toxicant, a large 

number of treatments may be more advantageous, as this experimental design provides emore 

information around the concentration-response curve than does a replicated design (Weber 1991). 

6.3. 'fHE PREDICTIVE VALUE OF LABORATORY TOXICITY TESTS AND THE MOVE TO POLLUTION 

CONTROL USING AN INTEGRATED MANAGEMENT APPROACH 

Authors (Cairns 1983, Cairns and Niederlehner 1987) have questioned the scientific justification 

of using single-species toxicity tests to predict changes in competition, predation, community 

function and ecosystem energy flow due to the input of a toxin to the aquatic system. Aquatic 

toxicity tests are also conducted under physical and chemical conditions which lack similarity to 

natural habitats, and authors question the choice of criteria used to validate laboratory predictions 

in real world field situations (Pontasch et al. 1989b). 

In an attempt to overcome some of the above criticisms, some authors recommend the use of 

multi-species toxicity tests. A multi-species toxicity test often involves "laborktory microcosms" 

or "model ecosystems" (Pontasch and Cairns 1989, Rand et al. 1995). These {aboratory 

microcosms are small-scale enclosures containing samples from the natural ecosystem (water, 

sediment, plants and invertebrates). The advantage of these systems is that effects beyond single­

species can be identified (Rand et al. 1995). Thus the most obvious advantage of using multi­

species as opposed to single-species tests is their ability to measure the interactions of component 

species (Pontasch et al. 1989b). The cost and maintenance of these systems is however high 

(Mount 1985), and therefore not suitable for guideline setting or compliance monitoring. 

-
The validity of single-species toxicity tests for determining the effects of toxicants to aquatic 

communities is still under debate (Cairns 1983, Cairns 1986, Cairns and Neiderlehner 1987, 
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Parkhurst 1995). A study by Frithsen et al. (1989) compared the use of single-species and whole 

ecosystem tests to characterise the toxicity of a sewage treatment plant effluent and found that 

both approaches were useful in assessing toxicity. Single-species tests were best utilized to 

characterise the magnitude and persistence of toxic components, whereas the mesocosm 

experiments identified sensitive communities and processes. Pontasch et al. (1989a) compared the 

predictive capacity offive conventional single-species tests and two types of multi-species tests. 

Predictions from these tests with a complex effluent where compared to effects observed in the 

receiving system. They found that the acute single-species tests predicted harmful effects at far 

higher effluent concentrations than microcosm experiments or field monitoring suggested and 

populations in the field would not have been protected if values from these tests were used in 

isolation to determine a discharge permit. Pratt et al. (1989) concluded that to be effective in 

predicting in-stream effects, the design of intensive toxicity studies/surveys should make every 

effort to mimic local conditions. Suitable test methods (see Section 6.3) and appropriate test 

species (see Section 6.1) should therefore be chosen and safety factors applied to guidelines and 

discharge licences. 

The fate and effect of toxicants at the point of entry, their potential to persist, and the 

consequence of increased exposure concentrations and bioaccumulation should also be taken into 

consideration when evaluating the toxic potential ofa chemical or effluent (Cowan et al. 1995). 

Most aquatic toxicity tests are far removed from natural conditions and it is therefore important 

to conduct in-stream surveys for signs of impact (pratt et al. 1989). Aqudtic organisms are 

constantly exposed to pollutants entering the river and biotic indices/assessments try t6 integrate 

the impacts of pollutants over a period of time'by sampling the resident aquatic community (Roux 

et al. 1993). 

The challenge of managing a complex system, such as the aquatic environment, is to provide the 

strongest scientific support in the absence of a full understanding of properties and interactions 

of the system being assessed (Herricks and Schaeffer 1985). It has been argued that risk 

assessment approaches should incorporate data from several methodologies (Karr 1990, Kelly 

and Harwell 1990) such as chemical and biological monitoring, as well as toxicity data, as each, 
-. -

if used on its own, cannot adequately determine the effects of a toxicant on the environment. It 
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is envisaged by DW AF that an integrated management strategy be implemented, which takes 

advantage of a number of methodologies to determine and monitor water quality in our rivers 

(Conley 1990). Biological assessment methods (e.g. SASS), for example, can be used to assess 

the integrity of the affected aquatic community and monitor the changes taking place within a 

community in response to a released toxicant. They therefore compensate for some of the inability 

of toxicity tests (both single-substance and whole eflluent) and chemical specific programmes to 

predict actual receiving water impacts (Heber et at. 1996). It is also important, once having 

determined the impact of a chemical/toxin on the environment, to try and reduce its effect, 

particularly in South Africa where waste water is required by law to be returned to the stream of 

origin (Act 54, 1956). Numerous methods, such as Toxicity Identification Evaluations (TIE), help 

identify the toxic components of an eflluent (Burkhard and Anldey 1989, Chapman 1995), 

enabling the industry/polluter to reduce the toxicity of their eflluent (i.e. Toxicity Reduction 

Evaluation (TRE)) (Doi and Grothe 1989, Goodfellow et al. 1989, Schimmel et al. 1989, 

Chapman 1995). 

6.4. CONCLUSIONS AND RECOMMENDATIONS 

It is recommended by this study that the setting of discharge licences and environmental water 

quality guidelines should therefore be based on a suite of indigenous invertebrate and standard 

laboratory culture experiments. The use of indigenous invertebrates as test species in the setting 
\ 

of a guideline or discharge licence is important as they are the organisms these guidelines are 
I 

designed to protect. These species are integral components of a complex system, and because the 

predictive value of cultured populations is still debatable, an end-point determined using site­

specific invertebrates will be more reflective of the actual receiving water impacts. D.pulex are 

however more suitable for regular toxicity testing than indigenous invertebrates and it is therefore 

recommended that they be used in compliance monitoring. If these laboratory populations are to 

be used in monitoring however, their tolerance must be compared to that of indigenous 

populations to determine if they are more or less sensitive than the indigenous invertebrates to the 

toxicant studied. 

Acceptable levels of biological variability around a measured end-point need to be defined, and 
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further research into the differences between biological and statistical differences needs to be 

initiated. However, factors known to result in experimental variability must be strictly controlled 

if experimental variability is to be kept to a minimum. These factors include temperature and 

population differences. Chemical analysis of test solutions at the end of the toxicity test is also 

recommended in order to determine exact exposure concentrations (for both D.puiex and 

indigenous invertebrate methodologies). The potential for genetic changes, due to mutation, 

within a D.puiex culture also warrants further investigation. Regular testing of laboratory cultures 

with a reference toxicant may help determine changes in tolerance within a culture over time. 

Toxicity tests to determine guidelines and discharge licences should incorporate indigenous 

population variability (Slabbert et ai. 1996) and thus be conducted on a wide range of test species 

(Chapman 1996) to increase the protective value of the guideline. It is therefore recommended 

that a suite of organisms be used, which are representative of a number of trophic levels and 

aquatic habitats (Cairns et al. 1993). 

I 

129 



REFERENCES 

ABEL, P.D. (1989). Pollutant toxicity to aquatic animals - Methods of study and their 
applications. Reviews on Environmental Health 8: 119-154. 

ADEMA, D.M.M. (1978). Daphnia magna as a test animal in acute and chronic toxicity tests. 
Hydrobiologia 59:125-134. 

ANDERSON, RL., C.T. WALBRIDGE and I.T. FIANDT. (1980). Survival and growth of 
Tanytarsus dissimilis (Chironomidae) exposed to copper, cadmium, zinc and lead. 
Archives of Environmental Contamination and Toxicology 9:329-335. 

ANZECC. (1992). Australian Water Quality Guidelines. Australian and New Zealand 
Environmental and Conservation Council, Melbome, Australia. 

APHA. (1992). Toxicity Testing. In AE. Greenberg, L.S. Clesceri and AD. Eaton (eds), 
Standard methods for the examination of Water and Waste Water. EPS Group, USA: 8.1-
8.82. 

ASHTON, P.I., H.R VAN VLIET and H.M. ~CKAY. (1995). Environmental concepts in 
water quality management. In R. Harris (ed.), New World Water. Sterling Publications 
Ltd, London: 45-48. 

BAIRD, D.I., I. BARBER, M. BRADELY, P. CALOW and AM.V.M. SOARES. (1989). The 
Daphnia bioassay: a critique. Hydrobiologia 1881189:403-406. 

BELANGER, S.E., 1.1. FARRIS andD.S. CHERRY. (1989). Effects of diet, water hardness, and 
population source on acute and chronic copper toxicity to Ceriodaphnia dubia. 
Environmental Toxicology and Chemistry 18:601-61l. 

BELANGER, S.E., I.L. FARRIS, D.S. CHERRY and 1. CAIRNS. (1990). Validation of 
Corbicula fluminea growth reductions induced by copper in artificial streams and river 
systems. Canadian Iournal of Fisheries and Aquatic Sciences 47:904-914. 

BERNER, O.B. (1986). Taxonomy of Ceriodaphnia (Crustacea:Cladocera) in U.S. 
Environmental Protection Agency cultures. EP N640/4-86/032, US EPA, Cincinnati. 

BINDER, M. (1999). An evaluation of recirculating artificial stream designs using two South 
African Ephemeroptera and sodium sulphate in acute toxicity testing. MSc, Rhodes 
University, Grahamstown. 

BLAISE, C., G. SERGY, P.G. WELLS, N. BERMINGHAM and R. VAN COILLIE. (1988). 
Biological testing - development, application and trends in Canadian environmental 
protection laboratories. Toxicity Assessment 3:385-406; 

BODAR, C.W.M., I. VAN DER SLUIS, 1.q>.Y...AN MONTFORT, P.A VOOGT and D.I. 

130 



ZANDEE. (1990). Cadmium resistance inDaphnia magna. Aquatic Toxicology 16:33-40. 

BRAGINSKIY, L.P. and E.P. SHCHERBAN. (1979). Acute toxicity of heavy metals to aquatic 
invertebrates under different temperature conditions. Hydrobiology 14:78-82. 

BROOKS, A., R.M. WHITE and D.C. PATON. (1995). Effects of heavy metals on the survival 
of Diacypris compacta (Herbst) (Ostracoda) from Coorong, South Australia. 
International Journal of Salt Lake Research 4: 133-163. 

BROOKS, AW., L. MALTBY, AJ. SAUL and P. CALOW. (1996). A simple indoor artificial 
stream system designed to study the effects of toxicant pulses on aquatic organisms. 
Water Research 30:285-290. 

BROWN, V.M. (1986). Development of water quality criteria from toxicological data. In B. T. 
Hart (ed.), Water quality management: Freshwater ecotoxicology in Australia. Chisholm 
Institute of Technology, Melborne. p107-117. 

BURKHARD, L.P. and G.T. ANKLEY. (1989). Identifying toxicants: NETAC's toxicity based 
approach. Environmental Science and Technology 23: 1438-1443. 

BUIKEMA, AL.J. (1983). Variation in static acute toxicity tests results with Daphnia magna 
exposed to refinery e:tlluents and reference toxicants. Oil and Petrochemical Pollution 
1: 189-198. 

BUIKEMA, AL.J., B.R. NIEDERLEHNER and J.J. CAIRNS. (1982). Biological monitoring: 
Part four - Toxicity testing. Water Research 16:239-262. 

CAIRNS, J.J. (1956). Effects of increased temperatures on aquatic organisms. Industrial Wastes 
1: 150-152. 

CAIRNS, J. (1980). Effect related e:tlluent criteria for pollutants. Pure and ~pplied Chemistry 
52:1961-1972. .I 

CAIRNS, J.J (1983). Are single species toxicity tests alone adequate for estimating environmental 
hazard? Hydrobiologia 100:47-57. 

CAIRNS, J.J. (1986). The myth of the most sensitive species. Bioscience 36:670 .. 672. 

CAIRNS, J.J. (1992). The threshold problem in ecotoxicology. Ecotoxicology 1 :3-16. 

CAIRNS, J.1. and B.R. NIEDERLEHNER. (1987). Problems associated with selecting the most 
sensitive species for toxicity testing. Hydrobiologia 153:87-94. 

CAIRNS, J.1. and P.Y. MCCfiRMICK. (1992). Developing an ecosystem-based capability for 
ecological risk assessments. The Environmental Professional 14: 186-196. 

CAIRNS, J.J. and B.R. NIEDERLEHNER.{199Q). Biological monitoring of hazardous waste 

131 



sites. Comments Toxicology 3:493-508. 

CAIRNS, 1.1. and J.R. PRATT. (1989). The scientific basis of bioassays. Hydrobiologia 
188/189:5-20. 

CAIRNS, J.1., A.G. HEATH and B.C. PARKER. (1975). Temperature influence on chemical 
toxicity to aquatic organisms. Journal of Water Pollution Control 47:267-280. 

CAIRNS, 1.1., V. MCCORMICK and B.R. NIEDERLEHNER. (1993). A proposed framework 
for developing indicators of ecosystem health. Hydrobiologia 263: 1-144. 

CAIRNS, 1.1., A.L.1. BUIKEMA, A.G. HEATH and B.C. PARKER. (1978). Effects of 
temperature on aquatic organism sensitivity to selected chemicals. Water Resources 
Research Centre Bulletin 106:24-71. 

CANTON, 1.H. and D.M.M. ADEMA. (1978). Reproducibility of short-term and reproduction 
toxicity experiments with Daphnia magna and comparison of the sensitivity of Daphnia 
magna with Daphnia pulex and Daphnia cucullata in short-term experiments. 
Hydrobiologia 59:135-140. 

CCREM. (1987). Canadian water quality guidel!nes. Prepared by the Task Force on Water 
Quality Guidelines for the Canadian Council of Resource and Environmental Ministers, 
Ontario, Canada. 

CHAPMAN, G.A. (1996). Methods and appropriate endpoints. In D.R. Grothe, K.L. Dickson 
and D.K. Reed-Judkins (eds), Whole effluent toxicity testing: An evaluation of methods 
and prediction of receiving system impacts. SETAC Press, Florida. p 51-82. 

CHAPMAN, 1. C. (1995). The role of ecotoxicology in assessing water quality. Australian Journal 
of Ecology 20:20-27. 

CHUTTER, F.M. (1995). Research on the rapid biological assessment of water quality impacts 
in streams and rivers. Final report to Division of Water Technology, CSIR, Pretoria, 
South Africa. . 

CLARK, K.L. and B.D. LAZERTE. (1987). Intraspecific variation in hydrogen ion and 
aluminium toxicity in Bufo americanus and Amhystoma maculatum. Canadian Journal of 
Fisheries and Aquatic Sciences 44:1622-1628. 

CONLEY, A.H. (1990). The role of the Department of Water Affairs in National Water 
Management. Paper presented at a workshop on a National Policy and Strategy for the 
fresh water systems of South Africa. Organised by the Council for the Environment, 2-4 
Apri11990, Wilderness. IIp. 

_. GOONEY, 1.D. (1995). Freshwater tests. In G.M. Rand (ed.), Fundamentals of Aquatic 
Toxicology: Effects, Fate and Risk Assessment. Taylor and Francis, USA: 71-102. 

132 



CORREA, M. (1987). Physiological effects of metal toxicity on the tropical freshwater shrimp 
Macrobrachium carcinus (Linneo, 1758). Environmental Pollution 45: 149-155. 

COWAN, C.E., D.J. VERSTEEG, RL. LARSON and P.J. KLOEPPER-SAMS. (1995). 
Integrate approach for environmental assessment of new and existing substances. 
Regulatory Toxicology and Pharmacology 21:3-3l. 

COWGILL, U.M. (1987). Critical analysis offactors affecting the sensitivity of zooplankton and 
the reproducibility of toxicity test results. Water Research 21: 1453-1462. 

COWGILL, U.M., K.I. KEATING and I.T. TAKAHASID. (1985). Fecundity and longevity of 
Ceriodaphnia dubia affinis in relation to diet at two different temperatures. Journal of 
Crustacean Biology 4: 173 -190. 

CRANE, M. (1995). Effect of zinc on four populations and two generations of Gammarus pulex 
(L.). Freshwater Biology 33: 119-126. 

CRAVEN, T.M., D.L. DYCUS, D.C. WADE, RD. HARNED, S.M. LABORDE and IH. 
PRICE. (1983). Responses of selected aquatic biota to thermal discharges from 
Cumberland Stream-Electric Plant: Barkley Reservoir, Tennessee, 1978 and 1979. 
Technical Report. Tennessee Valley Authprity, Office of Natural Resources, Muscle 
Shoals, A.L. 

CREED, IT., T.D. MARTIN and M. SIVAGANESAN. (1995). Preservation of trace metals in 
water samples. Journal A WW A Febuary: 104-114. 

CROSSLAND, N.O. and G.c. MITCHELL. (1992). Use of outdoor artificial streams to 
determine threshold toxicity concentrations for a petrochemical effluent. Environmental 
Toxicology and Chemistry 11 :49-59. 

CULP, J.M., C. PODEMSKI, K.I CASH and RB. LOWELL. (1996). Utility of field-based 
artificial streams for assessing effluent effects on riverine ecosystems. Journal df Aquatic 
Ecosystem Health 5: 117 -124. 

DAIDOROFF, P., B.G. ANDERSON, C.E. BURDICK, P.S. CALTSOFF, W.B. HART, R 
PATTRICK, E.R STRONGE, E.W. SUBERandW.M. VANHORN. (1951). Bioassay 
for the evaluation of acute toxicity of industrial wastes to fish. Sewage and Industrial 
Wastes 23:1380-1397. 

DALLAS, H.F. and IA. DAY. (1993). The effect of water quality variables on riverine 
ecosystems: A review. Prepared for the Water Commission, Fresh Water Unit, UCT, 
South Africa, 240p. 

DAVIES, J. C. (1977). Standardization and protocols ofbioassays - their role and significance for 
monitoring research and regulatory usage. In W.R Parker; E. Pessah, P. G. Wells and G.F. 
Westlake (eds), Proceedings of the Third Aquatic Toxicological Workshop., Halifax, 
Nova Scotia. pI-I4. - - -. ~ = 

133 



DENTON, D.L. and T.J. NORBERG-KING. (1996). Whole eflluent toxicity statistics: A 
regulatory perspective. In D.R. Grothe, K.L. Dickson and D.K. Reed-Judkins (eds), 
Whole eflluent toxicity testing: An evaluation of methods and prediction of receiving 
system impacts. SET AC Press, Florida. p 84-102. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1991). Water quality management 
policies and strategies in the RSA. Department of Water Affairs and Forestry, South 
Africa. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996a). South African Water 
Quality Guidelines. Volume 1: Domestic water use. Department of Water Affairs and 
Forestry, Pretoria. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996b). South African Water 
Quality Guidelines. Volume 2: Recreational Use. Department of Water Affairs and 
Forestry, Pretoria. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996c). South African Water 
Quality Guidelines. Volume 3: Industrial Use. Department of Water Affairs and Forestry, 
Pretoria. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996d). South African Water 
Quality Guidelines. Volume 4: Agricultural Use: Irrigation. Department of Water Affairs 
and Forestry, Pretoria. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996e). South African Water 
Quality Guidelines. Volume 5: Agricultural use: Livestock watering. Department ofW ater 
Affairs and Forestry, Pretoria. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996f). South African Water 
Quality Guidelines. Volume 6: Agricultural Use: Aquaculture. De~artment of Water 
Affairs and Forestry, Pretoria. I 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1996g). South African Water 
Quality Guidelines. Volume 7: Aquatic Ecosystems. Department of Water Affairs and 
Forestry, Pretoria. 

DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1997). White paper on a national 
policy for South Africa. Department of Water Affairs and Forestry. 

DEPARTMENT OFWATERAFF AIRS AND FORESTRY. (1998). Resource directed measures 
for water resource protection. Integrated Report. Institute for Water Quality Studies 
Report No. NOOOO/00f..IREH0299. Unofficial first draft. November 98. 

- DEPARTMENT OF WATER AFFAIRS AND FORESTRY. (1999). A protocol for acute 
toxicity testing of single ~ubstances usiD~ s_eLected riverine invertebrates in artificial stream 

134 



systems. First draft. Produced by Scherman, P-A and Palmer, C.G., Institute for water 
Research, Rhodes University, Grahamstown, South Africa. 

DEPLEDGE, M.H. (1982). Sublethal and synergistic effects of environmental factors and 
pollutants on the circulation and respiratory physiology of the Shore Crab Carcinus 
maenas (L.). Ph.D. thesis, University of London, U.K 424p. 

DEPLEDGE, M.H. (1990). New approaches in ecotoxicology: Can interindividual physiological 
variability be used as a tool to investigate pollution effects? AMBIO 19:251-252. 

DHALIWAL, B.S., RJ. DOLAN and RW. SMITH. (1995). A proposed method for improving 
whole eflluent toxicity data interpretation in regulatory compliance. Water Environment 
Research 67:953-963. 

DOl, J. and D.R GROTHE. (1989). Use offractionation and chemical analysis schemes for plant 
eflluent toxicity evaluations. In G.W.l1 Suter and M.A. Lewis (eds), Aquatic Tocicology 
and Environmental Fate. American Society for Testing and Materials, Philadelphia. p 123-
138. 

DaRN, P.B. (1996). An industrial perspective on whole eflluent toxicity testing. In D.R Grothe, 
KL. Dickson and D.K Reed-Judkins (eds ),~ole eflluent toxicity testing: An evaluation 
of methods and prediction of receiving system impacts. SETAC Press, Florida. p16-37 

DUAN, Y., S. GUTTMAN and J.T. ORIS. (1997). Genetic differences among laboratory 
populations of Hyalella azteca: Implications for toxicology. Environmental Toxicology 
and Chemistry 16:691-695. 

EAGLESON, KW., S.W. TEDDER and L.W. AUSLEY. (1986). Strategy for whole eflluent 
toxicity evaluations in North Carolina. In T.M. Poston and R Purdy (eds), Aquatic 
toxicology and environmental fate. American society for testinf and materials, 
Philadelphia. p 154-160. 

I 

EECKHOUT, S., c.A. BROWN and J.M. KING. (1996). National biomonitoring programme for 
riverine ecosystems: Technical considerations and protocol fro the selection of reference 
and monitoring sites. NBP Report Series No.3, IWQS, DWAF, Pretoria, South Africa. 
68p. 

ELENDT, B.P. (1990). Influence of water composition on the chronic toxicity of 3,4-
dichloroaniline to Daphnia magna. Water Research 24: 1169-1172. 

ELENDT, B.P. and W.R BIAS. (1990). Trace nutrient deficiency in Daphnia magna cultured 
in standard medium for toxicity testing. Effects of optimization of culture conditions on 
life history parameters of D.magna. Water Research 24:1157-1167. 

_ EJ-LERSIECK, M.R and T.W. LA POINT. (1995). Statistical analysis. In G.M. Rand (ed.), 
Fundamentals of aquatic toxicology: effects, environmental fate, and risk assessment. 
Taylor and Francis, USA.. p307-340. -. _ = 

135 



ENSERINK, L., M. DE LA HA YE and H. MAAS. (1993). Reproductive strategy of Daphnia 
magna: implications for chronic toxicity tests. Aquatic Toxicology 25: 111-124. 

ENSERINK, L., W. LUTTMER and H. MAAS-DIEPEVEEN. (1990). Reproductive strategy 
of Daphnia magna affects the sensitivity of its progeny in acute toxicity tests. Aquatic 
Toxicology 17: 15-26. 

EVERITT, V.I., P.-A SHERMAN and M.H. VILLET. (In press). Zinc toxicity of a selected 
macro invertebrate, Adenophlebia auriculata (Ephemeroptera, Leptophlebiidae): Method 
development. South African Journal of Aquatic Science. 

EWELL, W.S., J.W. GORSUCH, R.O. KRINGLE, K.A ROBILLARD and R.C. SPIEGEL. 
(1986). Simultaneous evaluation of the acute effects of chemicals on seven aquatic 
species. Environmental Toxicology and Chemistry 5:831-840. 

FALCONER, D.S. (1981). Introduction to quantitative genetics. Longman, Essex. 340p. 

FARGASOVA, A (1994). Toxicity of metals on Daphnia magna and Tubifex tubifex. 
Ecotoxicology and Environmental Safety 27:210-213. 

FILELLA, M., R. TOWN and J. BUFFLE. (1995). Speciation in fresh waters. In AM. Ure and 
C.M. Davidson (eds), Chemical speciation in the environment. Blackie Academic and 
Professional, London. p 169-193 . 

FILOV, V.A, AA GOLUBEV, E.I. LlUBLINA and N.A TOLOKONTSEV. (1979). 
Quantitative toxicology: selected topics. Wiley, New York. 

FOWLER, J. and L. COHEN. (1993). Practical statistics for field biology. John Wiley and Sons 
Ltd, West Sussex, England. 227p. 

FRITHSEN, J.B., D. NACCI, C. OVIATT, C.l STROBEL and R. WALSH. (1989). Using 
single species and whole ecosystem tests to characterize the toxicity of a sewag~treatment 
plant eftluent. In G.W.ll Suter and M.A Lewis (eds), Aquatic toxicology and 
environmental fate. American SocietY for Testing and Materials, Philadelphia. 

FRUTIGER, A (1984). A versatile flow channel for laboratory experiments with running water 
macroinvertebrates. Schweiz. Z. Hydrol. 46:301-305. 

GELBER,R.D., P.T. LAVIN, C.R. MEHTA,D.A SCHOENFELD. (1985). Statistical analysis. 
In G.M. Rand and S.R. Petrocelli (eds), Fundamentals of aquatic toxicology: Methods and 
applications. Taylor and Francis, New York. 

GERHARDT, A (1992). Effects of subacute doses of iron (Fe) on Leptophlebia marginata 
(Insecta: Ephemeroptera). Freshwater Biology 27:79-84. 

_. -
GERHARDT, A (1993). Review of impact of heavy metals on stream invertebrates with special 

emphasis on acid conditions. Water, Air and Soil Pollution 66:289-314. 

136 



GERHARDT, A. (1994). Short term toxicity of iron (Fe) and lead (Pb) to the mayfly 
Leptophlebia marginata (L.) (Insecta) in relation to freshwater acidification. 
Hydrobiologia 284: 157-168. 

GERHARDT, A. and L.J. DE BISTHOVEN. (1995). Behavioural, development and 
morphological responses of Chironomus gr. thummi larvae (Diptera, Nematocera) to 
aquatic pollution. Journal of Aquatic Ecosystem Health 4:205-214. 

GIESY, J.P. and P.M. ALFRED. (1985). Replicability of aquatic multi species test systems. In J.1. 
Cairns (ed.), Multispecies toxicity. Pergamon Press, New York: 187-247. 

Gll.LET, J.W. (1989). The role of terrestrial microcosms and mesocosms in ecotoxicologica1 
research. In S.A. Levin, M.A. Harwell, J.R. Kelly and K.D. Kimball (eds), Ecotoxicology: 
Problems and approaches. Springer-Verlag, New York. p367-41O. 

GOODFELLOW, W.L.J., W.L. MCCULLOCH, J.A. BOTTS, A.G. MCDEARMON and P.F. 
BISHOP. (1989). Long-term multispecies toxicity and eflluent fractionation study at a 
municipal waste water treatment plant. In G.W.ll Suter and M.A. Lewis (eds), Aquatic 
Toxicology and Environmental Fate. American Society for Testing and Materials, 
Philadelphia. p 139-158. 

~ 

GOSS, L.B. and D.L. BUNTING. (1983). Daphnia development and reproduction: Responses 
to temperature. Journal of Thermal Biology 8:375-380. 

GOVINDARAJAN, S., C.P. VALSARAJ, R MOHAN, V. HARIPRASAD and R 
RAMASUBRAMANIAN. (1993). Toxicity of heavy metals in aquaculture organisms: 
Penaeus indicatus, Perna viridis, Artemia salina and Skeletonema costatum. Pollution 
Research 12:187-189. 

GRAY, I.S. (1989). Do bioassays adequately predict ecological effec,s of pollutants? 
Hydrobiologia 1881189:397-402. 

I 

GROTHE, D.R., K.L. DICKSON and D.K. REED-JUDKINS. (1996). Whole eflluent toxicity 
testing: An evaluation of methods ana prediction of receiving system impacts. SETAC 
Press, Florida. 

GUCKERT, J.B. (1993). Artificial streams in ecotoxicology. Journal of North American 
Benthological Society 12:351-356. 

HALLAM, T.G., R.R. LASSITER, 1. LI and W. MCKINNEY. (1990). Toxicant-induced 
mortality in models of Daphnia populations. Environmental Toxicology and Chemistry 
9:597-621. 

HAMILTON, M.A., R.C. RUSSO and RV. THURSTON. (1977). Trimmed Spearman-Karber 
method for estimating median lethal concentrations in toxicity bioassays. Environmental 
Science and Technology 11:714-719. 

137 



HARE, L. and P.G.c. CAMPBELL. (1992). Temporal variations of trace metals in aquatic 
insects. Freshwater Biology 27: 13-27. 

HART, RC. (1980). Embryonic duration and post-embryonic growth rates of the tropical 
freshwater shrimp Caradina nilotica (Decapoda: Atyidae) under laboratory and 
experimental field conditions. Freshwater Biology 10:297-315. 

HART, W.B., P. DOURDOROFF and 1. GREENBANK. (1945). The evaluation of the toxicity 
of industrial wastes, chemicals and other substances to fresh water fishes. Philadelphia: 
Waste Control Laboratory, Atlantic Refining Co. 

HATAKEYAMA, S. and Y. SUGAYA. (1989). A Freshwater shrimp (paratya compressa 
improvisa) as a sensitive test organism to pesticides. Environmental Pollution 59:325-336. 

HEBER, M.A., D. REED-JUDKINS and T.T. DAVIES. (1996). US EPA's whole eflluent 
toxicity testing program: A national perspective. In D.R Grothe, K.L. Dickson and D.K. 
Reed-Judkins (eds) , Whole eflluent toxicity testing: An evaluation of methods and 
prediction of receiving system impacts. SETAC Press, Florida. p9-15. 

HERRICKS, E.E. and D.1. SCHAEFFER (1985). Can we optimize biomonitoring? 
Environmental Management 9:487-492. 

mCKEY, C.W. and M.L. VICKERS. (1992). Comparison of the sensitivity to heavy metals and 
pentachlorophenol of the mayflies Deleatidium spp. and the c1adoceranDaphnia magna. 
New Zealand Journal of Marine and Freshwater Research 26:87-93. 

mCKEY, C.W. and M.L. MARTIN. (1995). Relative sensitivity of five benthic invertebrate 
species to reference toxicants and resin-acid contaminated sediments. Environmental 
Toxicology and Chemistry 14:1401-1409. 

HOEKSTRA, 1.A. (1993a). Statistics in ecotoxicology: Quantifying the biological effects of 
chemicals. In J.A. Hoekstra (ed.), Statistics in ecotoxicology: Quantifying the IJiological 
efects of chemicals. Vrije Universiteit, Amsterdam. 

HOEKSTRA, 1. (1993b). Estimation of the LC50, A review. In 1. Hoekstra (ed.), Statistics in 
ecotoxicology. Quantifying the biological effects of chemicals. Vrije Universiteit, 
Amsterdam. p 27-40. 

HOEKSTRA, 1.A., M.A. VAAL, J. NOTENBOOM and W. SLOOFF. (1993). Variation in the 
sensitivity of aquatic species to toxicants. In lA. Hoekstra (ed.), Statistics in 
ecotoxicology. Quantifying the biological effects of chemicals. Vrije Universteit, 
Amsterdam. p 83-93. 

HORNE, P.A. and G.L. BENNISON. (1986). Laboratory stream research; concept, significance 
and application. Report by the Water Materials and EnvirQnmental Science Branch for the 
Rural Water Commission of Victoria. Report no. WQ8. 

138 



- . 

HUNN, JB. (1989). History of acute toxicity tests with fish, 1863-1987. Investigations in Fish 
Control 98. LaCrosse, WI: U.S. Department of the Interior, Fish and Wildlife Service. 

HUNT, D. T.E., I. JOHNSON and R. MILNE. (I992). The control and monitoring of discharges 
by biological techniques. IWEM conference 6:269-277. 

HUTCHESON, M.R. (1992). Waste load allocations for whole effluent toxicity to protect aquatic 
organisms. Water Resources Research 28:2989-2992. 

INSTITUTE FOR WATER QUALITY STUDIES. (1997). Method 3001001 Acute Toxicity 
assessment using Daphnia pulex. Methods Manual. Draft report, Institute for Water 
Qualtity Studies, Pretoria. 

JANSSEN, C.R. and G. PERSOONE. (1993). Rapid toxicity screening tests for aquatic biota. 
1. Methodology and experiments with Daphnia magna. Environmental Toxicology and 
Chemistry 12:711-717. 

JARVIS, A C. (I 989). Aquatic ecotoxicology for environmental protection. What is it all about? 
SA Water Bulletin 15:24-26. 

JENSEN, AL. (I 972). Standard error ofLC50 and~sample size in fish bioassays. Water Research 
6:85-89. 

JOHNSTONE, K. (I977). The aquatic explorers: a history ofthe Fisheries Research Board of 
Canada. University of Toronto Press, Toronto. 

JOOSTE, S. (1998). Appendix 4C: Preliminary Reserve Determination: Toxic Substances. In 
DW AF (ed.), Resource directed measures for water resource protection. Draft 1. IWQS 
Report No. N/OOOO/OO/-REH 0299, Pretoria. 

KAMMENGA, J.E. and J.A G. RIKSEN. (1996). Comparing differences in spkcies sensitivity to 
toxicants: phenotypic plasticity versus concentration-response relationships. 
Environmental Toxicology and Chemistry 15:1649-1653. 

KARR, JR. (1990). Bioassessment and non-point source pollution: an overview. Second 
National Symposium on Water Quality Assessment. Meeting Summary. Chapter 4. P 1-18. 
Office of Water. EPA Washington. 

KARR, JR. (1993). Defining and assessing ecological integrity: beyond water quality. 
Environmental Toxicology and Chemistry 12:1521-1531. 

KARR, JR., K.D. FAUSCH, P.L. ANGERMEIRE, P.R. YANT and I.J SCHLOSSER. (1986). 
Assessment of biological integrity in running water: A method and its rationale. lllinois 
Natural History Survey-Special Publication No.5. Champaign IL. 28p. 

KELLY, JR. and M.A HARWELL. (1990). Indicators of ecosystem recovery. Environmental 
Management 14:527-545.. _ . = 

139 



KEMPSTER, P.L., W.H.l HATTINGH and H.R. VAN VLIET. (1980). Summarised water 
quality criteria. Department of Water Affairs, Forestry and Environmental Conservation. 
Report no. TR 108. 

KIFFNEY, P.M. and W.H. CLEMENTS. (1994). Effects of heavy metals on a macro invertebrate 
assemblage from a Rocky Mountain stream in experimental microcosms. Journal of North 
American Benthological Society 13 :511-523. 

KOIVISTO, S. (1995). Is Daphnia magna an ecologically representative zooplankton species in 
toxicity tests? Environmental Pollution 90:263-267. 

LAMBERTI, G.A. and AD. STEINMAN. (1993). Research in artificial streams: Application, 
uses and abuses. Journal of North American Benthological Society 12:313-384. 

LAUGLIN, R.B.J. and W. FRENCH. (1989). Population related toxicity response to two butyltin 
compounds by zoeae ofthe mud crab Rhithropanopeus harrisii. Marine Biology 102:397-
401. 

LAVE, L. and H. GRUENSPECHT. (1991). Increased efficiency and effectiveness of 
environmental decisions: benefit-cost analysis and eflluent fees. A critical review. Journal 
of Air Waste Management Association 41 :~680-693. 

LEEUWANGH, P. (1978). Toxicity tests with Daphnids: Its application in the management of 
water quality. Hydrobiologia 59:145-148. 

LEWIS, P.A and W.B. HORNING. (1991). Differences in acute toxicity test results of three 
reference toxicants on Daphnia at two temperatures. Environmental Toxicology and 
Chemistry 10:1351-1357. 

LOWELL, R.B., J.M. CULP and F.l WRONA. (1995). Toxicity testing with artificial streams: 
Effects of differences in current velocity. Environmental Toxicology and Chemistry 
14:1209-1217. I 

LUSSIER, S.M., J.H. GENTILE and J. WALKER. (1985). Acute and chronic effects of heavy 
metals and cyanide on Mysidopsis bahia (Crustacea: Mysidacae). Aquatic Toxicology 
7:25-35. 

MACKAY, D., L.A. BURNS and G.M. RAND. (1995). Fate Modeling. In G.M. Rand (ed.), 
Aquatic toxicology: Effects, environmental fate and risk assessment. Taylor and Francis, 
Washington. p563-586. 

MACKAY, H.M. (1998). Towards a classification system for water resources in South Africa. 
Institute for Water Quality Studies, Department of Water Affairs and Forestry. 

MALTBY, L. and P. CALOW. (1989). The application of bioassays in the resolution of 
-. - environmental problems: past, present and future. In M. Munawar, G.· Dixon, C.I. 

Mayfield, T. Reynoldson-and M.H. Sac4r (eds), Environmental bioassay techniques and 

140 



their application. Kluwer Academic Publishers, London. p65-77. 

MARKING, L.L. (1985). Toxicity of chemical mixtures. In G.M. Rand and S.R Petrocelli (eds), 
Fundamentals of aquatic toxicology: Methods and applications. Taylor and Francis, New 
York. p164-176. 

MATTHEWS, RA, W.G. LANDIS and G.B. MATTHEWS. (1996). The community 
conditioning hypothesis and its application to environmental toxicology. Environmental 
Toxicology and Chemistry 15:597-603. 

MCKINNEY, AD. and D.C. WADE. (1996). Comparative response ofCeriodaphnia dubia and 
juvenile Anodonta imbercillis to pulp and paper mill eflluents discharged to the Tennessee 
River and its tributaries. Environmental Toxicology and Chemistry 15:514-517. 

MEDL YN, RA (1980). Susceptibility of four geographic strains of adult Artemia to 
Ptychodiscus brevis toxin( s). In G. Persoone, P. Sorgeloos, O. Roels and B. Jaspers (eds), 
The brine shrimp Artemia. Morphology, genetics, radiobiology, toxicology. Universal 
Press, Wetteren, Belguim. 345p 

MONDA, D.P., D.L. GALAT and S.B. FINGER (1995). Evaluating ammonia toxicity in sewage 
eflluent to stream macroinvertebrates. A multi-level approach. Archives of Environmental 
Contamination and Toxicology 28:378-384. 

MOORE, C.A (1990). Water quality requirements of the biota of the Kruger National Park 
rivers. Kruger National Park Rivers Research Programme. Workshop on the Preliminary 
Water Quality Guidelines for the Kruger National Park Rivers 23-24 October 1990. 

MOUNT, D.I. (1985). Scientific problems in using muitispecies toxicity tests for regulatory 
purposes. In J.1. Carins (ed.), Multispecies toxicity testing. Pergamon Press Inc. p 13-18. 

MUNZINGER,A andF. MONCELLI. (1991). AcomparisonofthesensitivityofthreeDaphnia 
magna populations under chronic heavy metal stress. Ecotoxicology and Environmental 
Safety 22:24-31. 

NAYLOR, C., L. PINDAR and P. CALOW. (1990). Inter and intraspecific variation in sensitivity 
to toxins; the effects of acidity and zinc on freshwater crustaceans Asellus aquaticus and 
Gammarus pulex. Water Research 24:757-762. 

NIKUNEN, E. (1985). Toxic impact of eflluents from petrochemical industry. Ecotoxicology and 
Environmental Safety 9:84-91. 

ORGANISATION FOR ECONOMIC CO-OPERATION AND DEVELOPMENT. (1987). The 
use ofbiologica1 tests for water pollution assessment and control. OECD Environmental 
Monograph No.ll. 

-. PALMER, C.G., P.A GOETSCH and 1.H. O'KEEFE. (1996). Development ofa recirculating 
artificial stream system. to investigate. tlte~use of macroinveitebrates as water quality 

141 



indicators. Report to the Water Research Commission by the Institute for Water Research, 
Rhodes University. 

PALMER, C.G and P.A. SCHERMAN. (In press). Application of an artificial stream system to 
investigate macroinvertebrate water quality tolerances. Water Reseach Commission, 
Report number K5/686. 

PALMER, C.G., W.S. ROWLSTON, W.A. JEZEWSKI and P.I. SKOTNICKY. (1994). The 
design and research potential of an artificial stream for the investigation of macro 
invertebrate water quality tolerances. Water SA 20:247-258. 

PARKHURST, B.R (1995). Are single species toxicity test results valid indicators of effects to 
aquatic communities? In J.J. Carins and B.R Neiberkhner (eds), Ecological toxicity 
testing: Scale, complexity and relevance. Lewis publishers, p105-121. 

PARKHURST, B.R and D.I. MOUNT. (1991). Water quality based approach to toxics control. 
Water Environment and Technology 3:45-47. 

PARKHURST, B.R, W. WARREN-liCKS and L.E. NOEL. (1992). Performance 
characteristics of eflluent toxicity tests: summarization and evaluation of data. 
Environmental Toxicology and Chemistry ~ 1 :771-791. 

PENNAK, RW. (1978). Freshwater invertebrates of the United States. Wiley, New York. 

PERSOONE, G. and C.R. JANSSEN. (1993). Freshwater invertebrate toxicity tests. In P. Calow 
(ed.), Handbook of ecotoxicology. Blackwell, Scientific Publications. p 1-38. 

PHILLIPS, DJ. (1978). Use of biological indicator organisms to quantifY organochlorine 
pollutants in aquatic environments - A review. Environmental Pollutiori 16: 167-229. 

PINEL-ALLOUL, B., G. METHOT, L. LAPIERRE and A. WILLS~. (1996). Macro 
invertebrate coinmunity as a biological indicator of ecological and toxicologital factors 
in Lake Saint-Francois (Quebec). Environmental Pollution 91 :65-87. 

PONTASCH, KW. and J.J. CAIRNS. (1989). Establishing and maintaining laboratory-based 
microcosms of riflle insect communities: their potential for multispecies toxicity tests. 
Hydrobiologia 175:49-60. 

PONTASCH, KW., B.R NIEDERLEHNER and J.J. CAIRNS. (1989). Comparisons of single 
species, microcosm and field responses to a complex eflluent. Environmental Toxicology 
and Chemistry 8:521-532. 

PONTASCH, KW., E.P. SMITH and J.J. CAIRNS. (1989). Diversity indices, community 
comparison indices and canonical discriminant analysis: Interpreting the results of 
multispecies toxicity tests. Water Research 23: 1229-1238. 

PRATT, J.R, J. MITCHELLfR. AYERS ancLI.LCAIRNS. (1989). Comparisions of estimates 

142 



of effects of a complex effluent at differing levels of biological organisation. In G.W.ll 
Suter and M.A. Lewis (eds), Aquatic toxicology and environmental fate. American 
Society for Tesing and Materials, Philadelphia. pI74-188. 

PRITCHARD, J.B. (1993). Aquatic toxicology: Past, present and prospects. Environmental 
Health Perspectives 100:249-257. 

QUINN, IM. and C.W. mCKEy. (1993). Effects of sewage waste stabilisation lagoon effluent 
on stream invertebrates. Journal of Aquatic Ecosystem Health 2:205-219. 

RAINBOW, P.S. and R. DALLINGER. (1991). Metal uptake, regulation and excretion in 
freshwater invertebrates. In D. Reinhard and S.R. Philip (eds), Ecotoxicology of metals 
in invertebrates. Lewis Publishers Inc., USA. p 119-131. 

RAND, G.M. and S.R. PETROCELLI. (1985). Fundamentals of aquatic toxicology, methods and 
applications. Hemisphere Publishing, Washington. 

RAND, G.M. (1995). Fundamentals of aquatic toxicology: Effects, environmental fate and risk 
assessment. Taylor and Francis, United States. 

RAND, G.M., P.G. WELLS and L.S. MCCARTY. (1995). Introduction to aquatic toxicology. 
In G.M. Rand (ed.), Fundamentals of aquatic toxicology: Effects, environmental fate and 
risk assessment. Taylor and Francis, United States. p 3-66. 

RICHARDSON, B.J. and M. MARTIN. (1994). Marine and estuarine toxicity testing: A way to 
go? Additional sittings from Northern and Southern Hemisphere perspectives. Marine 
Pollution Bulletin 28: 138-142. 

RINGELBERG, J. (1973). Parameter dependant (temperature) tolerance levels and the influence 
of the complexity of the biological system. Hydrobiological Bulletin 7: 106-114. 

\ 

RODRICKS, IV. (1992). Calculated risks. Understanding the toxicity and human he~th risks of 
chemicals in our environment. Cambridge University Press, Oxford. 

ROSETH, S., T. EDV ARDSSON, T.M. BOTTEN, I FUGLESTAD, F. FONNUM and I 
STENERSEN. (1996). Comparison of acute toxicity of process chemicals used in the oil 
refinery industry, tested with the diatom Chaetoceros gracilis, the flagellate Isochrysis 
gabana, and the zebra fish, Brachydanio rerio. Environmental Toxicology and Chemistry 
15:1211-1217. 

ROUX, DJ. (1992). Role and assessment of biological monitoring in water quality assessment: 
A literature survey. DWAF Hydrological Research Institute. Report No. 
0000100IREQ/1692.76p. 

ROUX, D.I (1994). The use of toxicity testing in effluent regulation and control: A new 
- dimension to assessment and management of water quality in South Africa. South African 

Journal of Aquatic Science 20:62-78_. _ = 

143 



ROux, D.l, S.Hl JOOSTE and H.M. MACKAY. (1996). Substance-specific water quality 
criteria for the protection of South African freshwater ecosystems: methods for derivation 
and initial results for some inorganic toxic substances. South African Journal of Science 
92:198-206. 

ROUX, D.J., HR. VAN VLIET and M. VAN VEELEN. (1993). Towards integrated water 
quality monitoring: Assessment of ecosystem health. Water SA 19:275-280. 

RUE, W.l, lA. FA V A and D.R. GROTHE. (1988). A review of inter- and intralaboratory 
efiluent toxicity test method variability. In W.l Adams, G.A. Chapman and W. G. Landis 
( eds), Aquatic toxicology and hazard assessment: tenth symposium. American Society for 
Testing and Materials, Philadelphia. p 190-203. 

RYER, C.H, lA. WETMORE and J.L. GOOCH. (1979). An artificial stream design for lotic 
invertebrates. The American Midland Naturalist 101 :447-449. 

SANATHANAN, L.P., E.T. GRADE and N.L. SlllPKOWlTZ. (1987). Trimmed logit method 
for estimating the ED50 in quantal bioassay. Biometrics 43:825-832. 

SCHDOMA, D. (1994). Derivation of water quality objectives for hazardous substances to 
protect aquatic ecosystems: Single-species test approach. Environmental Toxicology and 
Water Quality 9:263-272. 

SCHERBAN, E.P. (1977). Toxicity of some heavy metals for Daphnia magna Strauss as a 
function of temperature. Hydrobiology 13:75-80. 

SCHERMAN, P.-A. and C.G. PALMER. (in press). The evaluation and application of two 
artificial stream designs and associated experimental designs in aquatic toxicology: a case 
study. Australian Journal ofEcotoxicology. 

SCIllMMEL, S. C., G.B. THURSBY, M.A. HEBER and M.l CHAMMAS. (1989). Case study 
of a marine discharge: Comparison of efiluent and receiving water toxicity. III G. W.ll 
Suter and M.A. Lewis (eds), Aquatic toxicology and environmental fate. American 
Society for Testing and Materials, Philadelphia. p139-158. 

SCHMIDT -NIELSEN, K. (1983). Animal physiology: Adaptation and environment. Cambridge 
University Press, Cambridge. 

SCHULZE, B.R. (1986). Climate of South Africa. Part 8: General Survey. Weather Bureau, 
Department of Environmental Affairs, Pretoria. 

SHEEDY, B.R., 1M. LAZORCHAK, D.J. GRUNWALD, Q.H PICKERING, A. PILLIA, D. 
HALL and R. WEBB. (1991). Effects of pollution on freshwater organisms. Journal for 
Water Pollution ContrC5tFederation 63:619-696. 

- . sHRINER, C. and T. GREGORY. (1984). Use of artificial streams for toxicological research. 
Critical Reviews in Toxicology 13:253r~8.1.., 

144 



SIBLEY, P.K., I. LEGLER, D.G. DIXON and D.R BARTON. (1997). Environmental health 
assessment of the benthic habitat adjacent to a pulp mill discharge. Acute and chronic 
toxicity of sediments to benthic macro invertebrates. Archives of Environmental 
Contamination and Toxicology 32:274-284. 

SKALSKI, I.R (1981). Statistical inconsistencies in the use of no-observed effect levels in 
toxicity testing. In P.R Branson and K.L. Dickson (eds), Aquatic Toxicology and Hazard 
Assessment, Proceedings ofthe 4th Annual Symposium on Aquatic Toxicology. American 
Society for Testing and Materials, Philadelphia. p277-287. 

SLABBERT, J.L., I. OOSTHUIZEN, E. HILL and E.A VENTER (1996). Development of 
procedures to assess whole effluent toxicity. Contract Project for the Water Research 
Commission, Division of Water Technology, CSIR, Pretoria. 

SLABBERT, I.L., J. OOSTHUIZEN, E.A VENTER, E. HILL, M. DU PREEZ and P.I. 
PRETORIUS. (1998). Development of procedures to assess whole effluent toxicity. 
Report to the Water Research Commission by the Division of Water Environment and 
Forestry Technology, CSIR. WRC Report no. 453/1/98. 

SLOOF, W. (1983). Benthic macro invertebrates and water quality assessment: Some 
toxicological considerations. Aquatic Toxicology 4:73-82. 

SPRAGUE, I.B. and A FOGELS. (1977). Watch the Y in bioassay. Proceedings 3rd Aquatic 
Toxicity Workshop, Halifax, NS, November 2-3, 1976. Environmental Protection Service 
Technical Report No. EPS-5-AR-77-1, pp.l07-114, Halifax, NS. 

SPRAQUE, J.B. (1985). Factors that modify toxicity. In G.M. Rand and S.R Petrocelli (eds), 
Fundamentals of aquatic toxicology: Methods and applications. Taylor and Francis, New 
York. 

STATZNER, B., J.A. GORE and v.H. RESH. (1988). Hydraulic stream Jcology: observed 
patterns and observed implications. Journal of North American Benthologichl Society 
7:307-360. 

STEPHAN, C.E. and I.W. ROGERS. (1985). Advantages of using regression analysis to 
calculate results of chronic toxicity tests. In RC. Bahner and D.J. Hansen (eds), Aquatic 
Toxicology and Hazard Assessment: Eighth Symposium. ASTM STP 891. American 
Society for Testing and Materials, Philadelphia. p 328-338. 

STEPHENSON, RR and S.A WATTS. (1984). Chronic toxicity tests with Daphnia magna: 
the effects of different food and temperature regimes on survival, reproduction and 
growth. Environmental Pollution 36:95-107. 

TESSIER, AI., L.L. HENRY; C.E. GOULDEN and M.W. DURAND. (1983). Starvation in 
Daphnia: Energy reserves and reproduction allocation. Limnological Oceanography 
28:667-676. 

-. -«.- = 

145 



THURSBY, G.B., J. HELTSHE and K.J. SCOTT. (1997). Revised approach to toxicology test 
acceptability criteria using a standard performance assessment. Environmental Toxicology 
and Chemistry 16: 13 22-13 29. 

TIMBRELL, IA. (1989). Introduction to Toxicology. Taylor and Francis, London. p 155. 

TOUSSAINT, M.W., T.R. SHEDD, W.H. VAN DER SCHALIE and G.R. LEATHER. (1995). 
A comparison of standard acute toxicity tests with rapid-screening toxicity tests. 
Environmental Toxicology and Chemistry 14:907-915. 

TRAAEN, T.S. (1978). Effects of eftluents from a variety of sewage treatment methods on 
primary productivity, respiration and algal communities in artificial stream channels. 
International Association of Theoretical and Applied Limnology Proceedings (Stuttgart) 
20: 1767-177l. 

UNITED STATES ENVIRONMENTAL PROTECTION AGENCY. (1979). Guidance for 
remanufacture testing: discussion of policy issues, alternative approaches and test 
methods. Federal Register 44: 1-16240. 

UNITED STATES ENVIRONMENT ALPROTECTION AGENCY. (1986). Collaborative study 
of Daphnia magna static renewal assays. EP~N600/x-86-115. Environmental Monitoring 
and Systems Laboratory, Las Vegas, NY. 

UNITED STATES ENVIRONMENTAL PROTECTION AGENCY. (1989). Methods for 
estimating the chronic toxicity of eftluents and receiving waters to freshwater organisms. 
EPA 600/4-89-001, Environmental Monitoring Systems Laboratory, Cincinnati. 

UYS, M.C., P.-A. GOETSCH and J.H. O'KEEFFE. (1996). National biomonitoring programme 
for riverine ecosystems: Ecological indicators, a review and recommendations. NBP 
Report Series No.4. IWQS, DW AF, Pretoria, South Africa. 93p. 

VANDERMERWE, W. and D.C. GROBLER. (1990). Water quality management intheRSA: 
Preparing for the future. Water SA 16:49-53. 

VAN HASSEL, IH. and A.E. GAULKE. (1986). Site-specific water quality criteria from in­
stream monitoring data. Environmental Toxicology and Chemistry 5:417-426. 

VAN VLIET, H.R (1996). Water Law review: Water environmental quality policy. Draft version 
1.5. Produced by the Water Quality Research Team, Institute for Water Quality Studies, 
Pretoria. 

WALL, T.M. and RW. HANMER. (1987). Biological testing to control toxic water pollutants. 
J WPCF 59:7-12. 

WARREN-HICKS, W. and B.R PARKHUST. (1992). Performance characteristics ofeftluent 
- - toxicity tests: Variability and its implications for regulatory policy. Environmental 

Toxicology and Chemistty 11 :793-804,"" __ , 

146 



WEBER, C.I. (1991). Methods for measuring the acute toxicity of effluents and receiving waters 
to freshwater and marine organisms. Office of Research and Development, U.S. 
Environmental Protection Agency, Cincinnati. 293p. 

WEIDER, L.W. (1993). A test of the "general-purpose" genotype hypothesis: Differential 
tolerance to thermal and salinity stress among Daphnia clones. Evolution 47:965-969. 

WILLIAMS, K., D. GREEN and D. PASCOE. (1984). Toxicity testing with freshwater 
macroinvertebrates: Methods and application in environmental management. In D. Pascoe 
and R.W. Edwards (eds), Freshwater biological monitoring: Advances in water pollution 
control. Pergamon. p81-91 

WILLIAMS, K.A., D.W.J. GREEN and D. PASCOE. (1985). Studies on the acute toxicity of 
pollutants to freshwater macroinvertebrates. 1. Cadmium. Archives for Hydrobiology 
102:461-471. 

WILLIAMS, M.L. (1996). Macro invertebrate community and species responses to chlorinated 
sewage effluent in the Umsunduze and Umbilo Rivers, Kwa Zulu Natal, South Africa. 
MSc, Rhodes University, Grahamstown. 

WOODS, P.E., J.D. PAULAUSKIS, L.A. WEIGT, M.A. ROMANO and S.1. GUTTMAN. 
(1989). Genetic variation in laboratory and field populations of the midge, Chironomus 
tentans FAB.: Implications for toxicology. Environmental Toxicology and Chemistry 
8:1067-1074. 

ZOKUF A, T. S. (1998). Toxicity testing in artificial stream systems using the mayfly Tricorythus 
sp. and Sappi kraft effluent. Kruger Park National Park Symposium, 13-14 August 1998, 
Goldfields Centre, Skukuza, South Africa. 

" 

147 


	everitt v j 2000-38-001
	everitt v j 2000-38-002
	everitt v j 2000-38-003
	everitt v j 2000-38-004

